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Abstract 
The critical loads approach is widely used within Europe to assess the impacts of acid deposition on 
terrestrial and freshwater ecosystems. Recent work in Great Britain has focused on the national 
application of the First-order Acidity Balance (FAB) model in order to take account of the acidifying 
effects of nitrogen (N) as well as sulphur (S) deposition on sensitive lakes and streams. The F AB 
model is applied to a freshwaters dataset of 1470 lake and stream water chemistry samples from sites 
across Britain which were selected to represent the most sensitive water bodies in their corresponding 
IO km grid square. A "Critical Load Function" generated for each site is compared with the current 
deposition load of S and N at the time of water chemistry sampling. The model predicts that when 
catchment processes reach steady-state with these deposition levels, increases in nitrate leaching will 
depress acid neutralizing capacity (ANC) below the critical threshold of O µeqr 1 at more than a quarter 
of the sites sampled, i.e. the critical load of acid deposition is exceeded at these sites. The critical load 
exceedances are generally found in upland regions of high deposition where acidification has been 
previously recognised, but critical loads in large areas of western Scotland are also exceeded where 
little biological evidence of acidification has yet been found. There is a regional variation in the 
deposition reduction requirements for protection of the sampled sites. The F AB model indicates that in 
Scotland, most of the sampled sites could be protected by sufficiently large reductions in S deposition 
alone. In the English and Welsh uplands, both S and N deposition must be reduced in order to protect 
the sites. Current international commitments to reduce S deposition throughout Europe will therefore 
be insufficient to protect the most sensitive freshwaters in England and Wales. 

Introduction 

Acid deposition, in the past originating mainly from the oxidized sulphur compounds 
released by fossil fuel combustion, has long been recognised as an environmental 
problem on an international scale. The acidification of soils and waters, and 
subsequent damage to sensitive ecosystems, has been linked to atmospheric pollution 
in wide-ranging studies spanning many countries. As a result, international strategies 
have been negotiated for the control and abatement of sulphur emissions, culminating 
in the Second Sulphur Protocol under the Convention on Long Range Transboundary 
Air Pollution, signed in Oslo in 1994 (UNECE, 1994). 



The Oslo Protocol was underpinned scientifically by critical loads models linking 
sulphur deposition fluxes to selected measures of environmental damage (Bull, 1995). 
These models were used to produce national and international maps of both critical 
loads, indicating the most acid sensitive areas, and critical load exceedances, showing 
the regions where acidification impacts on specified receptors were greatest ( e.g. 
Kamari et al., 1992, 1993, Henriksen et al., 1992, Langan and Wilson, 1994, Sverdrup 
et al., 1994, CLAG, 1994). The maps introduced an "effects-based" method for spatial 
targeting of emission abatement measures, thereby providing a useful policy tool. 

For freshwaters, the Steady-State Water Chemistry (SSWC) model was used to 
generate critical load and exceedance maps of sulphur for Scandinavia and the UK 
(Henriksen et al., 1992, CLAG Freshwaters, 1995). The SSWC model was employed 
because of its modest data requirements, needing only water chemistry data in order to 
calculate the critical load, and an estimate of sulphur deposition in order to determine 
whether the critical load was exceeded. The key to the simplicity of the model is the 
assumption that the sulphate anion is mobile in catchments (Seip, 1980, Henriksen. 
l 984), so that input fluxes of sulphate as acid deposition will equal output fluxes of 
sulphate in the runoff from a catchment. Empirical relationships are employed to 
derive the original, pre-industrial leaching rate of base cations from a lake or stream 
catchment using only measured water chemistry. If a critical acid neutralizing 
capacity (ANC) concentration is selected from known relationships with biological 
response. it can be converted into a critical flux in catchment runoff and used to derive 
the long-term critical load (Henriksen et al., 1992). 

The Oslo Protocol ensured that measures would be adopted for the abatement of 
sulphur emissions across Europe, but current diplomatic efforts are directed towards 
the negotiation of a similar protocol for nitrogen. It has been recognised in recent 
years that with a decline in sulphur deposition, the role of nitrogen in acidification 
will increase in relative and perhaps absolute terms. and many recent studies have 
noted the significance of nitrate in acid sensitive waters (Stoddard, 1994, Allott et al., 
1995, Oise and Wright, 1995. Henriksen et al., 1997). The protons associated with 
both nitrate and ammonium ions (in the latter case via nitrification) in acid deposition 
will contribute to the acidification of surface waters in exactly the same way as 
sulphate-based acidity. with an equivalent reduction in acid neutralizing capacity 
(ANC). 

While the assumed mobility of the sulphate anion in catchments enables the 
conversion of deposition fluxes into surface water runoff fluxes, the same assumption 
cannot be made for nitrogen (N). The complex biological interactions affecting the 
transport of N (and hence its associated H+) through catchments, and the presence of 
mechanisms for the removal or long-term storage of N in catchment soils and 
vegetation, mean that it is not possible to use a single set of empirical relationships to 
link deposition and surface water chemistry. Instead, a process-oriented model is 
required which can be used to quantify the proportion of total N deposition which is 
transported through the terrestrial part of a catchment into the surface waters. 

One such model which has been used for the derivation of linked critical loads for 
nitrogen (N) and sulphur (S) is the First-order Acidity Balance (F AB) model (Posch et 
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al., 1997, UBA, 1996, Henriksen, 1998). The F AB model employs a simple charge 
balance for N and S, along with the original base cation leaching rate from the SSWC 
model, in order to construct a "critical load function" (CLF) which quantifies the 
deposition reduction requirements for either Nor S, given the value of the other. 

The F AB model is here applied to British freshwaters to evaluate the long term 
impacts of current levels of acid deposition, and to assess the requirement for 
reductions in both sulphur and nitrogen deposition in order to protect the most 
sensitive freshwater ecosystems across the country. 

2. Modelling methods and data requirements 

2.1 Model description: critical loads 

The application of the SSWC model to UK freshwaters has been described in reports 
by the Critical Loads Advisory Group (CLAG) to the UK government (CLAG, 1994, 
CLAG Freshwaters, 1995). The SSWC model has to be employed in the first instance 
in order to provide the pre-industrial base cation leaching, which is in tum required 
for the definition of critical acid anion flux and hence critical load. 

Freshwater critical loads are based upon the maintenance of ANC above a critical 
concentration with respect to a specific target organism, so it is first necessary to 
consider their definition. ANC can be calculated indirectly as a charge balance 
(Henriksen et al., 1992): 

where [BC]° = I non-marine base cations 
[ AN]° = I non-marine acid anions 
[HCO3"] = bicarbonate ion 
[A"]= organic anions 
[H+] = hydrogen ion 
[Al11+] = I positively charged Al species 

i.e. 
7+ • 7+ • + • + • 7. • • [ANC] = [Ca- ] + [Mg- ] + [Na ] + [K ] - [SO4-] - [NO3 ] 

(Equation 1) 

(Equation 2) 

Note that the superscript "*" signifies the non-marine component, calculated using 
chloride as a tracer from the constant ionic composition of seawater. It is assumed that 
all measured chloride is of marine origin and therefore delivered with an equivalent 
amount of base cations (although HCl deposition may be locally significant close to 
power stations). The marine component of atmospheric inputs is neutral and so is 
assumed to have no net effect on ANC. 

Since ANC is defined as the sum of base cations minus the sum of strong acid anions 
(Henriksen et al., 1992), the critical flux of acid anions (i.e. critical sulphur 
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deposition) is simply the difference between sustainable base cation leaching and the 
critical ANC flux. While the availability of exchangeable base cations in the soil 
complex may offer short-term buffering against acidification, in the long term steady­
state considered by critical load models ( decades and longer, e.g. Posch et al., 1997, 
Jenkins et al., 1997), only the supply of base cations from weathering provides a 
permanent buffer (i.e. is not a transient response), and it is this value, minus the 
required level of ANC protection, which determines the critical load (Posch et al., 
1997). 

The basis of the SSWC model is to calculate the flux of acid anions which, when 
combined with the long-term flux of base cations from weathering, will maintain ANC 
concentrations above the critical value: 

• 
Lerit = Q ([BCJo - ANCcrit) (Equation 3) 

• where Lerit is the critical leaching flux of acid anions, Q is catchment runoff, [BC]0 is 
the pre-industrial concentration of non-marine base cations and ANCcrit is the pre­
selected critical ANC threshold. 

ANCerit can be selected according to the required protection level for a given target 
organism. and the choice is therefore an arbitrary, political one. For freshwater critical 
loads modelling within Europe, the chosen target organism is usually brown trout 
(Sa/1110 trutta). a fish of widespread distribution and economic importance in many 
upland areas of Europe. The correlation between the health of brown trout populations 
and ANC has been demonstrated through extensive studies in Scandinavia, and response 
curves have been derived to link the percentage of lakes holding healthy, reduced or 
extinct brown trout populations with ANC (Lein et al., 1992). The requirement for an 
ANC value of 20 µeqr 1 or 50 µeqr 1

, as adopted in Scandinavian countries (Henriksen 
el al.. 1992), was deemed too stringent for British lakes where naturally occurring 
ANC values close to zero were found (CLAG, 1994): such ANC values could only be 
achieved by liming in some areas of Britain, even with zero acid deposition. For 
Britain a critical ANC value of 0 µeqr 1 is therefore employed, which corresponds 
with a fifty percent probability of damage to brown trout populations (Lein et al., 
1992). 

ln the fonnulation of the SSWC model for sulphur (Henriksen et al., 1992), Lcrit is 
equivalent to the critical load for sulphur, because all deposited sulphur will at steady­
state be present (it is assumed) in the runoff: the critical deposition flux is equal to the 
critical leaching flux of sulphate. In contrast, the F AB model employs a charge balance 
of acid anions to define those combinations of S and N deposition which will result in 
the critical leaching flux of acid anions (sulphate plus nitrate) over the longer term 
(decades). 

• Since ANCerit is pre-selected, the unknown quantity is [BC]0 , which is estimated from 
the relationship between base cation leaching and the deposition inputs of strong acid 
anions, according to the so-called "F-factor" (Brakke et al., 1990): 

• • * • 
[BC]t - [BC]0 = F ([AN)i - [AN]0 ) 
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or • • • • [BC]0 = [BC]1 - F ([ AN]i - [ AN]0 ) (Equation -I) 

where the subscript "t" indicates a current concentration and the subscript "O" indicates 
the pre-industrial concentration. [SO/lo• is estimated from an empirical relationship 

• with [BC]1 derived for near-pristine lakes in northern Norway (Henriksen et al., 1990). 
Pre-industrial nitrate concentrations are assumed to have been zero, which is supported 
by current observations in lakes in northern Scotland where current N deposition levels 
are among the lowest in the country (RGAR, 1997). The change in base cation leaching 
per unit change in acid anion leaching is F, calculated according to the methodology of 
Brakke et al. ( 1990): 

(Equation 5) 

where Sis a constant which varies regionally according to geology, but from empirical 
studies is taken as 400 µeqr 1 (Harriman and Christie, 1995). This means that in a 
surface water with [BC]/ = 400 µeqr 1

, the high base cation concentration indicates a 
weatherable catclunent mineralogy likely to ensure the complete neutralization of 
incoming acidity, i.e. it is assumed that F=l. Where measured base cations exceed the 
concentration S, F has to be set to 1, otherwise it would decrease again according to the 
sine function. 

• It is now possible to calculate [BC]0 and hence Lcrit, which becomes an input parameter 
to the F AB model. A charge balance incorporating the major processes affecting the 
acid anion budget is then invoked (Posch et al., 1997): 

(Equation 6) 

N,kp + s(lcp = {fNupt + (1-r)(Nimm + Ndcn) + r(Nrcl + srct)} + AN1cach 
a1111osphertc 111p111s "111/emal" ca1ch111e111 processes /each111g export 

Ndcp = 

Sdcp = 

Nupt = 

Nimm = 
Ndcn = 

Nrct = 
srct = 
AN1cach= 

J = 
r = 

total N deposition 
total S deposition 
net growth uptake of N by forest vegetation (removed by harvesting) 
long term immobilisation of N in catchment soils 
N lost through denitrification in catchment soils 
in-lake retention of N 
in-lake retention of S 
acid anion leaching from catchment 
fraction of forested area in the catchment 
lake:catchment area ratio 

All units are expressed in equivalents (moles of charge) per unit area and time. Braces 
enclose .. internal'' catchment processes, i.e. those terrestrial and in-lake processes 
which operate on acid anion inputs to control the net export in catchment runoff. 

The charge balance equates the deposition inputs of acid anions with the sum of 
processes which control their long term storage, removal and leaching exports. 
Several major assumptions are made in this formulation: 
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1. long term sinks of sulphur in the terrestrial part of the catchment (soils and 
vegetation) are negligible, 

2. there are no significant N inputs from sources other than atmospheric deposition, 
i.e. no fertiliser application in the catchment, 

3. ammonium leaching is negligible because any inputs are either taken up by the 
biota, adsorbed onto soils, or nitrified to nitrate. 

The internal catchment processes affecting acid anion budgets introduced by the F AB 
model are linked to vegetation cover, soil type and catchment morphology. For 
modelling applications in Britain, the calculation of these sink terms is described by 
Curtis et al. (1998a). 

Net growth uptake of N (in forest) 
Over the long timescales ( 101 

- 102 years) considered by critical loads modelling , the 
only permanent sinks for N in the biomass occur when there is some form of 
harvesting or removal of biomass from the catchment. Short term, seasonal cycling of 
N does not affect the mean annual budget over this timescale. The main route for the 
removal of biomass from upland catchments is therefore through the harvesting of 
forest. There are estimates available for the N content of various tree species, and if 
the time period of the harvesting cycle is known, a long-term figure for the export of 
nitrogen can be derived. For example, Emmett and Reynolds (1996) estimate the 
potential removal of nitrogen in thinnings and bolewood during harvesting of Sitka 
spruce stands of Yield Class 6 to 24 to be in the range 1.0-8.5 kgN ha-1 yr-1 for the 
UK. These figures assume harvesting at 40 years of age. It is recognised that the 
annual uptake of nitrogen will not be constant throughout the 40 years of forest 
growth. because there is a link between N uptake and tree age (Emmett et al., 1993, 
Reynolds et al., 1994 ). 

Ideally. forestry data (species, age. yield class) should be used to determine N removal 
rates on a local basis. For national mapping, these data are not available so a default 
value in the mid-range of the published data (Emmett and Reynolds, 1996) is 
employed here (N11P1 = 0.279 keq ha-1 yr·1 or c. 4 kgN ha· 1 yr-1

) for catchments 
containing areas of coniferous forest. 

Other possible routes for N export in biomass include grazing (weight gain of 
livestock) and burning (e.g. of heather on grouse moors) but these are assumed here to 
be negligible in the acid sensitive upland catchments of Britain. 

Long term immobilisation of N in catchment soils 
Estimates of the long term immobilisation of N in catchment soils have been derived 
by chronosequence studies, whereby the total N content of soil profiles is divided by 
the age of the profile ( often assumed to be approximately 10,000 years since the last 
glaciation) to determine the annual immobilisation rate (UBA, 1996). These long-term 
estimates suggest a low immobilisation rate in the range 0.5-1.0 kgN ha-1 yr-1

• Under 
present conditions with high growth due to elevated N deposition this range may 
extend to a much higher figure, and shorter term studies of the recent increases in N 
content in soil profiles indicate values of up to 10 kgN ha"1 yr· 1 (UBA, 1996). For 
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British soils, the working range adopted by the CLAG soils subgroup is 1-3 kgN ha-1 

yr-1
, depending on soil type (Hall et al., 1997). 

Denitrification 
It is assumed that N immobilisation and growth uptake are faster processes than 
denitrification (Posch et al., 1997), and that denitrification can be linearly related to 
the net input of nitrogen into the soil system as follows: 

(Equation 7) 

where.Ide is the "denitrification fraction", with a value between 0 and 1, ascribed to the 
catchment soils. 

Posch et al. ( 1997) have argued that peat soils are likely to provide the highest rates of 
denitrification, and proposed a method for the calculation of a "denitrification 
fraction''. Denitrification is an anaerobic process and therefore a function of soil 
moisture content, which is very high in most peat soils. They assumed that in peat 
soils, denitrification of net nitrogen inputs could be 80%, while the minimum 
denitrification fraction for other soil types would be around 10%. The denitrification 
rate for a catchment can therefore be estimated by an interpolation of these figures: 

.f:te = 0.1 + 0.7/peat (Equation 8) 

where fc1e is the denitrification fraction, and /4ea, is the proportion of peat soils within 
the catchment. Denitrification within any catchment therefore varies between I 0% and 
80% of net inputs. This approach has been used in several countries around Europe, as 
recommended by the UNECE (UBA, 1996). 

The problem with the above method for determining denitrification is that the 
resulting denitrification rate may be far higher than current values measured for 
British soils. For example, for peat soils .fc,e = 0.8, which implies that 80% of net N 
inputs (after N uptake and N immobilisation) are denitrified. With total N deposition 
exceeding 30 kgN ha-1 yr-1 across some parts of upland Britain (RGAR, 1997), the 
denitrification rates for unafforested peat catchments, after subtracting the component 
immobilised in catchment soils (a figure of 1-3 kgN ha·1 yr-1 is used for Britain), 
equate to 80% of at least 27 kgN ha· 1 yr· 1

, i.e. more than 21 kgN ha-1 yr-1
• This value 

is an order of magnitude higher than observed denitrification values for peat soils in 
Britain (Emmett and Reynolds, 1996) and five times greater than the recommended 
maximum value for UK soils (Hall et al., 1997). 

For the British application of the F AB model the denitrification rate is given a fixed 
value for certain soil types, independent of deposition. Each of the soil map units on 
the 1 :250,000 scale soil maps for Great Britain has been allocated one of three figures 
(1, 2 or 4 kgN ha-1 yr-1

, representing low, medium and high rates of denitrification), 
based largely on soil drainage characteristics (Hall et al., 1997). It should be noted 
that in the British context, gley soils are assumed to yield a higher rate of 
denitrification than peat soils. 
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Deposition dependent in-lake retention of N and S 
The in-lake retention of acid anions is assumed to be a linear function of the net input 
of acidity. It is sequentially the final sink of acidity encountered by inputs which 
move through the catchment. Net in-lake retention of N is calculated as: 

rNret = PN [Ndep -JNupt - (1-r)(Nimm + Nden)J (Equation 9) 

The "in-lake retention fraction" for nitrogen (PN) is calculated from a kinetic equation 
accounting for water retention time: 

(Equation I OJ 

where s.,· is the mass transfer coefficient for nitrogen, Q is runoff and r is the lake to 
catchment area ratio (Kelly et al., 1987). A similar equation is used to calculate Ps, the 
"in-lake retention fraction" for sulphur. 

Mid-range values from the published mass transfer coefficients for N and S (Kelly et 
al., 1987. Dillon and Mo lot, 1990) were selected for this modelling study, with SN = 
5.0 m yr-1 and Ss = 0.5 m yr-', in line with other national F AB applications in 
Scandinavia (Posch et al., 1997, Henriksen, 1998). It should be noted that for stream 
sites, the lake:catchment ratio r is zero (the surface area of catchment streams is 
ignored in the calculation of r, since only in-lake processes are assumed to contribute 
to net retention of S and N). Hence both Ps and PN are effectively zero in stream 
catchments. 

Using the above methods to derive the terms for .. internal" catchment processes, the 
charge balance provides those combinations of S and N deposition for which AN1each 
= Lcrit· thereby defining the critical load function (Figure 1 ). The constraints on the 
critical load function are given by: 

(Equation 1 I) 

(Equation 12) 

(Equation 13) 

It is not possible to define a single value to represent the critical load of total acidity 
using the F AB model, since the acid anions sulphate and nitrate behave differently in 
the way they are transported with hydrogen ions; one unit of deposition of S will not 
have the same net effect on surface water ANC as an equivalent unit of N deposition. 
Equations 11-13 effectively define the critical deposition loads for S and N 
individually. CLmaJS) defines the critical load for sulphur when total N deposition is 
zero. This term is the equivalent to the SSWC model critical load for sulphur, 
modified slightly for the in-lake retention of a small proportion of inputs. When S 
deposition exceeds CL111axCS), the critical load is exceeded by S alone, regardless of 
the level of N deposition. The contribution of N deposition to an increase in 
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exceedance over that resulting from S alone is determined by the F AB charge balance. 
CLmin(N) defines the deposition of total N (NHx + NOx) at which terrestrial 
catchment processes effectively remove all N, so that deposition loads lower than 
CLmin(N) result in no net leaching of nitrate. The terrestrial sinks for N are fixed by 
soil type and forest cover. An important assumption here is that all N deposition is 
transported through the terrestrial part of the catchment, i.e. in lake catchments there 
is negligible deposition directly onto the lake surface. CLmaxCN) defines the critical 
load for total N deposition when S deposition is zero. When total N deposition 
exceeds CLmaxCN) the critical load is exceeded by N deposition alone, although 
critical load exceedance may be further increased by S deposition . 

In practice, neither S nor N deposition will ever be zero, so the critical load for the 
deposition of one species is fixed by the deposition of the other, according to the line 
defining the unshaded area of the CLF in Figure 1 (Posch et al., 1997). For pairs of S 
and N deposition values which are located in the unshaded (white) area of the CLF , 
the site is protected. If the deposition values fall above the CLF, the critical load is 
exceeded. The options for protecting the site, in terms of deposition reductions, are 
then dictated by the location of the given deposition values in a particular segment of 
the CLF (Figure I). The colour coding of the CLF lends itself to mapping of 
deposition reduction requirements (see below). 

2. 2 Sources of input data - critical loads model 

For the national F AB mapping exercise in Great Britain, datasets from various sources 
were collected. Their derivations are described below. 

1. A national network of 14 70 freshwater sites was selected to represent the most 
sensitive water body on a 10 km square grid basis (20 km in non-sensitive lowland 
areas), with lakes selected in preference to streams where possible (Kreiser et al., 
1993, Curtis et al., 1996). 

2. One-off dip samples were taken during autumn or early spring over the period 
1992-94, and provided water chemistry which is assumed to approximate to flow­
weighted mean chemistry (Forsius et al., 1992). Chemical analysis was carried out 
according to the methodology of Harriman et al. ( 1990). These data were used to 
calculate Lcrit with the SSWC model. 

3. Site catchments and lake outlines were digitized from topographical maps at 
1 :25,000 scale, from which lake to catchment area ratio (r) was derived 

4. Leaching fluxes from catchments were calculated using catchment area weighted 
runoff data from the 1 km grid annual mean values for the period 1992-94. 

5. Soil type and percentage cover were extracted for each catchment using digital 
catchment outlines and digital soils maps at 1 :250,000 scale. The soils data were 
used to provide catchment weighted estimates of Nimm and Nden using the values 
suggested for each soil type in Hall et al. (1997). 

6. Coniferous forest cover (f) was estimated for each catchment using digital 
catchment boundaries with the ITE land cover map (Fuller et al., 1994) derived 
from satellite imagery at 25m pixel resolution. 
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Figure 1: The critical load function defined by the F AB model 
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The above datasets were used in the F AB charge balance to define the CLF for each 
of the 1470 freshwater sites, which can then be compared with sulphur and nitrogen 
deposition loads in order to assess spatial patterns of critical load exceedance and 
emission reduction requirements. 

2. 3 Sand N deposition data 

The national S and N deposition data used here are generated at the 20 km x 20km 
grid scale from measured and interpolated mean annual data in the UK (CLAG 
Deposition Fluxes, 1997, RGAR, 1997). For sulphur, total wet plus dry, seeder-feeder 
enhanced, non-marine values are used. For nitrogen, total N deposition is quantified 
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as the sum of dry (N0 2+NH3), cloud (N0 3-, NH/) and wet (N0 3-, NH/) deposition 
(CLAG Deposition Fluxes, 1997). 

The deposition data are modelled from measurements made over the period I 992-
1994, which corresponds with the period of freshwaters sampling. These are the most 
recently available data and are hereafter referred to as current deposition data (as 
opposed to datasets available for earlier periods). 

It should be noted that the interpolated rainfall data used in the derivation of wet 
deposition are aggregated to the 20km x 20km scale, and the deposition data cannot 
be resolved to a finer scale than this (CLAG Deposition Fluxes, 1997). By contrast, 
the runoff data used to calculate catchment output fluxes from measured water 
chemistry are catchment-weighted 1km x 1km data. The implications of this 
difference in data resolution are discussed in Section 4 below. 

3 Modelling results and predicted change 

The charge balance which forms the basis of the F AB model and the "critical leaching 
of acid anions '· (Lcrii) term calculated with the SSWC model are based on assumed 
long-term. steady-state conditions. The F AB model outputs therefore indicate the 
status of freshwater bodies under a steady-state condition between deposition and 
catchment processes. In this respect , national maps based on F AB outputs using 
current deposition data cannot necessarily be expected to reflect the current chemical 
status of those freshwaters, because a steady-state cannot be assumed at present, 
especially with respect to nitrogen (Curtis et al., 1998a). The outputs from the F AB 
model are effectively predictions of the chemical status of freshwaters under some 
future steady-state condition. and the most significant outputs in terms of changing 
chemistry are nitrate and ANC. Although there is a deposition-dependent sink for 
sulphur through in-lake retention processes. this generally accounts for a very small 
percentage of the S budget and so the difference between measured and predicted 
concentrations under a given deposition load should be very small. Deposition 
reduction requirements under current load and future conditions are a significant 
output in policy terms. 

The F AB model outputs under the current deposition load are described below with 
respect to the most impacted areas as indicated by published critical load exceedance 
maps using the SSWC and diatom models (CLAG Freshwaters, 1995). The 
approximate locations of these regions are indicated in Figure 2. 

3. 1 Predicted increases in nitrate leaching 

Most of the processes included in the F AB model are selected to determine the 
sustainable removal or retention rates of nitrogen. It is recognised that current 
nitrogen dynamics within catchments may be dictated by short term elevated rates of 
certain processes, notably soil immobilisation of N (Oise and Wright, 1995), but these 
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transient processes must be excluded from the long term definition of critical loads 
(Curtis et al., 1998a). 
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Figure 2: Selected regions of acid-sensitive upland waters in Great Britain 
referred to in the text 

Current measured nitrate in British freshwaters shows strong regional patterns (Figure 
3a). In northern Scotland, where S and N deposition levels are generally the lowest in 
Britain, most surface waters currently show negligible concentrations of nitrate ( < 5 
µeqr 1

), often below detection limits. The highest levels of nitrate (> 100 µeqr 1
) are 

found in lowland agricultural areas; eastern Scotland, south-west Wales and most of 
lowland (south-eastern) England. Water bodies in the acid-sensitive uplands of Britain 

12 

[ 

l 
f 
[ 

r 
[ 

[ 

f 

l 
[ 

[ 

[ 

[ 

f 
[ 

r 

l 
l 



[ 

[ 

[ 

r. 
[ 

[ 

[ 

[ 

[ 

( 

f 
l 
[ 

r 

l 
r 

l 
1 

tend to have nitrate concentrations which are intermediate between the near-zero 
levels of northern Scotland and the extreme levels in fertiliser impacted runoff in the 
lowlands (Allott et al., 1995, INDITE, 1994). In these upland areas, the presence of 
high nitrate concentrations is generally attributable to atmospheric deposition, 
although simple input-output calculations in these areas still indicate a high level of 
nitrogen retention in catchments. An upland network of monitoring sites sampled 
monthly over two years indicated mean catchment retention levels of more than 
seventy-five percent for total inorganic nitrogen (NH/ + NO 3-), but less than fifty 
percent for nitrate alone (Curtis et al., 1998a). This result implies the preferential 
retention of ammonium or its nitrification to nitrate. 

The mass balance employed in the F AB model provides the potential, future nitrate 
leaching (Nkach): 

(Equation 1-1) 

This leaching flux of nitrate can be converted into a concentration if no change in 
annual runoff is assumed. 

The F AB model predicts that nitrate leaching will greatly increase in all areas of 
Britain. except for the extreme north west of Scotland, under current deposition loads 
(Fig. 3b). The sampled sites in England are nearly all predicted to have nitrate 
concentrations of more than I 00 µeqr 1 upon reaching steady-state with current 
deposition levels, while most Welsh sites sampled would have nitrate concentrations 
in the range 50-100 µeqr 1

• Nitrogen saturation and breakthrough is therefore 
predicted in most of the sampled upland catchments of England and Wales at some 
unspecified point in the future. In Scotland, a gradient of nitrate leaching is predicted 
from near zero concentrations in the extreme north-west. to values in the range 50-100 
~teqr 1 across most of the south. 

The extreme national picture of future nitrate leaching (Fig. 3b) predicted by the FAB 
model results from the small size of available long-term nitrogen sinks in the model 
relative to current N deposition rates (Curtis et al., 1998a). This map therefore closely 
reflects the theoretical distribution of nitrate concentrations resulting from the 
conversion of total N deposition flux into concentrations using runoff data. The 
realisation of these large increases in acid anion leaching would have serious knock­
on effects on the ANC of water bodies in sensitive areas. In the non-sensitive 
lowlands. agricultural inputs of N are likely to be more significant than atmospheric 
inputs. but there will be no adverse impacts in terms of acidification in the surface 
waters draining these areas where eutrophication is more of a problem (INDITE, 
1994). 

3.2 Changes in ANC associated with acid anion leaching rates 

If acid anion leaching does increase to a new steady-state level in the future, there will 
be an equivalent decrease in ANC associated with this change, and this is ultimately 
what the freshwater critical load models use to define exceedance. A site with a 
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predicted ANC of less than O µeqr 1 induced by a given acid deposition load is 
exceeding its critical load, even though current measured ANC may be greater than 
zero until steady-state is achieved. 

Figure 4a shows that apart from a few isolated sites scattered around the country , 
water bodies with negative ANC values generally occur in the recognised areas of 
acidification (see Fig. 2); Galloway in Scotland, the Lake District, Pennines and North 
Yorkshire Moors of northern England, and the uplands of Wales. The great majority 
of fresh waters have a positive ANC, although in north west Scotland there are very 
few sites with an ANC greater than 20 µeqr 1

, indicating a region of extreme 
sensitivity to acidification. In sites with positive but low ANC, the impact of 
increased acid anion leaching is likely to be most significant in terms of causing 
critical load exceedance. 

The charge balance of the F AB model can be employed to calculate the potential, 
future ANC at a site under a constant deposition load. Future nitrate leaching is 
derived as above, and sulphate leaching (Sieach) is provided by subtracting the in-lake 
retention component from deposition inputs: 

S1cach = ( 1- Ps) sdep (Equation I 5) 

The SSWC model assumes that the only permanent, sustainable source of base cations 
is provided by weathering, so that despite current elevated rates of base cation 
leaching through cation exchange processes with acid inputs, base cation 
concentrations under a constant deposition load and runoff will decline to the value of 
[BC]0 • (see Section 2.1 above). The potential, future ANC concentration ([ANCP01]) is 
then provided by the difference between future base cation and acid anion 
concentrations: 

(Equation I 6) 

where S1cach and N1cach are derived as in Equations 14-15 above. 

The predicted increase in acid anion leaching under current deposition loads will lead 
to a decrease in ANC at many sites if no emissions abatement is implemented (Figure 
4b). In general. for England and Wales the reductions in ANC predicted by the FAB 
model are most apparent at sites with measured ANC values of less than zero (Fig. 
4a), i.e. at sites which are already acidified. There is effectively a "consolidation" of 
acidified regions , with an increased spatial distribution of acidified sites as well as 
greater impacts at already acidified sites. In Wales, the region of acidification expands 
in area from north and mid-Wales to most of the uplands in the centre and south of the 
country. In parts of central and northern Scotland, small increases in nitrate leaching, 
combined with extremely sensitive, dilute water bodies, will lead to a switching of 
ANC from positive to negative values, potentially with serious effects on the fisheries 
there. Less significant is the further reduction in ANC throughout the Pennine region; 
fish are already absent from many water bodies there which have been severely 
acidified for many years. 
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3.3 Deposition reduction requirements according to the FAE model 

While the prediction of a negative ANC with the F AB model equates to a critical load 
exceedance, the utility of the F AB model lies also in the identification of the acid 
species which needs to be reduced in order to protect the site. If each site is colour 
coded according to its location on the critical load function (CLF - see Figure 1) then 
a national map of deposition reduction requirements can be produced (Figure 5). 

Comparison of current deposition data with the critical load function indicates a 
regional pattern in the relative importance of S and N deposition. Many Scottish sites 
exceeding their critical loads require a mandatory reduction in S deposition in order to 
attain non-exceedance, i.e. the critical loads are currently exceeded by sulphur alone 
(Figure 5). At most of the remaining exceeded sites in Scotland, reductions in S would 
provide sufficient protection, although N deposition could also be reduced to achieve 
the same outcome. It would therefore be possible to protect the majority of the 
Scottish sites through abatement of S emissions alone, without the need for recourse 
to N reductions. The only area of Scotland where N reductions are compulsory to 
protect freshwaters is the highly impacted Galloway region (Fig. 2). 

In large areas of the acid sensitive regions of England and Wales defined in Figure 2, 
both S and N deposition must be reduced if the sampled sites are to be protected in the 
long term. Nitrate is equally important an acid anion as sulphate in these areas, and 
the control of sulphur emissions alone, even with (unfeasible) reductions to zero, 
would be insufficient to protect these sites from acidification. The implication is that 
currently agreed international commitments to reduce S emissions under the Second 
Sulphur Protocol (UNECE, 1994) will be of limited benefit to the most sensitive 
freshwaters in Britain unless N deposition is also reduced. 

The number of freshwater sites falling into each deposition reduction category 
identified on the CLF for the current deposition levels indicates the requirement for 
emissions reductions strategies (Table 1 ). 

Of the sampled population of 1470 lake and stream sites, 391 sites (27%) exceed their 
critical loads under current deposition levels. In terms of the proportion of water 
bodies with critical load exceedance, Wales is the most impacted, with 46% of 
sampled sites exceeded. Scotland and England have greater numbers of exceeded sites 
in absolute terms (Table 1), but smaller proportions with 23% and 26% exceeded 
respectively. Note that these percentages refer to sampled sites, not the whole 
population of water bodies in these countries. 

The proportions of sites affected by S or N deposition, or both, are given in Table 2, 
where the regional nature of deposition effects is exemplified. In England, 75% of 
exceeded sites require mandatory reductions in S deposition in order to be protected 
from acidification beyond the critical chemical value (below ANC = 0 µeql"1

). 

However, most of these sites also require reductions in N deposition; 68% of 
exceeded sites would still be exceeded if S or N deposition were reduced to zero and 
the other remained constant. In England, therefore, nitrogen presents an equal problem 
to sulphur, at least in terms of numbers of sites affected. Expected reductions in S 
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Figure 3: Measured and modelled nitrate concentrati.01111 in the F AB mapping dataset 
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3a: Measured nitrate in FAB mapping dataset 
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3b: Predicted long-term nitrate leaching under 
mean 1992-94 deposition load of S and N 

Figure4: Meuured and modelled ANC in die FAB mapping dataset 
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4a: Measured ANC in FAB mapping dataset 
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Figure 5: Emission reduction requirements modelled 
by FAB using ITE 1992-94 deposition data 
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deposition under the Second Sulphur Protocol by 2010 (UNECE, 1994) may reduce 
the magnitude of exceedance at these sites, but will not suffice to protect them from 
acidification without reductions in N deposition. 

In Scotland a rather different situation is apparent. While the proportion of exceeded 
Scottish sample sites requiring mandatory S reductions is smaller than in England at 
54%, the proportion requiring mandatory reductions in N depo_sition is negligible in 
relative terms, at just 14% compared with 70% in England (Table 2). In other words , 
sulphur is much more important in Scotland than nitrogen deposition, and with 
sufficiently large reductions in S deposition, up to 86% of currently exceeded sample 
sites could be protected. With no change in S deposition, reductions in N deposition 
could at best protect 46% of exceeded sites in the Scottish dataset. Future reductions 
in S deposition under the Second Sulphur Protocol should therefore be much more 
successful at protecting surface waters in Scotland than in England. 

Table 1: Deposition reduction requirements modelled by FAB under current 
deposition loads 

Acid species Number of sites 
requiring reduction England Scotland Wales Total 

None (not exceeded) 412 581 86 1079 
Sonly 0 7 0 7 
S, then S orN 10 64 3 77 
Both Sand N 99 22 38 159 
Either Sor N 34 78 31 143 
N, then S orN " 2 0 5 .) 

Total exceeded 146 173 72 391 
Total number of sites 558 754 158 1470 
Percent exceeded 26 23 46 27 

Table 2: Relative contributions of S and N deposition to critical load exceedance 

Acid species 
requiring reduction 
Mandatory S 
Mandatory N 
Either Sor N 
Mandatory S and N 

Percentage of exceeded sites 
England Scotland Wales Total 

75 54 57 62 
70 14 53 42 
23 45 43 37 
68 13 53 41 

The situation in Wales is closer to that of England than of Scotland. As in England , 
nitrogen and sulphur deposition are of almost equal importance, when assessed in 
terms of numbers of sites, in causing critical load exceedance. However, the 
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proportion of exceeded sites at which reductions in both S and N deposition are 
required is smaller, at 53% compared with 68% in England (Table 2). Future 
reductions in S deposition could at best protect 47% of currently exceeded Welsh 
sample sites without any reduction in N deposition. 

4 Discussion 

The results of the national model application have to be considered in the context of 
the uncertainties associated with the model structure, the catchment datasets and the 
deposition data used. 

-1.1 Uncertainties associated with critical load models for freshwaters 

One of the major uncertainties associated with the SSWC model relates to the use of a 
single chemical sample for the derivation of the F-factor and Lcrit (see Section 2.2 
above), when these would ideally be based on annual mean chemistry. The size of the 
water sampling programme dictated that only a one-off spot sample could be collected 
for water chemistry, but it is known that there are significant seasonal variations in 
water chemistry in most freshwaters. In a network of upland lakes monitored monthly 
over two years. it was found that the calculated value of Lcrit could vary by almost an 
order of magnitude. depending on the date of the chemical sample used (Curtis et al., 
1998b). The freshwaters sampling period was generally restricted to the late spring 
and autumn in order to minimise the risk of sampling under extreme chemical 
conditions. but the representativeness of the sample is unknown. 

The input parameters to the F AB model, where limited empirical data have been used 
to specify various process rates at the national scale, will have associated errors which 
can only be reduced by further empirical study and revision of default values. 

The nitrogen uptake term (Nupi) incorporates two sources of uncertainty; the estimate 
of forest cover from satellite imagery and the single rate of N uptake selected for all 
forest areas. The accuracy of the land cover data has been estimated as 80-85% (Fuller 
et ct!., 1994), but the spatial resolution (at best a 25m grid) of the data will introduce 
uncertainty into catchment scale estimates. The land cover data do not distinguish 
between tree species, just between deciduous and coniferous. It is assumed that all 
coniferous forest is harvested. The selected default value for Nupt lies in the middle of 
a published range for just one species (Sitka spruce) so there will variations in Nupt 
relating to species, yield class, location and harvesting practice. 

All the above uncertainties in the derivation of Nupt are difficult to quantify, but the 
affected proportion of the mapping dataset will be small; only 12% of the 1470 
catchments have an estimated coniferous forest cover of more than a tenth, and only 
two percent of catchments have more than half of their area afforested with conifers 
(CLAG. unpublished data). 
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The denitrification component of the F AB model is another source of uncertainty. The 
default terms used for British soil types are literature based estimates (Hall et al. , 
1997), and very few data are available for moorland sites in Britain. Current research 
efforts are therefore directed towards the measurement of denitrification rates from 
moorland soils in both the field and the laboratory. 

Despite the uncertainties in both the N uptake and denitrification terms, the available 
data (Emmett and Reynolds, 1996) suggest that these two processes alone are unlikely 
to account for the very high rates of N retention or removal observed at a network of 
British upland catchments sampled monthly over two years (Curtis et al., 1998a , 
1998b). There is evidence to suggest that N immobilisation in soil biomass may occur 
at elevated rates until N saturation occurs, i.e. until some other essential resource is 
limiting (Aber et al., 1989), which may be reflected in increased soil carbon:nitrogen 
ratios and nitrate leaching in the future (Dise and Wright, 1995). While this process 
could explain the very high rates of N retention currently observed in many upland 
catchments, it poses a problem in the definition of critical loads, whereby a long-term 
steady-state is assumed. 

The approach adopted at the European level is to utilise the long-term estimates of 
soil N immobilisation obtained from chronosequence studies (UBA, 1996) which 
provide a much smaller figure (0.5 - 1.0 kgN ha· 1 yr-1

) for immobilisation than current 
catchment budgets would indicate. Given the sparsity of data on the immobilisation 
process. and the relatively low rates of net N uptake and denitrification suggested by 
more readily available data, it is assumed that there is discrepancy between current 
high immobilisation rates and the very low long-term rates employed in the F AB 
mode I. This difference could largely account for the very high rates of nitrate leaching 
predicted in the future, i.e. it is the assumed decline in future immobilisation rates 
,,·hich dominates the long-term N budgets. However, it is not known what the 
sustainable rate of soil N immobilisation could be when soil processes are operating at 
steady-state with respect to elevated N inputs, and there is clearly a major research 
issue to be addressed. 

One specific source of error within the F AB model is the assumption that all acid 
deposition to a catchment passes through the terrestrial system and is thereby exposed 
to the various soil and vegetation sinks which act to remove nitrogen. Direct 
deposition to the lake surface is assumed to be negligible, but for certain water bodies 
in areas of very low relief, for example in the Flow Country of northern Scotland, the 
lake surface may form a major fraction of the total catchment area, in some cases as 
high as forty percent. While such cases are rare, the critical loads calculated with the 
F AB model will be significant overestimates for these sites. 

The actual chemical trajectory of water bodies cannot be modelled by F AB because of 
the interactions of dynamic processes, including changes in N uptake rates through the 
forest growth cycle (Emmett et al., 1993) and the gradual N saturation of terrestrial 
catchment ecosystems (Dise and Wright, 1995) in the context of declining inputs of 
both S and N based acidity. The timing of the anticipated changes in water chemistry 
cannot therefore be estimated, but they are assumed to occur as steady-state is 
achieved over the long term. 
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-1.2 Uncertainties associated with deposition data 

There are several potential sources of uncertainty associated with the deposition data 
used, including interpolation (kriging) error, uncertainties in dry deposition velocity 
and precipitation amount, and uncertainties associated with seeder-feeder 
enhancement of wet deposition at scales smaller than the 20 x 20 km grid employed 
(CLAG Deposition Fluxes, 1997). The uncertainty associated with deposition inputs 
into a 20km grid cell has been estimated as ± 40% for total sulphur over much of the 
country, rising to ± 60% towards the north and west of Britain (CLAG Deposition 
Fluxes, 1997). The uncertainties in N deposition fluxes to a 20 x 20 km grid square, 
and those associated with local topographical and land cover variations within a 20 x 

20 km area, are unknown. 

Another uncertainty relates to the issue of data resolution. While F AB is a catchment 
based model , with catchment specific estimates of soil and vegetation cover, the 
deposition and runoff data are not catchment specific. Mean deposition estimates are 
produced on a 20 x 20 km grid, while the mean total catchment area for sites in the 
mapping database is 2.4 km2

• The rainfall data used in the derivation of wet 
deposition are 20 x 20 km mean data, while inspection of the 1 x 1 km runoff data 
shows that values can vary by a factor of two or more within any 20 x 20 km grid 
square. Given that one of the original selection criteria for mapping sites was that all 
other things being equal, the lake or stream at the greatest altitude was selected, and 
given that seeder-feeder enhancements to deposition can occur with increasing 
altitude (Dore et al., 1992), it is likely that many catchments lie above the mean 
altitude for a 20 x 20 km square and that wet deposition may therefore be 
underestimated. Critical load exceedance may therefore be underestimated at some 
sites. 

The mismatch between resolution of runoff data ( I km resolution, catchment weighted 
mean values) and rainfall data (average 20 km resolution data) also presents an issue 
in terms of catchment budgets. It is assumed that the I km resolution, catchment 
weighted runoff data provide the most accurate figure for surface water fluxes from 
sample catchments. i.e. are the best available data at the national scale. Current 
deposition models are not yet able to reproduce a greater resolution than 20 x 20 km 
estimates. but this should not preclude the use of best available runoff data for 
calculating export fluxes. This approach is comparable with that adopted for 
modelling soils critical loads, whereby critical loads and exceedances are derived at a 
I x I km resolution despite the availability of deposition data only at a much coarser 
resolution (CLAG Mapping and Modelling, 1996). 

-1.3 !nte11;retation of FAB model outputs 

Interpretation of the chemical predictions and deposition reduction requirements 
generated by the F AB model requires an understanding of several key factors: 

1. the chemical consequences of a critical load exceedance and the link with 
deposition reduction requirements, 

21 



2. the unknown timescale of acidification damage, 
3. the context of a predicted chemical change, and 
4. the population of sites in the mapping dataset. 

These issues are discussed in tum below. 

The magnitude of critical load exceedance and deposition reduction reguirements 
A critical load exceedance implies that at some unspecified time in the future, the 
critical chemical criterion will not be met. In this model application, exceedance 
therefore indicates that annual mean ANC will not be maintained above 0 µeqr 1 in the 
long term. The magnitude of critical load exceedance determines the ultimate, steady­
state ANC of the impacted water body (all other things being equal) and by 
conversion of the excess acidity flux into a concentration of acid anions, the future 
ANC can be predicted (Fig. 4b). 

In previous applications of steady-state critical load models for sulphur to the British 
freshwaters dataset using the SSWC (Henriksen et al., 1992) and diatom (Battarbee et 
al.. 1996) models, the assumption that the sulphate anion moved unimpeded through 
catchments meant that all excess acid deposition ( expressed as critical load 
exceedance) was causing acidification (CLAG Freshwaters, 1995). The amount of 
exceedance, expressed as equivalents of acidity, was the amount by which S 
deposition had to be reduced in order to protect the site. The same is not true for the 
process-oriented F AB model in which catchment processes affect the fluxes of acid 
a111ons. 

The national F AB map of deposition reduction requirements (Fig. 5) does not indicate 
the magnitude of critical load exceedance in terms of a deposition flux of acidity, 
because this notional figure cannot be interpreted directly as the size of the deposition 
reduction requirement. The reduction requirement for S or N deposition will 
inevitably be greater. in terms of equivalents of acidity, than the amount by which the 
critical load is exceeded. because of the catchment processes which retain a proportion 
of the inputs. For example. if in-lake retention of S is estimated as 10% of inputs, then 
only 90% of a reduction in S deposition will be reflected in a decrease in sulphate 
concentration in the lake outflow. Each unit of reduction in S deposition will therefore 
provide only 0.9 units of reduction in exceedance. The situation for N is more 
complex because of the number of potential sinks for N, which may operate at fixed 
rates or be deposition dependent, but will be more significant, given the much greater 
proportions of N retention in catchments, and hence the much smaller benefits m 
terms of reduced acid anion leaching relative to an equivalent reduction in S. 

The only exceptions to the above circumstances are stream sites for which N 
deposition is less than CLminCN) (i.e. all N deposition is retained in the terrestrial 
catchment). In these cases, the absence of in-lake retention processes means that S 
retention is zero so that a numerical exceedance of S deposition reflects the deposition 
reduction requirement for S. There are no such sites in the mapping dataset used here; 
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only seven sites, all standing waters m Scotland, are exceeded with zero nitrate 
leaching. 

Because of the inter-dependence of S and N deposition in causing critical load 
exceedance, the F AB model cannot provide an absolute requirement for deposition 
reductions in either S or N beyond the upper deposition thresholds of CLmaxCS) and 
CLma,CN) (Fig. 1). Where the deposition load of either species lies below these 
thresholds, the reduction requirement for one cannot be specified without reference to 
the other. In other words, while the F AB model output indicates the options for 
reducing acid deposition in terms of S or N, it cannot provide independent figures for 
either. The utility of the model therefore lies in deposition scenario assessment, 
whereby the effect of given combinations of S and N deposition can be assessed to 
determine whether they provide adequate protection to the freshwater sites of concern. 
One such application of the model is described in Curtis et al. (1998c) where the 
levels of protection afforded by three deposition scenarios (baseline, planned and 
potential) are compared . 

The timing of acidification damage 
It has already been stated that the major outputs from the F AB model are predictions 
of future chemical status when catchment processes are at steady-state with deposition 
inputs. and that the timing of future change cannot be provided by the model. It is 
therefore important to note that a state of critical load exceedance does not necessarily 
mean that the affected water body has already been acidified or even significantly 
affected as yet by the excess acid deposition. If the critical load of a site is currently 
exceeded, then the critical chemical threshold will be crossed at some unspecified 
point in the future, i.e. the current deposition load cannot be sustained if the site is to 
he protected. In both the SSWC and F AB models, critical load exceedance is 
therefore not a function of current damage. but of potential future damage. The actual 
current state of a water body for which the critical load is exceeded is determined by 
such factors as deposition history (total cumulative acid load) and catchment 
characteristics like soil type and land cover, so that only dynamic models like MAGIC 
\\'hich incorporate such factors can predict the timing of acidification to a given 
chemical state (e.g. Jenkins et al., 1997). 

The F AB model indicates that under prevailing deposition levels at the time of the 
CLAG lakes survey. 27% of sampled sites were exceeding their critical loads. For the 
reasons stated above, this does not necessarily mean that this proportion of sampled 
sites are currently damaged; some of them will have already acidified, while others 
will not as yet be adversely affected. While the time period over which damage will 
occur cannot be assessed with steady-state models, there is a link between the rate at 
which acidification might occur ( or have already occurred) and the magnitude of 
critical load exceedance, because the rate of acidification processes ( e.g. soil base 
cation depletion. nitrogen saturation) will be at least partly dependent on the 
deposition load of S or N. It is therefore evident that sites with the greatest critical 
load exceedance are the most likely to be damaged already, and are the sites where 
deposition reductions will probably be most urgently required. The greatest 
exceedance values are reflected in the most negative predicted ANC values in Figure 
4b. 
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Interpreting the predicted chemical status 
Another key point in the interpretation of critical loads and exceedances is that they 
refer to long-term steady-state. The chemical data used to derive critical loads are 
assumed to approximate to flow-weighted annual mean values. Critical loads are set 
relative to a critical chemical criterion, in this case a flow-weighted annual mean ANC 
of O µeqr'. A critical load exceedance or model prediction therefore refers to annual 
mean conditions and not to any spot chemical value. However, this should not be 
interpreted as meaning that at steady-state, in any one year the annual mean ANC of 
an exceeded water body will be less than O µeqr 1

• The temporal resolution of 
predictions is greatly limited by the incorporation of nitrogen cycling processes which 
are averaged on a decadal timescale. 

The nitrate and ANC concentrations predicted by the FAB model (Figs. 3b and 4b) 
assume no change in water fluxes and represent long-term annual mean conditions. 
No account is taken of seasonal chemical variability or the effects of short-term 
episodicity (e.g. Curtis et al., 1998b). Furthermore, taking the example ofN uptake in 
forests, a harvesting cycle of forty years is assumed (Emmett and Reynolds, 1996), 
while it is recognised that throughout this period, actual uptake rates will be largely 
dependent on forest age (Emmett et al., 1993). In this respect, the F AB model 
predictions of chemistry are assumed to represent a forty year annual mean. It is 
therefore currently impossible to validate this aspect of the model, because no data are 
available for such a long time period. 

Extrapolation of exceedance map to other freshwater sites 
Since the chosen freshwaters sampling strategy focused on the most sensitive sites, 
rather than a randomly selected representative subsample, the results of the modelling 
exercise cannot be extrapolated to the whole population of British water bodies. By 
definition. the selection of the most sensitive site in each 10 x 10 km grid square 
should mean that where the selected site is protected, the associated water bodies in 
the same grid square are also protected because they are less sensitive and will 
therefore have higher critical loads. This uncertainty was quantified by Curtis et al. 
( 1995) who found that in SSWC model applications to the British freshwaters 
mapping dataset. the most sensitive site in a 10 x 10 km grid square was correctly 
identified in one third of cases, while the selected site correctly represented the most 
sensitive critical load class of water bodies in the grid square in two thirds of cases. 
The implication here is that in around two thirds of mapped grid squares where critical 
loads are exceeded, there may be water bodies experiencing an even greater critical 
load exceedance than the mapped site. 

It is not possible to further quantify how many of the associated sites in a grid square 
are also exceeded. because there are no data to link the critical loads of the general 
population of water bodies to those of the sampled sites. Neither is it possible to 
quantify the number of sites which are not exceeded, but which may lie in a grid 
square where a more sensitive, unsampled site would be exceeded. 
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5 Conclusions 

The national application of the F AB model to a dataset of 14 70 British freshwaters 
indicates that more than a quarter of sampled sites may be damaged in the long term if 
the deposition of acidity is not reduced. There is a distinct regional pattern in the 
relative importance of S or N deposition in causing acidification. 

The uplands of northern England and Wales will experience the most severe 
acidification, mostly through increases in nitrate leaching. Ironically, many of the 
sites predicted to be most seriously impacted in the Pennine region are already 
acidified and fishless, so any further decrease in ANC cannot affect the (absent) target 
organism. brown trout. Potentially more serious is the decline in ANC predicted for 
many sites in upland Wales and the Lake District of northern England, where sites are 
currently less acidic and there will be more to lose in terms of fisheries. Perhaps most 
striking is the decrease in ANC to less than O µeqr 1 in sites across large parts of 
western Scotland, because these sites currently have positive ANC values and this 
region has not yet shown evidence of serious acidification damage to fisheries 
(Harriman et al., 1995). Unlike England and Wales, the future acidification of Scottish 
freshwaters is determined largely by S deposition. 

While previous international efforts have been directed towards a strategy for the 
control of S emissions. the F AB model indicates that S emissions reduction alone 
will be insufficient to protect sites in much of upland England and Wales because of 
the magnitude of N deposition. Only the Scottish sample sites could be protected by S 
reductions alone. depending on the deposition levels attained. There is an evident need 
for reductions in N deposition across most of the country if any benefits from future 
decreases in S deposition are to be realised. 

The F AB model cannot provide the timescales over which acidification damage might 
occur. but this national application does provide a coherent, regional picture of the 
potential magnitude of change in sampled lakes and streams, and provides a graphic 
illustration of where sulphur or nitrogen deposition, individually or in combination, 
must be reduced in order to protect these sensitive ecosystems. 
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