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Abstract

This thesis was stimulated by and completed against the backdrop of the unfolding 

‘waste crisis’. It critically examines whether the crisis is real or whether it merely 

reflects misperceptions. Three principal problems associated with the disposal of 

solid waste are identified. First, there is increasing concern over the environmental 

pollution of waste disposal, reflecting not just the increase in actual waste arisings, 

but also the increased public awareness of environmental pollution. Secondly, there 

is concern over the financial costs of waste collection and disposal, which can 

constitute a considerable drain on available on available public revenues. Lastly, 

there is the perceived scarcity o f suitable land for siting disposal facilities. Although 

some low-lying, densely populated regions are inappropriate for the siting of 

landfills, the scarcity more often reflects political constraints rather than a genuine 

shortage. This thesis asserts that a non-optimal quantity o f waste, together with the 

concomitant environmental pollution and financial costs o f disposal, partly result 

from government failure. Current practice fails to ensure that the parties generating 

the waste face a price at the point o f disposal and that such a price reflects the full 

social costs o f disposal. A model is presented which argues that the socially optimal 

configuration of waste management is that where the marginal social costs of each 

waste treatment method equals those of the others. In an empirical section, the 

external costs o f landfill, incineration, recycling and composting are estimated for 

the European Union, based on existing studies o f damage costs for different 

pollutants. This is followed by estimations o f the financial costs o f municipal solid 

waste management. Combining financial and external cost estimates, a cost-benefit 

analysis of municipal solid waste management in the European Union is undertaken. 

The final section o f the thesis discusses the use of economic instruments as a means 

of managing solid waste and uses national policies on packaging waste as an 

illustrative case.
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0. Aim and Scope of the Thesis

This thesis employs a cost-benefit methodology in an attempt to answer several 

fundamental questions about waste management policy, both in the European Union, 

and more generally. These questions include the following:

(a) is it possible to determine a social ranking of waste disposal and 
recovery options? This issue is widely discussed in the literature 
under the heading of the ‘waste hierarchy*, in which some forms of 
waste management, notably recovery and reuse, are ranked above 
others, e.g. incineration and landfill;

(b) Having ascertained some approximation of the optimal configuration 
of waste management options, what is the potential rôle o f economic 
instruments such as taxes, tax-subsidy systems, tradeable permits, 
etc., within that configuration?

The main focus of the study will be on the management of municipal solid waste 
(MSW) in the developed world, or more particularly, the European Union. The 

study will concentrate on four core waste treatment options: Landfill, incineration, 
composting and recycling. Source reduction and reuse will be discussed briefly in 
Chapter 6.

Chapter 1 offers a brief exposition on the trends in waste generation, together with 
the environmental problems, the main waste management methods and the associated 
costs. Chapter 2 endeavours to provide a theoretical overview of the economics of 
solid waste management. It considers both the idea of optimal waste generation, 
together with the identification of the optimal distribution between the discrete waste 
management options; landfill, incineration and recycling. Chapter 2 continues by 

considering those elements that constitute the marginal net costs o f each of those 

waste management methods.

Chapter 3 provides a broad overview of appraisal techniques, and examines the 
rationale for employing cost-benefit analysis to assess the claims o f the ‘waste

16



hierarchy’. It continues by detailing the actual methodology employed, including the 
utilisation of a simple benefits transfer model to transfer economic damage estimates 
for air pollutants.

Chapters 4 utilises the results of this benefits transfer and life cycle inventories 
compiled for municipal solid waste (MSW) management, to estimate the external 
costs of landfilling, incineration, recycling and composting in the European Union. 

Chapter 5 reports the results o f a study that estimated the private costs of these 
MSW management systems in the European Union.

Chapter 6 draws together the estimates of Chapters 4 and 5, to undertake a social 
cost-benefit analysis o f MSW management in the European Union. The results of 
this analysis are then employed to assess the tenets of the ‘waste hierarchy’. 
Although the particular social costs associated with source reduction and reuse, are 
not included in this study, their likely benefits and costs are discussed, relative to 
recycling, to ascertain likely implications in relation to the ‘waste hierarchy’. Thus, 
on the basis o f the social cost-benefit analysis and the discussion o f source reduction 
and reuse, a ranking of waste management methods is provided. Chapter 6 also 
reviews the existing literature on disamenities associated with landfills and 
incinerators, and assesses the extent and implication of this external cost for the 
analysis.

Chapter 7 provides a discussion on economic instruments and their potential in an 
integrated waste management strategy, before Chapter 8 examines the specific issue 
of packaging waste, together with the policy responses of three European countries. 
It presents a potential packaging tax, based on waste treatment after recycling 
activities, together with a case study for beverage containers. The conclusions of 
the study are presented in Chapter 9.
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1. The Problems of Solid Waste Management

If the media are to be believed, the western world is on the brink o f a major crisis, 

one that has, apparently, grown in both scale and significance over the past five to 

ten years. The underlying problem is the increasing material and energy consump

tion of the economies of the developed world, together with the resultant problem 

of how to dispose of the resulting waste. This concern appears to have been 

deepened by a perception that suitable landfill space is limited. Whether true or not, 

landfilling is only one of a number of possible solutions, and one beneficial aspect 

of the higher profile o f this issue is a greater awareness of, and sometimes the 

introduction of, alternative policy options. These alternative policy options have 

ranged from the banning of certain types of packaging and disposables, to the 

introduction of comprehensive recycling schemes. However, the arguments put 

forward for the promotion of one waste treatment option over another, or one policy 

instrument over another, appear weak. This partly reflects the problem that all the 

alternatives appear to suffer from a paucity o f supporting economic evidence. This 

thesis makes a modest contribution to addressing this issue. This chapter starts with 

an illustration of the general trends in waste arisings, prior to identifying the main 

issues in the debate, together with the related environmental problems. It also offers 

an exposition of the various waste management methods that are available.

1.1 WASTE ARISINGS OVER TIME

The scale and significance of the problem is best illustrated by consideration of the 

development in waste arisings over time. There are two main aspects to this issue: 

The quantity of waste produced, and the quality of waste produced.

1.1.1 The Quantity of Waste

This issue raises two questions: Firstly, are current generations, in aggregate, 

generating more waste than their predecessors? And secondly, is each individual
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generating more waste than his, or her, predecessor? Although the answer to the 

first question is undoubtedly yes, the answer to the second question appears less 

clear cut. The main problem is the paucity o f suitable data, a reflection o f the lack 

of tradition for measuring the amount of waste disposed, let alone generated, in the 

past. Indeed, it was not until the late nineteenth century that comprehensive systems 

of public-sector waste management were initiated, as a response to the cholera 

epidemics which swept Europe at that time. The result was a concerted effort to 

improve both hygiene and sanitation across Europe and the United States.

In the United Kingdom, which provided the inspiration for a number of other 

countries, local health boards and commissions were set up following the Public 

Health Act of 1848. In 1858, Denmark, following the British example, introduced 

health regulations which initiated the setting up of local health boards (Blomquist, 

1990 and Jensen, 1977). Whilst one of the most prominent concerns was water 

supply, the health boards* area of responsibility also extended to the removal of 

wastes. Prior to the health regulations, the removal o f human wastes, and to some 

extent garbage, in market towns was governed by bye-laws, which had been in place 

since the Middle Ages. However, the extent of garbage removal was rather limited; 

common practice involved throwing garbage and slops into the streets, and only 

occasionally would the worst excesses be collected and carted away (Blomquist, 

1996). In Sweden, local health boards were created following the first national 

Public Health Act o f 1874, but as Rogers & Nelson (1992) point out:

‘sanitation, the removal of human waste and garbage, is clearly that area of preventive 

public health that received the least attention. It was only after 1890 that the larger 

cities began to deal with this and by 1910 a quarter still had not resolved the problem.

Several different procedures were adopted. In some cities local sanitation authorities 

were created to provide for the removal and treatment of waste products. In others 

garbage and latrine removal was leased out to private companies. In several towns 

removal of wastes was left to individual property owners, at times under local 

supervision, at times not. Only a minority of the small and very small towns had 

organizations specifically dealing with sanitation problems.*
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Rathje & Murphy (1992) note that in the United States the first municipal 

streetcleaning service was instituted by Benjamin Franklin in Philadelphia in 1757. 

The practice o f American households digging refuse pits, as opposed to just 

discarding the refuse outside the house in the street or the yard, also dates to around 

that time (Deetz, 1977). However, the first comprehensive system o f public-sector 

garbage management in the country was not set up until 1895, when the first street 

cleaning commissioner was appointed in New York. Rathje & Murphy (1992) note, 

referring to data gathered by the historian Melosi, that in 1880 fewer than a quarter 

of all American cities had a municipally run garbage disposing system, compared 

to eight out o f ten by the year 1910.

However, actual statutory responsibility for waste management was only placed on 

local governments much later: In the United Kingdom, it was the Public Health Act 

of 1936 that first imposed the statutory responsibility to collect and dispose of 

rubbish on local government (Szymanski & Wilkins, 1993). In Denmark, although 

local authorities had taken on the responsibility of setting up waste collection and 

disposal schemes, and these had developed with time since the establishment o f local 

health boards, following the 1858 Health Regulations, this only became their 

statutory responsibility with the introduction of the First Environmental Protection 

Act in 1974.

But even after the introduction o f public-sector waste management, there was still 

no incentive to keep any record of the amount of waste collected and disposed of. 

As a consequence, there are few, if any, countries in the world, that have totally 

reliable data for waste generation and disposal.

The waste data published by the UK Government are calculated from the number of 

refuse vehicles, and the amount of waste, arriving at the waste facilities. This 

calculation requires landfill operators accurately to report the number o f vehicles that 

arrive at their respective landfill sites; a requirement that has not always been 

fulfilled. In addition, since few landfills have weighbridges to measure accurately 

the weight o f the arriving vehicles, the calculation of the amount o f waste actually
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received, is an average measure, based on the above reports of arriving lorries 

together with an estimate of their average load.

A further important aspect of measuring waste is the choice o f definition. Often in 

the debate about waste, and particularly in the debate about waste and recycling, 

only municipal solid waste (MSW), and in some cases only household waste, is 

considered. But, while in England and Wales an estimated 20 million tonnes of 

MSW was generated per year in the late 1980s, an estimated 56 million tonnes of 

industrial waste, 13 million tonnes of waste from energy production, 80 million 

tonnes of agricultural waste, 107 million tonnes of mining waste, 32 million tonnes 

of construction and demolition waste, 21 million tonnes of dredge spoils and 1 

millions tonnes of sewage sludge was generated in each year, totalling roughly 330 

million tonnes annually. Of total waste arisings, the United Kingdom defines 

MSW*, demolition and construction waste, industrial waste and waste from energy 

production as controlled waste; that is, waste which must be disposed of in a 

controlled manner .̂ It is this fraction of the total waste stream which ought to be 

of primary concern in the discussion of waste management and a possible crisis. 

Controlled waste arisings were estimated at around 120 million tonnes per year for 

England and Wales in the late 1980s.

The lack of data makes it difficult to provide a long term picture of the development 

in the arisings of controlled waste. Table 1.1 shows the best available data for 

controlled waste for a number of OECD countries in the mid-1980s and in 1990 

(OECD, 1989 & 1993).

Which consists of household and small scale commercial waste.

This is not to say that other types of waste, such as e.g. agricultural and mining waste, are not 
controlled in any manner. Thus, mining waste is controlled via planning legislation, which 
means that mining operations will not be given permission to proceed, unless satisfactory plans 
for disposal o f spoils etc. have been presented. In the case of agricultural waste, a number of 
different regulations control the storage of silage and slurry and the burning of crops, and water 
legislation makes farmers liable to penalties for water pollution. In addition, new legislation for 
the control of agricultural waste is currently under preparation, and is expected to be introduced 
in 1997 (UK Department of the Environment, 1996).
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Table 1.1 Controlled Waste Arisings
1985 1990 Per cent change

million tonnes 1985-1990
Canada 91 37.4' -59
USA 976 8385 760
Austria 16.U 56 248
Belgium 11.P 32. U 190
Finland 19.7 21.2 8
France 19.7 21.2 8
Germany 98.4^ 109.9 12
Greece 7.7 15.0 95
Italy 50 89.1^ 78
Luxembourg 0.3 6.7 214
Netherlands 19.0 29.0 53
Norway 4.2 6.0 43
Spain 33.5^ 48.3 44
Switzerland 2.5 6 140
United Kingdom 81.7^ 121 48

Does not include industrial waste ^ 1983 1980 '̂ ) 1988 1984
1991 '’) 1986

Source: OECD (1989 & 1993)

If one ignores definitional problems, the data suggest a general trend of increasing 

waste arisings over time. It is a reasonable assumption that in a ‘business-as-usual’ 

scenario, this trend will continue in line with economic development.

In the same way that the debate has focused on MSW, rather than the larger 

category of controlled waste, so the data available concentrate on MSW arisings 

rather than controlled waste. Thus, data are available for a longer period for MSW. 

Figure 1.1 shows the development in total MSW arisings for selected OECD 

countries for the period 1970 to 1985.

In order to allow comparisons between countries using diverse definitions, e.g. the 

U.S. and Liechtenstein, who measure their MSW arisings in hundreds of million of 

tonnes per year and thousand of tonnes per year respectively, an index of MSW
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arisings has been calculated which uses 1980 as the base year^. A general trend can 

be identified and appears indicative of an increase in total MSW arisings'*. 

However, the significance of this trend is partly qualified by the relative brevity of 

the time period covered by the data.

Index
1980=100

1 6 0 -

U K  /140 -

Austria1 2 0 -

Belgium
Japai100 -

8 0 -

USA
tjennany6 0 -

Liechtenstein

40 - Switzer
land

2 0 -

Year
70 71 72  73 74 75 76  77 78 79 80 81 82  83 84 85

Figure 1.1 Development in Total MSW Arisings

Source: OECD (1989 & 1993)

Rathje & Murphy (1992) provide two examples which illustrate that the contempo

rary consumer may not necessarily be more wasteful than his ancestors. In the first, 

they compare ancient Troy with present day New York:

except in the case o f Austria and Switzerland where no data are available for 1980; 1979 is then 
used as base year instead.

An exception is West Germany which displays a considerable dip after 1980. Whether this is 
because o f an actual change in the waste generation rate or whether it is due to inconsistencies 
in the data gathering is unclear. Another exception is Japan which throughout the period 
oscillates in the interval between 92 and 102 with no clear trend. Switzerland shows a clear 
upward trend for the period 1970 to 1980 from an index of 43 to 100. Data are also available 
for 1983 for Switzerland. However, as there is a wide disparity between the figure for 1983 (the 
index is 381) and the rest of the period, this observation has been omitted from the diagram. 
The United Kingdom displays an implausible increase from 1983 to 1985 which may be due to 
inclusion o f other types of waste than MSW in the 1985 figure.
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In 1973 Charles Gunnerson, a civil engineer with the U.S. Department of Commerce's 

Environmental Research Laboratories, calculated that the rate of elevation due to debris 

accumulation in Troy was about 4.7 feet per century... [Gunnerson also] calculated that 

if all o f the garbage from Manhattan that is currently sent to Fresh Kills [the landfill 

on Staten Island] and all the construction and demolition debris from Manhattan that is 

currently dumped at sea were instead spread out evenly over the island, the rate of  

accumulation per century would be exactly the same as that of ancient Troy.

In the second example, the authors refer to the excavations in Colorado by the 

archaeologist Joe Ben Wheat, which revealed the remains of a herd of bison killed 

by palæo-Indian hunters:

Two hundred bison were killed, and of these the hunters butchered 150. By one 

estimate, the hunters carried off enough meat to feed 150 people for some 23 days.

Behind them they abandoned the leftovers that archaeologists uncovered 8500 years 

later: 18,380 pounds of bones. Compare those 18,380 pounds to the total amount of 

garbage that, according to the highest estimates put forth by the Environmental 

Protection Agency, 150 latter-day Americans throw away in 23 days: a relatively 

modest 14,145 pounds, which includes all household food debris and food packaging, 

all non-food packaging, all yard waste and other household waste, and all the garbage 

for which these 150 people are responsible in schools, offices, stores, and restaurants.

Left in the open, as the bison carcasses were, much of that 14,145 pounds of modem 

garbage would rapidly biodegrade.

As Rathje and Murphy concede this comparison is, o f course, extreme. Today, 

most household waste consists o f materials that have been processed, and waste is 

generated in the process and not attributed to the household. A proportion of that 

residue has further uses, e.g. as animal fodder, but the remaining waste is 

categorised as e.g. industrial or agricultural waste. Thus, Rathje and Murphy 

suggest that the demands of present day consumers still create far more waste than 

the amount they personally dispose of.

Figure 1.2 depicts the amount o f municipal solid waste generated every year per 

person in selected OECD countries.
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Figure 1.2 Municipal Solid Waste per Capita per Year

In line with Rathje and Murphy’s (1992) assertion, Figure 1.2 shows that there has 

been a steady increase in MSW generation rates per person over the 15-year period 

from 1970 to 1985, although similar concerns relating to the period of data coverage 

arise. Despite these concerns, it appears a reasonable assumption that society today 

does indeed generate more waste per capita than in the past.

From an European perspective, the North American waste generation rates provide 

an indication of the future, as consumption patterns in Europe generally mirror those 

in the U .S ., albeit with a slight lag. In the case of less developed countries, there 

appears to be two fundamental factors; firstly, population growth leads to an 

absolute increase in waste generated. And secondly, increased economic growth 

leads to an increase in the amount o f waste generated per person as income rises. 

Pearce & Turner (1994), utilising data from Cointreau-Levine (1992), suggest an 

income elasticity o f waste generation of 0.1, or expressed less formally, a ten per 

cent growth in incomes leads to a rise o f one per cent in the quantity o f waste. 

Rough waste generation rates are given for different income levels in Table 1.2.
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Table 1.2 Municipal Solid Waste Arisings
Low Income 

$350/capita/year
Middle Income

$l,950/capita/year
High Income 

$ 17,500/capita/year

MSW Arisings 
per capita 200 kg/cap/yr 300 kg/cap/yr 600 kg/cap/yr

MSW/$ income 0.51 kg/$ 0.15 kg/$ 0.03 kg/$

Source: Pearce & Turner (1994)

On this basis, it can reasonably be assumed that waste arisings will increase over 

time, both as the world’s population grows and with rising income levels.

1.1.2 Changes in Waste Composition

In the disposal of waste, it is not only the quantity of waste arisings that is of 

concern, but also the composition of the waste. The composition of the waste is 

important both in determining the particular types o f emissions that will result from 

incineration or landfilling, and how much of the waste can be reused or recycled.

Toxic Waste

As will be discussed in section 1.2.1, even MSW landfills, where no co-disposal of 

MSW and industrial waste has taken place, can cause serious environmental 

pollution. The pollution reflects the toxicity of some of the elements present in the 

waste stream. Is this a new phenomenon? Has the composition o f waste changed 

significantly over, say, the last century? Once again, Rathje & Murphy (1992) 

provide some indications in this direction:

Comparisons of the relative volume of toxic materials in today’s Sunnyvale landfill 

[California] and in a dump in Florence, Arizona, that was active between 19(X) and 

1945 confirm what most people would suspect: Contemporary society is dependent on 

far more products with a toxic potential than was the society inhabited by our 

grandparents and great-grandparents. The Florence excavations reveal, however, that 

by the 1940s the quantity of hazardous waste entering the dump there had risen to 

‘modem’ levels (at least for the types of hazardous waste studied, mainly heavy
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metals). The results suggest that Americans have been producers of highly contami 

nated garbage not for ten or twenty years but for at least half a century.

And yet, as another Garbage Project study shows, people generally have no idea of the 

amount - or the nature - of the hazardous waste they discard. When asked, residents 

of Marin County tended to say that most of the hazardous waste they throw away 

consists of motor oil (46.1% of household hazardous waste discards, according to self- 

reports) and paints and thinners (41.4%). Their actual garbage says otherwise: People 

throw out a lot less paint (28.1%) and motor oil (23.0%) than they think, and a lot 

more household cleaners and pesticides (37.5 %) than they suspect.

...It is not true, however, that municipal landfills, in terms of toxicity, are indistin

guishable from industrial waste landfills - a claim that one occasionally hears, 

particularly from some spokesmen for manufacturing groups.

Thus, it appears that in present-day society more, potentially toxic, waste is disposed 

of than, say a hundred years ago. This is not to say, however, that there was little 

toxic waste a hundred years ago; indeed the disposal patterns of yesteryear are still 

causing problems today, as toxic waste was often dumped at numerous local sites, 

rather than in central landfills. This dispersion was central to the UK Government’s 

decision to abandon plans to open a contaminated land register, reflecting fears that 

knowledge of the widespread nature of the problem might inflame public concern. 

The increased presence of toxic materials in the waste stream also raises the risk of 

serious pollution from landfill leachate (see Reinhart, 1993) and reinforces the 

requirement for pollution control on waste incinerators.

Organic Waste

In addition to an increase in toxic materials in the waste stream, together with 

concerns over the impact of new chemical compounds whose effects^ are little 

known, changing waste management practices have led to an increase in the 

proportion o f organic materials in the waste stream. Until the beginning of this 

century, slopping was common practice. This involved the dumping of food waste

 ̂ A recent concern is the effect o f plasticizers on male fertility. Research is showing that these
may mimic oestrogens and cause a ‘féminisation’ of male animals including humans, resulting 
in a decrease in male fertility (ENDS, 1995h).
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in gutters to feed domestic animals. Rathje and Murphy (1992) refer to a 1930 

survey of 557 American cities, which found that 40 per cent of the cities still saved 

their wet garbage for slopping, although the waste was now fed to the animals on 

farms rather than in the streets. This was despite increasing concern over the 

incidence of trichinosis in pigs fed on garbage. The practice was finally prohibited 

in the U .S. in the mid-1950s, in a bid to contain the spread of a vesicular exanthema 

epidemic. In less developed countries, the practice is still commonplace. In some 

cities, whole communities, such as thepepenadores in Mexico City and the zabaline 

in Cairo, make their living from landfills by scavenging and keeping their livestock 

on them.

Which Materials Are the Main Environmental Culprits in the Waste Stream? 

Over the last decade, media attention has focused disproportionately on certain 

elements o f the waste stream as being the main culprits in the ‘waste crisis*. Table 

1.3, from Rathje & Murphy (1992), compares perceived with actual volumes of 

waste. The second column reports the results of a 1990 Roper poll, asking people 

how much space they thought different materials took up in the landfill. Note the 

apparent inconsistency between the individuals* perception of the relative importance 

of newspaper vis à vis all paper in this column. The third column reports the results 

from landfill excavations undertaken by the Garbage Project o f the University of 

Arizona. Note that this column appears to sum to greater than 100 per cent, but this 

is explained by the category of newspapers being included both individually and with 

all paper.

This clearly illustrates that individuals* perception o f the important constituents of 

the waste stream differs significantly from reality. Those items which are believed 

to be significant, actually comprise a relatively small proportion o f total municipal 

solid waste. Plastics, in particular, seem to suffer disproportionately from this 

misperception. The media seems to be partly culpable, frequently reporting that 

while plastics comprise only seven per cent by weight of total municipal solid waste, 

they amount to 30 per cent by volume. Rathje & Murphy (1992) state that 

excavations by the Garbage Project have suggested that the volume o f plastics in
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Table 1.3 Perceived Versus Actual Volumes of Waste in Landfills

Roper survey 
Perceived volumes

%

Garbage Project 
Actual volumes

%

Disposable diapers 41 < 2

Plastic bottles 29 < 1

Large appliances 24 < 2

Newspapers 11 - 1 3

All paper 6 > 4 0

Food and yard waste 3 - 7

Construction debris 0 - 1 2

Source: Rathje & Murphy (1992)

landfills is actually only 16 per cent. They also refute the claim that the relative 

proportion in the landfill is increasing year by year. Although, a larger number of 

objects are made from plastic today than in 1970, or indeed 1950, the amount of 

physical landfill space required to dispose of it is unchanged. Rathje & Murphy 

(1992) ascribe this phenomenon to ‘light-weighting’ - the manufacture of objects in 

such a way that they retain all the necessary functional characteristics, but require 

the use of less resin^. An additional advantage of this process is the fact that when 

the plastic is lighter, it is also easier to crush, thus allowing more plastic items to 

be compressed into a given volume of landfill.

As Table 1.3 illustrates, one material that makes up a significant proportion of MSW 

is paper. Despite predictions about ‘the paperless office’ and a new paperless 

culture, the proportion of paper in the waste stream has remained fairly stable.

For all the competition since the 1950s from plastic, metal, construction-and-demolition 

debris, and non-paperaceous organics, paper’s contribution to a landfill’s contents has 

remained relatively even, at well over 40 per cent. Newspapers alone may take up

See Chapter 6, footnote 3.
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some 13 per cent or more of the space in the average landfill - nearly as much as all 

plastics. Paper used in the packaging of consumer goods has grown in volume by 

about a third since 1960. Non-packaging paper - computer paper, stationery, paper 

plates and cups, junk mail - has doubled in volume. The volume of discarded 

magazines has likewise doubled, to about 1.2 per cent - about as much as all the 

thrown-away fast-food packaging and expanded polystyrene foam combined.

Rathje & Murphy (1992)

These statistics suggest that if society wants to reduce the volume of waste going to 

landfill, it may be worthwhile commencing with paper. This suggestion is 

reinforced by the finding that paper does not degrade appreciably over time in 

landfills, so will not reduce in volume.

Packaging Waste

Another alleged villain in the ‘waste crisis* is packaging, with many countries 

recently imposing strict recycling targets in order to significantly reduce the amount 

of waste requiring disposal (see Chapter 8 for a full discussion). The Garbage 

Project (Rathje & Murphy, 1992) analysed its data for packaging for the period 

1978-1988, and found that:

In per-capita terms the amount of material in municipal solid waste than can be 

classified as packaging has experienced a gradual but real decline. The decline has 

occurred in packaging made of virtually every kind of material. The amount of paper 

is down^. Aluminum has declined precipitously, thanks to recycling programs. Glass 

is down because of recycling, light-weighting, and the major switch by beverage 

bottlers from glass to plastic. Plastic packaging, despite that switch, and owing largely 

to continuing efforts at light-weighting, has nevertheless held steady in its contribution 

to solid waste.

The advent o f sophisticated packaging has, in addition to its other functions, also 

partly helped to decrease waste. The World Health Organisation estimates that in

This seems to be inconsistent with the claim above, that paper packaging has increased by one 
third. However, that was an increase since the 1950s - this analysis relates only to the ten-year 
period from 1978 to 1988 and is on a per capita basis. This suggests that the use of paper 
packaging must have increased initially, for thereafter to stabilise and even decrease.
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Third World countries, 30-50 per cent of food decays before it reaches the 

consumers. In contrast, only 2-3 per cent of food in the developed world suffers the 

same fate (O’Hanlan, 1992). Pearce & Turner (1994) estimate that some 20-30 per 

cent of cereals production, and up to 50 per cent of vegetables, did not reach the 

consumer in the old Soviet Union, partly due to inefficient organisation of transport, 

but also because of poor protection in transit. They also estimate that in Brazil, 20 

per cent of rice output, 25 per cent of flour output and 30 per cent of beans are lost 

during warehousing, transport and sales, with a significant portion of the blame 

falling on inadequate packaging. In a comprehensive study of fresh household 

garbage from Mexico and the United States, the Garbage Project found that even 

after correcting for family size, U.S. households, on average, produce a third less 

garbage than do households in Mexico City (Rathje & Murphy, 1992). This appears 

to be explained by two facts; firstly, ‘in the United States, the skillful packaging of 

food products markedly reduces the wastage of foods’, and secondly, U.S. 

households rely, to a much greater extent, on processed foods, than Mexican 

households who buy a higher percentage of fresh food.

Although consumers in the United States waste edible fresh produce at a rate ten times 

greater than Mexicans do, their overall record on waste is better because of their far 

heavier reliance on processed, packaged foods, which is the food category that 

generates by far the least amount of waste.

Rathje & Murphy (1992)

In addition to the prevention of food loss, packaging also serves a number of other 

purposes. It insures the safety and hygiene of food and drink, it protects people and 

the environment from hazardous materials, it allows the possibility of self-service 

in shops and, in some instances, it increases profit by promoting and advertising the 

product.

Thus, while modem society generates more waste than earlier ones, partly because 

of increased affluence, but primarily due to the growth in population, the concern 

over specific types o f waste, apart from toxic or otherwise hazardous elements, 

appears to be misplaced. In particular, the introduction of recycling targets for
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packaging waste in a number of countries may be misguided, after reflecting on the 

relative importance of packaging vis à vis paper in the waste stream. In addition, 

reducing the quality and quantity of packaging may, ironically, increase other types 

of waste. This conclusion assumes that the evidence from landfill excavations 

carried out both in Arizona, and elsewhere in the United States, is representative.

1.2 THE MAIN ISSUES IN WASTE MANAGEMENT

The problem of solid waste disposal, or solid waste management, can be divided into 

the following three cost categories:

a) environmental costs of waste management;

b) private costs of waste management;

c) land scarcity.

1.2.1 Environmental Costs of Solid Waste Management 

Landfill

It is generally acknowledged that the disposal of waste to landfill can lead to a 

number of environmental problems. As the organic fraction of the waste biode

grades, methane (CHJ and carbon dioxide (CO2) are formed and released to the 

atmosphere, where both contribute to global warming. In some cases, the methane 

is unable to escape upwards, causing pockets of the gas to form within the landfill. 

In certain circumstances, these pockets of gas can Teak’ sideways and enter the 

basements o f any neighbouring buildings, occasionally resulting in explosions (see 

Gerrard & Kemp, 1993). In addition, the breakdown of organic matter, combined 

with the moisture present in the waste and any subsequent precipitation, can result 

in the formation of a liquid called leachate. This fluid percolates down through the 

landfill and may enter aquifers, or run off to surface waters, and contaminate 

drinking water sources. The organic components are an especial danger where the 

resulting liquid combines with heavy metals and chemicals from e.g. pesticides and 

paints in the waste, prior to infiltrating the water supply. An example o f such an 

occurrence was the infamous Love Canal disaster in America, where a residential
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neighbourhood was built on top of what transpired to be a former dumping ground 

for toxic waste. This unfortunate occurrence only came to light when the residents 

began to experience deteriorating health.

The above discussion might convey the impression that such occurrences are only 

likely to arise in those cases where, either hazardous or industrial waste is involved, 

or, the co-disposal of municipal and industrial waste has taken place. However, this 

is, unfortunately, not true. There are significant quantities of hazardous materials 

present in municipal solid waste, as illustrated in the following excerpt from Rathje 

& Murphy (1992) (see also Reinhart, 1993):

In 1972, scientists Irom the Environmental Protection Agency conducted a study of a 

dump in Norman, Oklahoma, that had been placed on highly permeable ground in an 

area where the water table was high. They discovered that a variety of industrial 

organic chemicals - ethyl carbonate, triethyl phosphate, dicyclohexyl phthalate, and a 

number of other challenges to orthographic serenity - had begun to leach slowly into 

nearby ground water. Further investigations revealed, however, that the source of these 

chemicals was not industrial waste: In its lifetime, the Norman dump had never 

received any. The source must therefore be common commercial and household 

products. Ethyl carbonate is a stabilizer and co-solvent for pesticides, fumigants, and 

cosmetics. Triethyl phosphate is a plasticizer for resins, plastics, pesticides, solvents, 

and lacquer remover. Dicyclohexyl phthalate is a plasticizer for rubber and polyvinyl 

chloride.

Incineration

The rationale underlying the choice of incineration for waste disposal is the 

attainment of a reduction in the volume of the waste, so the residue utilises less 

space in a landfill. The process is generally successful in its aim, as incinerator ash 

amounts to only 20-30 per cent by weight, and ten per cent, or less, by volume, of 

the original waste*. In addition, the process can result in an useful by-product in the 

form of power or heat, or some combination of the two. However, the incineration

However, the nature of this residue can cause problems of its own (see Stem et a/., 1989). 
Hence, incinerator ash in the U.S. is treated as hazardous waste and must not be co-landfilled 
with municipal waste.
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process can result in significant environmental air pollution. These pollutants 

include carbon dioxide, acidic pollutants, such as SO2, N0%, and particulates. 

These, either acting independently or synergistically, can lead to significant 

environmental damage to human health, crops, forests, buildings and eco-systems.

A second concern, possibly of equal importance, relates to the emission of dioxins 

from the incineration process, although this latter problem can be partially alleviated 

by maintaining the temperature at which the waste is burnt, at a very high, but 

stable, level. However, the attainment of such an objective is costly, as it requires 

sophisticated technology and skilled personnel. Moreover, the heterogenous nature 

of waste, together with seasonal influences, often leads to significant fluctuations in 

the moisture content of the waste. This can undermine the attainment of the desired 

stability in temperature. In the United Kingdom it was estimated that dioxins 

emitted from municipal incinerators contributed about a third of the dioxins emitted 

to air from combustion sources, or about a fifth of total man-made releases to the 

environment in 1989 (Royal Commission of Environmental Pollution, 1993). 

However, it is expected that the new standards coming into effect at the end of 1996 

will result in a considerable reduction in dioxin emissions from incinerators. Thus 

it has been forecast that if the amounts of waste being incinerated remains 

approximately the same, emissions of dioxins from municipal incinerators will fall 

to less than two per cent of the 1991 level (Royal Commission of Environmental 

Pollution, 1993).

Recycling and Composting

Two other treatment options are recycling and composting. These are often 

promulgated as the most environmentally friendly of the available waste management 

options, with some proponents even suggesting that all waste should be recycled or 

composted. More realistically, it is usually acknowledged that they only represent 

a feasible option for a limited fraction of the total waste stream. In addition, these 

techniques are not without their associated environmental costs. Let us consider the 

case of recycling: Generally the waste has to be separated and transported to a 

reprocessing plant. The distinct processes of separation, transport and reprocessing

34



all consume energy and give rise to various social costs, although, these should be 

weighed against the avoided pollution from production of virgin materials.

The issue of environmental pollution from waste is not a new issue and historically, 

in some cases, has been greater than now’. However, the problem has gained a new 

public profile recently, reflecting the growing environmental awareness over the last 

decade or two. An increase in knowledge of both the issues, and the potential 

dangers, has led to greater public demand for alleviating measures.

1.2.2 Private Costs of Waste Management

In addition to the environmental costs of waste management there are the financial 

or private costs associated with the collection, recycling and disposal of municipal 

solid waste (MSW). In most developed countries, it has become accepted practice 

for these latter costs to be borne by the local community, with the necessary revenue 

being commonly raised in the form of local taxes. Typically, private firms pay for 

the collection and disposal of their own waste. The aforementioned costs have, 

generally, been increasing for two reasons: Firstly, the raising of standards for 

landfills and incinerators has resulted in greater costs. And secondly, where 

available landfill space is limited, communities have resorted to the export of their 

waste to more distant sites, thus incurring greater transport costs. In the U .S., for 

instance, landfill costs in some of the Northeastern states increased by 225 per cent, 

from $20 to $65, over the four-year period from 1986 to 1990, while the average 

tipping fees in the U.S. rose by 146 per cent between 1982 and 1990 (McCarthy, 

1994).

However, the private costs o f waste disposal represent a greater burden in less 

developed countries, where they often constitute a considerable strain on the limited 

resources available. Bartone et al. (1991) notes that gross inefficiencies are 

commonplace, with solid waste management accounting for 20-50 per cent of 

available operational budgets for municipal services, yet only covering 50 per cent

Generally owing more to slacker standards for waste disposal than to a more polluting nature of 
the waste.
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of the urban population, and collecting only 60-70 per cent of the waste arisings. 

Despite the health hazards arising from uncollected or flytipped waste and open 

dumps, higher priorities are generally given to the provision of water, sanitation and 

primary health care (Seroa da Motta, 1995). This is understandable when one 

considers the costs; Pearce & Turner (1994) suggest that the costs of municipal 

waste collection and disposal amount to $19-38 per tonne of waste, which equals

0.2-0.4 per cent o f GNP in low-income countries'®, though the sum seems very high.

1.2.3 Land Scarcity

In the debate about the ‘waste crisis’, one of the most significant factors is the 

‘perceived’ shortage of land for new landfills. It appears that there is a physical lack 

of suitable sites. Prior to addressing this issue it might be instructive to consider the 

question, what is a suitable landfill site? The consensus on this appears to have 

changed considerably over the last 50 years. Whereas it is now recognised that 

landfills should be sited so that the risk of contaminating water bodies with leachate 

is minimised, sadly, this has not always been the case. Indeed, until the early 

1970s, landfills were often deliberately sited in wetlands to ‘fill in* the swamp prior 

to reclaiming the land for residential purposes. There are a number of examples of 

town and city districts built on old landfills including neighbourhoods in Edinburgh, 

Boston and New York. An example of a landfill occupying a vast tract of what had 

been a tidal swamp, is Fresh Kills, the world’s largest landfill, on Staten Island, 

New York City.

At the time Fresh Kills received its landfill designation, in 1948, swamps were deemed 

to be the ideal landfill location - indeed, as late as 1973 one finds Katie Kelly reporting 

the view that landfills may be *a good way to fill in ... marshes, sandy areas, and 

shorelines* - and plans called for a suburban community eventually to be built on all 

the 'waste* land that garbage would help to reclaim on Staten Island.

Rathje & Murphy, 1992

However, since that time, there has been increasing recognition of the problems that 

such locations create (see Emberton & Parker, 1987). Thus, the practice of

countries where the income per capita per year is $350 or less.
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undertaking geological surveys prior to the siting of new landfills, to minimise the 

risk o f leachate infiltration, is becoming widespread in industrialised countries. In 

addition, in modem sanitary landfills, liners are installed which aim to prevent 

seepage into the ground water, and leachate capture equipment is installed to pump 

the leachate from the landfill and treat it prior to release into the sewer system. 

Furthermore, in order to avoid precipitation (and vermin) infiltrating the landfill, 

layers of soil or clay are spread over the landfill at the end of each day. However, 

one problem that results from these measures, is that very little biodégradation 

actually takes place. This phenomenon is evidenced by the archaeological 

excavations of American landfills carried out by the Garbage Project of the 

University of Arizona. Rathje & Murphy (1992) provide the following example:

Biologically and chemically, a landfill is a much more static structure than is commonly 

supposed. For some kinds of organics, biodégradation goes on for a little while, and 

then slows to a virtual standstill. For other kinds, biodégradation never really gets 

under way at all. Well-designed and managed landfills seem to be far more apt to 

preserve their contents for posterity than to transform them into humus or mulch.

In the course of their excavations, the Garbage Project consistently found that 

newspaper had not degraded at all and was perfectly legible 30-40 years after being 

landfilled. In samples of waste dating from the 1950s, they found:

...Almost all the organic material remained readily identifiable: Pages from coloring 

books were still clearly that, onion parings were onion parings, carrot tops were carrot 

tops, grass clippings that might have been thrown away the day before yesterday spilled 

from bulky black lawn and leaf bags, still tied with twisted wire but ripped open by 

garbage trucks and landfill bulldozers. Whole hot dogs have been found in the course 

of every excavation the Garbage Project has done, some of them in strata suggesting 

an age upwards of several decades.

Of course, there are regions which are genuinely unsuitable for landfills due to the 

prevailing geological conditions. However, in the majority o f countries there are 

plenty of potential sites for locating a modem sanitary landfill. Despite this, over 

the last decade, the media have consistently predicted that available landfill space
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will be exhausted in five years time. As always, the best myths contain an element 

of truth: For efficiency reasons, landfill operators tend to only keep spare capacity 

for about five years; they normally develop new sites as needed. The problem is not 

a lack of potential sites for new landfills, but strong public opposition to any 

proposals for sites at a local level. In fact, this phenomenon is the main problem 

facing the siting of new landfills: opposition by the local neighbourhood. However, 

this opposition partly reflects old experience of yesteryear’s landfills. As Rathje & 

Murphy (1992) very aptly put it:

The obstacles to new sanitary landfills these days are to some extent monetary - as 

noted earlier, landfills are expensive - and, more important, psychological and political.

Nobody wants a garbage dump in his or her neighborhood. The focus of NIMBY 

protests is ostensibly community safety. In truth, however, problematic but existing 

landfills on inappropriate sites tend to draw less heat than well-planned but as yet only 

proposed landfills intended for appropriate sites. They key variables are property 

values and political clout. In metropolitan areas in particular, many existing landfills 

are to be found in socioeconomically depressed locations. Many new landfills, in 

contrast, are proposed not for congested metropolitan areas but for the far hinterland 

just beyond the older suburbs: in the heartland of the exurban gentry. The inhabitants 

are people who have the money, the knowledge, and the will to fight. And few 

politician see making a principled case for a local landfill as the way to further their 

careers.

Neo-classical economic theory suggests that if  landfill space is scarce, any 

reasonably functioning land market will reflect the scarcity o f the land in prices. 

Since land prices are part of the private costs of landfill, any land scarcity would be 

reflected in the price and, thus, should not be treated as a special problem. 

However, the earlier discussion has illustrated that land markets in real life, 

particularly for unsightly uses such as landfills, are not perfect markets: In addition 

to problems such as asymmetric information, they are often influenced by 

institutional constraints, such as planning or zoning regulations, that are subject to 

the whim of the public or politicians alike. The ability of individuals to influence 

the market is the lodestone of the continuing NIMBY phenomenon, referred to 

above.
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This difficulty in obtaining physical sites for landfills might be interpreted as a 

Malthusian issue o f land scarcity, but is such an interpretation accurate? The above 

discussion has illustrated that often the impediment is not a physical one, reflecting 

the prevailing geological conditions, but an ‘institutional’ one, reflecting the 

influence o f policy makers and the public on the market. Whilst the former issue 

appears closest to Malthus’ concept of a physical exhaustion of resources, both lead 

to a physical shortages of suitable sites. Thus, if  we consider the former to be a 

Malthusian issue in a ‘strong’ sense, the latter issue can be interpreted as Malthusian 

in a ‘weak’ sense; that is a physical shortage of land on which landfills can be sited, 

engendered by the institutional constraints, reflecting the environmental and political 

opposition.

More formally, land for landfill sites can be interpreted as a non-renewable 

resource. Thus, the optimal price of land would be:

= M Q + MC/Q [1.1]

ignoring all externalities, where

is the price of land for landfill sites;

M Q  is the marginal private cost of land for landfill sites; and 

MUCl is the marginal user cost of land for landfill sites.

The marginal user cost of land̂  ̂ can be estimated as:

M U C, = - M £ s -  [1.2]
(1 + r)

where MCg is the marginal cost of the backstop technology that substitutes for 

landfill;

r is the discount rate; and 

T is the point when landfill ‘runs out’.

11 See also Ready & Ready (1995) for a theoretical exposition of how to determine optimal landfill 
tipping fees.
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In some countries, e.g. the Netherlands, Denmark, parts of Germany, etc., landfill 

is either ‘genuinely’ scarce, or ‘socially’ scarce, so T is quite small - they run out 

of landfill space quite soon. Hence MUC^ could be significant. One way of testing 

this would be to examine whether is greater or smaller than M Q  4- M Î/Q . If 

the markets work well, P  ̂ should be roughly equal to M Q  +  M Î/Q . If P  ̂ falls 

short of AfQ +  M Î/Q , one might add a premium for M I/Q . In a study attempting 

to estimate MC/Q for Baden-Württemberg in Germany, very low growth rates for 

the stock o f landfill space were assumed, reflecting the NIMBY attitude towards the 

siting of new landfills, and a M Î/Q  in the range of DM 250-600 per tonne of waste 

was found (Faber et al., 1988).

1.3 WASTE MANAGEMENT METHODS

The previous section discussed the key issues that relate to the disposal and 

management of waste. This section discusses the four main methods that are 

generally employed; waste is either dumped, burned, turned into something useful 

(recycled or composted), or reduced at source. All of these techniques have a long 

history, however, all have gained from the application of increased sophistication in 

their utilisation.

1.3.1 Dumping or Landfilling

The most common method for dealing with waste is dumping. Historically, this 

occurred in the streets or the home, often leading to the elevation of the floor or 

street. In the case of ancient Troy, this led to the street level rising almost five feet 

per century. Then, approximately two hundred years ago, people began to bury 

their waste in pits (Deetz, 1977). Initially, this took place at the level o f the 

individual household. However, over the last 100-150 years, largely unregulated 

dumps began to develop outside cities, where the waste was, essentially, left 

uncovered. This practice led to new problems, encouraging both the growth of 

rodents and other vermin, and the formation of leachate. In partial consequence, the
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responsibility for dumpsite selection, waste collection and disposal was adopted by 

the public sector (as discussed in section 1.1.1).

The current practice is to site new landfills away from wetlands and areas with 

underlying strata of high permeability, thus avoiding infiltration o f leachate into 

ground and surface water bodies. Sanitary landfill is a term for those landfills which 

are lined with impermeable materials, to prevent toxic substances from migrating 

towards surface or ground water. Solid waste received at the site will be spread and 

compacted in layers within ‘cells’ in the landfill, and at the end of each day, or more 

frequently, this will be covered with a layer of soil in order to prevent access for 

vermin. Raggi (1994) describes three distinct landfilling technologies: (a) trench 

method; (b) area method; and (c) progressive slope method. The distinction between 

these methods relates to how the waste is spread and covered. Most waste is 

landfilled untreated, although occasionally, it is shredded or baled in advance in 

order to reduce volume. However, these latter methods are, not surprisingly, 

significantly more expensive and not utilised extensively. Once the waste is in the 

landfill, two distinct operational practices are used: In wet landfills, the moisture 

in the landfill, the leachate, is recirculated within the landfill, and extra water is 

occasionally added, in order to promote biodégradation and reduction of volume. 

Alternatively, in dry landfills, the leachate is pumped out of the landfill, with the 

aim of keeping the landfill as dry as possible to prevent degradation and the 

formation of toxic leachate. No clear consensus has yet emerged on which of these 

two methods is preferable. In the U .S., a few landfills are still kept wet, but most 

States have now prohibited this option. A number of European countries also appear 

to have opted for the ‘entombment’ method of keeping the waste as dry as possible. 

In the United Kingdom, however, the preferred option, according to the national 

waste strategy, is one of keeping the landfill wet (UK Department of the Environ

ment & Welsh Office, 1995), in order to allow degradation to take place as quickly 

as possible, prior to the land being reclaimed for recreational purposes.
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1.3.2 Burning or Incineration

The techniques involved in the burning, or the incineration, of waste have also 

evolved over time. When waste was collected in open dumps, it often self-ignited 

and smouldered continuously. This is a recurring problem in many of the open 

dumps in developing countries, but also occasionally occurs in modem landfills, 

particularly in those troubled by the surfacing and self-ignition of tyres.

The first ‘destructor’, an early version of an incinerator, went into operation in 

Nottingham in 1874. The technology was soon taken up in the United States, where 

they were renamed ‘cremators’, and 180 were built between 1885 and 1909. 

However, these first attempts were not particularly successful and there was little 

reduction in volume of the waste. This appears to have been mainly due to the high 

moisture content in the waste, which resulted in incomplete combustion, even after 

the occasional addition of coal. Of the 180 ‘cremators’ constructed in America, 102 

were abandoned or dismantled by 1909, and only about a dozen were still in 

operation in 1920 (Rathje & Murphy, 1992).

By the 1940s, incinerators were staging something of a comeback, with around 700 

in operation in the United States by 1945. The design had been improved, resulting 

in a reduction in the original volume of the waste to between 5 and 15 per cent. 

However, pollution was still a major disadvantage, with foul odours, noxious gases 

and gritty smoke being discharged. The advent of the sanitary landfill as the 

perceived panacea of the waste problem, led to these smoke belchers being gradually 

closed down. And by 1970, there were only about 150 waste incinerators left in the 

U.S. (Rathje & Murphy, 1992).

Recently, the burning of waste has again experienced something of a renaissance; 

partly due to the advent of waste-to-energy facilities, but helped by improved 

pollution control. However, a major concern still relates to the increasingly diverse 

nature of the chemical composition of waste, although Raggi (1994) argues that ‘a 

well-run modem incinerator, with acid-gas scrubbing and particulate-removal 

equipment installed on the exhaust, can remove most of the toxic compounds in the
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waste stream*. The advantage of the modem waste-to-energy facility is that, in 

addition to reducing the volume of waste, energy can also be recovered in the form 

of electricity, heat or combined heat and power^ .̂ Two specific types of modem 

incinerators exist, mass-bumers and those using refuse derived fuel (RDF). The 

former does not require any pretreatment of the waste, apart from the removal o f 

bulky objects in order to maintain an efficient fuel flow. RDF processing systems 

provide a more homogenous fuel than unprocessed MSW and allow the recovery and 

recycling o f materials present in the waste stream. In addition, RDF incineration 

is more energy efficient than mass buming. First, the waste is shredded, to both 

reduce its bulk and homogenise the raw refuse. Ferrous metals can also be recovered 

at this stage, using magnetic separation. Then, the shredded waste is separated into 

light (organic) and heavy (inorganic) fractions, with the latter being taken to landfill, 

possibly after the recovery of glass and aluminium. Secondary shredding may also 

take place, and the RDF may be densified to form pellets or pulverised to a powder. 

Densified RDF can be co-fired with coal or wood chips, while powdered RDF can 

be slurried with oil and bumed in a semi-suspension or suspension fired-boiler. This 

makes RDF technology very flexible and usable in a wide range of combustion 

technologies. Although it requires preprocessing, it simplifies the fuel buming and 

emission control functions, and produces five to ten per cent more power than mass- 

buming systems. RDF technology offers significant environmental benefits over 

mass-buming systems as less air pollution is emitted, and reduced trace metals and 

toxic ash will require disposal in landfills (Raggi, 1994).

Despite recent improvements in the technology, the popularity of waste-to-energy 

facilities varies between countries; in some countries there is vociferous opposition 

to them, reflecting fears of the health effects of the emissions, whilst in others, this 

concem seems to be less pronounced. In countries where environmental standards 

are not yet high on the political agenda, often less affluent countries, less stringent 

standards often make landfill a cheap disposal method, ensuring difficulty for waste- 

to-energy facilities that try to compete on costs. These factors are reflected in the

However, the feasibility of this will of course depend on the composition of the waste.
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configuration of disposal methods used by selected OECD countries as shown in 

Table 1.4.

Table 1.4 Disposal of MSW; Breakdown by Method

Landfill Incineration Recycling Composting

Per cent by weight of MSW

Austria 65 11 6 18

Belgium 43 54 3 0

Canada 80 8 10 2

Denmark 29 48 19 4

Finland 83 2 15 0

France 45 42 3 10

Germany 46 36 16 2

Greece 100 0 0 0

Ireland 97 0 3 0

Italy 74 16 3 7

Japan 20 75 * 5

Luxembourg 22 75 2 1

The Netherlands 45 35 16 5

Norway 67 22 7 5

Portugal 85 0 0 15

Spain 65 6 13 17

Sweden 34 47 16 3

Switzerland 12 59 22 7

United Kingdom 90 8 2 0

USA 67 16 15 2

* MSW levels in Japan are calculated after the removal of recyclables 

Source: World Resource Foundation (1995)
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1.3.3 Biological Gasification

Energy can be recovered from processed waste using the same methods as for RDF, 

through anaerobic digestion of the organic fraction of the waste (Raggi, 1994). By 

maintaining a high moisture content, anaerobic digestion by bacteria can be 

encouraged and biogas, consisting of methane and carbon dioxide, recovered. The 

biogas can be upgraded, through the removal of the carbon dioxide and other 

contaminants such as hydrogen sulphide and water, and used as a substitute for 

natural gas. The residue from the process can be fully oxidised using combustion, 

thermochemical gasification or wet oxidation, leaving only an ash residue to be 

landfilled. Alternatively, the residue can be composted or landfilled. Despite the 

apparent attractions, biological gasification in its more sophisticated form, is not 

widely used. However, in modem wet landfills with leachate pumps installed, 

anaerobic digestion is encouraged by recirculating the leachate through the landfill, 

and the resulting methane gas is recovered.

1.3.4 Thermochemical Gasification

This process, also known as pyrolysis, is an incomplete oxidation that results in the 

conversion o f most organics, into a low energy gas consisting of carbon monoxide, 

nitrogen, hydrogen and short-chain hydrocarbons. The advantage of this process is 

that it is completely emission-free. It can be used to process the residue from 

biogasification, and the gas recovered can be used to power the biogasification 

facility, thus, reducing the considerable electricity input required for bio-gasification.

1.3.5 Compostmg

Composting is a method that has long been utilised at a household level. It could 

be argued, that composting is what happens automatically when organic waste is left 

to its own devices. In contrast to biogasification, which makes use of anaerobic 

digestion, composting is the aerobic degradation of plant biomass (although if a 

compost heap is not turned or otherwise aerated it can go anaerobic). Energy is not 

recovered; the recovered material is instead used as a soil conditioner and improver 

and a provider of slow-released nutrients as opposed to chemical fertilisers. 

Recently, composting has also been carried out on a municipal level. In fact, in a
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number of European countries, e.g. local communities in Sweden, Denmark and the 

Netherlands, households are requested to separate their ‘wet* or organic waste from 

the remainder, in order to facilitate composting.

The differing intensity of processing produces different results. If no pre-sorting or 

processing takes place, a low-quality compost will result. This will need to be 

screened, with oversized material going to landfill and the remainder being ground 

and used as soil conditioner. As shredding and mixing of the raw MSW is 

introduced, the quality of the compost increases, while the residue requiring landfill 

decreases. The highest quality of compost is achieved when shredding is preceded 

by front-end separation, recovering materials such as metals, plastics, paper and 

glass. This, obviously, also results in the least residue for landfilling. But input- 

output ratios for composting plants can be very unfavourable. Thus, in Malta for 

instance, a tonne of ‘input* waste often produces only 60-100 kg compost, leaving 

the remaining 90-94 per cent to be landfilled.

1.3.6 Recycling

Recycling is another traditional waste treatment method, a fact often overlooked in 

the current debate. Indeed, recycling only lost popularity with the introduction of 

modem landfills that are off-limits to the scavenger. In ancient times, for example, 

ceramics and pot-shards were often ground up and used in buildings, while textiles, 

glass and scrap metals were, until fairly recently, collected from the households by 

‘rag-and-bone men* and reused or recycled. Of course, these practices have not all 

disappeared, and today much recycling takes place especially on industrial level 

within manufacturing plants, where the homogeneity of the waste enables easy 

recovery and saving on disposal costs.

The raison d*etre of recycling is the replacement of virgin materials, and the saving 

of the raw materials and energy inputs required for virgin production. This also 

reduces any pollution that is associated with the production process. Table 1.5 lists 

the potential savings of recycling compared to virgin production for four materials.
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Table 1.5 Potential Savings from Recycling

Aluminium Steel Paper Glass

per cent

Energy Use 90-97 47-74 23-74 4-32

Air Pollution 95 85 74 20

Water Pollution 97 76 35 -

Mining Wastes - 97 - 80

Water Use - 40 58 50

Source: Bartone (1990)

The table indicates that there appears to be considerable potential savings available 

from the recycling of aluminium and steel, and to a lesser extent, from paper and 

glass. One material not included in the table is plastics, reflecting the problems 

associated with the recovery and recycling of plastics, especially in household waste, 

where different types o f plastics are generally mixed up and contaminated with food 

residues. The attainment of high quality recycled plastics, requires that the 

recovered material contains only the desired polymer, say PET or HOPE. If 

different types of plastics are mixed, only low-grade plastic can be recovered.

This section has provided a brief overview of the waste treatment methodologies 

available today. However, the analysis will concentrate on an analysis of the four 

main methods: Landfill (with and without energy recovery), incineration (in waste- 

to-energy facilities), recycling and composting.

1.4 THE WASTE HIERARCHY

In the earlier sections of this chapter we have seen that society is facing an 

increasing problem over the generation of waste, reflecting both greater prosperity 

and growing populations, and the disposal of waste, together with the associated 

environmental problems. The ‘waste hierarchy- could mean three things:
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finding the ranking of waste treatment options in terms of least overall costs, 

i.e. private plus external costs; or

finding the ranking of disposal options in terms of their environmental costs 

alone; or

finding the ranking of their private costs only, although this is not the 

interpretation of the ‘waste hierarchy’.

The second is the criterion usually used (see among others: Miljoministeriet (1992), 

UK Department o f the Environment & the Welsh Office (1995), the European 

Commission (1994), Dutch Ministry of Housing, Physical Planning and Environment 

& the Stichting Verpakking En Milieu (1991), U .S. Environmental Protection 

Agency (1988)) but, of course, if the focus is on a social cost-benefit appraisal, the 

former is the correct criterion. Chapters 7 and 8 offer an examination of the various 

national approaches adopted, including mandatory recycling schemes. A number of 

countries have focused on recycling as the panacea to their waste problems, whilst 

others have adopted a rather haphazard approach. Generally, the adoption o f  

‘integrated waste management’ has become synonymous with acceptance of the 

‘waste hierarchy’, which in its current widely accepted form purports to rank 

different waste management methods according to their environmental burden in the 

following strict order:

1. source reduction (most desirable);

2. reuse;

3. materials recycling (materials reprocessing and composting);

4. energy recovery (incineration with power, heat or combined heat and

power recovery);

5. landfill (least desirable).
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As stated, the ‘waste hierarchy’ has become widely accepted, and pinning down its 

origin is a difficult task. Thus, Huisingh & van Weenen (1988) at the 5th 

International Solid Waste Conference said:

‘During the last fifteen years, many of the nations of the world established a preferred 

ranking for the management of waste that includes the following: (a) waste prevention,

(b) waste reuse within the production process, (c) waste reuse off-site, (d) utilization 

of the energy value of the wastes, (e) sanitary and/or secure landfilling of the wastes’.

Thus, they essentially date the origin of the ‘waste hierarchy’ to the mid-1970s. 

Searching through that period, a possible source of the ranking appears to be the 

U.S. Environmental Protection Agency (1976) which in a position statement about 

‘effective hazardous waste management’ states that:

The Agency believes that reuse, energy recovery and material recovery as well as 

treatment are desirable prior to ultimate disposal, especially land disposal. Thus, the 

desired waste management options are (in order of priority):

Waste Reduction

Waste Separation and Concentration 

Waste Exchange 

Energy/Material Recovery 

Waste Incineration/Treatment 

Secure Ultimate Disposal

So, if  this is indeed the origin o f the ‘waste hierarchy’ it is interesting to note that 

it in its original form applied to hazardous waste for the purposes of containing the 

potential pollution from such waste. It is also, in the context o f the widespread 

acceptance o f the ‘waste hierarchy’, interesting to note a voice o f dissent emerging 

from the U .S. Government bureaucracy. Thus Alter (1993), who is manager of the 

resources policy department at the U.S. Chamber of Commerce, in a response to 

Schall (1993)^  ̂ states that:

See a discussion of Schall’s (1993) paper in Annex 1.
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The elements of integrated management—reduction, recycling, waste-to-energy, and 

disposal—make sense and are not at issue. Whether the elements should be hierarchical 

or constitute a series of options in not widely debated, although recycling advocates 

seem fearful of any support for the menu approach. Schall makes no mention that both 

EPA and the Congressional Office of Technology Assessment have argued against a 

hierarchical approach. [..] The disadvantage of a hierarchical approach is that it leads 

to linear thinking. [..] The advantage of using the elements of the hierarchy as a menu 

of options instead is that it permits each locality to choose its optimum. A forced 

hierarchy is an example of central planning for garbage. What a hideous thought.

However, let us return the ‘waste hierarchy’ as it has been widely adopted. The 

classification appears to offer decision makers a structure for policy choice. The 

current atmosphere of environmental awareness, together with the ensuing need for 

policy-makers to display green credence, makes this version of the ‘waste hierarchy’ 

appear the perfect template on which to base a waste policy; the ranking of reuse 

and recycling above landfill, for instance, appeals to ‘green intuition’. Thus, a 

number of countries, e.g. Germany, the Netherlands, Denmark, the United Kingdom 

together with the European Union, have all explicitly adopted the ‘waste hierarchy’ 

as the basis for their waste strategies.

The problem with the ‘waste hierarchy’, is that it appears to have been accepted at 

face value '̂*, with little or no preceding analysis o f its tenets. The central claim of 

the hierarchy is that adherence to it saves resources (through source reduction, reuse 

and recycling) and thus reduces the burden on the environment. That, of course, is 

a laudable aim, but it is rather worrying that it appears to have been accepted so 

enthusiastically, with such a paucity of supporting economic evidence^^. One can 

envisage a scenario whereby strict adherence to the waste hierarchy may not be

14

IS

An example of this unquestioning acceptance is to be found in Diamadopoulos et al.(1995): 
"Although recycling is desirable from an environmental point o f view, quite 
often financial factors affect the effectiveness, or even the fate, o f a recycling 
program. "

Annex 1 reviews the only study it has been possible to identify which supports the ‘waste 
hierarchy*. As asserted in Annex 1, serious questions about the methodology used mean that the 
study’s conclusions are invalidated. See also Wiseman (1991) for a relatively early dissenting 
voice on the merits o f the ‘waste hierarchy*.
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satisfactory, even from an environmental point of view, as the following simplistic 

example illustrates. Imagine a sparsely populated country that chooses to replace 

one-way lightweight beverage containers with, say, refillable glass bottles. In order 

to reduce breakage, and increase the number of possible refills, the glass would need 

to be quite thick, making the bottle very heavy compared to say an aluminium can 

or a plastic bottle. This will increase the environmental burden caused by the 

transport of the beverage containers. Due to the sparse population, transport 

distances will be great and it is conceivable that the pollution associated with the 

additional transport will outweigh any reduction in pollution achieved by the switch 

from one-way to refillable containers, especially if  only a small number of refills are 

achieved in practice.

It is on this background of sparsity of information about the actual social costs and 

benefits associated with different waste management methods, that this thesis sets out 

to alleviate the current situation.

1.5 SUMMARY OF CHAPTER 1

This chapter has endeavoured to provide a broad introduction to the main problems 

and issues related to the disposal and management of municipal solid waste. It 

provides a little history of how societies have disposed of their waste, and considers 

whether we have become more wasteful than our ancestors. It continues by 

highlighting three main issues related to the disposal of waste; the environmental 

costs of waste management, the private costs o f waste management and the issue of 

land ‘scarcity’, relating to the siting of new waste treatment or disposal facilities. 

This was followed by a conspectus of the main waste management methods, together 

with a brief discussion of the ‘waste hierarchy’, the basis for the integrated waste 

policy of a number o f countries. The annex to this chapter provides a brief 

summary and critique o f one of the few reports, that attempts to provide a ‘rigorous’ 

defence of the ‘waste hierarchy’. This general introduction is followed, in Chapter
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2, by the economic theory related to the disposal of waste, and the identification of 

the optimal configuration of available waste management methods.
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Annex 1. The Tellus Packaging Study

Chapter 1 suggested that the ‘waste hierarchy’ has won widespread acceptance, with 

little apparent analysis o f its tenets. One dissenting voice is that of the Tellus 

Institute, which have, amongst others, undertaken a study for the Council of State 

Governments and the U.S. Environmental Protection Agency (Tellus Institute, 1992) 

which is claimed to validate the hierarchy for packaging. In addition, one of the 

lead authors of the Tellus study has written a short paper, using the valuation 

methodology developed in the Tellus packaging study, that argues for the general 

applicability of the ‘waste hierarchy’ (Schall, 1993). However, the methodology 

employed in the estimation of the marginal environmental costs appears 

questionable.

The Tellus Packaging Study, and the Schall paper, both employ a (marginal) ‘social 

cost’ approach, not dissimilar to the social cost-benefit approach employed in the 

present thesis. They argue that the true cost of a product is measured by the costs 

of producing that product, the costs of disposing of it, and the environmental costs 

associated with its production and disposal. This annex will briefly highlight some 

of the methodological concerns surrounding this particular study, an exercise which 

will lend support to the earlier assertion, about the lack of convincing evidence 

supporting the tenets of the ‘waste hierarchy’.

A. 1.1 DAMAGE COSTS VERSUS CONTROL COSTS

In respect o f the monetary valuation of environmental impacts, Tellus (1992) 

acknowledges that the theoretically correct way is through the ‘damage cost’ 

approach, based on the willingness to pay (WTP) of individuals for any benefit, 

and/or the willingness to accept compensation (WTA) for any loss. However, the 

Tellus study rejects the damage cost approach for the following three reasons: 

Firstly, that in the case of most environmental impacts there are no markets to
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observe, or at least no markets that can easily be observed. Thus, it was stated: 

*We fee l too uncomfortable with the kind o f assumptions that are required to lend 

them credibility" (Tellus Institute, 1992, Vol. I, p. lA-9). The second justification 

for rejecting the damage cost approach is the time and resource costs of finding 

damage cost numbers. Finally, it is argued that the chosen approach - based on 

control costs, i.e. the costs of controlling pollution - reflects some kind of 

'consensus which is expressed in the regulations which society imposes on itself 

(Tellus Institute, 1992, Vol. I, p .lA -9). That is, ‘society’ reveals its WTP through 

the setting of regulations. Hence, whatever the regulations, cost is a reasonable 

estimate of society’s WTP.

The pragmatic reasons for Tellus’ rejection of damage costs are understandable. 

However, the situation is not as difficult as they make out. In part this is because 

the study was prepared before many of the ‘consensus’ damage estimates emerged, 

especially through studies of the environmental impacts of electricity generation, 

such as the ExtemE Reports on Social Costs of Fuel Cycles employed in the present 

thesis (ETSU & 1ER, 1994). The theoretical rationale offered by Tellus is, 

however, not correct. If it was the case that decision-makers always fairly and 

accurately reflected society’s wishes in setting regulations, then there would be no 

need for anyone to question the regulations once they were in place. Yet the whole 

history of regulation is one of people questioning the correctness of regulations. 

Assessments procedures such as cost-benefit analyses were not just devised to inform 

the setting o f regulations (ex ante) but also to test whether those regulations are 

justified ex post. The implied model of decision-making espoused by Tellus is not 

therefore credible. Taken to an extreme, it would mean that everything that happens 

by way of regulation, happens for the best. This cannot be right. Tellus seem to 

recognise this when they say that '..although we do not believe that existing 

regulation always reflects a fa ir  societal compromise, we do, with some 

qualifications, subscribe to its normative content" (Tellus Institute, 1992, Vol. I, 

p.lA -9).
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Tellus’ approach, then, rests on the idea that control costs are approximations of 

damage costs as revealed through the standard setting procedure. But there are 

additional problems with this view; damage costs are conceptually different to 

control costs. The former are measures of society’s loss of wellbeing, whilst the 

latter are what it costs society to achieve a given standard. Even if the standard in 

question reflects what society wants, there is little apparent reason to equate damage 

with control costs. At best, control costs in this perfect world are minimum 

estimates of damage costs. If control costs exceeded damage costs, then, rationally, 

society would not have voted for the standards. The standard only emerges because 

damage costs are perceived as being greater than control costs. In this idealised 

context, then, one could argue that control costs are minimum estimates of damage 

costs. Unfortunately, when comparing different products or different disposal routes, 

we would be unable to make any meaningful comparison of environmental impacts. 

Thus, two minimum estimates based on control costs could be the same - in which 

case we should be indifferent between the options - but the ‘true’ damage costs could 

be vastly different. Since damage costs are the correct measures, as acknowledged 

by the Tellus study, then the use of control costs gives us the wrong answer.

As it happens, it is worse than this for the control cost approach. For we cannot 

assume that control costs are even the minima of damage costs. For that to be the 

case the standard setting approach has to be correct in both the ex ante and ex post 

sense: mistakes cannot be made. Yet ex post assessments of regulations often show 

them to be ‘wrong* in these sense that control costs exceed damage costs (see, for 

example, Freeman, 1982).

A. 1.2 DIRECT ENVIRONMENTAL VALUES

For some impacts, the Tellus study adopts control cost estimates obtained from the 

costs of regulation in Southern California. In these cases, it is unclear whether it 

is the marginal cost of control being estimated, or simply the average cost of 

control. Technically, it is the marginal cost that would be required, but finding
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marginal costs is often very difficult, with the consequence that average costs are 

frequently used as the ‘fallback’ approximation.

The control cost estimates are applied directly for the ‘criteria’ pollutants - TSP, 

CO, SO2, VOCs and NO*. The actual numbers are given in Table A. 1.1 below. 

These are shown in the original US$/lb units but are also shown, for convenience, 

in US$/tonne and ECU/tonne.

Table A.1.1 Control Cost Estimates for Criteria Pollutants: Tellus Study

TSP SO2 NO, CO VOCs

$/lb 5.85 5.87 3.63 0.42 2.50

$/tonne* 12,899 12,943 8,004 926 5,512

ECU/tonne 10,157 10,191 6,302 729 4,340

Note: 1 tonne =  2205 US lb

The TSP control cost estimate is within the range of ECU 9,511-12,842 per tonne 

of TSP from power generating sources, estimated in the present thesis. However, 

it is higher than the range of ECU 5,892-7,949 per tonne of TSP from other 

sources. The Tellus SO2 and NO* figures are between 1.3 and 3.2 times higher than 

the corresponding damage estimates in this study, while the CO figure is more than 

a 100 times greater. Thus, if  the two types of estimates could be compared directly, 

they would imply excessive control of SO2, NO  ̂ and CO in the USA.

The other direct valuations employed by Tellus are for the greenhouse gases, 

however, both stages in their procedure appear unsound. The first stage involves 

finding a control cost for carbon dioxide. However, instead of looking at emissions 

control through, say, fuel switching or energy conservation, they use the costs of 

afforestation for a carbon ‘sink’. The problem here is that afforestation is not likely 

to be the cheapest way of controlling carbon concentrations (Trexler, 1991). Such 

a figure could be relevant, if  it was known that this is the cost of achieving the 

marginal ‘fixing’ of a tonne of carbon, for the USA to meet its obligations under the
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Framework Convention on Climate Change. As the Tellus report was written before 

this commitment was established, it is understandable that this is not the approach 

they used. Nonetheless, it remains the case that afforestation costs are not the 

correct values to use even if  one, adopted the control cost approach. Unfortunately, 

Tellus do not detail their selected value, and the table of ‘pollution prices* (Tellus 

Institute, 1992, Vol. I, Table 1.4, p. 1-23) does not record CO2 prices. However, 

it does record methane ‘prices’ at 4 cents/lb, or $88.2 per tonne, which can be 

compared with the widely cited value of $110 tonne, developed by Fankhauser from 

damage cost studies (Fankhauser & Pearce, 1993), which suggests that the figure 

may not be too inaccurate. No figures are quoted for nitrous oxides. By inference, 

the CO2 value in Tellus should be one-tenth of the methane value since they adjust 

CO2 values by Global Warming Potentials (GWPs) to get CO2 equivalents for each 

greenhouse gas. This would suggest their CO2 value is $0.004/lb or $8 . 8  per tonne, 

well below Fankhauser & Pearce’s $20 figure. What has happened is that the 

problem of using control costs rather than damage costs has been compounded by 

using GWPs to get greenhouse gases into CO2 equivalents. This is not correct since 

GWPs are not the correct conversion factors for relative damages by the different 

gases (see Fankhauser & Pearce, 1993).

By chance, then, some of the direct ‘prices’ are not likely to be far from realistic, 

in comparison to those obtained from a ‘robust, damage approach. However, some 

of the other values are substantially different and, inevitably, the final result is a set 

of distorted ‘prices’.

A. 1.3 LINKED ENVIRONMENTAL VALUES

The final stage of the Tellus approach relates to the numerous ‘hazardous 

substances’. Tellus acknowledge that, in this case, control cost estimates are not 

likely to be available for each and every substance. This is also a problem with the 

damage cost approach, as damage cost estimates are unlikely to be available for all 

substances either. However, one feasible approach is to take health risk factors and
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estimate the numbers of fatalities each year from exposure to a particular chemical. 

The US Council for Environmental Quality estimate such risk factors for many of 

the chemicals. The resulting deaths can be multiplied by a ‘value of statistical life’ 

(VOSL) or a value of a life year (VLY) to obtain a damage estimate. This is not 

the route adopted by Tellus; instead, they divide the substances into carcinogenic and 

non-carcinogenic. The former are then ranked according to their ‘cancer potency 

factor’ so that each substance is linked to each other through a weight reflecting the 

ratio of the potency factors. The non-carcinogens are similarly weighted by their 

‘oral reference dose’, i.e. the maximum daily dose that can be sustained without 

incurring health harm, a kind of ‘biological critical load’. In the absence of control 

cost and damage costs for all the substances, Tellus proceed by taking the control 

cost for one substance - lead - and then multiplying this control cost by the ratios 

derived from the health rankings.

The problems are fairly obvious: First, only health effects rather than all

environmental impacts are considered. Second, and perhaps most seriously, it 

assumes that control costs are proportional to health damages. Yet there can be no 

reason at all to assume this is the case, more toxic substances could be more or less 

expensive to control. Third, an entire structure of values is built up on the basis of 

just one value, the control cost for lead. Oddly, one of the most comprehensive 

benefit-cost studies for lead control already existed in the USA at the time the Tellus 

study was completed (U.S. EPA, 1985). Yet, this does not appear to have been 

used. Rough calculations suggest that the Tellus figure of $1600 per lb o f lead 

controlled could greatly exceed the implied valuations in the EPA study, although 

the EPA study is itself difficult to evaluate, since it does not cite the actual 

reductions in lead emissions. Taking the consumption of vehicle fuel to have been 

around 70 billion gallons in 1985, the EPA standard aimed to cut emissions from 1.1 

grams per gallon to 0.1 grams, i.e. a reduction of 70 billion grams or 70,000 

tonnes. The present value of this reduction was estimated to be $5.9 billion in 1983 

prices or, say, $ 8  billion in 1994 prices. Annuitising this at 5% over 10 years gives 

around $1 billion p.a. benefits. Thus the ‘price’ of a tonne of lead removed in 

damage terms would be $14,300 per tonne ($6.5 per lb). The Tellus figure would
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therefore be around 250 times the actual benefit. While use of the smaller figure 

would not affect the ranking of the other hazardous substances relative to lead 

(assuming, as noted above, that damage is proportional to control cost), it would 

clearly affect the link from lead to other pollutants.

Based on the valuation methodology developed in the Tellus packaging study, Schall 

(1993) argues the case for the ‘waste hierarchy’ by comparing a present baseline 

scenario with three future scenarios for Connecticut, New Jersey and New York. 

The baseline scenario has landfill, incineration, recycling and composting. In the 

first of the future scenarios, it is assumed that integrated waste management systems 

are implemented, that involve source reduction and recycling/composting goals being 

achieved. The second future scenario also assumes that recycling and composting 

goals are achieved, but eliminates the assumption about source reduction being 

achieved. The third future scenario assumes that no source reduction and no 

recycling and composting take place; all waste is landfilled or incinerated. Table 

A. 1.2 is from Schall (1993) and shows the financial costs of the four scenarios. To 

allow comparison of the costs of each waste management methods, I have included 

the cost per ton in brackets. While Schall focuses on the fact that the total cost per 

ton is the smallest in scenario 1 , i.e. where both source reduction and high levels 

of recycling and composting take place, it is interesting to note that the financial cost 

for landfill is far higher than for any other waste management method in all o f the 

three scenarios as well as in the baseline scenario. It is of particular interest to note 

that the landfill costs are in the order of 2.5-3 times greater, when high levels of 

source reduction and/or recycling and composting takes place, than when neither of 

these activities take place or are only carried out at a modest level.
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Table A. 1.2 Results of Implementing Alternative Solid Waste Management 
Plans in the Regional Plan Association CT, NJ, NY Region - Year 
2015

1990 Baseline Scenario I Scenario 2 Scenario 3

Tons (in thousands)

Source Reduc. 0 3,794 0 0

Recycled 1,882 7,657 9,138 0

Composted ; 3 9 T : 2,144 2,269 0

Incinerated 4,283 8,522 10,070 13,902

Landfilled 9,931 2,414 2,870 11,360

Exported 3,871 1,342 1.471 487

Ash 1,202 1,544 1,832 2,852

Total 20,358 28,874 25,818 25,749

Costs'

Source Reduc. 0 (0) 19,039 (5) 0 (0) 0 (0)

Coll.
Recyc/Comp

193,702 (85) 832,378 (85) 956,048 (84) 0 (0)

Garbage 1,231,589 (124) 920,678 (381) 1,000,808 (349) 1,601,796 (141)

Recycling 89,387 (48) 328,038 (39) 386,380 (42) 0 (0)

Composting 6,398 (16) 73,140 (34) 74,481 c%) 0 (0)

Incineration 274,969 (64) 543,108 (64) 617,927 (61) 669,245 (48)

Export 276,116 (71) 124,352 (93) 132,108 (90) 24,004 (49)

Total Cost^ 2.803,917 3,080,625 3,455,729 3,399,832

Cost/Ton^ 138 119 134 131

 ̂ Thousand $. Num bers in brackets are $/ton.

 ̂ Thousand $.

 ̂ $/ton.

Source: Adapted from Schall (1993)

Table A. 1.3 reproduces Schall’s estimates of the environmental impact from each 

of the four scenarios. Once again, to allow comparison of the costs of each waste 

management method, the cost per ton has been included in brackets. On the basis 

of this table, Schall (1993) concludes that scenario 1, where high levels of source
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reduction and recycling/composting take place, is the most preferred option as 

environmental benefits of almost $65 per ton are realized. The second best option 

would be where no source reduction takes place, but high levels o f recycling and 

composting are still achieved, resulting in environmental benefits of $37 per ton. 

The future option, where no recycling or composting takes place, is deemed to be 

worse than the 1990 baseline, where some recycling and composting, take place, 

based on an environmental cost of $3 per ton, compared with a small environmental 

benefit o f $5 per ton in the baseline scenario.

Table A.1.3 Environmental Impacts of Alternative Waste Management 
Scenarios Including Production System Benefit from Recycled 
Materials

1990 Baseline Scenario 1 Scenario 2 Scenario 3

Environmental Costs/Benefits'

Prevention 0 (0) -840,361 (-212) 0 (0) 0 (0)

Recycling -163,739 (-87) -835,043 (-109) *991,791 (-109) 0 (0)

Composting 1,754 (5) 10,143 (5) 10,739 (5) 0 (0)

Incineration Z0,22l (2) 21,666 (3) 24,366 (2) 37,894 (3)

Landfill 40,641 (3) 10,701 (3) 11,971 (3) 28,164 (2)

Totaf ‘111,124 -1,632,894 -994,713 66,057

Cost/Benefit 
per Ton’ -5,46 -63.10 -36.59 2.55

$ in thousands. The numbers in brackets are $/ton. A negative sign signify a negative cost, i.e. 
a benefit.

 ̂ $ in thousands.

 ̂ $/ton

Source: Adapted from Schall (1993)

Schall concedes that the advantage of source reduction, recycling and composting 

over incineration and landfill is not due to large environmental costs of the two latter 

waste management methods, but is instead based on the environmental savings 

realized, when avoiding the production of virgin materials either through source 

reduction or through recycling. Thus, Schall argues that the ‘waste hierarchy’ has
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been vindicated. However, as he points out, one needs to include both the financial 

and the environmental costs and benefits of waste management in order to make an 

informed decision about the preferred waste management strategy. If we accept the 

estimates given in the two tables, notwithstanding any misgivings there might be 

about the valuation method employed, it is still clear, that while Schall’s results may 

confirm the tenets of the ‘waste hierarchy’ for the three East Coast States included 

in his analysis, there is nothing to say that this would also be the case if another 

region of the United States, or indeed another country, were included in the analysis. 

Recall that the financial landfill costs for these three states were significantly greater 

than the financial costs for any of the other waste management methods. Whilst, 

this is representative of the current situation on the East Coast of the United States, 

it is not representative for a number of European Countries (see Chapter 5, Table 

5.5) where landfill is generally cheaper than incineration and sometimes even 

cheaper than composting.

A. 1.4 CONCLUSION

The Tellus packaging study is important for pointing the way to an improved 

combined life cycle inventory and economic valuation analysis (LCI-EVA). 

Unfortunately, it is seriously flawed, both in its choice of control cost methodology, 

and in the application of that methodology. An examination of the claims of Schall 

(1993) reveals that although the ‘waste hierarchy’ may appear to be on a firm 

technical, economic and environmental foundation in the limited case of the three 

East Coast States, it is not a generally applicable conclusion. Thus, re-examining 

his analysis in a European context is likely to lead to a similar conclusion to that 

reached in Chapter 6 : the ‘waste hierarchy’ is not universally applicable, but rather 

depends on regional or even local conditions.
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2. Economies of Waste Management: A Theoretical 
Overview

2.1 OPTIMAL WASTE GENERATION

It cannot be seriously asserted that the average individual derives much direct utility 

from waste generation, excepting the occasional ‘serial litterer*. The demand for 

waste services can be more realistically described as a derived demand, resulting 

from the consumption of commodities, or from the conversion of inputs into 

products. The first law of thermodynamics dictates that matter in a closed system 

cannot be reduced, while the second law of thermodynamics dictates that the 

conversion of materials from one form to another cannot be 1 0 0 % efficient; a 

residual will result. This means that the production of products, or the consumption 

of commodities, will inevitably generate a residual, or waste, which is unrecyclable, 

thus creating a demand for waste services.

Although source reduction, or the reduction o f waste, is ranked first in the ‘waste 

hierarchy’ (see Chapter 1, section 1.4), there is little guidance as to how much of  

a reduction is required, or, more seriously, why we should reduce our waste. 

Consideration of this issue raises the question: Is there an optimal level o f waste? - 

and if  the answer is affirmative, can it be ascertained?

Before answering these questions, it might be prudent to review the categories of 

waste that are relevant for this study. The primary concerns of this thesis are those 

issues that relate to solid waste and the more narrowly defined ‘controlled waste’, 

with a particular focus on municipal solid waste (MSW). The term ‘controlled 

waste’ includes several sub-categories, e.g. household waste, commercial waste, 

industrial waste, etc, where MSW is household waste and often some waste from 

small businesses. Each of these sub-categories is defined by a number o f differing 

characteristics, the main one being the source o f the waste. However, the types of 

waste also differ in the way their disposal is financed. The disposal of industrial 

waste, for example, is financed by its generator, through a fee directly related to the
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quantity of waste being disposed. The disposal of MSW, on the other hand, is 

typically financed indirectly through property taxes, other loczil taxes or, if  directly, 

by a flat fee. Whatever the form of funding, the common factor is that the cost to 

the household is very rarely related to the quantity of waste being disposed of. This 

is worthwhile keeping in mind as the focus of this thesis is on MSW, which consists 

mainly of household waste, but also some trade waste from offices and small 

businesses.

In order to achieve the optimal demand for waste services, individuals need to be 

made aware o f the full social cost o f producing waste. There appears to be two 

options; the costs could either be reflected in the prices of materials or products they 

consume, or alternatively, they could be charged directly for the waste they produce. 

The first option would be optimal from the theoretical vantage, explicitly recognising 

the derived nature of waste generation and providing households with a clear signal 

in respect of the waste that will be engendered by their purchasing decision. 

However, in the United Kingdom, and in most other developed countries, it is a 

variation of the second option that is generally employed with consumers paying for 

waste services through local taxes. There are three problems to this approach; the 

first is theoretical, overlooking as it does the derived nature of waste generation, and 

concentrating on the production of waste alone. Secondly, tax payers and consumers 

are not identical sets, and thirdly, taxes tend to be unrelated to waste generation, i.e. 

tend not to be related to the amount of waste generated by the household. In effect, 

this implies that the marginal cost, or price, to the household of creating waste, or 

using solid waste services, is zero.

Figure 2.1 illustrates the demand curve for waste services. Thus, if  households face 

a zero marginal cost to producing waste, then they will produce excess quantities 

of waste and demand an excessive quantity o f waste services. If individuals were 

faced with the marginal social costs of their actions (P*), assuming for simplicity of 

exposition that P* is a generic price of waste services that will not be affected by 

any change in individual behaviour, then they would reduce their production of 

waste accordingly to W*. Thus, the figure clearly illustrates how the current
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practice of charging households a zero unit price leads to an over-consumption of 

waste services, resulting in a welfare loss to society equal to the shaded area, L (see 

Jenkins (1993) for a fuller exposition).

ECU

DWS

P* MSG

 ̂ Quantity /Quantity 
► of waste /  o f waste 

W generated/ servicesW*

Figure 2.1 Demand for Solid Waste Services 

Source: Adapted from Jenkins (1993)

The social costs of waste services comprise a number of elements. The costs of 

waste services discussed above, which are typically funded over the tax bill, are the 

financial costs o f waste services, i.e. the financial costs of collection, transport and 

disposal of waste. As these costs, in the case o f MSW disposal, are not borne by 

the individuals incurring them, but by society, they can be described as external 

financial costs. Another type of external costs is environmental costs, e.g. the 

environmental damages caused by the collection, transport and disposal of MSW. 

The full social costs would include all o f these elements, and only when the
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individual household faces a unit price equal to the marginal social cost (P* in 

Figure 2.1) will the optimal level of waste services (W*) result.

In the remainder of this chapter, it is assumed that measures have been taken to 

ensure that waste generation and thus demand for waste services has been reduced 

to the optimal level (see Chapter 6  for a further discussion of source reduction).

2.2 OPTIMAL CONFIGURATION OF DISPOSAL OPTIONS

Having taken measures to optimise the generation o f waste or the demand for waste 

services, the policy-maker is left with the problem of managing the waste which 

does arise, W \ Obviously, if  the policy-maker was trying to optimise waste 

generation, or rather the demand for waste services, then he would introduce 

incentives to encourage reuse and composting, where appropriate.

2.2.1 Reuse

Reuse can be separated into two categories; individual reuse and industrial/business 

reuse. Individual reuse refers to the reuse taking place in individual households, 

such as e.g. clothes being passed down, bottles and other containers being reused 

in the kitchen or as cloches in the garden, etc. Obviously, the policy-maker would 

want to encourage this kind of reuse (as long as it does not impose external costs on 

the society), as this would reduce the amount of waste that will need to be collected 

and treated. Industrial or business reuse takes place on a larger scale. A typical 

example is refillable beverage bottles in a closed loop, such as e.g. the milk bottle 

system in place in the United Kingdom, or the deposit-refund system for glass and 

PET bottles for carbonated beverages in Denmark. Common to such systems is the 

fact that the business which reuses the product in question, will typically have its 

own collection system in place which is distinct from the municipal waste collection 

schemes (or even municipal collection of recyclable materials). Examples include

In terms of Figure 2.1 the new W is equal to W*.
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the collection of milk bottles in the UK, and in Denmark the breweries have an 

arrangement with retailers about the collection of bottles and redemption of deposits. 

Thus, as with reuse by the individual, industrial/business reuse does not enter the 

waste stream and thereby reduces the burden on the public waste management 

system.

2.2.2 Composting

Another method of waste treatment which is not included directly in the theoretical 

exposition in this chapter is composting. But if  composting is carried out by the 

individual household, the case for reuse also applies here; the organic material being 

composted does not enter the waste stream, and therefore the burden on the public 

waste management system is lessened. Alternatively, if  composting takes place on 

a municipal scale, it could be argued that we can treat it as part of materials 

recycling in the following exposition.

However, if  we assume that we are in the ex post scenario, the policy maker now 

has a choice between three options: recycling, incineration and landfilling. These 

are the last three options listed in the ‘waste hierarchy’.

2.2.3 The Choice between Recycling, Incineration and Landfilling

In any decision involving more prescriptive policies, the waste authority faces a 

choice between recycling (including municipal composting), incineration or landfill. 

Incineration can both be with and without energy recovery; a distinction which 

influences the social costs of the options. New European Union-wide emission 

standards will come into force in 1996 which will require older type incinerators to 

upgrade or close down. The only types of incinerators which will comply with the 

new standards, will be new incinerators which typically have facilities to recover 

energy, either in the form of electricity, or more efficiently, as combined heat and 

power^.

The typical efficiency rate for recovery of power only is 20%, compared with 70% for heat 
recovery and 75% for combined heat and power recovery.
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A large majority of existing landfills in the United Kingdom, as well as in the rest 

of the European Union, which will be in use for many years to come, have no 

facilities to recover energy. However, new regulations mean that new landfills will 

need to have facilities to contain leachate and to recover methane gas. If methane 

gas is being recovered, two options are possible; either it can be flared, in which 

case it converts to CO2, or it can be used in energy production and thereby generate 

a revenue. It is therefore possible, as time goes by, that we will see an increase in 

the energy recovered from landfills.

The quantity o f waste requiring disposal can then be split between the three options. 

This can be presented formally in the following way:

W = Wr + Wi + Wl [2.2]

where W is the total amount o f waste for treatment, W% is the waste being recycled, 

Wj is the waste being incinerated and is the waste being landfilled. Historically, 

the decision over the appropriate quantity to recycle, has in many countries been left 

to the market. The aim of private recyclers will be to maximise profits (Hr =  

- M C r). This will be achieved where the marginal profits, or the negative marginal 

costs, equal zero, M C r =  0  (see Figure 2 .2 ). If the waste authorities do not get 

involved in recycling activities, the quantity o f waste left for them to deal with will 

be the total arisings, minus the waste being recycled privately, W - W% = W. r ,  as 

represented by the distance between zero and the vertical line going through M C r 

in Figure 2 .2 .

The Choice between Landfill and Incineration

In order to maximise social welfare, optimal use must be made of scarce resources. 

To maximise resources available for use elsewhere in the economy, the necessary 

waste management should be carried out at the least cost:

Min NC(W - W^) s.t. W - Wr = W, + Wl [2.3]
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where NC(W - Wr) is thé net cost of waste management for the waste not being 

recycled. NC(W - Wr) is the sum of the net costs of each waste treatment option, 

i.e.

NC(W - W r )  = NC(Wi)+ NC(WJ [2.4]

The net costs of incineration and landfill is then defined as:

NC(WJ =  PCi - R,^ [2.5]

NC(WJ =  PCl - RL.cn [2.6]

where PC is the private cost; and

Ren is the revenue from the sale of any energy recovered; and 

subscript I denotes incineration and subscript L denotes landfill.

Note that the environmental costs and benefits are not included in this expression for 

net costs. This reflects the actual information available to the policy-maker; there 

is no tradition for valuing environmental impacts of waste disposal, so at this stage 

we are not considering the minimisation of the full social costs, but are rather

considering the situation of minimising the private, or financial, costs which

traditionally have been the only costs known to the decision maker.

Thus, the Lagrangian for [2.3] becomes:

^  = NC(Wi)+ NC(Wl) +X (W - W r  - W i  - W l )  [2.7]

for which the first order conditions are:

SPC, .

dWj dWj
[2 .8]

BWl
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Or changing notation,

MPC, - M R ,,, = MPC, - M R ,, [2.9]

where M PC is the marginal private^ cost of waste disposal and M R,, is the marginal 

revenue obtained from the sale of energy recovered from the waste. [2.9] can also be 

expressed as

MNC, = M N C , [2.10]

where M NC denotes marginal net costs.

Figure 2.2 Optimal Levels of Landfill and Incineration, Taking Account of 

Private Cost Only

MC
MC,

MC,

__________
MC

W-W
w

w, Wr

Figure 2.2 illustrates the configuration of waste management options when recycling 

activities are left to m arket forces, i.e. are considered exogenous to the cost 

minimisation problem facing the decision maker. Also, environmental impacts are not 

taken into account at this stage. To repeat an earlier point, recycling will take place up 

to the point where the marginal profit, i.e. -M C r , reaches zero, such that total recycling

‘Private’ costs here refers to financial costs as opposed to environmental costs.
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is represented by W r in Figure 2 .2 . This leaves the remainder of the total waste, W-Wr, 

to be either landfilled or incinerated. Given that there are no institutional constraints'^, 

the policy-maker will base the choice of waste treatment method on the net social costs 

of disposal, and the optimal configuration will be where W - W r = W, + W^ and [2 .1 0 ]  

are fulfilled.

Figure 2 .2  illustrates the problem facing the policy maker. Accepting the level of 

recycling as exogenous, she must find the optimal split of the remaining waste, 

W -W r , between landfill and incineration. The heavy broken line in Figure 2 .2  

represents the total amount of waste which can be landfilled and incinerated at any 

given marginal cost. The minimum marginal cost, at which all the waste, W-

W r , can be managed, is reached where this line intersects the vertical W -W r  line. At 

this point, the marginal costs of landfilling are equal to the marginal costs of 

incineration. The optimal quantities of waste that should be landfilled, W^, and 

incinerated, W „ are found by reading down to the x-axis from the respective points of 

intersection between the MC, and the MC^ curves and the dotted MC^j^ line.

Full Social Costs

One of the problems associated with the way waste services are financed, as discussed 

above, is that environmental impacts have traditionally not been taken into account. 

However, if ihc fu ll social costs of waste management are to be minimised, these costs 

(and benefits) must be included as well. If recycling is also included as one of the waste 

management options available to the policy maker, the problem becomes one of;

MinNSC(W) s.t. W = Wr + W, + W  ̂ [2.11]

where NSC(W) is the net social cost of waste management for all waste. NSC(W) is the 

sum of the net social costs of each waste treatment option, i.e.

Local waste authorities are often bound by long term  contracts for w aste disposal, which make 
im m edia te  responses to changing conditions in the m arket im possible. G etting planning 
perm ission for siting a landfill or incinerator can also be a very difficult proposition due to local 
opposition . Even w here planning perm ission is obtained, it can take 5-8 years from the 
inception before an incinerator is fully operational.
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NSC(W) = NSC(Wr)+ NSC(Wi)+ NSC(WJ [2.12]

The net social costs o f each treatment option are defined as follows:

NSC(W^) = PCj, + ECj, -  -  DIS^ [2.13]

N SC (W ,) = PC, + EC, + R^„ -  DIS, [2.14]

N S C (W J  = PC l + EC, -  R,„ -  D IS , [2.15]

where PC is the private cost;

EC is external cost;

Rr is the revenue from the sale of the recycled material;

Ren is the revenue from the sale of any energy recovered; and 

DIS is an expression for the displaced pollution resulting from recovering 

energy from incineration/landfill rather than producing it from an alternative 

source, or from replacing virgin material with secondary material thus avoiding 

the pollution incurred in virgin production.

Thus the Lagrangian for [2.11] becomes:

âe = NSC(W r)+ NSC(Wi)+ N SC (W J +X (W - - W, - W J  [2.16]

for which the first order conditions are:

apc
5 W ,

Thus,

a w .

apc ^
aWj ^

apc ^
a w .

aEc aR aEB
a w . a w . a w .

aEc aR aDis
aw, aw. aw.

aEc aR aDis
a w . a w . a w .

aEc aR aEB
a w . a w . a w .

aEc aR aDis
aw. aw. aw.

aEc aR aDis
a w . aw . aw .

-  X

aw, 

a w .

apc ^

[2.17]

[2.18]
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Or changing notation:

MPCj  ̂ + MEC^ -  MR^ -  MEBr =

M PC, + MEC, -  MR, -  MDIS, = [2.19]

M PC l + M EC l -  M R l -  M D IS l

or

M NSCr = M NSCl = MNSC, [2.20]

Thus finding the optimal levels of recycling, incineration and landfilling is a question 

of solving W  = W r + W, + and eq. [2.20] with respect to W r, W, and W l-

The solution to this problem is presented graphically in Figure 2.3. In contrast to Figure

2.2, all three marginal cost curves now include environmental effects, i.e. they are now 

marginal net social costs curves. This will make them more or less steep, depending on 

whether the net environmental costs are positive or negative. In addition, recycling is 

no longer exogenous to the optimisation problem, but is included as an option. 

Similarly to the earlier diagram, the broken line in Figure 2.3 represents the total amount 

of waste that can be managed, i.e. recycled, incinerated and/or landfilled, at any given 

marginal net social cost. The minimum marginal net social costs, MNSC^j^, at which 

all waste, W, can be managed is where the heavy broken line intersects the W line. 

Using the functional forms of the MNSC curves depicted in Figure 2.3 as an example, 

it is now possible to solve for the optimal levels of recycling, incineration and landfill. 

Thus, from Figure 2.3 we have:

MNSC(W„) = - 5 + Wg, MNSC(W|) = W,, MNSC(WJ =  ̂ W ,̂ 

W = 23

This gives us a system of three equations:

-  5 + 2 iW ^  = |W j_ , -  5 + 2 l w ^  = W,, 23 = W , + W, +

Solving this systems renders:

W„ = 4 — W, = 7— W, = 10—
R 29 1 29 ^ 29
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As in Figure 2.2, these optimal levels of recycling, incineration and landfilling, 

respectively, can be read off the individual marginal net social costs curves by following 

the dotted lines. W hether MNSC^i„ in Figure 2.3 is greater or smaller than in

Figure 2.2 depends on the size of the environmental costs. Recall that the move from 

Figure 2.2 to Figure 2.3 involves two steps. The first was to include recycling in the 

optimisation problem. Thus, if recycling had been included as a policy option in Figure

2.2, would have fallen as the level of recycling increased and the levels of landfill

and incineration decreased. The second step was to include the environmental costs and 

benefits of all three waste management options. If net environmental benefits could be 

attributed to all three options, then MNSC^i^ would be less than However, if

there were net environm ental costs associated with the three waste management 

methods, or if some had net environmental costs and others environmental benefits, it 

would be their size relative to the saving from including recycling, that would determine 

whether MNSC„^„, would be greater or smaller than

M N SC MNSC,
M N SC

MNSC,

________
_________

M N SC

W

Figure 2.3 Optimal Levels of Recycling, Incineration and Landfill under 
Full Social Costs
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2.3 NET SOCIAL COSTS OF DISPOSAL

In section 2.2 the difference between net social costs, which only include financial 

costs and benefits, and fu ll net social costs, which also include any environmental 

costs and benefits, was discussed in terms o f the impact on choice o f waste 

management configuration. Next, we take a closer look at all the costs and benefits 

of recycling, incineration and landfill.

2.3.1 Net Social Costs of Landfill Disposal

We begin with landfill and examine the financial costs arising from the disposal o f 

municipal solid waste (MSW) in landfills. The first stage in the process o f MSW 

disposal is the collection from source, e.g. from the household, and the transport 

either directly to a landfill, or to a transfer station from which the waste will 

eventually be transported to a, generally, more distant landfill. Whether we are 

talking about municipal waste collection or collection of industrial waste, there will 

be a financial costs associated with the collection and transport of the waste to the 

landfill. The actual disposal activities at the landfill; dumping the waste, moving it 

to the appropriate place in the landfill, compacting it, capping it and monitoring the 

site afterwards for leachate and landfill gases, also carry financial costs. If landfill 

gas is recovered and sold for the purpose of, say, power generation, the revenue 

from that sale should be included as a financial benefit. However, let us assume that 

any such income has been deducted from the operating costs such that these are net 

operating costs. Thus, the financial costs are:

where

N F C l =  F C l. coi +  F C l.op [2 .2 1 ]

NFCl are the net financial costs of landfilling;

FCl, coi are the financial costs of collection and transport of

waste to landfill; and 

FCl,op are the financial costs associated with the operation of

the landfill.
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In addition to the net financial costs of landfill, there are also environmental costs 

and benefits associated with the disposal of waste to landfill. On the cost side, these 

include the air pollution resulting from the transport of waste, e.g. sulphur dioxide 

(SO2), nitrogen oxides (NOJ, carbon monoxide (CO), carbon dioxide (CO j and 

particulate matter (measured as total suspended particulates, TSP, or PMjo, 

particulate matter with a diameter of 10/tm or less - see Annex 3, section A3.1.1. 

for further explanation). SO2 and NO* are acid rain pollutants which, when emitted 

to the atmosphere, will bind themselves to vapour droplets and can be transported 

over long ranges via weather systems before falling as acid rain, causing damage to 

flora, fauna and buildings. In addition, both SO2 and NO* are also local pollutants 

which are believed to engender respiratory diseases, nervous disorders and fatigue 

in humans. CO can also have localised health impacts. CO2 on the other hand has 

no known localised health impacts, but increasing levels o f CO2 and other 

greenhouse gases in the atmosphere are suspected of causing global warming. 

Particulates, especially those particles with a diameter o f 10/xm or less*, are known 

to penetrate deep into the lungs and can lead to premature death in people with 

respiratory and cardiac diseases, and to morbidity, notably exacerbated chronic 

bronchitis. They are also believed to be carcinogenic, both independently, and from 

their synergy with other chemicals (Phillips, 1994 and Archer, 1992).

Once landfilled, some o f the waste, notably the organic elements, will slowly 

degrade releasing CO2 and methane (CH4) - another greenhouse gas - in the process. 

The breaking down of organic materials along with moisture, present in the waste 

and from precipitation, will combine into a liquid called leachate which can pose a 

contamination threat to ground and surface water bodies. Especially, where co

disposal takes place, i.e . disposal o f industrial waste and household waste into the 

same landfill, this leachate can become very toxic, containing, for instance, residues 

of pesticides, other chemicals and heavy metals.

* Recent research suggest that the most damaging particulates are in fact those of a diameter of 2.5
fim or less, as they penetrate deepest into the lungs.
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In addition to these direct environmental effects, which are all directly related to the 

throughput of waste, there are also some less obvious effects associated with the 

disposal of waste. The transport of waste can cause congestion, an economic cost 

to road users, and accidents which also give rise to economic costs, both in terms 

of lost working hours and costs of treatment of injuries. The actual landfill itself 

can be unsightly and is likely to produce disagreeable odours, noise and littering, 

also an occasional problem in the vicinity of a landfill. People living near a landfill 

site will experience these impacts as a loss of amenity or a t/wamenity. These 

disamenity effects will typically be non-flux effects, i.e. they are not directly related 

to the quantity o f waste being treated.

Thus, including this latter category in the environmental costs associated with the 

landfilling of waste, we have

ECl =  +  ECl. op +  CDisam^ [2.22]

where

ECl are the total environmental costs associated with landfilling;

ECl, col are the environmental costs of collection and transportation,

including congestion and accident costs;

ECl, op are the environmental costs arising from the landfill itself; and

CDisamL are the costs of the disamenities resulting from the existence

of the landfill.

There is unlikely to be any positive environmental effect connected to the collection 

and transportation of waste and of the actual operation of the landfill. However, if  

energy is recovered from the landfill gases, that energy will either be used on the 

site, displacing energy which would have been purchased from the national 

electricity grid, or it will be sold directly to the grid. In either case, it would be 

displacing energy produced for the national grid and the pollution arising from that 

energy production. It is assumed that it will displace the marginal source of energy, 

i.e. those sources which are put off-line when there is any fall in demand, which in 

the United Kingdom at the time of writing is old coal-fired power stations 

(PowerGen, 1996). These are also one of the most polluting forms of energy
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production employed (Pearce, Bann & Georgiou, 1992). This pollution will be 

avoided by displacing the energy from old coal-fired power stations with energy 

produced from landfill gas .̂

EBl =  EBL.di,.poi [2.23]

where

EBl are the total environmental benefits associated with landfilling;

and

EBl dii.poi are the environmental benefits resulting from displacing an

alternative source of energy when producing energy from 

landfill gas.

The net environmental cost can then be expressed as the difference between 

environmental costs and benefits:

” ECl CO, ECL op CDisamL -  EBl <,,5 po,, [2.24]

The fiiU net social costs o f landfill, as discussed in section 2.2.3 are then the sum 

of the net financial costs and the net environmental costs of landfill, i.e.

NSLl = ECl op ECl col ECl̂ coi'*’ ECL op CDisamL -  EBl ,̂5 po,, [2.25]

2.3.2 Net Social Costs of Incineration

Similar considerations will have to be made for incineration. The net financial cost 

of incineration can, in line with those for landfill, be expressed as:

NFQ =  FClcoi +  EClop [2.26]

However, old coal-fired power stations may not be the marginal source of energy in other 
countries - in Denmark for instance the marginal source of energy is oil (Energistyrelsen, 1996). 
To take account of this difference, an alternative scenario has been included in the calculations 
in Chapter 4 for energy displacement for both landfill and incineration, where the displaced 
source of energy is assumed to be the average European fuel mix.

78



It would be reasonable to assume that the actual collection costs for waste going to 

incineration would not diverge from collection costs for waste going to landfill. 

However, the costs associated with the transport of waste once collected may vary 

between incineration and landfill due to different distances. Incinerators are often 

situated in urban areas while landfills are typically sited in rural areas, further away from 

the catchment area. But then again, transport distances will vary between different 

landfills. The remaining costs and revenues will be unique to incineration.

On the environmental side, although actual levels of environmental impacts from 

transport may differ from landfill, the same type of impacts would be expected from 

transport to incineration. The incineration process itself will release various air 

pollutants such as SO2, NG^, CO2 and particulates, but also toxic pollutants such as e.g. 

dioxins. But, unlike landfill, no CH4 will be emitted. Disamenity costs associated with 

incinerators are expected to be considerable, as proposed sitings generate vociferous 

opposition in many countries, due to fears over toxic emissions^.

Thus, in line with the net environmental costs for landfill, we have:

NEC, = EC, + EC, + CDisam, -  EB, [2-27]

And the full net social costs of incineration can then be expressed as:

NSC, = FC,_,„, + FC,,„p + EC,,^,+ EC,, + CDisam, -  EB,^,„ „ , [2-28]

2.3.3 Net Social Costs of Recycling

The case of recycling is slightly more complex than for landfill or incineration. On the 

financial side, collection costs are likely to be higher, as the materials being recycled 

will generally have to be collected separately and sorted.

NFCr = FCr.,„  + FCr,„, [2.29]

However, one N orth A m erican study (Furuseth & O 'C allaghan, 1991), did find that although 
respondents in a  survey were wary o f living in the vicinity of a waste incinerator, they preferred 
that to living close to a landfill.
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where FC^ ôi are the financial costs of collection of recyclable materials and FCr are 

the financial costs of the recycling process.

Unlike landfill and incineration, recycling does not displace energy production in any 

direct sense, i.e. recycling does not produce energy which displaces other energy from 

other sources. However, there is a displacement effect, because recycling displaces 

virgin or primary materials which may be more energy intensive than recycled materials. 

Thus, there are likely to be energy savings through this virgin materials displacement 

effect, but they occur indirectly rather than directly, as in the case of disposal with 

energy recovery. The avoided external costs associated with these energy savings will 

need to be incorporated into the expression of external costs of recycling:

NEC, = + CDisam, -  EC_ [2.30]

where ECr are the external costs of collecting recyclable materials, EC r are the 

external costs associated with the recycling process itself, CDisamR are the disamenities 

associated with recycling and EC ĵ  ̂are the avoided external costs associated with the 

virgin production of the material in question.

Bringing [2.29] and [2.30] together we get full net social costs of recycling of

N SC , = + FC , + E C , ,,,+ E C , + CDisam, -  E C ,, [2-31]

M ost of these cost elements are a function of the amount of waste treated. The 

exception is disamenity effects, which have a ‘fixed’ cost element, as they depend not 

so much on the waste throughput as the mere existence of waste treatment facilities in 

the affected neighbourhoods (see Chapter 6, section 6.5 for a further discussion).
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2.4 SUMMARY OF CHAPTER 2

This chapter has attempted to provide a rigorous theoretical basis for the economics 

of waste generation and waste management. It asserted that as long as households 

face a zero marginal cost for waste services, excessive waste will be generated. It 

identified that the optimal distribution of waste to each of the discrete waste 

management methods, recycling, incineration and landfilling, would be at that point 

where the marginal social costs of each option were equal. Intuitively, striving for 

this would also be the optimal waste management strategy. The chapter then 

considered, in slightly more detail, the key elements that comprise the marginal net 

costs of each waste management method. The identification of these elements 

provides a useful typology to be employed in the chosen methodology to assess the 

‘waste hierarchy* in Chapter 3.
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3. Assessing the Waste Hierarchy

3.1 APPRAISAL METHODS
In section 1.1 three key issues were identified and held to be central to any 

comprehensive appraisal of the respective merits of a discrete waste management 

system, or its constituent parts. These issues were identified as: (a) the environ

mental costs o f waste management, (b) the private or financial costs of waste 

management and (c) land scarcity. Thus, any attempt to assess the most appropriate 

appraisal methodology would need to consider, at the very least, how comprehen

sively the respective appraisal methodology covers these key issues. The following 

sections briefly review a number of possible options.

3.1.1 Financial Appraisal

If the waste authorities were concerned only with the private financial costs of waste 

collection and disposal, the choice of appraisal methodology would be relatively 

straightforward, and a financial appraisal would be the preferred choice. This 

choice would be appropriate irrespective of whether waste management was carried 

out by the private, or the public sector, or some combination o f the two. However, 

the operation o f a waste collection and disposal system generally creates certain 

environmental and social ‘spill-overs’, as discussed in earlier sections. In many 

cases, public, and increasingly some private, decision-makers are encouraged to 

consider these in the decision making process. One way o f incorporating these 

costs, is through the use o f a broader appraisal methodology, either an amended 

financial appraisal, or an alternative methodology.

3.1.2 Environmental Impact Assessment

One way o f broadening the remit of a financial appraisal, is to include an 

environmental impact assessment (EIA) in the appraisal procedure (see e.g. 

Department of the Environment, 1995a). An EIA generally attempts to identify and 

list all the environmental impacts in qualitative terms. This additional information 

is generally provided alongside the results o f a financial appraisal, possibly in the
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form of a framework, although it can also be presented unilaterally. The rationale 

for such an approach appears to be that the provision of additional information, the 

environmental impact, will improve the quality of decision making. It is an 

approach o f this form that the ‘waste hierarchy’ appears to be utilising.

However, there appear to be a number of drawbacks to this method: 1) EIA does 

not usually attempt to ascertain an aggregated impact using a common numeraire, 

but identifies and lists environmental impacts^ under certain specified categories. 

Thus, it may seek a partial ‘evaluation’, e.g. into internationally significant impacts, 

regional and local impacts etc. (see UK Department of the Environment, 1995a). 

2) These categories are not directly comparable with each other or with the financial 

costs and benefits, raising questions such as: Which is worst - 1 kg of SO2 or 1 

tonne of CO2? The answer requires that the impacts are scored or ranked according 

to some agreed objective. 3) A broader, but related, issue is whether individuals 

require different effects to be placed in commensurate units, before they can 

accurately and consistently compare them in such a complex decision process: It is 

generally asserted that a mix of monetary values and qualitative, or scored, values 

can lead to an implicit bias in favour of the former during the decision process, 

although, Hanley (1995) notes that it may in fact imply an implicit bias in favour of 

the qualitative factors.

If society is concerned with minimising the sum of the environmental burden of 

waste management and the financial cost, then, neither a financial appraisal, nor 

some composite approach utilising an environmental impact assessment, will prove 

to be entirely acceptable. The former overlooks the social and environmental costs, 

whilst the latter both neglects the financial costs, and disallows the utilisation of a 

common metric. What is required is a technique that will cover both areas, and that 

is adequate for decision-making purposes.

1 In fact, they will often not quantify the actual impacts but only list the emissions of different 
pollutants. The impacts of these emissions will depend on where they were emitted, weather 
patterns which may transport them over great distances, the quality of the ambient environment, 
etc.
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3.1.3 Multi-criteria Analysis

One technique that is often promoted as being able to handle the complex trade-offs 

that are frequently required in any decision involving a mix of financial and environ

mental costs is multi-criteria analysis (MCA). This term is a generic one, 

encapsulating a range of techniques with differing levels of mathematical complexity, 

that originate in the field o f linear programming. Their comparative ease of 

operation has greatly enhanced their popularity (Keeney & Raiffa, 1976).

From an operational point of view, the major strength o f the techniques is the ability 

to handle conflicts both between intrinsic elements within the methodology and 

between various external interests. Thus, in a situation where there is a conflict 

between quantifiable and qualitative issues, these methods can provide systematic 

information on the nature of the conflicts, highlighting the trade-offs for decision

makers (Nijkamp et a/., 1990). This could involve the specification of a number of  

plan options, together with the identification of the relevant decision criteria, which 

are generally broader than a simple desire to maximise the economic benefits. 

Those factors that can be quantified, and those that are presented in qualitative form 

are clearly distinguished. The latter are generally dealt with either directly or 

indirectly: In the former case, the information is used directly in a qualitative 

evaluation method, whilst in the latter it is transformed into a cardinal form, often 

utilising an appropriate weight. MCA can also involve setting specific targets for 

differing criteria.

However, there are a number o f areas of uncertainty, from the identification of the 

appropriate criteria and possible targets, to the eliciting of appropriate weights, and 

to the choice o f appropriate decision rule, or rules. The latter issue, in particular, 

can raise significant difficulties, as often when utilising a number o f criteria, there 

will be no ‘dominant* alternative that outranks all the others. A more likely 

outcome is a number o f ‘non-inferior* alternatives. In these situations, the policy 

analyst is unable to offer any preferred option to policy makers and the judgement 

becomes essentially political (see Pearce et al. (1994) for a full exposition). The 

inherent difficulty of undertaking such judgements, particularly when there are a
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large number of proposals, often leads to the adoption of a specific criterion, the 

maximisation of economic benefits, reflecting individual willingness to pay. This 

is social cost-benefit analysis.

3 .1 .4  Cost-Benefit Analysis

In theory, a social cost-benefit analysis (SCBA) allows a comparison, in commensu

rate terms, o f all costs and benefits, both private and external, relating to a 

particular project. It involves the identification, measurement and quantification of 

all the environment impacts. Such a procedure might also take due cognisance of 

the social incidence of the costs and benefits. Thus, EIAs identifying and measuring 

environmental impacts are inputs to SCBA, where the data are converted into 

commensurate terms through the use of a monetary metric.

The advantage of the SCBA approach is the resulting comparability of both the 

financial and the environmental costs, measured in monetary terms, which means 

that both can be easily utilised when trying to determine the costs and benefits of 

each waste treatment method. If the net benefits o f one method are greater than 

those of the others (or the net costs of one method is less than those o f the others), 

then that method would be favoured over the others and would be at the top o f the 

‘waste hierarchy*.

The calculation of the monetary values for environmental damage is based on 

willingness to pay (WTP) or willingness to accept (WTA). A measure of 

environmental damage can be obtained through production or dose response 

functions which measure the change in crop yields, fish stocks, health effects, etc. 

By valuing these at market (shadow) prices, estimates of WTP/WTA can be 

obtained. Alternatively, for goods for which no markets exist, the WTP measure 

can be obtained directly, or indirectly, from individuals preferences. One of the 

direct methods is the hypothetical questioning technique contingent valuation, which 

asks individuals directly about their willingness to pay for a particular environmental 

good (or to avoid an environmental ‘bad’). An indirect method for estimating the 

value of non-marketed goods is hedonic pricing, which establishes the WTP for
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environmental goods, through the use of surrogate markets, for example by 

analysing the effect on house prices caused by the proximity to particular environ

mental goods or ‘bads*. However, one limitation of indirect methods, in contrast 

to the direct methods, is that they are unable to ascertain the value of passive use 

values.

The distinction between use and passive use values can be clearly illustrated through 

the use of a simple example: Consider the case o f the recent purchase o f the 

Straithaird Estate, on the Isle of Skye, by the conservation organisation, the John 

Muir Trust. An individual who has visited the area, and has thus derived benefit 

from it, might be willing to pay to assist the purchase o f the property. This payment 

could be held to reflect his direct use of the estate (use value) or his intended use at 

a later date (option value). By contrast, a second individual, who has never visited 

the Isle of Skye, and who never intends to, may also wish to contribute financially 

to the conservation of an area of outstanding natural beauty. This might reflect the 

individual’s desire to ensure that future generations also enjoy the area {bequest 

value)y a desire to preserve the environment for its own sake (existence value) 

(Pearce & Turner, 1990).

Thus, the essence of the concept o f passive use values is that environmental services 

have value to many individuals who are not in a position to make direct use of them. 

Thus, passive use values would be expected to be greater, in absolute terms, than 

use values, reflecting their greater potential hinterland, although some economists 

remain sceptical of their potential significance. A 1989 U .S. court decision, in the 

case Ohio v. the Department o f the Interior, found that passive use were compensa

ble under the Clean Water Act and the Comprehensive, Environmental Response, 

Compensation and Liability Act (Carson et al. y 1995). This decision, together with 

the grounding of the Exxon Valdez in Prince William Sound on the 24th March 

1989, has proved to be the catalyst for their inclusion into calculations of compensa

tion, at least in the United States, following an environmental disaster (see Arrow 

et û/.,1993).
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There is a further problem in using a technique (SCBA) that reflects the WTP of 

individuals; that is the incidence of the costs. A simple example might illustrate the 

problem: Let us say that decision-makers have to make a decision between two sites 

for a waste facility, and the decision would have an impact upon the same number 

of people, in absolute terms, in the two locations. The first prospective site is in a 

relatively affluent neighbourhood where the residents unanimously oppose the siting. 

The second prospective site is in a relatively poor neighbourhood, where the 

residents are less affluent, but still united in their opposition to the siting o f the 

facility in their neighbourhood. If no adjustments are made for social incidence, 

SCBA will favour the latter site, as the potential WTP to avoid the facility will be 

less. The favoured decision rule implies that if  the individuals who benefit from the 

project, were able, hypothetically, to compensate those who suffer from the project, 

whilst still remaining better off themselves, then the project would proceed. In 

practice, actual compensation rarely happens, with the result that waste treatment 

facilities would often be situated in low-income neighbourhoods. Although society 

as a whole might benefit, unless actual compensation is paid to the affected 

households, they will be worse off in the ex post scenario^.

One way of addressing these concerns is by weighting the ‘votes* o f the lower 

income groups. One way of adapting the chosen methodology is illustrated below.

Without any such adjustments, the formal CBA model would be:

T

max J  ((B, -  C, -  E ,) • e '" ) dt [3.1]

where s  is the social discount rate;

t  is time periods {t =  1 ,..., 7); 

are benefits;

See Been (1994) who suggests that the causal link might go the other way; it is the siting of a 
LULU that attracts low income groups: "The presence o f a LULU in a neighborhood can lower 
the neighborhood's quality and thus its property values, making housing there more available to 
low-income families”.
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Q are private costs; and 

Ef are environmental costs.

To account for social incidence, this can be modified^:

T  (  n \

/  /  ( ( ^ -  ■B,f -  W; • C,_, -  W, • -e -« )d i
\  0

where
0

dt [3.2]

i is fth social class (f =  1, . . . ,  /i); and 

Wj is the weight attached to fth social class.

However, despite the theoretical ease o f addressing the issue, in practice, 

particularly in the developed world, such weights are not generally employed. 

Pearce et al. (1994) offer the following reasons for this neglect:

"This is in large part because there is no political consensus...on how such equity 

weights should be determined. More broadly, such equity weights rarely capture the 

ethical complexity of policy choices..."

It also appears that there is little political consensus to actually employ explicit 

redistributive policies for projects that have impacts at a local level. Generally, it 

appears that such objectives are best dealt with by national macroeconomic policies. 

However, notwithstanding the resulting local inequity, the logic of such a policy is 

further undermined, if  one considers the ‘strategic’ impacts of consistent use of the 

methodology by a government agency. The utilisation of the methodology on a 

series of, what appear to be discrete, local projects, might engender significant 

‘strategic’, or aggregate, effects, that might be contrary to national macroeconomic 

policy.

See Pearce & Nash (1981).
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Despite these caveats, cost-benefit analysis allows a systematic representation of both 

the financial costs, and the environmental costs and benefits' ,̂ and in the case of the 

‘waste hierarchy’, offers a framework for an assessment that is long overdue.

3.2 THE COST-BENEFIT APPROACH

The assessment of the ‘waste hierarchy’ involves a comparison of the net social costs 

(NSC) - or benefits (NSB) - of each of the tiers in the hierarchy^. Thus, to allow 

the assessment to take place, the costs and benefits o f each waste treatment method 

will need to be identified and estimated. The remainder of this chapter sets out the 

methodology for the cost-benefit analysis and the economic valuation of environmen

tal damages necessary for undertaking a social cost-benefit analysis.

For each waste treatment method all social costs and benefits must be included in 

a full social cost-benefit analysis; this not only include the private (or financial) costs 

and benefits, but also any external costs and benefits, such as environmental 

externalities.

3.2.1 Landfill

For landfill, there are two main elements of costs and benefits:

a) collection and transport to the landfill;

b) operation of the landfill.

The costs and benefits of the collection and transport of waste are then:

N S C l, ^  =  P C i , ^ .  +  E C l. ^  [ 3 .3 ]

"The main reason for doing social benefit-cost analysis in project choice is to subject project 
choice to a consistent set o f general objective o f national policy. The choice o f one project rather 
than another must be viewed in the context o f their total national impact, and this total impact 
has to be evaluated in terms o f a consistent and appropriate set o f  objectives. "

Dasgupta et al. (1972)

The waste treatment method with the lowest NSC (or highest NSB) should be at the top of the 
waste hierarchy followed by the method incurring the next lowest NSC (next highest NSB) etc.
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where PC denotes private costs and EC is external costs. Subscript ‘L* denotes 

landfill, and subscript ‘trans’ denotes collection and transport.

Similarly, the NSC of landfill operation can be expressed as:

NSCl.op =  PCl,op +  ECl.op - EBl.op [3.4]

with the same notation before, and subscript ‘op* denoting operation.

Whereas it might be assumed that the external benefits associated with the collection 

and transport o f waste will be zero, this is not necessarily so in the case of landfill 

operation. If methane gas is extracted from the landfill, and the energy recovered 

from it, then the latter will displace energy that would otherwise need to be 

produced on site or purchased from the national grid. Alternatively, it could be sold 

to the national electricity grid. In either case, the resulting saving or revenue would 

be deducted from the operation costs, PC ,̂ op> such that this would be a net cost. 

There is also a positive externality associated with the recovery of energy from 

landfill. If the energy thus recovered is marginal to the domestic energy supply, it 

can be assumed to displace a marginal source o f energy, and thereby save the 

environmental costs associated with the generation of that energy. Thus:

[3.5]

where the same notation as before applies and subscript ‘dis.eng.* refers to displaced 

energy. Equation [3.4] then becomes:

NSCl.op = PCl.op + ECl.op -  [3.6]

Note that the external costs of both operation and collection and transport refer to 

not only the damage costs resulting from pollution but also the disamenity caused by 

transport and landfill operation.
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3.2.2 Incineration

In the case of incineration, the two main elements o f the net social costs are the 

collection and transport costs involved in carrying waste to the incinerator, together 

with the operational costs of the facility. Apart from possible differences in 

distances, reflecting the geographical dispersion of incinerators, the collection and 

transport costs of conveying waste to an incinerator, are indistinguishable from the 

costs of carrying waste to a landfill. Thus, the NSC of the collection and transport 

of waste for an incinerator is:

N S C j  trans ~  +  E C j  tran s  [ 3 . 7 ]

where the notation is as before and subscript T’ refers to incinerator. The NSC of 

the operation of an incinerator can similarly be expressed as:

N S C ,o p  =  P C ,^  +  -  BC,,i3pxn«. [ 3 .8 ]

as the same argument with respect to displaced energy discussed in the case of 

landfill applies if energy is recovered from the incineration process. Bringing 

equations [ 3 .7 ]  and [ 3 .8 ]  together gives the expression:

N S C , = + PC ,,„p  + E C , .^  -  [ 3 .9 ]

However, as discussed in Chapter 1, the incineration of waste leaves a residue which 

will need to be disposed of to landfill^. This implies that the NSC associated with 

the transfer from incinerator to landfill and those of landfilling the residue must be 

added to equation [3.9]. If the residual fraction is expressed by f  (f <  1), the 

addition to [3.9] becomes:

In fact, not all the residue must necessarily be landfilled. In Denmark, in 1990, the residue from 
waste incineration constituted 90% bottom-ash, 9% fly-ash and 1% residue from fluegas 
cleaning. Whereas it has not been found feasible to recycle the fly-ash and the residue from 
fluegas cleaning, around 65 % of the bottom-ash is used in the construction and road building 
industry. (Miljostyrelsen, 1992)
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N ^ ^ Ires.L  " ^ * (PQres.trans ^^Ires.trans ^ ^ Ires.L  ^ ^Iks. l) [3.10] 

where the subscript ‘I res’ refers to incinerator residue.

Note, however, that after incineration the residue will be inert and will not 

contribute to the formation o f methane in the landfill, hence no energy can be 

recovered. It can also be debated whether there will be any negative externalities 

associated with the landfilling o f the residue given that it is inert. However, the ash 

is likely to contain concentrations of heavy metals, salts and other toxic substances 

which, if combining with leachate otherwise forming in the landfill, can form a very 

potent toxic cocktail’ . Thus the total NSC of incineration becomes:

NSCj -  PCj ^  + PCj op + ECj op ong

+ f • (PCjjos ^  ^  + PCjjos L ECijo5,l)
[3.11]

3.2.3 Recycling

The main elements of the costs and benefits o f recycling, as with landfill and 

incineration, are related to the collection, transport and operation o f the facility

NSCr =  NSCr,^ .  +  NSCr.op [3.12]

The components of these costs are, however, distinct from those o f incineration and 

landfill in a number of ways.

Collection

All waste, be it for incineration or landfill, is mixed in a generic container (bin, bag 

or wheelie bin) and collected from the household (kerbside or backyard). This 

allows a simple collection method, with the refuse vehicles needing only one 

compartment. However, in the case of recycling, the recyclables can either be

In the United States, incinerator ash is treated as hazardous waste and must not be co-disposed 
with MSW.
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brought to bottle banks and other designated collection points, or collected at the 

kerbside in a ‘blue box* system*. In either case, it requires that the householder 

separates the recyclable materials from mixed waste and in many cases also 

according to the type of material. Recyclables in a kerbside collection scheme can 

either be co-collected with mixed waste or can be collected separately. If it is co

collected, the refuse vehicles must have separate compartments for the recyclables, 

preferably one each for say glass, metals and plastics; a requirement which raises 

collection costs. Unless the refuse vehicles are very sophisticated and fitted with 

mechanical lifting devices and specialised refuse bins are used, the staff manning the 

refuse vehicles must transfer the recyclables to the collection vehicle manually, also 

adding to costs. In the case of bring systems, the collection costs are not only those 

associated with the vehicle emptying or replacing full bottle banks and other such 

containers and the transference of those materials to the materials recovery facility 

(MRF), but also the costs associated with the householder bringing the materials to 

the designated collection point. If the bottle bank, say, is placed in the supermarket 

car park, and the householder takes the recyclables to the bank as part of an existing 

trip, for example when he/she is going shopping anyway, then it appears that no 

additional costs are incurred. However, if the householder makes a special trip to 

take bottles or newspapers to the recycling banks, then both additional financial and 

environmental costs will be incurred as a result. In addition, the collected 

recyclables will also need sorting, which can be a very labour intensive process, 

although new technologies are coming online which can undertake many of the 

functions. Despite these differences in collection methods, collection and transport 

of waste for recycling can be represented in a similar way as for landfill and 

incineration, together with the additional costs associated with the sorting of waste:

NSCR^trani “  PC R tnmi +  P C ^  [ 3 .1 3 ]

Alternatively, for some materials, the recovery for recycling can take place after mixed refuse 
has been collected from the households. An example of this, is when steel is recovered by 
magnetic extraction for instance from incinerator ash.
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Displaced Virgin Materials Production

For landfill and incineration, the costs of production and pollution from displaced 

energy were included as a benefit of the operation. In the case of recycling, energy 

is not displaced directly. However, if  the secondary product resulting from 

recycling displaces virgin product, the external costs associated with the virgin 

materials production should be credited as a benefit to recycling. As Table 1.5 in 

Chapter 1 illustrates, the savings in energy use, and thereby the avoided pollution, 

can be very significant. Thus, it can be asserted that recycling indirectly displaces 

energy. In addition, the revenue from the sale of the recycled material should be 

considered on the benefit side.

NSCr op — PCr op +  ECr op - Rr - ECvir ■ UCvir [3.14]

where the same notation as before applies, and Rr is the revenue from selling the 

recycled material, and UCvi, is another displacement effect often ascribed to 

recycling, saved user costs. The argument goes, that by displacing virgin products 

by recycled ones, valuable non-renewable resources used as an input in virgin 

materials production are saved. User costs can be regarded as a scarcity premium 

reflecting the future foregone benefits of using a unit o f material now rather than 

later’. As all the materials (or their constituents) in MSW being targeted for 

recycling, such as tin, steel, aluminium, paper, glass, plastics, are in plentiful 

supply, it can be argued that the user cost o f virgin materials production will be 

negligible or zero. However, even in those cases where a material is scarce in a 

physical sense (i.e. limited reserves) and where there are significant user costs, the 

external user cost may still be negligible, as such scarcity will already be reflected 

in the market price. If this is the case, it would be inappropriate to include the user 

cost as an externality as this would amount to double counting.

The user cost can be calculated by:

P b -  C
( 1  + r f

where Pg is the price of the ‘backstop* technology; C is its cost of extraction and r is the 
discount rate. T is given by S/EQT where S is total reserves and QT is annual output.
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It is unlikely that 100 per cent ‘purity’ for recyclables can be achieved, and thus 

there will always be a fraction of the waste going to recycling (x), which will need 

to be disposed of by incineration (y) or landfill (z), where x = y  +  z < l .  As in 

the case of incineration, the disposal of this residue must also be taken into account.

[3.15]

[3.16]

N S ^ R . r c s  y  ‘ ( P Q r a n s , R - I  ^ ^ t r a n s . R - I  ^ S C j  ^ p )

+  Z  • ( P Q n n s , R - L  ^ ^ r a n s , R - L  ^ ^ ^ L . o p )

Thus, the total net social costs of recycling become:

N S C r  = P C ^  trans ^ ^^R.trans ^*^R,sort ^^R.sort 

^ ^,op   ̂ ^At.op “ ^R “ ^^Vir ~ ^^Vir 

+ y  • (P C tr a n s .R -I  ^ ^ tr a n s ,R - I  ^ S C j  „p)

+  Z  • ( P Q i a n s . R - L  ^ Q n m s . R  L  ^ ^ ^ L . o p )

3.3 VALUATION OF EXTERNALITIES

Section 3.2 set out the basic methodology to be employed in the cost-benefit analysis 

of different waste management systems. This section explains the approach used for 

determining, and valuing, the external environmental costs and benefits associated 

with these waste management systems. Section 3.3.1 discusses the use o f life cycle 

inventories for determining the expected physical impacts of MSW treatment. 

Section 3.3.2 provides a brief overview of the available methods for valuing 

environmental impacts and discusses the principles of benefits transfer o f damage 

estimates from one study to another. Section 3.3.3 summarises the estimates of the 

economic values of environmental impacts, gained from a simple benefits transfer 

from existing valuation studies, which will be used in valuing the environmental 

impacts of waste management.
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3.3.1 Life Cycle Inventories

Life cycle assessment (LCA) is defined by the Society of Environmental Toxicology 

and Chemistry (SETAC) as:

A process to evaluate the environmental burdens associated with a product, process or 

activity by identifying and quantifying energy and materials used and wastes released 

to the environment; and to identify and evaluate opportunities to affect environmental 

improvements. The assessment includes the entire life cycle of the product, process or 

activity, encompassing extracting and processing raw materials; manufacturing, 

transportation and distribution; use, re-use, maintenance; recycling and final disposal.

SETAC (1993)

Thus, the aim of LCA is to examine every stage of the life cycle from the mining 

of raw materials, through manufacture to disposal, calculating the inputs (in terms 

of materials and energy) and outputs (in terms of emissions to air, waste and as solid 

waste) for each stage and aggregating them over the life cycle. According to 

SETAC’s guidelines there are four stages to a LCA: (1) goal definition and scoping; 

(2) life cycle inventory analysis; (3) impact assessment; and (4) valuation.

Over the last five years a number of LCAs has been carried out for a number of 

relatively simple products, ranging from milk containers to nappies. Often LCAs 

has been conducted for competing products, e.g. disposables nappies versus cloth 

nappies or refillable bottles versus one-way containers, and in many cases conflicting 

results have been shown, raising concerns over LCA. However, closer examination 

usually reveals that different boundaries have been used in the studies, producing 

different results. This serves to illustrate that the scoping o f a LCA is very 

important. Boundaries refer not just to geographical boundaries (e.g. should effects 

outside the United Kingdom, say, be included) but also to system boundaries (- how 

far back should one go? - for example, when analysing the effects of transport it is 

generally acknowledged that the emissions from lorries should be included, but 

should the production and disposal of the same vehicles also be included? - and what 

about the factories in which the vehicles were built; should the environmental 

impacts of the construction of the plant also be included? etc.) and to temporal
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boundaries. As a consensus has yet to emerge on the ‘correct’ way of setting 

boundaries, it is important to be explicit about what assumption have been made.

The life cycle inventory (LCI) is probably the least disputed part of a LCA^, 

although it is essential to identify the correct functional unit. For example, if  a LCA 

was comparing milk containers, say a glass bottle and a cardboard carton, it would 

not be very useful analysing the effects of one tonne of glass bottles compared with 

one tonne of cartons; one tonne of glass bottle would not contain nearly as much 

milk as one tonne of cartons. In this case, the functional unit should instead be the 

number of glass bottles needed to containing 1 0 0 0  litres of milk and the number of 

cartons needed to contain 1000 litres of milk. The boundaries and functional units 

will be specified for each case study in the following chapters.

A LCI is essential in determining the environmental impacts caused by different 

waste management options. An inventory quantifies the material and energy inputs 

and outputs to air and water resulting from the treatment of MSW, listing the 

physical emissions, as such it provides an ideal input into the analysis of the 

environmental impacts in a CBA. However, it does not provide direct information 

about the damage or the impact caused by these emissions nor does it include non- 

flux effects such as disamenities.

The next stages of the LCA, impact assessment and valuation, have over the years 

been widely criticised. A conventional LCI presents the total emissions of various 

pollutants in units which are not directly comparable, such as e.g. 250 kg o f CO2 

and 5 kg PMjo per tonne of waste. Some LCAs have implicitly given equal weights 

to all pollutants, i.e. 1 kg CO2 is worth the same as 1 kg PMjq, others have 

attempted to ‘normalise’ these emissions by relating them to the total output of any 

one pollutant and using this for weighting. Sections 3.3.2 and 3.3.3 take a closer 

look at how economic valuation ‘weights’ different pollutants.

Of course, there are also such problems as securing reliable, up-to-date data.
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3.3.2 Valuing Environmental Impacts

In section 3.1 it was indicated that cost-benefit analyses rely on willingness-to-pay 

measures, or shadow prices, as the appropriate basis for valuation. In the case of 

marketed goods, existing prices may be distorted by e.g. subsidies or taxes; shadow 

prices adjust for such distortion. In the context o f environmental goods (or ‘bads’), 

which often have no apparent market from which a price can be derived, shadow 

prices allow environmental impacts to be expressed on the same basis as private 

costs and benefits, i.e. in monetary terms, and allow an aggregation to provide an 

estimate of net social costs o f each MSW treatment option.

There are a number of diverse techniques for valuing environmental quality or 

environmental damages. Indirect valuation approaches, such as the averting 

behaviour technique, the hedonic pricing technique and the travel cost technique, 

seek to elicit environmental preferences from actual, observed, market-based 

information. The direct valuation approach, on the other hand, generally attempts 

to elicit preferences directly through the use of survey methods, such as the 

contingent valuation and stated preference methods (see Mitchell & Carson (1989), 

Freeman (1993), Johansson (1987), Cummings et al. (1986), Bockstael et ah (1984) 

and Brookshire et ah (1982)). In addition, there are dose-response functions, which 

do not attempt to elicit individuals’ preferences", but instead value environmental 

damages at market prices, and replacement cost approaches, which do not consider 

the loss or damages incurred, but instead measures the remediation costs of 

environmental damage.

In principle, all o f these techniques can be used to estimate the environmental 

impacts of MSW management. In practice, however, most valuation studies have 

focused on the cost of air pollution, and have employed a combination o f dose- 

response functions and averting behaviour and replacement cost techniques, or, to 

a limited extent, contingent valuation and stated preferences.

" Although, dose response models are linked to preferences via consumers surplus for the 
marketed goods.
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While the damage estimates of air pollution appear to lend themselves relatively 

readily to benefits transfer (a more detailed exposition of the principles of this 

technique is provided in the following section), this appears to be more problematic 

for estimates of damage costs of pollution of land and water. Thus, while air 

dispersion models aid the generalisation of impacts of air pollution, the pollution of 

water and soil can less easily be generalised as the pollution impact is highly 

dependent on the particular characteristics of the water or land affected. Thus, 

although a number of studies exist that estimate WTP of river water quality, the 

avoidance of ground water contamination and recreational values of fresh water 

courses and sea resorts'^, the only estimates of the costs of water pollution employed 

in the ExtemE Report (ETSU & 1ER, 1994) use the replacement or clean-up cost 

approach^ .̂ Existing water quality studies value changes in ‘ambient* quality. 

Thus, in order to get a measure for damage from air emissions or water emissions, 

one would need to have a model linking emission to this ambient quality, i.e. a dose- 

response function. For air emissions, the only models available are the EMEP 

critical loads models, but these do not provide dose-response functions, only ‘on-off 

observations, i.e. above or below critical loads for water. In the case of water 

emissions, we would need dose-response functions relating leachate from landfill and 

effluent from recycling to water quality. However, it has not been possible to 

identify either of such dose-response functions. With respect to emissions to land, 

it can be asserted that at least some of them will also manifest themselves as 

emissions to air, thus allowing these to be captured in air pollution estimates. In 

addition to the pollution of air, water and soil, another impact is associated with 

waste management, disamenity effects. Unfortunately, a primary investigation into 

the significance o f these effects is outside the scope o f the present thesis, but a 

survey o f existing studies is included in Chapter 6 .

12

13

See for example Turner (1995), Georgiou (1995), Hoehn (1991), Carson & Mitchell (1993), 
Crutchfield et of.(1995), Bergland et al. (1995), Silvander & Drake (1991), Bateman et al. 
(1994), Bateman & Langford (1995), Press (1995), Hanley (1989).

A qualification attached to the clean-up cost approach is that it assumes that the costs of clean-up 
always equal the benefits of clean-up, i.e. that the clean-up undertaken is optimal. However, 
it is entirely possible to imagine a situation where only a relatively small marginal cost o f clean 
up is required to secure large benefits, while on the other hand huge clean-up efforts in other 
cases may only generate small benefits, implying a steeper marginal cost curve.
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Thus, the availability of cost estimates sadly limits the scope of the economic 

valuation of externalities. In this study, the appraisal of the social costs will be 

restricted to the appraisal of social costs of road accidents associated with the 

transport of waste, together with the valuation o f environmental impacts of air 

pollution from MSW management. Two categories of air pollutants are considered; 

‘global* pollutants and ‘conventional* pollutants. In this context, the category 

‘global* pollutants comprises the following greenhouse gases: carbon dioxide (CO2), 

carbon monoxide (CO), methane (CHJ and nitrous oxide (N2O), while ‘conven

tional* air pollutants include sulphur dioxide (SO2), nitrogen oxides (NOJ and 

particulate matter (measured as TSP or PM^o). The environmental impacts are 

grouped into receptor categories: human health, forests, crops, fresh waters and 

buildings and materials.

Benefits Transfer

The cost-benefit analyses in the following chapters attempt to aggregate the financial 

and the external costs and benefits for all Members States of the European Union^ .̂ 

One obstacle to such a study is the fact that only a limited number o f original studies 

of the economic damage arising from air pollution have been carried out, thus 

damage estimates for each EU Member State are not available^ .̂ Benefits transfer 

allows the estimation of environmental damage in countries other than those where 

the original studies took place. This technique involves taking the results of a study 

at one site and transferring them, with appropriate modification, to another site.

The validity o f benefits transfer depends on the reliability of the original studies 

from which the values are transferred and the differences in environmental quality, 

income levels, individual preferences and other socioeconomic characteristics, that

14

15

The study excludes the three most recent Members of the EU: Sweden, Finland and Austria.

Note that global pollutants or greenhouse gases are uniformly mixed pollutants, i.e. the aggregate 
damage caused by these gases is the same irrespective of where on the planet the gases are 
emitted, although obviously the damage in individual countries will vary. Despite the latter 
point, benefits transfer is not an appropriate technique for this category of pollutants, as the same 
economic value will apply, irrespective of the source of emission. Thus, this section on benefits 
transfer applies only to those pollutants where the resulting damage depends on where it is 
incurred, i.e. acidifying pollutants and particulate matter.
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exist between the study sites and the project sites. Given the nature o f the approach, 

benefit transfers cannot be expected to produce estimates of high precision. 

However, the estimates are indicative and have been used to rank various policy 

options with respect to their environmental impacts. Examples o f this type of 

ranking can be seen in the investment decisions of power utilities in the USA, where 

decisions regarding preferred fuel source have been based on benefit transfers of 

their environmental impacts (Knipnick, 1993).

There are three main approaches to benefit transfer:

1 . transferring mean unit values;

2 . transferring adjusted unit values; and

3. transferring benefit functions.

Transferring Mean Unit Values

The simplest approach to transferring benefits from a study site to a policy site is 

to simply assume that the well-being experienced by the average individual at the 

study site is equal to that experienced by the average individual at the policy site. 

However, individuals at the policy site may not value environmental qualities in the 

same way as the individuals at the study site, due to differences in income, 

education, religion, ethnic and demographic composition or other socioeconomic 

characteristics (Bergland et at., 1995). Even if  individuals* preferences for 

environmental quality at the policy and study sites were the same, the environmental 

qualities on offer, through say recreational opportunities, might differ.

Transferring Adjusted Unit Values

The adjusting of average unit values to reflect perceived biases, appears to offer a 

more sophisticated approach to benefit transfer. These adjustments may be in terms 

of the socioeconomic characteristics of individuals, or the environmental change 

being evaluated, or the availability of substitute goods and services. The objective 

is that the adjusted unit values will reflect more accurately the conditions o f the 

policy site. Clearly, however, the adjusted approach is still subject to many of the 

qualifications applicable to transferring average benefit estimates.

101



Transferring Benefit Functions

A conceptually more appealing approach, recommended for instance by Loomis 

(1992), is the transfer of the entire demand function, estimated at the study site, to 

the policy site. This entails transferring only the demand relationship, and the data 

needed to apply the relationship to the policy site must be collected, to better reflect 

the new site conditions. In the context of air pollution, the relationship between 

pollutants and their impacts, i.e. the dose-response function, can be transferred. 

Ostro (1994) and Pearce & Crowards (1995) use the following relationship for the 

effects of PMio on human mortality and morbidity:

AHj =  b POP; • AAj [3.17]

where

A =  change in;

H; =  health effect, i;

b =  slope of the dose-response function (e.g. percentage increase in 

health effects per unit increase in ambient concentration of 

pollutant j);

POP; =  population at risk from health effect, i;

A =  ambient air quality, expressed as pollutant concentration

j =  pollutant, j

The b in equation [3.18] is estimated by meta analysis of a number of original dose- 

response functions for PMjo concentrations and health effects. In meta analyses, the 

original studies are analysed as a group and the results of a study are treated as an 

observation or data point, and the resulting ‘individual’ observations are then 

analysed as a data set in an attempt to explain the variance in estimates of b, the 

dose-response coefficient.

The costs o f all health effects are then aggregated to give the total health damage:

[3.18]
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where

D =  cost of health damage in the ‘no abatement’ case;
r

—  =  the monetary cost per health effect, i.

If no data on the ambient concentration of the pollutant in question are available, but 

data on emissions are, the following relationship can be assumed:

^  ^  [3.19]
A . Ej

where

Ej =  emissions o f pollutant j.

This implies that the relative change in emissions equals the relative change in 

concentrations; this is not the same as arguing that one unit of emissions equals one 

unit of concentration. Thus, under the assumption expressed in equation [3.19] the 

term for the pollutant concentration in equation [3.17] can be replaced by the term 

for changes in emissions in order to derive the changes in health effects as a result 

of changes in emissions.

However, for the purpose of the case studies in the following chapters, it has not 

been possible to use this method. Although emissions data can be computed using 

the methods of life-cycle inventory analysis, data for the background characteristics 

such as population at risk, mortality and morbidity, are lacking. In addition, the 

benefits equation [3.17], in its specific form, is valid only for the effects of 

particulate matter on human health. The dose-response coefficient, b, and the 

population at risk (POPJ should be replaced with relevant data, if  it is to be used to 

estimate the environmental damage on other receptors. Equations [3.18] and [3.19] 

can be used directly for other receptors, if  Hj is taken to represent the damage to 

each receptor.

103



3.3.3 Unit Damage Cost Estimates

The approach taken in this thesis is that damage from air pollution is included 

regardless of where that damage occurs, i.e. whether within the national borders or 

in another country. The question arises, however, o f how to value emissions of air 

pollutants in different countries. The transfer of damage functions appear to be a 

possible answer. However, the lack of data precludes this option. An alternative, 

simpler approach has been to utilise the damage estimates for one country, and using 

a simple benefit transfer approach, adjust them for other countries. This method 

has been employed in the present study, using the results from the report Coal Fuel 

Cycle - Estimation o f  Physical Impacts and Monetary Valuation fo r  Priority Impact 

Pathways (ETSU & 1ER, 1994) (hereafter called the Report). This Report was one 

in a series of reports on Externalities of Energy from the ExtemE-Project. The 

ExtemE-Project is a European continuation of a collaborative project, the EC/US 

Fuel Cycles Study, between the European Commission’s DG XII and the U.S. 

Department o f Energy. This collaboration was set up because no agreed methodol

ogy for calculation and integration of external costs of fuel cycles had been 

established, despite widespread recognition of the potential significance o f these 

costs. One study for the British Department o f Energy (Pearce et al. y 1992) 

attempted to bring existing valuation studies together to provide damage estimates 

for air pollutants relevant to fuel cycles. But, since this study was based on existing 

studies, it was unable to fully address the issue of transboundary impacts. However, 

the results of this study have continually been updated in light of improved 

information, and as progress has been made on methodological issues, and indeed, 

the adaptions performed in the present thesis should be viewed as a refinement of 

the original study by Pearce et al. (1992). With the collaborative project between 

the US and the European Commission, good progress was made towards reaching 

agreement on a variety of methodological issues on both sides of the Atlantic (ETSU 

& 1ER, 1995). The estimates of impacts in the Report (ETSU & 1ER, 1994) were 

not a result of original basic research, but were instead made following critical 

reviews of existing data and models. This review was undertaken by a multi

disciplinary team of experts in the fields of health, forestry, ecology, materials 

science, atmospheric chemistry and physics, energy technology, computer science
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and economics. Thus, while research under the ExtemE-Project is ongoing, the 

damage estimates in the Report must be regarded as state-of-the-art at the present 

time^.16

However, as indicated by the fact that research is being continued, the estimates of 

the Report are far from perfect, and a number of criticisms can be raised. The main 

criticism is that the damage estimates are not complete; a number of impacts have 

not been valued, thus the estimates for each receptor is likely to be an underestimate 

of the actual damage. Thus, for example the damage estimate for buildings includes 

only material damage, and does not take account o f cultural and/or aesthetic losses. 

Dose-response functions need to be developed for crops that were not included in 

the damage estimates given in the Report. The damage estimates for forests need 

to be revised as dose-response functions are further developed. For damages to 

freshwater fisheries, valuation of the impacts are still to be included. For natural 

eco-systems and for effects of aquatic emissions on drinking water and on aquatic 

eco-systems the Report included only a review of impacts; they still need to be 

quantified and valued. In the case of global warming only preliminary valuation has 

been undertaken, and much more research is deemed necessary on the definition of 

impacts, development of dose-response functions together with full marginal analysis 

and inclusion of risk aversion. It should be noted that the Report includes the global 

warming damage estimates o f four different studies, and while these criticisms might 

apply in general, the estimates included here (Fankhauser & Pearce, 1993) are based 

on a marginal damage approach. Also, the Fankhauser & Pearce (1993) estimates 

include a Monte Carlo simulation of damage estimates, so uncertainty is incorporated 

to a certain extent. Not reflected in their ‘best guess’ values are the costs of 

potential catastrophic events, such as the melting of the polar caps and the tundra. 

The valuation of health impacts of SO2, NO^ and PM^o emissions only consider acute 

effects, and it is suspected that chronic effects may be significantly greater than the 

acute effects which tend to mostly affect those, who are already suffering from ill

Another study of the externalities associated with electricity production was published at the end 
of 1995 (Rowe et al. y 1995). This relates to the US only, and has been criticised for not 
including transboundary effects.
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health and thus have short life expectancies. This ties in with another point of 

criticism which relates to the way acute mortality effects are valued using the value 

of a statistical life (VOSL). This may be inappropriate, given that the estimate for 

VOSL used in the Report is based on studies of respondents with a ‘normal’ 

expectancy of life as opposed to the short life expectancy o f those affected by acute 

mortality impacts. A third criticism, not so much of the results in the Report itself, 

but more relating to the appropriateness of using those estimates in the present 

thesis, is that the results are site and technology specific. For example, the study 

provides damage estimates for each pollutant in terms of kWh produced, a statistic 

that is obviously dependent on the respective technology employed at each site. 

However, this criticism is partly addressed, as this study adapts those damage 

estimates, so that they are measured in terms of actual emissions of the relevant 

pollutants, thus avoiding the problem of site specificity. The assumptions that 

underlie this conversion, together with the necessary steps in the calculation, are 

explained in the remainder of this chapter and in Annex 3.

Two forms of adjustment are undertaken. One attempts to take account of the 

geographical dispersion of the air pollutants, whilst the other seeks to allow for 

differences in willingness to pay between countries by adjusting with differences in 

incomes at PPP-rates and with the income elasticity of demand for environmental 

quality. Thus, the adaption of the ExtemE-Project results performed in this chapter, 

and detailed in Annex 3, provides damage estimates for SO2, N0% and particulates 

for each of the 12 European Member States which can be used for any emission of 

these pollutants regardless o f the source, unlike the ExtemE-Project results which 

are specific to the power stations they have been estimated for.

Critical Loads

However, a necessary assumption, is that the physical damage caused by the 

deposition o f a unit of pollutant is the same no matter where it occurs. This appears 

to be a simplification of reality. The damages caused by acidic deposition, for 

instance, depend both on the acidity of the soil and water it falls on, together with 

the ambient air quality. An alkaline soil will more easily compensate for any acid
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deposition, thus limiting the damage caused, whereas an already acid soil or lake 

cannot compensate for the increased acidity. Thus countries with an acid soil will 

generally experience a greater degree of damage per unit o f acidic deposition, than 

countries with an alkaline soil. If one employed maps showing the variations in the 

PH-value of soil across Europe and differences in critical loads (CL), then it should 

be possible to take this into account.

The following example illustrates the importance of differences in critical loads. 

Assume that there are two different CL in location 1 and 2 (these can be read off the 

maps showing critical loads). For ease of exposition, assume that the total damage 

function is linear and is the same for both locations, even though the CLs differ. 

This gives Figures 3.1a, 3.1b and 3.1c.

Damage Costs 
ECU

Deposition
CLT— ^

ASi AS

Figure 3.1a Critical Loads - Equal Marginal Damage

Now, assume an additional tonne of pollutant, say SOg, is deposited on location 1 

(ASi) and on location 2 (AS2). The extra damage caused in the two locations, AD  ̂

and AD2 as represented by the shaded areas in Figure 3. la, will be the same. Thus 

under the earlier assumptions, it is reasonable to assert that the same marginal
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damage will occur in each location. Now, consider the rôle played by the current 

position in relation to the CL, as illustrated in Figure 3.1b. When AS results in 

depositions that are still below  CL, e.g. ASi in Figure 3.1b, zero extra damages are 

incurred (however, it increases the risk that future damage will occur as we are 

nearer to CL). Thus, AS does the same marginal damage wherever it is deposited, 

subject to AD =  0 where AS depositions fall below CL. Figure 3. Ic illustrates that 

if  the damage functions are not the same, then the marginal damage caused by the 

deposition of AS is different in the two locations.

Damage Coata 
ECU

Depoaitioa
AS, ^  AS,

Figure 3.1b Critical Loads 
- Importance of Current Position

CL, AS,
Dcpoaidoo

Figure 3.1c Critical Loads 
- Different Marginal Damage Functions

In theory, the ideal approach would be to utilise knowledge of the critical loads for 

each of the countries in the study, to ascertain prospective thresholds in the 

respective damage functions. The relevant information, vis-à-vis the critical loads, 

is available in a series o f CL maps, which provide detailed information for all 

Europe. However, whilst the data are accessible, they are not presented in a 

compatible form for inclusion, and ascertaining a reliable and robust method to 

employ the information would, unfortunately, be outside the scope o f this study. 

Thus, the pragmatic assumption is that the marginal physical damage is the same in 

all countries. Furthermore, the damage estimates for health impacts, which are 

listed in Table 3.1 are by far the most significant element of the total damages. In 

addition, the estimates of damages to buildings are based on the assumption, 

contained in the ExtemE Report (ETSU and 1ER, 1994), that there is no threshold 

level for damages. Critical loads were only used in the modelling of damages to 

agricultural crops and forests. Thus, given the relative insignificance of the
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estimated damages to crops and forests when compared with health impacts, and 

given the complexity in incorporating critical loads in the calculations, threshold 

levels have been omitted in the calculations. Instead, a working assumption that the 

deposition of one unit of acidic pollutant does the same physical damage no matter 

where it occurs, as long as it falls on land, has been employed.

Transboundary Dispersion

The life cycle inventories for MSW management provide information about the 

quantity o f each air pollutant emitted as a result of the landfilling, incineration, 

recycling or composting of a tonne of waste. However, the inventories do not 

indicate where those air pollutants will be deposited. For example, consider the 

emission of a tonne of SO2 in the UK and in Germany; depending on the height of 

the stack from which it is being emitted, and the prevailing weather patterns, that 

tonne could be deposited over a very large area. If the prevailing wind direction 

is westerly, then UK emissions, not deposited in the UK itself, will first travel 

across the sea, where a large part may be deposited, prior to being deposited on 

continental Europe. Similarly, emissions from Germany, not deposited in Germany, 

will travel east, but unlike the UK emissions will not traverse a sea. Thus, the 

majority are likely to be deposited on land. In the estimation of damages resulting 

from air pollution, it is assumed that depositions at sea will do only negligible 

damage. It follows that, even given the earlier assumption about equal physical 

damage per tonne of pollutant deposited (on land), the emission of a tonne of SO2 

from UK in the above scenario will do less physical damage than the emission of a 

tonne o f SO2 from Germany.

Deposition matrices for oxidised sulphur and nitrogen have been developed for 

Europe (the UN  ECE), which detail how much o f any one country’s emissions have 

been deposited over itself, at sea and over each of the other countries in the matrix 

for the last decade (Barrett et al., 1995). The adjustment for transboundary 

dispersion undertaken here is based on the assumption, that the average dispersion 

of the last ten years provides a reasonable indication of what is likely to happen with
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a tonne of SO2 or NO% emitted from a waste management operation (see Annex 3 for 

further details).

Differences in Willingness to Pay

The earlier discussion about the amount o f damage caused by the deposition of a unit 

of pollutant no matter where it occurred, related to physical damages. However, 

the monetary damage may vary from one country to another, reflecting differences 

in WTP. If the WTP is the same in all countries then the shadow price P  of a 

pollutant k would be the same in countries i and j \  =  Pjk-

However, WTP is likely to vary between countries, reflecting both disparities in 

relative income levels, and in the income elasticity o f demand for environmental 

quality. The ideal approach would involve adjusting calculated national damage 

estimates to reflect these differences. While the former amendment can be made 

quite easily by adjusting income levels using purchasing power parity rates, the latter 

adjustment is more difficult. This is a reflection of the lack of research that attempts 

to estimate the income elasticity of demand for environmental quality for the 

constituent EU Member States, let alone for all those countries that receive air 

pollution from EU States. The hypothesis that environmental quality is a ‘luxury 

good’, i.e. a good which would primarily benefit the wealthy relative to the poor, 

has been challenged both by Pearce (1980) and, more recently, by Kristrom & Piera 

(1994). Kristrom & Riera’s survey of contingent valuation studies for Finland, 

France, Norway, Netherlands, Spain and Sweden, indicates that very few studies 

support the view that income elasticities of demand for environmental quality are 

greater than 1 , and a number of studies suggest income elasticities of the order of 

0.3. This finding is supported by Pommerehne (1988) whose work, involving a 

comparison of hedonic pricing and contingent valuation results, likewise suggests an 

income elasticity of 0.3. This is also consistent with US studies^’. On the basis of 

these studies, two adjustments for income elasticities of demand for environmental

Flores & Carson (1995) argue that this is an elasticity of willingness to pay, not an income 
elasticity. However, this does not affect the validity of how the elasticity has been employed in 
the following.
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quality are carried out; one where the income elasticity is assumed to be 0.3 and 

another where the income elasticity is assumed to be 1 .

Thus, on the basis of an estimated shadow price for the damage caused by pollutant 

k in one country, the shadow price for another country can be expressed as follows:

= P. m [3.20]

where P =  the estimated shadow price in country m;

Y =  income at purchasing power parity (???) rates;

n =  the country whose shadow price is known; and

e — income elasticity of demand for environmental quality

Damage Estimates

In the above section, it is noted that the damage estimates for ‘conventional’ air 

pollutants, i.e. SO], N0% and particulates or ?M,o are based on the ExtemE Report 

on the Social Costs of the Coal Fuel Cycle (ETSU & 1ER, 1994). This study 

models air pollution from two coal fired power stations; one in West Burton in the 

UK and another in Lauffen in Germany. The resulting damage estimates are related 

to the fuel cycle, and are thus reported in relation to the electricity produced, i.e. 

in ECU per kilo Watt hour (kWh) produced. The procedure for converting these 

estimates to ECU per tonne pollutant as listed in Table 3.1, is detailed in Annex 3.

In the case of health effects, only those estimates relating to the Lauffen power 

station have been used. The rationale for this choice is that only these estimates 

contain European wide impacts; the estimates from the West Burton power station 

only take UK impacts into account. In the case of the non-health effects, the 

estimates from West Burton have been used, as they appear to be more comprehen

sive in their coverage than the estimates for Lauffen. Both the health and non-health 

related damage estimates for SO] and NG^ have been adjusted for transboundary 

effects and with incomes at ???-rates and income elasticity. The exception is the
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damage estimate for particulates, reflecting the lack of deposition matrices. The 

results of these adjustments are listed for each of the 12 EU Member States in 

Tables 3.2. and 3.3. Note that Table 3.2 utilises an income elasticity of 0.3 and 

Table 3.3 assumes an income elasticity of 1.

Table 3.1 Total Damage Estimates

SO2 NO, PMio

Lauffen W. Burton Lauffen W. Burton Lauffen W. Burton

ECU (1990) per tonne of pollutant

Health Effects:

Mortality 5774 - 4010 - 11667
Morbidity 1276 - 8 8 6 - 2607

Agricultural Crops 44 2 0 - - •

Forests - 3.64 - - -  -

Water 0.53 0.61 0.37 0.42

Buildings 8 6 490 59 340 250

The earlier discussion noted that emissions from solid waste management include not 

only the ‘conventional* air pollutants, SO2, NO^ and particulates, but also certain 

greenhouse gases. These gases include methane (CH4), released from landfills (and 

coal mining), carbon dioxide (CO2), emitted from landfills, incinerators and the 

transport of waste, carbon monoxide (CO), present in most stages of waste 

management, and nitrous oxide (N2O), resulting from the transport and manufacture 

of waste containers. Unlike the ‘conventional’ atmospheric pollutants, these 

greenhouse gases are global in their effect; thus, it does not matter where they are 

released. Therefore, it would not make sense to look at transfer matrices to 

ascertain how the emissions from one country are dispersed to others. Similarly, the 

damage estimates include global damages, which reflect the disparate income 

elasticities and differences in income levels between countries. The damage
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estimates employed are from Fankhauser & Pearce (1993)^® who report the following 

results:

CH4: $110 per tonne of CH4 (with a 90 per cent confidence interval of $49 - 

$213)

CO2: $20.4 per tonne of carbon (with a 90 per cent confidence interval of 

$6.3 - $47.7)

N2O: $2940 per tonne of N (with a 90 per cent confidence interval of $8 (X) - 

$7465)

Other greenhouse gas damage estimates are available, e.g. Nordhaus (1991a, b) and 

Cline (1992). However, where these estimates are based on the assumption that 

developed country estimates can be extended to the World as a whole, an assumption 

questioned by many critics, the Fankhauser & Pearce (1993) estimates are based on 

an analysis that extend over several world regions. Indeed, they find that damage 

in non-OECD countries may exceed that in the OECD countries by almost one third, 

the main reason being related to health impacts and the high proportion o f wetlands 

found in developing countries. In the following only the ‘best guess* values above 

will be used. With the ExtemE Report statement in mind (ETSU & 1ER, 1995), 

that "quotation o f  error in terms o f a numerical range fo r  most impacts would be 

misleading, because a full statistical analysis o f  uncertainty is not possible' it has 

been decided not to include the ranges given above in the further analysis, as they 

may suggest a level of confidence that is not warranted (see further discussion of 

uncertainty with respect to damage estimates following Table 3.30).

The damage cost estimate for methane can be utilised in its present form, excepting 

a simple conversion from $ to ECUs, as the emissions data in the LCI are in 

comparable units. As the Fankhauser & Pearce estimates are in 1990 currency, the

See also Fankhauser (1995) and the latest work on global warming damage conducted under the 
auspices of the Intergovernmental Panel on Climate Change (Pearce et al., 1995) which both 
make use of the original Fankhauser & Pearce (1993) estimates.
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1990 conversion rate of $1 =  0.79 ECU is employed, rendering a damage estimate 

for CH4 of 8 6  ECU per tonne C H 4 .

However, the emissions data for carbon and nitrogen in the life cycle inventory are 

presented in their oxidised forms as CO2, CO and NgO. This necessitates the above 

unit damage cost estimates to be converted, through the use o f the following 

procedure. The atomic weights of the elements are respectively, carbon 12, oxygen 

16 and nitrogen 14. Thus, the atomic weight of CO2 is 12 4- (16x2) =  44. As the 

damage estimate for carbon is $20.4 per tonne, the damage estimate for CO2 is 

$20.4/tonne C X 12/44 =  $5.56 per tonne of CO2 which using the 1990 exchange 

rate equals 4.37 ECU.

The atomic weight of CO as a precursor greenhouse gas is 12 +  16 =  28. The 

damage estimate for CO is then $20.4/tonne C x  12/28 =  $8.74 per tonne which 

equals 6.87 ECU per tonne CO.

The atomic weight of N2O is (14x2) 4- 16 =  44. The damage estimate for N2O 

is the damage estimate for nitrogen multiplied by the atomic weight of the nitrogen 

in the nitrous oxide molecule divided by the total atomic weight o f the molecule: 

$2940/tonne N  X 28/44 =  $1871 per tonne of N2O, the same as 1469 ECU per 

tonne of N2O. These estimates for global warming pollutants have also been 

included in Tables 3.2 and 3.3.

The two TSP (total suspended particulates) columns in Tables 3.2 and 3.3, 

distinguish between particulates emitted from transport sources and those appertain

ing to electricity generating sources. A number o f studies (mostly American) have 

concluded that generally, the damage caused by one unit of particulate emissions is 

equal to the damage caused by only 0.55 units of PM^o emissions (- the greater 

damage attributed to the smaller particles relates to their greater penetrative ability, 

as discussed in an earlier section). However, the ExtemE Report (ETSU & 1ER, 

1994) states that emissions from power generation plants contain a relatively small 

proportion of particulates with a diameter greater than lÔ ^m. Therefore, it is
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Table 3.2 Total Damage Estimates - income elasticity o f 0,3
Conventional Pollutants

SO, NO, TSPtransp "T S Pçiçc

ECU/tonne

Global Warming Pollutants

CO2 CO CH4 N2O 

(1990)

Unadjusted 7564 5237 8100 13096 4 7 8 6 1469

Belgium 6396 4317 7925 12803 4 7 8 6 1469

Denmark 4532 3466 7913 12784 4 7 8 6 1469

France 6175 4241 7821 12634 4 7 8 6 1469

Germany 6279 4329 7458 12045 4 7 8 6 1469

Greece 3191 2400 5892 9511 4 7 8 6 1469

Ireland 3366 2541 6843 11050 4 7 8 6 1469

Italy 4268 3642 7627 12320 4 7 8 6 1469

Luxembourg 7252 4771 7949 12842 4 7 8 6 1469

Netherlands 5329 3888 7539 12177 4 7 8 6 1469

Portugal 5107 3946 6278 10136 4 7 8 6 1469

Spain 4662 3704 6848 11058 4 7 8 6 1469

UK 4338 3077 7522 12149 4 7 8 6 1469

assumed that one unit of particulate matter from power stations is equal in damage 

terms to 0.9 units of PM^o. Thus, PM^q emissions from transport sources can be 

converted into particulate equivalents using the 0.55 conversion rate, while PMio 

emissions from electricity generating sources can be converted using the 0.9 

conversion rate. Thus, the TSP„„,p column is the sum of the building damage 

estimate, which is for total suspended particulates, and 0.55 multiplied by the 

mortality and morbidity damage estimates, which are PMio estimates. The TSP̂ kc 

column is the sum of the building damage estimate, and 0.9 multiplied by the 

mortality and morbidity damage estimates.

A striking attribute of both Table 3.2, and to some extent Table 3.3, is that the 

estimates for each of the countries for SO2, N0% and particulates are lower than the 

unadjusted estimate given at the top of the tables. In Table 3.3, which assumes an 

income elasticity of demand with respect to environmental quality that is equal to 

one, some of the country estimates for TSP are greater than the unadjusted estimate.
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while some are less. Since, TSPs have only been adjusted with respect to differing 

purchasing power parities, the disparities between the unadjusted estimate and the 

country estimates, can also be explained by differences in purchasing power parities.

This adjustment has also been undertaken for the SO2 and NO  ̂ estimates in Table 

3.3, and for all three types of estimates in Table 3.2. Thus, we can assume that the 

same differences also explain at least part o f the disparity between these and the 

unadjusted estimates. The fact that all the TSP estimates in Table 3.2 are lower than 

the unadjusted values, can be explained by the assumption of an income elasticity 

of 0.3.

Table 3.3 Total Damage £stimates - income elasticity o f  1

Conventional Pollutants

SO2 NO, TSP,„„.„ TSP,

Global

transp elcc C O 2

ECU/tonne (1990)

Warming Pollutants 

CO CH4 N2O

Unadjusted 7564 5237 8100 13096 4 7 8 6 1469

Belgium 6188 3904 8464 13669 4 7 8 6 1469

Denmark 3974 2714 8432 13617 4 7 8 6 1469

France 6101 4015 8187 13221 4 7 8 6 1469

Germany 5078 3599 7259 11723 4 7 8 6 1469

Greece 1664 1481 3880 6266 4 7 8 6 1469

Ireland 3074 2345 5810 9382 4 7 8 6 1469

Italy 3809 3187 7686 12412 4 7 8 6 1469

Luxembourg 6943 4366 8528 13772 4 7 8 6 1469

Netherlands 5036 3416 7462 12050 4 7 8 6 1469

Portugal 3840 3254 4616 7454 4 7 8 6 1469

Spain 4079 3243 5820 9399 4 7 8 6 1469

UK 4175 2811 7419 11982 4 7 8 6 1469

The reason why the estimates for SO2 and NO, in Table 3.3 are all less than the 

unadjusted estimate is, that the unadjusted value assumes that all o f the emitted 

pollutant is deposited on land, thus incurring damage. The relevant adjustment
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endeavours to take account o f the fact that a certain proportion o f each tonne of 

pollutant emitted will be deposited at sea, where it is assumed to do no damage. 

Table A3.2.1 clearly illustrates that even the country with the lowest proportion of 

its SO2 emissions deposited at sea, Luxembourg, deposits a significant proportion of 

its emissions at sea (almost 17 per cent), and in the case of Ireland, a majority of 

her SO2 emissions are deposited on sea (60 per cent).

Further, it is now clear that the increase in the damage estimate resulting from the 

adjustment for differing purchasing powers, is outweighed, for some countries, by 

the reduction in the damage estimate resulting from the adjustment for transboundary 

dispersion. A comparison o f the SO2 and N0% estimates o f Tables 3.2 and 3.3 finds 

them to be lower in the former, than in Table 3.3. This difference can be entirely 

explained by a different assumption in respect o f the income elasticity.

Annex 3 provides a much more detailed explanation of how the damage estimates 

have been calculated, together with an in-depth discussion of the numerous caveats 

associated with these estimates. In addition, it presents tables showing the damage 

estimates for each o f the 12 EU Member States included in the study for each 

pollutant and for each receptor. These estimates are used in the estimation of  

externalities associated with MSW management in Chapter 4.

The draft version o f the ExtemE Report (ETSU & 1ER, 1994), which the present 

damage estimates are based on, includes ranges for the health related damages. 

However, the final report (ETSU & 1ER, 1995) omits these ranges, and states 

explicitly that "quotation o f  error in terms o f  a numerical range fo r  most impacts 

would he misleading, because a full statistical analysis o f  uncertainty is not possible 

in most cases". Instead, an indication of the perceived accuracy o f each estimate is 

given on a simple high/medium/low basis. Thus, "estimates are considered to have 

a *high* level o f  accuracy if  it is felt, following assessment o f  the uncertainty 

attached to each stage o f  the analysis, that the final figure is accurate to well within 

an order o f  magnitude. ^Medium* is assigned to those estimates believed to be 

accurate to within an order o f  magnitude, whilst *low* is assigned to the least certain
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impacts". The levels of confidence attached to the different types of damage 

estimates were Tow’ for mortality effects and effects on forests, Tow* to ‘medium’ 

for effects on buildings and materials, ‘medium’ for crop damage and acute 

morbidity effects, and ‘high’ for water liming costs. The confidence level for 

greenhouse gas damage estimates was considered to be considerably less than for 

any of the other estimates. Against this background, it was decided not to attempt 

to provide any ranges for the damage estimates used in the present thesis, as they 

would not add anything meaningful to estimates which are so obviously attached 

with great uncertainty.

Transport Linked Casualties

In addition to air pollution, other externalities associated with MSW management 

include:

i) transport related casualties;

ii) traffic congestion; and

iii) noise from transport and waste management facilities.

A lack of suitable data precludes the estimation of the external costs o f the latter two 

and only the external costs of transport related casualties will be estimated here. 

The functional unit, which will be discussed in more detail in Chapter 4, is one 

tonne of waste. Therefore, to allow comparison, it is necessary to estimate the risk 

of casualty per km travelled per tonne of waste. Two separate estimates are 

required in this respect; one for heavy goods vehicles (HGVs) collecting and 

transferring the waste from households to point of waste treatment or disposal, and 

a second for passenger cars, carrying recyclable and compostable materials from 

households to recycling centres and civic amenity sites. In this respect, it is 

assumed that the HGVs employed in the management of waste are typical of the 

entire category of HGVs, i.e. the risk of casualties associated with HGVs used in 

waste management can be approximated by the average risk of casualties for all 

HGVs. Similarly, it is assumed that trips by passenger cars bringing recyclable and 

compostable materials to collection points, have the same risk attached vis-à-vis
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accidents resulting in casualties, as average passenger car trips. Thus, the risk of 

a casualty occurring per HGV km can be expressed as:

Total number of casualties (Cj) _ Cj 
Total number of HGV km HGV km

where C; is the number of people killed at the time of the accident involving a HGV

or within 30 days of the accident, or the number of seriously injured people.

For passenger cars this can be expressed as:

Total number of casualties (C ) C  nm
--------------------------------------------------------------i -  =-------- S— [ j . Z Z j

Total number of Pkm Pkm

where Cj is the number of people killed at the time o f the accident involving a 

passenger car or within 30 days of the accident, or the number o f seriously injured 

people. These risks are specific to each country, as illustrated by Table 3.4.

The primary source of data used for calculating the risk of casualties is the United 

Nations Statistics of Road Traffic Accidents in Europe and North America (United 

Nations, 1995). Any deficiencies in the data have been filled from the International 

Road Federation (IRF) World Road Statistics (IRF, 1993). Although the UN  

publication has the most up-to-date and comprehensive statistics, accidents are not 

classified according to the type o f vehicle involved. However, this information does 

exist for the UK (UK DoT, 1994b) and according to this source, 18 per cent of all 

fatalities in the UK are due to HGV involvement and 80 per cent due to passenger 

car involvement. The respective percentages for serious injuries are 8  per cent and 

85 per cent̂ ®. In the absence of similar data, it has been assumed that these 

relationships also apply across the remainder of the European Union.

A further assumption is required in respect o f the total vehicle km travelled by 

HGVs. The UN statistics do not distinguish between heavy and light goods vehicles.

Some double counting is possible since the total number of accidents includes those with more 
than one type of vehicle involvement.
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Table 3.4 The Risk of Casualties Due to HGVs and Passenger Cars in EU Member States

Total fatalities due to Total serious iivjury due 
to

Total vehicle km 
(billions) of

The risk of fatality per 
million vehicle km for

The risk of serious in
jury per million vehicle 

km for

HGVs Passenger cars HGVs Passenger cars HGVs Passenger cars HGVs Passenger cars HGVs Passenger cars

Belgium 299 1,328 1,155 12,276 1.4 31 0.21 0.04 0.83 0.40

Denmark 100 447 150 1,604 2.8 31 0.04 0.01 0.05 0.05

France 1,629 7,242 2,873 30,527 6.7 325 0.24 0.02 0.43 0.09

Germany 1,790 7,960 7,685 81,653 24 465 0.07 0.02 0.32 0.17

Greece 330 1,464 2,393 25,424 1.5 9.4 0.22 0.16 1.60 2.70

Ireland 78 345 150 1,588 2 21.5 0.04 0.02 0.07 0.07

Italy 1,338 5,947 19,287 204,930 17.8 317 0.08 0.02 1.08 0.65

Luxembourg 13 57 27 287 0.2 3 0.07 0.02 0.15 0.10

Netherlands 225 1,000 925 9,830 7.4 84 0.03 0.02 0.12 0.11

Portugal 427 1,898 5,679 60,340 1.8 16 0.23 0.02 3.07 3.77

Spain 1,148 5,100 9,375 99,614 7.9 105 0.15 0.05 1.19 0.95

UK 687 3,050 4,594 48,806 19 337 0.04 0.01 0.24 0.15

K)O

Sources: United Nations Transport Statistics for Europe (1995)
International Road Federation: World Road Statistics (1993)



In the UK, 44 per cent of the total goods vehicle kilometres are travelled by HGVs 

(UK DoT, 1994b). Once again, the absence of data regarding the rest of the 

European Union, has necessitated the assumption that the relationship observed in 

the UK applies across the European Union.

The next step in estimating the cost of casualties due to the transport of waste is to 

convert the risk presented in Table 3.4 from risk per vehicle km to risk per tonne 

of waste transported. This can be done as follows:

 A    ̂ Cj  ̂ km travelled
tonne of waste vehicle km tonne of waste

where the distance travelled per tonne of waste will depend on the disposal and 

collection options.

3.4 SUMMARY OF CHAPTER 3

This chapter identified, and considered, a number of appraisal methodologies that 

could, potentially, be utilised to assess the ‘waste hierarchy’. It provided a brief 

summary of the key aspects o f each of the options, prior to selecting social cost- 

benefit analysis as the preferred method for this assessment. The chapter then 

continued the development of the expressions for net marginal social costs of 

landfill, incineration and recycling, introduced in Chapter 2. The third section of 

this chapter was devoted to the valuation of externalities, i.e. the environmental costs 

which form part of the net social costs of MSW management, and introduced the 

concept o f life cycle inventories (LCI) as a means to identify the physical impacts 

of MSW management. This was logically followed by a brief précis of the main 

methods employed in identifying the monetary value of environmental impacts. This 

was followed by a more detailed discussion of the methodology employed in this 

study to provide economic damage estimates of the various types o f environmental 

pollutants relevant to MSW management, benefits transfer. The annex to this
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chapter provides the detail o f the adaptation of damage estimates, to be employed 

in Chapter 4 to estimate the external costs of MSW management.
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Annex 3. Unit Damage Estimates for Air Pollutants

The damage estimates for ‘conventional* air pollutants, i.e. SO2, NO, and particu

lates, employed in this thesis, are adapted from the ExtemE Project on Externalities 

of Fuel Cycles, commissioned by the European Commission’s DG XII. This was 

an extensive interdisciplinary study, incorporating e.g. natural and environmental 

sciences, meteorology and economics and the results are reported in the Coal Fuel 

Cycle Report (ETSU & 1ER, 1994). However, the original damage estimates are 

related to the fuel cycle and reported in relation to the electricity produced, i.e. in 

ECU/kWh. These need to be converted to ECU per tonne o f pollutant emitted. 

This annex details the necessary conversion o f the damage estimates from ECU/kWh 

to ECU/tonne of pollutant. Section A3.1 deals with effects on health, agricultural 

crops, forests, water and buildings. Section A3.2 adjusts these converted damage 

estimates for different dispersion patterns for pollutants, for differences in 

purchasing power parity rates within Europe, and for income elasticities o f demand 

for environmental quality.

A3.1 UNADJUSTED POLLUTION DAMAGE COSTS 

A3.1.1 Health Effects

The ExtemE Report (ETSU & 1ER, 1994) (hereafter referred to as the Report) 

estimates damage costs for two coal-fired power stations: Lauffen in Germany and 

West Burton in the United Kingdom. The damage estimates of the health effects o f 

particulates and acidic aerosols emitted from West Burton are rather limited, in that 

they only include damages incurred in Britain. In contrast, the estimates for Lauffen 

are much broader and include damages for the whole o f Europe. Thus, for the 

purposes of this study, the latter estimate will be employed.

The emissions from Lauffen are reported as:

SO2: 800 g/MWh„

NO,: 800 g/MWh„

Particulates: 200 g/MWh^
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(These are only stack emissions, i.e. from the actual energy generation. Total 

emissions, including emissions from other sources such as coal mining, transport, 

etc. amount to: 830 g S0 2 /MWhc, 927 g NOx/MWh^ and 353 g particulates/MWhç,. 

However, according to Watkiss (1995), the damage estimates are based on stack 

emissions only.)

Mortality Effects from  Particulates - PM^q

The emissions of particulate matter are measured as total suspended particulates 

(TSP) in the Report, yet the damage estimates relate to PM^o, particulate matter of  

a diameter of 10 fim or less. There is increasing concern over the health 

implications of particulates o f 1 0  /xm or less, as the smaller the particulate matter, 

the deeper the penetration into the lungs and, thus, the greater the potential for 

damage. The concern is partly centred on the belief that the particulate matter acts 

as a form of chemical ‘Trojan’ horse, conveying other pollutants deep into the lungs, 

where the synergistic effects cause greater damage (Humphreys, 1996). This 

explains rising concern over particulate matter o f 2.5 ^m or less.

A conversion factor from TSP (total suspended particulates) to PM^o suggested by 

American studies is 0.55, i.e. the damage from one unit of TSP equals the damage 

caused by 0.55 units of PM^g. However, the Report argues, that for particulate 

matter in the plume from the power stations, a more appropriate conversion factor 

is 0.9. The reason for this, presumably, is that pollution control equipment fitted 

to the stack is successful in capturing a large proportion of the larger particles, 

allowing only the smallest particles, almost all of which fall within the PM ô 

category, to escape. This implies that the damage caused by 200 g of particulate 

matter can be taken to be equivalent to that caused by 180 g of PM^g.

The valuation estimate reported for acute effects on mortality reported for PM^g is

2.1 mECU/kWh (with a low level of confidence^).

The Report categorises confidence levels as high for impacts quantified to a certainty well within 
an order of magnitude, medium for order of magnitude level certainty and low for other cases. 
Confidence levels were derived through sensitivity analysis and expert judgement, (ETSU & 
1ER, 1994).
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Thus,

2.1 mECUIkWh  ̂ u gg ?  ECUItorme fM ,,, 
180 g  PM^JMWh

No estimate is given for chronic effects on mortality from PM^o, which suggests that 

the 11,667 ECU per tonne is an underestimate of the total mortality effects from 

PM|o.

Mortality Effects from  Acidic Aerosols

Effects o f  SO2  and NO  ̂are only included in so fa r  as they contribute to PM^q levels 

through the formation o f  sulphate and nitrate aerosols. Relationships which thus link 

effects directly to SO2  and NO  ̂have thus not been used (ETSU & 1ER, 1994). The 

model used in the Report, estimates the separate effects o f PM^o and acidic aerosols, 

thus allows adding the two damage estimates together without double counting 

(ETSU & 1ER, 1994 and Watkiss, 1995). The type of modelling employed also 

implies that the Report is unable to distinguish between damage attributable to SO2 

and NO, respectively; only jo in t damages caused by acidic aerosols are reported. 

Further work on this issue is likely to be carried out as part o f the next instalment 

of the ExtemE project due to commence November 1995 (Watkiss, 1995). At the 

time o f writing (March 1996) no consensus had yet been established as to whether 

health impacts caused by acidic aerosols are related to the volume or the acidity of 

the aerosols. In the absence of further evidence, the fraction of the damage 

attributable to each pollutant will be calculated on the basis of their acidity.

Eyre (1994) states that the damage caused to buildings is due to acidity, and thus the 

best way o f apportioning damage between the two gases would be on the basis of 

their contribution to acidity. Eyre (1994) further states that:

32 kg of SO2 gives 1 kg of acidity, and 

46 kg of NO, gives 1 kg of acidity.

Therefore (46/32 = ) 1.44 kg of NO, can be considered as having the same acid 

impact as 1 kg of SO2. In the absence of any consensus on how the damage to 

receptors other than buildings, can be apportioned to SO2 and NO, respectively, it
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is henceforth assumed that all damage caused by acidic aerosols can be apportioned 

to the two gases using this relationship; i.e. the emissions of NO, should be divided 

by the conversion factor of 1.44 to give the equivalent amount of SO2.

The Report estimates the total acute effect on mortality from acidic aerosols at 7.83 

mECU/kWh (low confidence level). However, as indicated above, how much of 

that damage should be attributed to SO2 and N0% respectively has not been specified. 

But using the relationship above and the actual emissions o f SO2 and N0%, an 

estimate for the proportion of total damage that should be attributed to each pollutant 

can be obtained.

The first step is to normalise the emissions of N0% to be expressed as emissions of 

SO2 (based on the above relationship between damages), and add up the total 

emissions measured as SO2:

SOOg +  SOOg/1.44 =  1356 g SO2 equivalents/MWhç,

Thus, 800/1356 =  59% of the damage can be attributed to SO2, while 

(800/1.44)71356 =  41% can be attributed to NO*. This would mean that the 

damage estimate for acute mortality effects from SO2 would be 59% of 7.83 

mECU/kWh which is equal to 4.62 mECU/kWh. The comparable estimate for NO* 

would be (41% of 7.83 mECU/kWh) 3.21 mECU/kWh.

To convert these estimates into ECU per tonne requires the following calculations: 

4.62 mECU/kWh/800g S0 2 /MWh =  5 J 7 4  ECU/tonne o f  SO2 , and 3.21 

mECU/kWh/800g NO/M W h =  4010 ECU/tonne ofNO^.

Morbidity Effects from  PM  1 0

The Report estimates acute morbidity effects of PM^o as 0.446829 mECU/kWh 

(medium confidence level) and the chronic morbidity effects are reported as 0.0224 

mECU/kWh (medium confidence level). This gives a total morbidity effect from 

PMio o f 0.469229 mECU/kWh. Assuming this estimate is based on 180 g
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PMi(/MWh (=  200 g TSP/MWh), the unit damage cost due to morbidity effects is 

(0.469229 mECU/kWh)/(180g PM,o/MWh) =  2,607 ECU/tonne PMiq. Thus the 

toted value estimate fo r  health effects caused by PM^o comes to (11,667 4- 2,607) 

14,273 ECU/tonne ofPM^o.

Morbidity Effects from  Acidic Aerosols

The acute morbidity effects o f acidic aerosols are estimated at 1.64834 mECU/kWh 

(medium level o f confidence) and chronic effects are estimated at 0.082 mECU/kWh 

(medium level of confidence), bringing the total morbidity effects o f acidic aerosols 

to 1.73034 mECU/kWh. The employment o f the same relationship as for mortality 

effects results in 59% of 1.73034 mECU/kWh =  1.021 mECU/kWh can be 

attributed to SO2, while 41% of 0.709 mECU/kWh can be attributed to NO,. 

Relating these damage estimates to total emissions, the unit damage cost for 

morbidity effect comes to 1,276 ECU/tonne for SO2 and 8 8 6  ECU/tonne for NO,. 

Adding up mortality and morbidity effects, the total health effect is then estimated 

at (5,774 +  1,276) 7,050 ECU/tonne fo r  SO3  and (4,010 +  8 8 6 ) 4,896 ECU/tonne 

fo r  NO^.

A3.1.2 Effects on Agricultural Crops

The Report suggests that the most serious impact of air pollution, arising from the 

fuel cycle, on agricultural crops, is likely to be mediated through foliar uptake of 

SO2 and O3. In addition, it notes that soil acidification is also a major concern in 

northern Europe. Thus, it assesses the effects of SO2 and acidi^cation o f soils for 

West Burton, and the effects o f SO2 and O3 for Lauffen. It notes that nitrogenous 

pollutants are regarded as being relatively unimportant for agriculture, although there 

may be synergistic effects with SO2 and O3.

Table A3.1.1 lists both the reported SO2 damage estimates on agricultural crops for 

Lauffen and West Burton in mECU per kWh, and the reported emissions o f SO2 per 

kWh electricity produced. The effects of O3 are excluded from the table, partly 

because the damage has not been estimated, and partly because O3 emissions are not 

included in the life cycle inventories for MSW treatment. From the damage estimate
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and the emissions, the damage estimate for one tonne of SO2 emitted is calculated. 

Note that the damage estimate for Lauffen is just over double the estimate for SO2 

emissions from West Burton. There appear to be two reasons for this disparity; 

firstly, the Lauffen estimate includes damage to wheat, barley, rye and oats, whereas 

the West Burton estimate includes only damages to wheat and barley crops. 

Secondly, the West Burton estimate includes UK damages only, whereas the Lauffen 

estimate includes transboundary damages ( - although only for an area o f 159 x  171 

km).

Table A3.1.1; Agricultural Crop Damages

Lauffen 
(incl. transboundary effects)

West Burton 
(UK damages only)

SO2 damage estimate 0.035 mECU/kWh^ 0.022 mECU/kWh^

SO2 emission 0.8 g/kWh 1.1 g/kWh

Damage/tonne emitted 44 ECE/tonne 20 ECU/tonne

Includes damages to wheat, barley, rye and oats.

Includes only damages to wheat and barley. The ExternE Report furthermore estimates the costs 
of soil liming to alleviate effects of acidic deposition at 0.004 mECU/kWh - this cost has not 
been taken into account here.

A3.1.3 Damage to Forests

Forests resemble agricultural crops in being sensitive to SO2 and O3 levels, whereas 

no direct effect o f N0% has been observed. Table A3.1.2 lists the SO2 damage 

estimates for forests for West Burton; the Report did not quantify the damages 

caused by SO2 emissions from Lauffen. The damage estimate is based on the price 

of timber, and thus does not include non-timber damages which it is suggested may 

outweigh the effects of lost timber production. By dividing the damage estimate by 

the emissions o f SO2 from West Burton, the damage estimate o f 3.6 ECU/tonne o f  

SO2 is obtained. This includes transboundary effects.
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Table A3.1.2: Forest Damages

Lauffen West Burton

SO2 damage estimate not quantified 0.004 mECU/kWh‘

SO2 emission 0.8 g/kWh 1.1 g/kWh

Damage/tonne emitted not quantified 3.64 ECU/tonne

Damage to timber production. Damages to other forest products, amenity effects, loss of 
biodiversity and damage to carbon sinks have not been quantified.

A3.1.4 Control Costs for Neutralising Fresh Waters

Table A3.1.3: Water Control Costs

Lauffen West Burton

Liming Costs for controlling 

acidification of fresh waters
0.00072 mECU/kWh 0.0016 mECU/kWh

SO2 damage estimate 0.00042 mECU/kWh^ 0.00067 mECU/kWh^

SO2 emission 0.8 g/kWh 1.1 g/kWh

Damage/tonne SO2 emitted 0.53 ECU/tonne 0.61 ECU/tonne

N0% damage estimate 0.00030 mECU/kWh 0.00093 mECU/tonne

NOx emission 0.8 g/kWh 2.2 g/kWh

Damage/tonne NO* emitted 0.37 ECU/tonne 0.42 ECU/tonne

Estimate based on the method for attributing damage to each of the acidic pollutants 
demonstrated in the section on mortality effects.

Using the same method as for Lauffen, but using emissions data from West Burton. This yields 
a relationship of 41.8% of damage being attributable to SO; emissions and 58.2% to NO, 
emission.

No actual damages have been quantified for fresh waters. The reported estimates 

in Table A3.1.3 are based on the costs of liming Scandinavian fresh waters in order 

to alleviate the effects of acidic deposition. The Report points out, that the liming 

performed in Norway and Sweden does not alleviate damage to all affected water 

systems. Also» liming does not solve the acidification problem  - the Scandinavians
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view it as a means o f  ^buying tim e’, until acidic deposition in their countries is 

reduced to an appropriate level (ETSU & 1ER, 1994). Furthermore, given that no 

control costs or damage costs for fresh waters in other countries have been included, 

it is likely that using the liming costs for Scandinavian fresh waters as an 

approximation for damages represents an underestimate of the total European 

damages, although, the report suggests that acidic depositions in southern Europe 

may be neutralised by airborne calcareous dust from Northern Africa.

A3.1.5 Damages to Buildings and Materials

The estimates of damages to buildings and materials caused by air pollution are 

listed below in Table A3.1.4. These estimates are based on maintenance costs, and 

as such, can be interpreted as an expression o f the willingness to pay to avoid the 

damage. However, they do not include an estimate o f the aesthetic loss associated 

with permanent damage, for example to historic buildings. The West Burton 

estimate for acidic damage is higher than that for Lauffen. This is partly explained 

through both the inclusion o f damages to paintwork, and by a more comprehensive 

inventory of steel for the UK estimate. Additionally, it reflects the assumption in 

the case of Lauffen, that 50% of material is sheltered and thus will not deteriorate 

as quickly as in the UK. Both the estimates (Lauffen and West Burton) o f acidic 

damage, are extrapolated to include transboundary effects. The cleaning costs 

associated with the soiling of buildings caused by particulates have only been 

estimated for West Burton, and for these no transboundary effects have been 

included. If it can be assumed that the majority o f the soiling is caused by larger 

particles which do not travel very far, the exclusion o f transboundary effects would 

seem justifiable.
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Table A3.1.4: Building Damages
Lauffen West Burton

Total damage due to 
acidirication 0.11609 mECU/kWh^ 1.2866 mECU/kWh^

SO2 damage estimate 

SO2 emission

Damage/tonne SO2 emitted

0.0685 mECU/kWh^ 

0.8 g/kWh 

8 6  ECU/tonne

0.5386 mECU/kWh^ 

1.1 g/kWh 

490 ECU/tonne

NO, damage estimate 

NO, emission

Damage/tonne NO, emitted

0.0476 mECU/kWh 

0.8 g/kWh 

59 ECU/tonne

0.7489 mECU/tonne 

2.2 g/kWh 

340 ECU/tonne

Total soiling damage due 
to particulates

Particulate Emissions

Damage/tonne particulate 
emitted

not quantified 

0.2 g/kWh 

not quantified

460,000 ECU/year 

1,840 tonnes/year 

250 ECU/tonne

These are not damage cost estimates but maintenance cost estimates. The estimate includes costs 
of stone refacing, mortar repointing, maintenance of unpainted galvanised steel, render and 
aluminium replacement. Unlike for the UK, it is assumed that 50% of the materials are 
sheltered, thus being subject to lower rates of corrosion.

In addition to the maintenance cost estimates included for Lauffen, this estimate includes 
maintenance costs for paint, painted galvanised steel, concrete repair and cleaning costs, but 
excludes aluminium replacement.

Estimate based on the method for attributing damage to each of the acidic pollutants 
demonstrated in the section on mortality effects.

Using the same method as for Lauffen, but using emissions data from West Burton. This yields 
a relationship of 41.8% of damage being attributable to SO; emissions and 58.2% to NO, 
emission.

Table A3.1.5 summarises the estimates for all receptors where they exist for West 

Burton and Lauffen.
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Table A3.1.5 Total Damage Estimates

Lauffen

SO2

W. Burton Lauffen

NO . PM,o

W. Burton Lauffen W. Burton

ECU per tonne o f pollutant

Health Effects:

Mortality 5774 - 4010 11667

Morbidity 1276 - 8 8 6 2607

Agricultural Crops 44 2 0 - - -  -

Forests - 3.64 - - -  -

Water 0.53 0.61 0.37 0.42

Buildings 8 6 490 59 340 - 250

A3.2 ADJUSTING DAMAGE ESTIMATES FOR TRANS-

BOUNDARY EFFECTS, INCOME ELASTICITIES AND 

DIFFERENCES IN PURCHASING POWER PARITY RATES

The damage estimates calculated in the previous section were all expressed in ECU 

per tonne emitted, and were assumed to be invariant across Europe. However, there 

appears to be a number of reasons why the damage caused by airborne emissions 

from the UK would vary from that caused by an equivalent emission from France. 

These issues are detailed in the following sections.

A3.2.1 Transboundary Dispersion

Firstly, the deposition will be greatly influenced by the weather patterns. Consider 

the following simplistic scenario; if  the prevailing wind direction in both countries 

is westerly, emissions from the UK are likely to be deposited in varying proportions 

in the UK, in the North Sea, and in continental Europe. In the case o f France, a 

prevailing westerly wind implies that a greater proportion of France’s emissions are 

likely to be deposited on land. If one assumes that depositions o f both 50% and NO, 

falling at sea will cause little if  any damage, then it is clear that on this basis alone.
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damages caused by emissions from the two countries will vary significantly. These 

differences in deposition patterns have been modelled in the EMEP/MSC-W Report 

(Barrett, et al., 1995).

Figure A3.1 provides a diagrammatic overview of the dispersion of pollutants.

1 tonne 
pollutant k

I
Country i

Fraction to sea
— Sk 

0  <  Sik< 1

Sea

Fraction to 
country i itself

=  diic 
0  <  d i i k <  1

Country i

Figure A3.1 Dispersion of Pollutant k

Fraction to 
country j

= djk 
0  <  d̂ k< 1

Country j

where j = 1,..., n 
i.e. all the countries 

other than i itself 
receiving emissions 

from country i

From Figure A3.1, it is clear that the following holds:

j-i
-jk [A3.1]

where is the fraction of emissions of pollutant k from country i falling at

sea;

d i^  is the fraction of emissions of pollutant k from country i being 

deposited in country i itself; and

is the fraction of emissions of pollutant k from country i being 

deposited in country 7 , where7  are all the other countries in the UN  

ECE.

133



Now assume that the physical damage caused by a tonne of pollutant k (e.g. SO2, 

NOJ deposited will be the same no matter which country it falls on, but zero for 

any depositions to sea:

^dep.ik — ^depjk [A3.2]

Where and are expression for the physical damage caused by 1 tonne

of pollutant k deposited in countries i and j  respectively. As the physical damage 

per unit o f pollutant k deposited is assumed to be the same anywhere on land, it can 

be expressed simply as omitting the subscript denoting the receiving country.

D^,sk  = 0  [A3.3]

The expression [A3.3] shows the assumption that the physical damage caused by a 

tonne o f pollutant k deposited at sea is nil. The damage per tonne o f k emitted from 

country i can now be expressed as follows:

^anis.ik — ^dep.k ' (1 ’ ^ik) [A3.4]

i.e. the physical damage per tonne deposited times the fraction of emissions that is

deposited on land. Alternatively, it can be expressed in more detail, attributing

damage to each receiving country:

^ e n ü s ,ik ' ^dep,k * ^i-*ik ' ^dep,k ' W ] [A3.5]

The monetary value o f the damage done in all countries by the emissions o f 1 tonne 

of k  from country /, can be obtained by multiplying equation [A3.5] by the

shadow price for damage caused by k:

^emis,ik ' ^dep,k * (1 ' ^Jk
j

[^ i-* ik  ‘ ^ d e p ,k  * (1 “ * ^ ik ]

[A3.6]
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where P,-* is the shadow price for damage caused by pollutant k in country /, and Py* 

is the shadow price for damage caused by pollutant k  in country j .

In addition to multiple pollutants, Â: =  1 ,..., m (SO2, NOJ, the notion o f multiple 

receptors, r =  1, . . . ,  / (health, crops, water, etc.) can now also be introduced. 

Equation [A3.6 ] then becomes:

^em isjk ' ^dep ,kr ' % )  '

^ i-* ik  ' ^ dep .kr  '  ( 1  ‘ ^ ik i\

[A3.7]

A3.2.2 Differences in Willingness to Pay

A second reason why the damage caused by the emissions of 1 tonne of k from two 

different countries may differ, is that the willingness to pay (WTP) may vary 

between countries. If the WTP is the same in all countries, then Pŷ  =  Pj .̂ 

However, WTP is more likely to vary between countries, reflecting disparities in 

both relative income levels and the income elasticity o f demand for environmental 

quality between countries. The ideal approach would involve adjusting calculated 

national damage estimates to reflect these differences. While the former adjustment 

can be made quite easily by adjusting income levels using purchasing power parity 

rates, the latter adjustment is more difficult given the lack of knowledge relating to 

the income elasticities of demand for environmental quality for the EU Member 

States, let alone for all countries receiving air pollution from the EU States.

The hypothesis that environmental quality is a ‘luxury good’, i.e . a good which 

would primarily benefit the wealthy relative to the poor, has been challenged by 

Pearce (1980) and more recently by Kristrom & Riera (1994). Kristrom & Riera’s 

survey o f contingent valuation studies for Finland, France, Norway, Netherlands, 

Spain and Sweden indicates that very few studies support the view that income 

elasticities o f demand for environmental quality is greater than 1 , and a number of 

studies suggest income elasticities of the order of 0.3. This finding is supported by 

Pommerehne (1988) whose work, involving a comparison o f hedonic pricing and
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contingent valuation results, likewise suggests an income elasticity of 0.3. On the 

basis o f these studies, two adjustments for income elasticities of demand for 

environmental quality are carried out; one where the income elasticity is assumed 

to be 1 and another where the income elasticity is assumed to be 0.3.

Thus on the basis of an estimated shadow price for the damage caused by pollutant 

k in one country, the shadow price for another country can be estimated:

where P 

Y 

n 

e

= P. [A3.8]

the estimated shadow price in country m;

the income at PPP rates;

the country whose shadow price is known; and

income elasticity of demand for environmental quality

Substituting [A3.8 ] for P  in [A3.7] renders:

' ^ dep ,kr ' ( 1  “  % )  * ^n kr
Jff

e
;

^i-*ik ' ^ dep ,kr  * ^ik^ * ^nkr

[A3.9]

A3.2.3 Transboundary Pollution

The relevance of critical loads was discussed in the main text o f Chapter 3. Tables 

A3.2.1 and A3.2.2 illustrate the relative country-to-country deposition matrices for 

oxidised sulphur and oxidised nitrogen respectively for UN ECE^. These are based 

on the average of the absolute value matrices for the period 1985-1994 (Barrett, et 

al.y 1995). In the following, it is assumed that the pattern o f damage caused by 

atmospheric emissions of SO2 and N0% follows the pattern o f depositions o f oxidised 

sulphur and nitrogen. This implies that as 28 per cent o f oxidised sulphur emissions

The UN ECE is all of Europe including all of Scandinavia and Central and Eastern Europe as 
opposed to just the European Union.
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in the period 1985-1994 fell in the UK and around 50 per cent was deposited at sea, 

56 per cent of the damage caused by UK emissions will be incurred in the UK. 

Similarly, the five per cent o f UK emissions landing on Germany would account for 

nine per cent of total damages caused by UK SO2 emissions (see Table A3.2.1). 

This assumption introduces a further element o f uncertainty. As discussed in section 

A3.1, the damage estimates for SO2 and NO% are in fact based on damage estimates 

for acidic aerosols (mainly ammonium sulphate, sulphuric acid and ammonium 

nitrate) which have been related to emission of SO2 and N0% respectively. Thus, if  

sulphates account for, say, one third of the total o f SO2 emissions, the damage 

estimate of X ECU relates really only to that third. However, as the emissions are 

given in tonnes of SO2 as opposed to tonnes of sulphates, it is assumed that the 

damage caused by 1 tonne of SO2 is X ECU - when really it is X ECU for 16 tonnes 

of sulphates. This is a quite legitimate assumption to make - as long as the amount 

of sulphate relative to SO2 (or ammonium nitrate relative to NOJ remains constant. 

However, the EMEP Report (Barrett et a l., 1995) suggests that this may not always 

be the case, particularly in respect of the sulphate - SO2 relationship:

... a larger fraction o f  oxidised sulphur appears as SO2  than as 

particulate sulphate over the mainland o f  Europe, the ration often 

being more than 2:1. Moving towards the Mediterranean countries 

and Scandinavia the ratio approaches 1:1, with ratios favouring 

particulates at the margins o f the domain.

Barrett et al. (1995), p 26.

This implies that the assumption of a constant relationship between sulphates and 

SO2 might result in an underestimate of sulphate induced damage in Scandinavia and 

the Mediterranean, or an overestimate for Central Western Europe. However, 

following discussions with one of the authors o f the Report (Holland, 1995), it was 

decided that little in terms o f improved accuracy could be achieved by attempting 

to correct for these differences, considering the large uncertainties already attached 

to the damage estimates.
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Table A3.2.1 Relative Dispersion of Oxidised Sulphur Emissions - Average 1985-1994

Alb Aui Belg Bulga Czech Den Fin France Germ Gie Hung loel Irel Italy Lux NL Nor 
EMITTING COUNTRIES 

Met cent of SÔ  emissions deposited

Pol Port Rom Spain SWB Swi Turk Sov UK Yug Sea+

Albania 23.85 0.15 0.03 0.62 0.10 0.00 0.00 0.07 0.05 2.87 0.24 0.00 0.00 0.90 0.00 0.00 0.00 0.05 0.00 0.18 0.04 0.00 0.00 0.09 0.02 0.01 1.04 0.24
Austria 0.19 26.12 1.06 0.17 3.34 0.25 0.05 1.37 2.01 0.14 1.94 0.00 0.17 1.64 2.12 0.72 0.00 0.95 0.04 0.44 0.21 0.11 6.62 0.00 0.05 0.29 2.40 0.68
Belgium 0.00 0.06 15.89 0.00 0.21 0.15 0.00 2.67 0.78 0.00 0.04 0.00 0.32 0.04 3.26 4.14 0.00 0.08 0.06 0.01 0.20 0.03 0.09 0.00 0.01 0.87 0.02 0.22

R Bulgaria 4.55 0.78 0.10 27.17 0.66 0.09 0.03 0.10 0.29 2.82 1.91 0.00 0.00 0.53 0.00 0.08 0.00 0.46 0.00 7.14 0.03 0.05 0.14 0.99 0.46 0.04 3.60 0.73
E Czech 0.42 8.77 1.58 0.33 23.07 0.74 0.13 1.22 7.65 0.22 7.21 0.00 0.24 0.69 2.93 1.20 0.10 5.40 0.00 1.21 0.21 0.29 1.86 0.01 0.18 0.46 1.70 0.84
Q  Denmark 0.00 0.15 0.67 0.01 0.35 11.05 0.08 0.30 0.70 0.00 0.10 0.00 034 0.02 0.00 0.97 0.79 0.34 0.02 0.04 0.05 0.92 0.00 0.00 0.04 0.87 0.03 0.25
g  Finland 0.00 0.24 0.40 0.06 0.59 1.76 32.85 0.19 0.73 0.00 0.33 0.00 0.20 0.03 0.00 0.48 3.07 1.05 0.00 0.21 0.03 6.04 0.00 0.00 2.03 0.37 0.11 1.19

France 0.11 2.10 12.56 0.07 1.54 0.70 0.07 35.14 2.90 0.07 0.65 0.00 2.46 2.89 20.20 5.91 0.10 0.63 3.20 0.16 8.55 0.26 10.16 0.00 0.05 3.24 0.83 3.06
 ̂ Germany 0.08 6.96 19.56 0.16 12.00 6.03 0.22 10.45 31.13 0.07 1.28 0.00 1.91 1.11 30.46 17.03 0.94 3.23 0.56 0.41 1.37 1.07 11.89 0.00 0.20 4.57 0.71 2.35

^  Greece 11.77 0.36 0.07 8.98 0.27 0.01 0.00 0.11 0.13 19.51 0.64 0.00 0.00 1.11 0.00 0.03 0.00 0.19 0.00 1.41 0.07 0.00 0.05 1.80 0.18 0.03 1.54 0.77
I Hungary 0.80 6.84 0.36 0.69 3.95 0.20 0.06 0.40 1.04 0.39 25.91 0.00 0.02 1.12 0.16 0.29 0.00 1.52 0.00 2.91 0.10 0.08 0.82 0.07 0.16 0.11 4.22 0.55
X Iceland 0.00 0.00 0.03 0.00 0.01 0.01 0.00 0.03 0.02 0.00 0.00 23.40 0.20 0.00 0.00 0.05 0.05 0.01 0.00 0.00 0.01 0.03 0.00 0.00 0.00 0.10 0.00 0.21
Q Ireland 0.00 0.00 0.23 0.00 0.05 0.07 0.00 0.19 0.09 0.00 0.00 0.00 18.65 0.00 0.00 0.21 0.00 0.03 0.08 0.00 0.10 0.02 0.00 0.00 0.00 0.94 0.00 0.32

Italy 1.91 5.85 0.76 0.75 1.48 0.23 0.01 3.42 1.04 1.35 2.05 0.00 0.17 27.86 1.63 0.52 0.00 0.73 0.54 0.57 1.22 0.06 13.57 0.21 0.06 0.29 5.07 2.12
Luxemb 0.00 0.00 0.26 0.00 0.02 0.00 0.00 0.36 0.07 0.00 0.00 0.00 0.00 0.01 6.84 0.09 0.00 0.01 0.00 0.00 0.03 0.00 0.00 0.00 0.00 0.03 0.00 0.02

^  Netberi 0.00 0.12 5.68 0.00 0.28 0.30 0.01 1.35 1.08 0.00 0.05 0.00 0.49 0.03 1.14 15.80 0.00 0.13 0.02 0.01 0.13 0.06 0.00 0.00 0.01 1.60 0.01 0.26
O Norway 0.00 0.24 0.91 0.02 0.54 3.35 1.23 0.44 0.95 0.00 0.21 0.00 1.08 0.03 0.16 1.21 27.81 0.59 0.02 0.11 0.09 4.68 0.05 0.00 0.43 1.82 0.06 1.46
U Poland 0.54 5.07 3.30 0.54 14.40 5.99 0.78 1.87 14.94 0.22 5.77 0.00 0.61 0.67 4.07 3.20 1.14 36.84 0.19 2.04 0.35 2.53 1.63 0.07 0.99 1.45 1.85 1.91

Portugal 0.00 0.00 0.03 0.00 0.01 0.00 0.00 0.09 0.01 0.00 0.01 0.00 0.05 0.02 0.00 0.00 0.00 0.00 33.79 0.01 2.26 0.00 0.00 0.00 0.00 0.03 0.01 0.33
y  Rumania 2.87 2.58 0.36 6.98 3.17 0.36 0.16 0.34 1.19 1.56 9.96 0.00 0.03 1.12 0.33 0.33 0.05 2.34 0.00 40.32 0.10 0.23 0.59 0.90 1.54 0.14 6.94 1.46

Spain 0.04 0.21 0.65 0.02 0.16 0.12 0.00 2.13 0.25 0.03 0.11 0.00 0.46 0.58 0.65 0.46 0.00 0.08 21.34 0.04 38.46 0.02 0.54 0.00 0.00 0.43 0.19 1.64
^  Sweden 0.00 0.63 1.55 0.04 1.41 12.93 6.71 0.70 2.17 0.01 0.56 0.00 0.79 0.06 1.30 1.86 15.39 1.97 0.08 0.32 0.10 31.54 0.23 0.00 0.80 1.70 0.18 1.71

 ̂ Switzer! 0.00 0.90 0.49 0.01 0.22 0.06 0.00 1.70 0.37 0.02 0.11 0.00 0.10 1.27 1.63 0.29 0.00 0.07 0.19 0.03 0.34 0.00 28.27 0.00 0.00 0.16 0.17 0.36
E Turkqr 2.10 0.54 0.12 7.23 0.54 0.14 0.09 0.14 0.28 7.53 1.13 0.00 0.00 0.65 0.00 0.08 0.00 0.52 0.00 2.87 0.06 0.08 0.23 52.32 1.06 0.05 1.11 2.93
S Soviet 3.17 8.14 4.14 9.93 14.72 11.51 31.23 2.45 10.87 3.17 17.43 0.00 1.16 1.97 3.91 4.23 7.72 27.24 0.17 21.04 0.55 15.08 2.31 8.86 77.23 2.59 7.01 23.76

UK 0.00 0.21 2.74 0.02 0.48 0.84 0.09 1.90 0.91 0.00 0.10 0.00 10.48 0.05 1.63 3.15 0.54 0.30 0.36 0.05 0.54 0.34 0.23 0.00 0.05 28.06 0.04 1.20
Yugoslav 16.13 9.34 0.57 4.15 3.32 0.28 0.07 0.98 1.44 4.28 10.26 0.00 0.08 6.05 0.98 0.47 0.00 1.60 0.04 3.93 0.34 0.13 2.00 0.44 0.26 0.20 40.42 1.84
Sea+ 31.46 13.63 25.93 32.05 13.12 42.85 26.14 29.88 16.92 55.74 12.01 76.60 59.98 4935 16.61 37.19 42.31 13.63 39.29 14.56 44.45 36.35 18.74 34.23 14.17 49.55 20.74 47.58

Sum 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00

U)
oo

Source: Barrett et al. (1995)



Table A3.2.2 Relative Dispersion of Oxidised Nitrogen Emissions - Average 1985-1994
Alb Aut Bel Bulg Czech Den Fin France Germ Gre Hung Icei Irel Italy Lux NL Nor 

EMITTING COUNTRIES 

Per cent of NO, emluiont dqmited

Pd Port Rom Spdn Swe Swi Turk Sov UK Yugo Sea+

Albania 9.50 1.34 0.16 0.66 0.42 0.03 0.00 0.25 0.33 2.01 0.53 0.00 0.04 1.08 0.21 0.12 0.02 0.18 0.00 0.35 0.08 0.01 0.87 0.05 0.03 0.08 1.20 0.22
Austria 0.00 9.34 1.72 0.30 2.66 0.36 0.04 1.78 2.74 0.11 1.47 0.00 0.28 2.65 2.78 1.14 0.14 0.89 0.00 0.57 0.25 0.20 6.45 0.00 0.06 0.54 2.44 0.61

Belgium 0.56 0.19 3.65 1.99 0.26 0.16 0.00 1.30 0.79 0.40 0.24 0.00 0.48 0.09 1.92 1.78 0.00 0.14 0.14 0.44 0.22 0.08 0.30 0.15 0.09 1.01 0.19 0.28
Bulgaria 5.31 1.61 0.33 13.37 1.79 0.22 0.04 0.26 0.68 3.76 2.61 0.00 0.04 0.73 0.21 0.36 0.07 0.93 0.00 6.94 0.06 0.13 0.47 1.19 0.47 0.15 2.75 0.52
Czech 0.00 6.77 2.38 0.49 9.67 1.21 0.16 1.58 4.22 0.34 4.97 0.00 0.40 1.20 3.42 2.00 0.36 3.65 0.00 1.31 0.25 0.50 2.61 0.00 0.21 0.86 2.34 0.80
Denmark 0.00 0.24 0.82 0.02 0.42 3.33 1.71 0.35 0.81 0.00 0.20 0.00 0.67 0.04 0.00 1.22 1.06 0.57 0.05 0.06 0.05 1.45 0.13 0.00 0.21 1.18 0.05 0.36

^  Finland 0.00 0.56 1.59 0.00 0.94 2.81 16.40 2.55 1.46 0.03 0.45 0.00 0.79 0.57 1.50 1.42 4.37 1.40 0.38 0.21 0.95 6.41 1.24 0.00 1.36 1.12 0.29 1.32
£  France 0.00 2.92 10.84 0.13 2.33 1.25 0.12 20.89 6.22 0.06 0.88 0.00 3.57 3.95 14.32 6.39 0.36 1.00 5.58 0.28 9.85 0.49 9.99 0.00 0.09 5.13 1.51 3.08

C Germany 1.12 5.67 16.45 1.05 7.07 4.12 0.30 9.23 17.65 1.64 1.43 0.00 3.10 2.11 21.37 14.54 1.18 2.72 0.94 0.59 1.58 1.35 11.13 0.31 0.23 5.79 1.22 2.37
Greece 10.61 0.91 0.15 5.86 0.67 0.07 0.00 0.19 0.24 12.09 1.86 0.00 0.00 1.08 0.00 0.12 0.02 0.39 0.00 2.18 0.11 0.04 0.30 2.06 0.22 0.07 1.79 0.55

y  Hungary 0.56 5.35 0.59 1.01 3.40 0.27 0.05 0.53 1.05 0.46 10.05 1.55 0.00 1.73 0.85 0.46 0.05 1.58 0.00 2.77 0.13 0.16 1.27 0.05 0.18 0.20 4.85 0.47
1 Iceland 0.00 0.00 0.12 0.00 0.01 0.10 0.00 0.07 0.07 0.00 0.00 11.63 0.83 0.00 0.00 0.14 0.22 0.03 0.00 0.00 0.00 0.07 0.00 0.00 0.00 0.28 0.00 0.27

N Ireland 0.28 0.70 0.41 0.13 0.22 0.12 0.00 0.74 0.33 0.23 0.33 0.00 6.39 2.28 0.21 0.36 0.02 0.12 0.23 0.08 0.33 0.04 1.80 0.05 0.01 0.94 0.81 0.52
® Italy 2.23 5.30 1.08 0.88 1.69 0.29 0.02 3.92 1.54 1.67 2.14 0.00 0.28 19.75 1.92 0.76 0.07 0.82 0.84 0.96 2.00 0.16 10.80 0.21 0.08 0.43 6.36 1.60

Q  Luxemb 0.00 0.03 0.38 0.00 0.05 0.03 0.00 0.27 0.17 0.00 0.02 0.00 0.08 0.01 0.85 0.34 0.02 0.01 0.00 0.00 0.05 0.01 0.00 0.00 0.00 0.20 0.00 0.04

O Netberi 0.00 0.16 2.46 0.00 0.31 0.85 0.18 0.84 1.12 0.00 0.06 0.00 0.95 0.03 0.43 3.77 1.62 0.26 0.00 0.02 0.14 0.63 0.10 0.00 0.04 1.90 0.00 0.40
U Norway 0.00 0.96 1.64 0.15 1.74 4.10 1.66 0.76 1.93 0.03 0.96 0.00 2.06 0.17 1.07 2.23 14.31 2.49 0.05 0.35 0.13 4.43 0.40 0.00 0.34 2.65 0.36 1.44
^  Poland 0.00 5.22 4.69 0.77 10.97 5.92 1.03 2.40 7.76 0.34 5.08 0.00 1.15 1.16 5.34 4.94 1.74 15.83 1.45 2.13 0.61 3.15 2.51 0.00 1.02 2.29 2.51 1.80

£  Portugal 0.56 0.27 0.08 1.28 0.34 0.06 0.04 0.15 0.14 0.26 0.96 0.00 0.00 0.16 0.00 0.10 0.02 0.25 19.80 1.66 2.62 0.04 0.10 0.15 0.22 0.09 0.53 0.56
I  Rumania 3.63 3.00 0.70 7.81 3.69 0.52 0.20 0.71 1.15 2.10 9.01 0.00 0.12 1.56 0.64 0.70 0.22 2.60 1.92 21.31 2.81 0.33 0.90 1.13 1.31 0.31 5.64 1.12

Spain 0.00 0.45 1.09 0.02 0.46 1.30 0.82 2.40 0.82 0.03 0.26 0.00 0.87 0.75 1.07 1.02 1.42 0.52 28.63 0.08 30.74 1.78 0.87 0.00 0.11 1.00 0.41 1.90
* Sweden 0.00 0.80 2.15 0.09 1.46 9.36 6.69 1.05 2.37 0.00 0.59 0.00 1.51 0.30 1.92 2.89 13.68 2.11 0.05 0.40 0.15 14.90 1.77 0.00 0.84 2.44 0.24 1.55

Switzer! 0.28 0.72 0.63 0.66 0.25 0.09 0.02 1.80 0.68 0.83 0.20 0.00 0.08 1.55 1.50 0.38 0.02 0.13 0.19 0.21 0.45 0.04 9.26 3.15 0.17 0.25 0.31 0.53
Turkqr 3.35 2.14 0.96 8.24 3.04 2.35 3.96 0.61 1.74 9.31 3.91 0.00 0.32 0.88 0.85 1.23 1.57 4.63 0.05 5.41 0.15 2.87 0.77 37.60 7.66 0.73 2.25 4.18

Soviet 4.19 10.70 6.83 12.95 17.41 18.04 36.87 3.73 10.55 4.14 18.06 0.00 3.18 3.17 5.56 8.18 13.00 29.38 0.33 23.16 0.74 22.56 4.38 11.96 61.79 5.46 8.90 17.73

UK 2.23 1.18 2.24 1.28 0.85 0.95 0.16 1.70 1.30 0.95 1.30 0.00 9.96 0.84 2.14 2.54 0.65 0.52 0.56 0.48 0.56 0.50 0.70 0.10 0.10 10.45 2.39 1.30

Yugotla 14.80 8.27 0.91 4.52 3.87 0.43 0.16 1.48 1.69 4.80 9.09 0.00 0.12 8.17 1.07 0.79 0.12 1.96 0.28 5.06 0.95 0.31 2.94 0.67 0.62 0.34 19,97 2.08

Sea+ 40.78 25.23 34.94 36.34 24.01 41.69 29.38 38.47 30.45 54.41 23.34 86.82 62.72 43.98 28.85 40.06 43.64 24.89 38.53 22.99 44.02 37.34 27.94 41.16 22.53 54.11 30.70 52.40

Sum 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00

U )
VO

Source: Barrett et al. (1995)



Thus, tables A3.2.1 and A3.2.2 are employed as the basis for calculating the relative 

proportions of SO2 and N0% emissions from each o f the 12 EU Member States 

deposited across UN ECE. A correction is made for the proportion of emissions

deposited at sea where it is assumed to cause no damage, in order to produce the

damage estimate.

A 3.2.4 Calculating the Adjusted Damage Estimates for each of the EU-12

Sections A 3.2 .1 and A3.2.2 illustrated algebraically why and how the transboundary 

dispersion of pollutants and differences in willingness to pay between countries can 

influence the unit damage costs o f pollution. The following section explains, step 

by step, how these factors are incorporated into the damage estimates for SO2 and 

NO, in practice^.

The damage estimates per tonne of pollutant, ky and for receptor r, from section 

A3.1, can be expressed in general terms as V D ^  where is the monetary 

damage estimate per tonne emission; o denotes the country of origin for the damage 

estimate (i.e. United Kingdom or Germany); k denotes the pollutant, e.g. SO2 or 

N0%; and r denotes the receptor, e.g. health, crops, etc. Although section A3.1 did 

not cover in any detail how the original damage estimates measured in mECU/kWh 

were arrived at in the ExtemE Report (ETSU & 1ER, 1994), these were based on 

estimates of the physical damages incurred and the shadow prices for these damages:

ch- =  ^  [A3.10]

where D  is the physical damage per tonne emission; and

P  is the shadow price of the damage; and 

n denotes the country from which the shadow price is borrowed.

The damage estimate for TSP will only be adjusted to take account of differences in income at 
PPP rates and income elasticity; no adjustment will be carried out to take account of 
transboundary dispersion of particulates. The reason for this, is not that particulates are entirely 
localised in their effects, but rather that no dispersion matrix exists for TSP.
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The total unadjusted damage estimate for one pollutant across all receptors can then 

be expressed as:

= Z  ^«ni.,okr [A3.11]
r

The first step towards estimating a damage adjusted for transboundary effects and 

for differences in WTP using income levels at PPP and the income elasticities of 

demand for environmental quality per tonne of pollutant emitted from each o f the 

EU-12, is to calculate how much of the damage per tonne emitted from country o 

is incurred in each of the receiving countries:

VDe^.o^ikr = yD^n,,.okr ' [A3-12]
 ̂ ôk

where is the unadjusted monetary value for damage done to receptor

r in country j  from emissions o f pollutant k from country o\ 

j  denotes the countries (the UN ECE) receiving emissions from

country o\

d ĵ,  ̂ is the fraction of country o ’s emissions o f pollutant k being

deposited in country j ;  and 

ŝ k is the fraction of country o*s emissions of pollutant k being

deposited at sea.

The total unadjusted damage to country j  from emissions of k from country o, is 

then the sum of the damage estimates for each receptor:

^ .n ^ .o^ ik  = y0^^.ok ■ [A3.13]
 ̂ ôk

In order to adjust for differences in WTP, the unadjusted damage estimate is now 

adjusted by substituting the ‘borrowed’ shadow price for the unadjusted damage with 

the shadow price pertaining to the country j  suffering the damage:

^ jk r  = P n k r

y.V
[A3.14]
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Thus, the adjusted monetary value for damages arising from the emissions of 

pollutant k from country o to country j  becomes:

/ y  V
23Ü- [A3.15]

Dividing the adjusted damage estimate for the fraction of country o ’s emissions 

deposited in county J with the fraction of country o's emissions deposited in county 

7 , gives a damage estimate per tonne of the pollutant k deposited in country j \

[A3.16]

With the estimate for damage per tonne of pollutant deposited in each country and 

the dispersion pattern for pollutants, the adjusted monetary damage estimate can now 

be calculated for each country z, where z is the 12 EU Member States:

= yD4e,.ik ■ d,^jk V i [A3.17]

The total adjusted damage estimate for pollutant k  for country z is then:

= 'L ^ J .p .jk  • di^jk V i [A3.18]

A3.2.5 Adjusted Damage Estimates for SOj and NO,

Each of these steps have been carried out before arriving at the total adjusted 

damage estimates for SO2 in Tables A3.2.3-4 and NO, in Tables A3.2.5-6^. Two 

sets of damage estimates have been calculated. One set, as represented by Tables 

A3.2.3 and A3.2.5, assumes an income elasticity of demand for environmental 

quality o f 0.3. The other, as represented by Tables A3.2.4 and A 3.2.6, assumes an 

income elasticity o f 1 .

The computer printouts of the spreadsheet calculating each of these steps can be obtained on 
request from the author.
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Table A3.2.3 Total Adjusted Damage Estimates for 80% Elmissions from each EU-12 Member State (e = 0.3)
Belgium Denmark France Germany Greece Ireland Italy Luxembourg 

EMITTING COUNTRIES 
ECU/tonne SO; emitted from the EU-12 Member States

Netherlands Portugal Spain UK

Albania 2 0 5 4 224 0 70 0 0 0 3 1
Austria 101 24 130 191 13 16 156 201 69 4 20 27
Belgium 1495 14 251 73 0 30 4 306 389 6 19 82
Bulgaria 6 6 6 18 176 0 33 0 5 0 2 2
Czech 105 49 82 512 14 16 46 196 80 0 14 30

R Denmark 63 1038 28 65 0 32 2 0 91 2 4 82

E Finland 35 153 16 63 0 18 3 0 42 0 2 32
C France 1158 65 3242 268 6 227 267 1863 545 295 789 299
E Germany 1721 530 920 2739 6 168 98 2680 1499 50 121 403
I Greece 5 1 9 11 1578 0 90 0 3 0 6 2
V
I Hungary 23 13 26 67 25 1 72 11 19 0 6 7

N Iceland 3 1 3 2 0 19 0 0 4 0 1 10

G Ireland 18 6 16 7 0 1521 0 0 17 7 9 76
Italy 70 21 314 95 124 15 2558 150 48 50 112 26

C Luxembourg 27 0 37 7 0 0 1 710 10 0 4 3
O Netherlands 507 27 121 97 0 44 2 102 1411 2 12 143
u
N Norway 86 316 41 90 0 102 2 15 114 2 9 172

T Poland 189 344 108 858 12 35 38 234 184 11 20 83
R Portugal 2 0 7 1 0 4 2 0 0 2852 191 3
1 Rumania 18 18 17 60 79 2 57 16 17 0 5 7
E Spain 53 9 176 20 2 37 48 54 38 1756 3164 36
S Sweden 138 1156 62 194 1 71 6 116 167 7 9 152

Switzerland 51 6 176 39 2 10 131 169 30 19 35 16
Turkey 7 8 8 17 448 0 39 0 5 0 4 3
Soviet 228 634 135 598 174 64 108 215 233 9 31 142
UK 242 74 168 80 0 928 4 144 279 31 48 2483
Yugoslavia 41 20 70 103 305 6 432 70 34 3 24 14

Total 6396 4532 6175 6279 3191 3366 4268 7252 5329 5107 4662 4338

4̂



Table A3.2.4 Total Adjusted Damage Estimates for 80% Emissions from each EU-12 Member State (e =  1)
Belgium Denmark France Germany Greece Ireland Italy Luxembourg 

EMITTING COUNTRIES 
ECU/tonne S0% emitted from the EU-12 Member States

Netherlands Portugal Spain UK

Albania 1 0 2 1 74 0 23 0 0 0 1 0
Austria 105 25 136 200 14 17 163 210 72 4 21 29
Belgium 1594 15 268 78 0 32 4 327 415 6 20 88
Bulgaria 2 2 2 6 61 0 11 0 2 0 1 1
Czech 61 29 48 298 8 9 27 114 47 0 8 18

R Denmark 67 1105 30 70 0 34 2 0 97 2 5 87

E Finland 32 140 15 58 0 16 2 0 38 0 2 29
C France 1219 68 3411 282 7 239 280 1960 574 311 830 315
E Germany 1685 519 900 2682 6 164 96 2624 1467 49 118 394
I Greece 3 1 5 6 905 0 52 0 2 0 3 1
V
I Hungary 11 6 13 33 12 1 35 5 9 0 3 4

N Iceland 3 1 3 2 0 19 0 0 4 0 1 10
G Ireland 16 5 13 6 0 1288 0 0 14 6 7 65

Italy 70 21 312 94 123 15 2539 148 47 50 111 26
C Luxembourg 26 0 36 7 0 0 1 691 9 0 3 3
0
IT Netherlands 503 26 120 96 0 43 2 101 1399 2 11 142
U
N Norway 92 339 44 97 0 109 3 16 122 2 9 185
T Poland 86 156 49 389 6 16 17 106 83 5 9 38
R Portugal 2 0 5 1 0 3 1 0 0 1859 124 2
I Rumania 5 5 5 18 23 1 17 5 5 0 1 2
E Spain 45 8 148 17 2 32 40 45 32 1477 2661 30
S Sweden 136 1139 61 191 1 70 6 115 164 7 9 150

Switzerland 60 7 205 45 2 12 153 196 35 23 41 19
Turkey 3 3 3 6 155 0 13 0 2 0 1 1
Soviet 96 268 57 253 74 27 46 91 99 4 13 60
UK 241 74 167 80 0 923 4 143 277 31 48 2470
Yugoslavia 26 12 44 64 191 4 270 44 21 2 15 9
Total 6188 3974 6101 5078 1664 3074 3809 6943 5036 3840 4079 4175

•4̂



Table A3.2.5 Total Adjusted Damage Estimates for NO, Emissions from each EU-12 Member State (e =  0.3)
Belgium Denmark France Germany Greece Ireland Italy Luxembourg 

EMITTING COUNTRIES 
ECU/tonne NO, emitted from the EU-12 Member States

Netherlands Portugal Spain UK

Albania 8 1 12 15 93 2 50 10 5 0 4 4
Austria 131 27 135 209 9 21 202 211 87 0 19 41
Belgium 279 12 99 60 31 36 7 147 136 11 17 78
Bulgaria 14 9 11 30 164 2 32 9 16 0 3 7
Czech 128 65 85 227 19 21 64 184 108 0 13 46

R Denmark 63 254 27 62 0 52 3 0 93 4 4 90

E Finland 111 196 178 102 2 55 40 104 99 26 67 78
C France 818 95 1577 469 4 270 298 1081 482 422 743 387
E Germany 1185 297 665 1272 118 223 152 1539 1048 68 113 417
I Greece 9 4 11 14 691 0 62 0 7 0 6 4
V
I Hungary 29 14 27 52 23 0 86 43 23 0 7 10

N Iceland 9 8 5 5 0 62 0 0 11 0 0 21

G Ireland 27 8 49 22 15 423 151 14 24 16 22 62
Italy 80 21 289 113 123 20 1455 142 56 62 147 32

C Luxembourg 29 2 21 13 0 6 1 66 26 0 4 15
0 Netherlands 179 62 61 82 0 69 3 31 275 0 10 138
u
N Norway 126 316 58 148 2 159 13 82 172 4 10 204

T Poland 219 276 112 361 16 54 54 249 230 68 29 107
R Portugal 5 4 9 9 16 0 10 0 6 1205 160 6
I Rumania 27 20 27 44 81 5 60 25 27 74 108 12
E Spain 72 86 159 54 2 58 49 71 68 1897 2037 66
S Sweden 157 682 77 173 0 110 22 140 210 3 11 177

Switzerland 52 7 148 56 69 7 128 123 31 15 37 20
Turkey 41 101 26 75 399 14 38 37 53 2 6 31
Soviet 306 808 167 473 185 142 142 249 366 15 33 245
UK 163 69 123 94 69 724 61 155 185 41 41 760
Yugoslavia 51 24 83 95 270 7 460 60 44 16 54 19
Total 4317 3466 4241 4329 2400 2541 3642 4771 3888 394& 3704 3077



Table A3.2.6 Total Adjusted Damage Estimates for NO, Emissions from each EU-12 Member State (e = 1)
Belgium Denmark France Germany Greece Ireland Italy Luxembourg Netherlands Portugal Spain UK

EMITTING COUNTRIES
ECU/tonne NO, emitted from the EU-12 Member States

Albania 3 1 5 7 41 1 22 4 2 0 2 2
Austria 139 29 144 222 9 22 214 225 92 0 20 44
Belgium 298 13 106 65 33 39 7 157 145 12 18 83
Bulgaria 6 4 4 12 64 1 13 4 6 0 1 3
Czech 75 38 50 133 11 12 38 107 63 0 8 27

R Denmark 67 271 29 66 0 55 3 0 100 4 4 96

E Finland 103 182 165 95 2 51 37 97 92 24 62 72
C France 858 99 1653 492 5 283 312 1133 506 442 779 406
E Germany 1155 289 648 1239 115 217 148 1500 1021 66 111 406
I Greece 6 3 7 9 454 0 40 0 5 0 4 2
V
I
N

Hungary 15 7 13 26 12 0 44 22 12 0 3 5
Iceland 9 8 6 5 0 64 0 0 11 0 0 22

G Ireland 23 6 41 18 13 359 128 12 20 13 18 53
Italy 80 21 291 114 124 21 1468 143 56 63 149 32

C Luxembourg 32 2 22 14 0 7 1 70 28 0 4 16
O
u
N

Netherlands 178 61 60 81 0 69 3 31 272 0 10 137
Norway 135 339 63 159 2 170 14 88 184 4 11 218

T Poland 98 123 50 162 7 24 24 111 103 30 13 48
R Portugal 4 3 7 6 12 0 7 0 5 884 117 4
I Rumania 8 6 8 13 24 1 18 7 8 22 33 4
E Spain 61 73 135 46 2 49 42 60 57 1611 1730 56
S Sweden 154 671 75 170 0 108 22 138 207 3 11 175

Switzerland 62 9 177 67 82 8 153 147 37 18 45 24
Turkey 16 38 10 28 152 5 14 14 20 1 2 12
Soviet 127 335 69 196 77 59 59 103 152 6 14 101
UK 161 68 122 93 68 715 61 153 182 40 40 750
Yugoslavia 33 16 53 61 173 4 295 39 28 10 34 12
Total 3904 2714 4015 3599 1481 2345 3187 4366 3416 3254 3243 2811

4̂
0 \



Practical Issues

Section A3.2.2 described the need to adjust the damage estimates with incomes at 

PPP-rates and income elasticities in order to reflect differences in WTP between 

countries, and the required adjustment was illustrated in equations [A3.9] and 

[A3.15]. Ideally, incomes at PPP rates from 1990 should be used, since the damage 

estimates in the ExtemE Report are in 1990 ECUs, but unfortunately, the required 

PPP-rates for the whole o f Europe are unavailable for that year. The majority of 

sources, such as the OECD or the European Commission, only cover their respective 

constituents, whilst the World Development Report (World Bank, 1995) lists income 

at PPP-rates for 1993 in relation to the US. Hence, given the unavailability of 1990 

incomes at PPP-rates, the 1993 rates from the World Development Report (World 

Bank, 1995) have been used.

Section A3.2.2 also discussed the problem that income elasticities of demand for 

environmental quality have not been estimated for each and every country within the 

European Union, let alone in the UN ECE. However, a number of studies have 

estimated income elasticities of around 0.3 and concluded that an elasticity greater 

than one was unlikely. Hence, two series of calculations have been carried out 

spanning the range of probable income elasticities; one that assumes an income 

elasticity o f 1 and another that assumes it to be 0.3. Tables A 3.2.7 & 8  list the 

incomes at PPP-rates in relation to the US from the World Development Report 

(World Bank, 1995). In addition, the two tables also provide the rates for the UK, 

Sweden and Austria, relative to the remaining UNECE countries according to 

equation [A3.8 ]. Thus in Table A3.2.7 the assumed income elasticity o f 0.3 has
/y\®-3 ( Y V

been applied , and in Table A3.2 . 8  an income elasticity o f 1 is assumed .
\ ^ /  \  j )

Thus, the ratios encompassing the incomes at PPP-rates and the income elasticity 

used to adjust the damage estimates according to [A3.15] are repeated here:

( y \ e

1 -  J
[A3.15]

ok
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Table A3.2.7; Purchasing Power Parity Rates (1993) (GNP per capita) 
and Income Elasticity of Demand for Environmental 
Quality =  0.3

Country i

PPP/PPPus 

(US = 100)

(PPP/PPPsJ® ^

(Sweden=100)
(PPP./PPPuK)'''

(UK=100)

(PPP/PPP^J®^ 

(Austria = 100)

Albania^ 2 0 68.82 68.79 66.35
Austria^ 78 .5 103.72 103.68 100.00
Belgium^ 79 .4 104.08 104.03 100.34

Bulgaria^ 16.6 65.08 65.05 62 .74

Czech^ 30.5 78.11 78 .07 75.31
Denmark^ 79.1 103.96 103.91 100.23
Finland^ 62.8 97 .00 96 .96 93 .52
France^ 76 .8 103.04 103.00 99 .35
Germany^ 68.1 99.39 99.35 95 .83

Greece^ 36.4 82.36 82.33 79.41

Hungary^ 24 .5 73.14 73.11 70 .52

Iceland^ 75 102.31 102.27 98 .64
Ireland^ 54 .5 92 .97 92 .93 89.63
Italy^ 72.1 101.11 101.06 97 .48
Luxembourg^ 80 104.31 104.27 100.57
Netherlands^ 70 100.22 100.17 96 .62

Norway^ 80 104.31 104.27 100.57

Poland^ 20 .2 69.03 69 .00 66.55
Portugal^ 43 .3 86.77 86.73 83.65
Rumania* 11.3 57 .99 57 .96 55.91
Spain^ 54 .6 93 .02 92 .98 89.68

Sweden^ 69.5 100.00 99 .96 96.41

Switzerland^ 95 .6 110.04 109.99 106.09

Turkey^ 15.8 64.12 64 .09 61 .82

Soviet® (Ukraine) 18 66.68 66.65 64.29
UK^ 69 .6 100.04 100.00 96 .45

Yugoslavia^^ 35 81.40 81.37 78.48

Source: World Bank (1995) and own calculations.

No PPP-rate for Albania was given in World Bank (1995). A rate of 20 has been assumed. 

Extrapolated from 1980 ICP estimates, World Bank (1995).

Based on regression estimates, World Bank (1995).
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4

5

6 

7 

S

9

10

Extrapolated from 1990 ICP estimates, World Bank (1995).

Extrapolated from 1985 ICP Estimates, World Bank (1995).

No PPP-rate for Iceland was given in the World Bank (1995). A rate of 75 has been assumed. 

No PPP-rate for Luxembourg was given in World Bank (1995). A rate o f 80 has been assumed. 

Extrapolated from 1975 ICP estimates. World Bank (1995).

This value is subject to more than the usual margin of error. World Bank (1995).

No PPP-rate for Yugoslavia was given in World Bank (1995). A rate of 35 has been assumed.

In equation [A3.15] n denotes the country for which the shadow price for the 

pollutant, kj and the receptor, r, is known. Tables A 3.2.7 and A 3.2 . 8  indicate that 

shadow prices are known for three countries: Sweden, the UK and Austria. Thus, 

because the damage estimate for buildings reflects repair costs in the UK, and the 

forest damage estimates are based on UK timber prices, these have been adjusted 

with the ratio In the case of crops and water, however, no adjustments have 

been made with income at PPP-rates, as their damage estimates are based on 

international prices. The international price, however, has been adjusted with 

income elasticity .

This far the discussion on income elasticity has referred to the income elasticity of 

demand for environmental quality, whatever that may be. In the consideration of 

damage estimates for health effects, it is the income elasticity o f demand for reduced 

risk of mortality and mortality rather than for environmental quality which is of 

relevance. The damage estimate for mortality is based on the value o f a statistical 

life (VOSL). In the Report, VOSL was assumed to be 2.6 million ECU, the average 

of five European CVM studies. However, in taking this simple average, no account 

was taken o f genuine differences between VOSL in different European countries due 

to differences in WTP. Tables A3.2.9 and A3.2.10 attempt to take account of this 

by adjusting with the appropriate incomes at PPP-rates for each o f the five studies 

and with income elasticities for VOSL. Section A3.2.2 held a discussion of the 

income elasticity o f demand for environmental quality and reported studies which
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Table A3.2.8: Purchasing Power Parity Rates (1993) (GNP per capita) 
and Income Elasticity of Demand for Environmental 
Quality =  1

Country i
P P P i/P P P u s  
(US =  100)

(PPP/PPPsJ®^
(Sweden=100)

(P P P /P P P uK )'^
(UK=100)

P P P ^ P P ^ J ® ^
(Austria = 100)

Albania^ 2 0 28,78 28.74 25.48
Austria^ 78.5 112.95 112.79 1 0 0 . 0 0

Belgium^ 79.4 114.24 114.08 101.15
Bulgaria^ 16.6 23.88 23.85 21.15
Czech"̂ 30.5 43.88 43.82 38.85
Denmark^ 79.1 113.81 113.65 100.76
Finland^ 62.8 90.36 90.23 80.00
France^ 76.8 110.50 110.34 97.83
Germany^ 6 8 . 1 97.99 97.84 86.75
Greece^ 36.4 52.37 52.30 46.37
Hungary^ 24.5 35.25 35.20 31.21
Iceland^ 7 5 107.91 107.76 95.54
Ireland^ 54.5 78.42 78.30 69.43
Italy^ 72.1 103.74 103.59 91.85
Luxem bourg 80 115.11 114.94 101.91
Netherlands^ 70 100.72 100.57 89.17
Norway^ 80 115.11 114.94 101.91
Poland^ 2 0 . 2 2 9 .0 6 29.02 25.73
Portugal^ 43.3 62.30 62.21 55.16
Rumania* 11.3 16.26 16.24 14.39
Spain^ 54.6 78.56 78.45 69.55
Sweden^ 69.5 1 0 0 . 0 0 99.86 88.54
Switzerland^ 95.6 137.55 137.36 121.78
Turkey^ 15.8 22.73 22.70 20.13
Soviet^ (Ukraine) 18 25.90 2 5 . 8 6 22.93
UK^ 69.6 100.14 1 0 0 . 0 0 8 8 . 6 6

Yugoslavia^^ 35 50.36 50.29 44.59

Source: World Bank (1995) and own calculations.

* No PPP rate for Albania was given World Bank (1995). A rate of 20 has been assumed.

2

3

Extrapolated from 1980 ICP estimates, World Bank (1995). 

Based on regression estimates. World Bank (1995).
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Extrapolated from 1990 ICP estimates. World Bank (1995).

 ̂ Extrapolated from 1985 ICP estimates, World Bank (1995).

® No PPP rate for Iceland was given in World Bank (1995). A rate of 75 has been assumed.

 ̂ No PPP rate for Luxembourg was given in World Bank (1995). A rate of 80 has been assumed.

* Extrapolated from 1975 ICP estimates.

 ̂ This values is subject to more than the usual margin of error, World Bank (1995).

No PPP rate for Yugoslavia was given in World Bank (1995). A rate of 35 has been assumed.10

estimated this at between 0.3 and 1. In theory, the income elasticity o f demand for 

environmental quality and the income elasticity for VOSL need not be the same. 

However, Jones-Lee (1993) reports an income elasticity for risk o f death of 0.3 and

0.2-0.3 for non-fatal injuries, results supported by Blomquist (1979), Miller et al. 

(1988), and Persson (1988). These are remarkably similar to the suggested income 

elasticity of demand for environmental quality. However, it should be noted that 

Jones-Lee's risk of death and non-fatal injuries relate to traffic related casualties. 

It seems plausible that the income elasticity for mortality and morbidity induced by 

atmospheric pollution might differ reflecting the different ways people perceive 

voluntary and involuntary risks. Tables A3.2.9 and A3.2.10 reports the VOSL 

adjusted with incomes at PPP-rates and an income elasticity of demand for reducing 

risk of mortality of 0.3 and 1 respectively. In the first row, the unadjusted results 

of the original five CVM studies are listed. Three o f these were British, one was 

Swedish and the last was Austrian. Thus, here the ratios from Tables A3.2.7 and 

A3.2 . 8  all come into use. For each country, these results have been adjusted with 

the income at PPP-rate between that country and the UK, Sweden and Austria 

respectively, then adjusted with an income elasticity o f 0.3 in Table A3.2.9 and of 

1 in Table A3.2.10. Then, the average of those adjusted results have been 

calculated to give a unique VOSL for each UN ECE country.
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Table A3.2.9 The Value of a Statistical Life - adjusted with incomes at 
PPP-rates and an income elasticity o f  demand fo r  reduced 
risk o f  mortality o f  0.3

Author

Country of study

Melinek Maclean Jones-Lee Persson Maier
(1973) (1979) (1985) (1989) (1989)

UK UK UK Sweden Austria
Million ECU per statistical life

Average

Unadjusted 0.4 4.3 3.0 2.5 2.7 2 . 6

Albania 0.3 3.0 2 .0 1.7 1.8 1.7
Austria 0.4 4.5 3.1 2.5 2.7 2 . 6

Belgium 0.4 4.5 3.1 2.5 2.7 2 . 6

Bulgaria 0.3 2.8 1.9 1.6 1.7 1.7
Czech 0.3 3.4 2.3 1.9 2 . 0 2 . 0

Denmark 0.4 4.5 3.1 2.5 2.7 2 . 6

Finland 0.4 4.2 2.9 2.4 2.5 2.5
France 0.4 4.4 3.0 2.5 2.7 2 . 6

Germany 0.4 4.3 2.9 2.4 2 .6 2.5
Greece 0.3 3.5 2.4 2.0 2.1 2 . 1

Hungary 0.3 3.1 2.2 1.8 1.9 1.9
Iceland 0.4 4.4 3.0 2.5 2.7 2 . 6

Ireland 0.4 4.0 2.7 2.3 2.4 2.4
Italy 0.4 4.3 3.0 2.5 2 .6 2 . 6

Luxembourg 0.4 4.5 3.1 2.6 2.7 2 . 6

Netherlands 0.4 4.3 3.0 2.5 2 .6 2.5
Norway 0.4 4.5 3.1 2.6 2.7 2 . 6

Poland 0.3 3.0 2.0 1.7 1.8 1 . 8

Portugal 0.3 3.7 2 .6 2.1 2.3 2 . 2

Rumania 0 . 2 2.5 1.7 1.4 1.5 1.5
Spain 0.4 4.0 2.7 2.3 2.4 2.4
Sweden 0.4 4.3 2.9 2.5 2 . 6 2.5
Switzerland 0.4 4.7 3.2 2.7 2.9 2 . 8

Turkey 0.3 2.8 1.9 1 . 6 1.7 1 . 6

Soviet (Ukraine) 0.3 2.9 2 . 0 1.6 1.7 1.7
UK 0.4 4.3 3.0 2.5 2 . 6 2.5
Yugoslavia 0.3 3.5 2.4 2 . 0 2 . 1 2 . 1

Source: ETSU & 1ER (1994) and own calculations.
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Table A3.2.10 The Value of a Statistical Life - adjusted with incomes at 
PPP-rates and an income elasticity o f  demand fo r  reduced 
risk o f  mortality o f  1

Author

Country of study

Melinek Maclean Jones-Lee Persson Maier
(1973) (1979) (1985) (1989) (1989)

UK UK UK Sweden Austria
Million ECU per statistical life

Average

Unadjusted 0.4 4.3 3.0 2.5 2.7 2 . 6

Albania 0 . 1 1 . 2 0 . 8 0.7 0.7 0.7
Austria 0.5 4.8 3.3 2 . 8 2.7 2 . 8

Belgium 0.5 4.9 3.4 2 . 8 2.7 2.9
Bulgaria 0 . 1 1 . 0 0.7 0 . 6 0 . 6 0 . 6

Czech 0 . 2 1.9 1.3 1 . 1 1 . 0 1 . 1

Denmark 0.5 4.9 3.4 2 . 8 2.7 2 . 8

Finland 0.4 3.9 2.7 2 . 2 2 . 2 2.3
France 0.4 4.7 3.3 2.7 2 . 6 2 . 8

Germany 0.4 4.2 2.9 2.4 2.3 2.4
Greece 0 . 2 2 . 2 1.5 1.3 1.3 1.3
Hungary 0 . 1 1.5 1 . 0 0.9 0 . 8 0.9
Iceland 0.4 4.6 3.2 2 . 6 2 . 6 2.7
Ireland 0.3 3.4 2.3 1.9 1.9 2 . 0

Italy 0.4 4.5 3.1 2.5 2.5 2 . 6

Luxembourg 0.5 4.9 3.4 2 . 8 2 . 8 2.9
Netherlands 0.4 4.3 3.0 2.5 2.4 2.5
Norway 0.5 4.9 3.4 2 . 8 2 . 8 2.9
Poland 0 . 1 1 . 2 0.9 0.7 0.7 0.7
Portugal 0 . 2 2.7 1 . 8 1.5 1.5 1 . 6

Rumania 0 . 1 0.7 0.5 0.4 0.4 0.4
Spain 0.3 3.4 2.3 1.9 1.9 2 . 0

Sweden 0.4 4.3 2.9 2.5 2.4 2.5
Switzerland 0 . 6 5.9 4.1 3.4 3.3 3.4
Turkey 0 . 1 1 . 0 0.7 0 . 6 0.5 0 . 6

Soviet (Ukraine) 0 . 1 1 . 1 0 . 8 0 . 6 0 . 6 0 . 6

UK 0.4 4.3 3.0 2.5 2.4 2.5
Yugoslavia 0 . 2 2 . 2 1.5 1 . 2 1 . 2 1.3

Source: ETSU & 1ER (1994) and own calculations.
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A 3.2.6 Adjusted Damage Estimates for Particulates 

The ExtemE Report on Coal Fuel Cycles (the Report) assumes that there are no

transboundary soiling effects on buildings and materials, resulting from the emission 

of particulate matter. However, the Report models the dispersion of particulate 

emissions and their transboundary health effects. Unfortunately, it has not been 

possible to model the dispersion of particulate matter from all 12 EU Member 

States, and as no equivalent of the deposition matrices for oxidised sulphur and 

nitrogen exists for particulate matter, it has been necessary to make the simplifying 

assumption that there are no transboundary effects from particulate emissions. Or 

rather, that the transboundary effects included in the case of the Lauffen power plant 

are representative of those in all other Member States.

Based on this assumption, no attempt has been made to determine how much of

particulate emissions are deposited in other countries. The only adjustments 

undertaken, are to reflect differences in income levels and income elasticities.

The reported damage estimate for increased mortality due to PM^o emissions is, as 

in the case of acidic aerosols, based on a VOSL of 2.6 million ECU. The 

discussion related to Tables A3.2.9 and A3.2.10 reported this estimate to be the 

average o f five European CVM studies, that does not take account of different levels 

of WTP in the countries studied. Tables A3.2.9 and A 3 .2 .10 calculated the average 

of the same five studies adjusting with incomes at PPP-rates and an income elasticity 

of 0.3 and 1 respectively. In Tables A3.2.11 and A3.2.12 the unadjusted damage 

estimate for PMio’s effect on mortality has been divided by 2.6 million ECU and 

multiplied by the adjusted VOSL for each EU-12 Member State.

The damage estimate for increased morbidity due to PM^o emissions is, as for N0% 

and SO2, based on US studies. The ExtemE Report value which was adjusted to 

European conditions using the US$-ECU PPP exchange rate, has here been 

converted back to US$ using the 1990 USS-ECU PPP exchange rate, and then into 

1990 ECUs, using the conventional USS-ECU exchange rate. The resulting 

unadjusted value has then been adjusted using the PPP relationship between the US
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and each of the EU-12 Member States and income elasticities of 0.3 and I 

respectively (Jones-Lee, 1993).

Whereas both types of health damages were related to PMjo emissions, the damage 

estimate for soiling of buildings is specifically for particulate emissions, i.e. includes 

larger particles as well. The Report damage estimate was based on UK clean-up 

costs, so has been adjusted using the PPP relationship between the UK and the other 

EU-12 Members and income elasticities of 1 and 0.3.

Table A3.2.11: Particulate Damage Estimates - adjusted with incomes at 
PPP-rates and an income elasticity o f  0.3

Mortality
PM,o

Morbidity
PM,o

Buildings Total part.
Particulates transport

ECU/tonne emitted

Total part, 
electricity

Unadj. value 11667 2607 250 8100 13096
Belgium 11862 2075 260 7925 12803
Denmark 11849 2067 260 7913 12784
France 11744 2007 257 7821 12634
Germany 11328 1780 248 7458 12045
Greece 9387 951 206 5892 9511
Ireland 10596 1424 232 6843 11050
Italy 11524 1884 253 7627 12320
Luxembourg 11889 2091 261 7949 12842
Netherlands 11422 1829 250 7539 12177
Portugal 9889 1132 217 6278 10136
Spain 10602 1427 232 6848 11058
UK 11402 1819 250 7522 12149

The two total columns in Tables A3.2.11 and A3.2.12 distinguish between 

particulates emitted from transport sources and those appertaining to electricity 

generating sources. A number of studies (mostly American) have concluded that 

generally the damage caused by one unit of particulate emissions is equal to the 

damage caused by only 0.55 units of PM ô emissions (- more damage is caused by 

smaller particles which can penetrate deeper into the lungs). However, the Report 

states that emissions from power generation plants contain a relatively small 

proportion of particulates with a diameter greater than 1 0 /xm; therefore when
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Table A3.2.12: Particulate Damage Estimates - adjusted with PPP-rates and

an income elasticity o f 1

Mortality
PMjo

Morbidity Buildings Total part. 
PM,o Particulates transport

ECU/tonne emitted

Total part, 
electricity

Unadj,value 11667 2607 250 8100 13096
Belgium 12795 2075 285 8464 13669
Denmark 12747 2067 284 8432 13617

France 12376 2007 276 8187 13221
Germany 10974 1780 245 7259 11723
Greece 5866 951 131 3880 6266

Ireland 8783 1424 196 5810 9382

Italy 11619 1884 259 7686 12412
Luxembourg 12892 2091 287 8528 13772

Netherlands 11281 1829 251 7462 12050
Portugal 6978 1132 156 4616 7454
Spain 8799 1427 196 5820 9399
UK 11216 1819 250 7419 11982

comparing particulate emissions from power stations with PMio, it is suggested that 

one unit of particulate matter from power stations does the same amount o f damage 

as 0.9 units of PMjo- On this basis, it is assumed that PM^q emissions from 

transport sources can be converted into particulate equivalents using the 0.55 

conversion rate, while PM^o emissions from electricity generating sources should be 

converted using the 0.9 conversion rate. Thus, the Total Particulates - transport 

column is the sum of the building damage estimate, and 0.55 multiplied by the 

mortality and morbidity damage estimates. The Total Particulates - electricity 

column is the sum of the building damage estimate, and 0.9 multiplied by the 

mortality and morbidity damage estimates.

A 3.2.7 Total Damage Estimates

Tables A3.2.13 and A3.2.14 bring together the total damage estimates for all the 

discussed pollutants including the global warming pollutants discussed in the main 

part o f Chapter 3.
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Table A3.2.13 Total Damage Estimates - income elasticity o f 0,3
Conventional Pollutants Global Warming Pollutants

SO2 NO, TSP^,p TSP,,^ CO2 CO CH4 N2O
ECU/tonne

Unadjusted 7564 5237 8100 13096 4 7 8 6 1469
Belgium 6396 4317 7925 12803 4 7 8 6 1469
Denmark 4532 3466 7913 12784 4 7 8 6 1469
France 6175 4241 7821 12634 4 7 8 6 1469
Germany 6279 4329 7458 12045 4 7 8 6 1469
Greece 3191 2400 5892 9511 4 7 8 6 1469
Ireland 3366 2541 6843 11050 4 7 8 6 1469
Italy 4268 3642 7627 12320 4 7 8 6 1469
Luxembourg 7252 4771 7949 12842 4 7 8 6 1469
Netherlands 5329 3888 7539 12177 4 7 8 6 1469
Portugal 5107 3946 6278 10136 4 7 8 6 1469
Spain 4662 3704 6848 11058 4 7 8 6 1469
UK 4338 3077 7522 12149 4 7 8 6 1469

Table A3.2.14 Total Damage Estimates - income elasticity o f  1

Conventional Pollutants Global Warming Pollutants
SO2 NO, TSP|nmsp TSPe.ec CO2 CO CH4 N2O

ECU/tonne

Unadjusted 7564 5237 8100 13096 4 7 8 6 1469
Belgium 6188 3904 8464 13669 4 7 8 6 1469
Denmark 3974 2714 8432 13617 4 7 8 6 1469
France 6101 4015 8187 13221 4 7 8 6 1469
Germany 5078 3599 7259 11723 4 7 8 6 1469
Greece 1664 1481 3880 6266 4 7 8 6 1469
Ireland 3074 2345 5810 9382 4 7 8 6 1469
Italy 3809 3187 7686 12412 4 7 8 6 1469
Luxembourg 6943 4366 8528 13772 4 7 8 6 1469
Netherlands 5036 3416 7462 12050 4 7 8 6 1469
Portugal 3840 3254 4616 7454 4 7 8 6 1469
Spain 4079 3243 5820 9399 4 7 8 6 1469
UK 4175 2811 7419 11982 4 7 8 6 1469
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A 3.2.8 Damage Estimates for each of the EU-12 Member States 

Tables A3.2.15 - A3.2.26 list the detailed damage estimates for each o f the EU-12 

Member States which are used to estimate the externalities associated with solid 

waste management.

Table A3.2.15 Damage Estimates for Belgium

Conventional Pollutants Global Warming Pollutants
SO2 NO, TSPtnuup TSPe.ec CO2 CO CH4 N2O

ECU/tonne

Income Elasticity o f  0,3
Health 5635 3871 7665 12543
Buildings 697 445 260 260
Crops 58 0 0 0

Forests 5 0 0 0

Water 1 1 0 0

TOTAL 6396 4317 7925 12803 4 7 8 6  1469

Income Elasticity o f  1
Health 5448 3500 8179 13383
Buildings 682 403 285 285
Crops 53 0 0 0

Forests 5 0 0 0

Water 0 0 0 0

TOTAL 6188 3904 8464 13669 4 7 8 6  1469
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Table A3.2.16 Damage Estimates for Denmark

Conventional Pollutants Global Warming Pollutants
SO2 NO, TSP^,p TSP,.^ CO2 CO CH4 N2O

ECU/tonne

Income Elasticity o f  0,3
Health 3979 3099 7654 12524
Buildings 500 363 260 260
Crops 44 0 0 0

Forests 4 0 0 0

Water 7 3 0 0

TOTAL 4532 3466 7913 12784 4 7 8 6 1469

Income Elasticity o f  1
Health 3490 2432 8148 13333
Buildings 437 280 284 284
Crops 41 0 0 0

Forests 3 0 0 0

Water 3 1 0 0

TOTAL 3974 2714 8432 13617 4 7 8 6 1469

Table A3.2.17 Damage Estimates for France

Conventional Pollutants Global Warming Pollutants
SO2 NO. TSP^,p TSP„. CO2 CO CH4 N2O

ECU/tonne

Income Elasticity o f  0,3
Health 5437 3806 7563 12376
Buildings 671 435 257 257
Crops 61 0 0 0

Forests 5 0 0 0

Water 0 0 0 0

TOTAL 6175 4241 7821 12634 4 7 8 6 1469

Income Elasticity o f  1
Health 5374 3600 7911 12945
Buildings 673 415 276 276
Crops 50 0 0 0

Forests 5 0 0 0

Water 0 0 0 0

TOTAL 6101 4015 8187 13221 4 7 8 6 1469
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Table A3.2.18 Damage Estimates for Germany

Conventional Pollutants Global Warming Pollutants
SO2 NO, TSP^.p TSP„= CO2 CO CH4 N2O

ECU/tonne

Income Elasticity o f  0,3
Health 5501 3876 7209 11797
Buildings 698 451 248 248
Crops 73 0 0 0

Forests 5 0 0 0

Water 1 1 0 0

TOTAL 6279 4329 7458 12045 4 7 8 6 1469

Income Elasticity o f  1
Health 4456 3227 7015 11479
Buildings 558 372 245 245
Crops 59 0 0 0

Forests 4 0 0 0

Water 1 0 0 0

TOTAL 5078 3599 7259 11723 4 7 8 6 1469

Table A3.2.19 Damage Estimates for Greece

Conventional Pollutants Global Warming Pollutants
SO2 NO, TSPtnmsp TSPe.ec CO2 CO CH4 N2O

ECU/tonne

Income Elasticity o f  0,3
Health 2477 2143 5686 9305
Buildings 325 258 206 206
Crops 386 0 0 0

Forests 2 0 0 0

Water 0 0 0 0

TOTAL 3191 2400 5892 9511 4 7 8 6 1469

Income Elasticity o f  1
Health 1449 1328 3749 6135
Buildings 181 153 131 131
Crops 32 0 0 0

Forests 1 0 0 0

Water 0 0 0 0

TOTAL 1664 1481 3880 6266 4 7 8 6 1469
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Table A3.2.20 Damage Estimates for Ireland

Conventional Pollutants Global Warming Pollutants
SO2 NO, TSPtmq, TSP„« CO2 CO CH4 N2O

ECU/tonne

Income Elasticity o f  0,3
Health 2965 2279 6611 10818
Buildings 370 261 232 232
Crops 28 0 0 0

Forests 3 0 0 0

Water 1 1 0 0

TOTAL 3366 2541 6843 11050 4 7 8 6 1469

Income Elasticity o f  1
Health 2704 2103 5614 9186
Buildings 338 242 196 196
Crops 29 0 0 0

Forests 3 0 0 0

Water 0 0 0 0

TOTAL 3074 2345 5810 9382 4 7 8 6 1469

Table A3.2.21 Damage Estimates for Italy

Conventional Pollutants Global Warming Pollutants
SO2 NO, TSP„« CO2 CO CH4 N2O

ECU/tonne

Income Elasticity o f  0,3
Health 3666 3265 7374 12067
Buildings 458 377 253 253
Crops 141 0 0 0

Forests 3 0 0 0

Water 0 0 0 0

TOTAL 4268 3642 7627 12320 4 7 8 6 1469

Income Elasticity o f  1
Health 3350 2857 7427 12153
Buildings 419 329 259 259
Crops 36 0 0 0

Forests 3 0 0 0

Water 0 0 0 0

TOTAL 3809 3187 7686 12412 4 7 8 6 1469
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Table A3.2.22 Damage Estimates for Luxembourg

Conventional Pollutants Global Warming Pollutants
SO2 NO, TSP^^ TSP,,^ CO2 CO CH4 N2O

ECU/tonne

Income Elasticity o f  0,3
Health 6338 4279 7689 12582
Buildings 785 491 261 261
Crops 123 0 0 0

Forests 6 0 0 0

Water 1 0 0 0

TOTAL 7252 4771 7949 12842 4 7 8 6 1469

Income Elasticity o f  1
Health 6112 3915 8241 13485
Buildings 765 451 287 287
Crops 59 0 0 0

Forests 6 0 0 0

Water 0 0 0 0

TOTAL 6943 4366 8528 13772 4 7 8 6 1469

Table A3.2.23 Damage Estimates for the Netherlands

Conventional Pollutants Global Warming Pollutants
SO2 NO, TSP^.p TSPe.ec CO2 CO CH4 N2O

ECU/tonne

Income Elasticity o f  0.3
Health 4697 3484 7288 11926
Buildings 584 402 250 250
Crops 43 0 0 0

Forests 4 0 0 0

Water 1 1 0 0

TOTAL 5329 3888 7539 12177 4 7 8 6 1469

Income Elasticity o f l
Health 4432 3063 7211 11799
Buildings 555 353 251 251
Crops 45 0 0 0

Forests 4 0 0 0

Water 1 0 0 0

TOTAL 5036 3416 7462 12050 4 7 8 6 1469
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Table A3.2.24 Damage Estimates for Portugal

Conventional Pollutants Global Warming Pollutants
SO2 NO, T S P ^ 3p TSPe.ec CO2 CO CH4 N2O

ECU/tonne

Income Elasticity o f  0,3
Health 4183 3535 6061 9919
Buildings 531 412 217 217
Crops 388 0 0 0

Forests 4 0 0 0

Water 0 0 0 0

TOTAL 5107 3946 6278 10136 4 7 8 6 1469

Income Elasticity o f  1
Health 3371 2918 4460 7299
Buildings 422 336 156 156
Crops 43 0 0 0

Forests 3 0 0 0

Water 0 0 0 0

TOTAL 3840 3254 4616 7454 4 7 8 6 1469

Table A3.2.25 Damage Estimates for Spain

Conventional Pollutants Global Warming Pollutants
SO2 NO, TSPtransp TSPe.ec CO2 CO CH4 N2O

ECU/tonne
Income Elasticity o f  0,3
Health 4051 3321 6616 10826
Buildings 508 384 232 232
Crops 1 0 0 0 0 0

Forests 4 0 0 0

Water 0 0 0 0

TOTAL 4662 3704 6848 11058 4 7 8 6 1469

Income Elasticity o f  1
Health 3587 2908 5624 9203
Buildings 449 335 196 196
Crops 40 0 0 0

Forests 3 0 0 0

Water 0 0 0 0

TOTAL 4079 3243 5820 9399 4 7 8 6 1469
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Table A3.2.26 Damage Estimates for the United Kingdom

Conventional Pollutants Global Warming Pollutants
SO2 NO, T S P ^ TSP„« CO2 CO CH4 N2O

ECU/tonne

Income Elasticity o f  0,3
Health 3837 2759 7272 11899
Buildings 476 317 250 250
Crops 2 1 0 0 0

Forests 4 0 0 0

Water 1 1 0 0

TOTAL 4338 3077 7522 12149 4 7 8 6 1469

Income Elasticity o f l
Health 3675 2520 7169 11732
Buildings 460 290 250 250
Crops 36 0 0 0

Forests 3 0 0 0

Water 1 0 0 0

TOTAL 4175 2811 7419 11982 4 7 8 6 1469
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4. The Externalities of Municipal Solid Waste 
Management

The previous chapter set the scene for valuing the environmental effects of waste 

management methods, offering a discussion of the disparate methodological 

approaches. It also discussed the estimation of unit damage costs for a number of 

pollutants, associated with waste treatment. This chapter utilises much of the 

discussed methodology to estimate the external costs o f MSW management systems 

in the European Union\

4.1 PARTIAL ECONOMIC LIFE CYCLE ASSESSMENT 

The estimation of the economic values of environmental impacts caused by MSW 

management has involved the use of a partial economic LCA. Chapter 3 suggested 

that the aim of LCA is to examine every stage of the life cycle from the mining of 

raw materials, through manufacture to disposal, calculating the inputs (in terms of 

materials and energy) and outputs (in terms of emissions to air, waste and as solid 

waste) for each stage and aggregating them over the life cycle. By contrast, an 

economic LCA values the environmental impacts resulting from the life cycle of the 

particular product or process, using pollution damage estimates measured in 

monetary terms.

The economic LCA employed in this study can be more properly described as a 

partial economic LCA. This is a reflection of the difficulty of applying the 

methodology to such a complex area. Traditionally, the utilisation o f such a 

methodology has been restricted to fairly simple products, e.g. soap powder etc. and 

its application to the complex problem of assessing a waste hierarchy, raises a 

number o f problems that require certain pragmatic assumptions to be employed. 

Firstly, the scope of the study necessitated relatively narrow boundaries to be set, 

thus omitting a large range of impacts. Secondly, as indicated in Chapter 3 and 

Annex 3, pollution damage estimates are only available for a limited number of

 ̂ Excluding the most recent Member States; Austria, Finland and Sweden.
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pollutants. This implies that even if the life cycle inventory listed all relevant 

emissions, the economic valuation would only be able to cover a limited number of 

these. For example, although the life cycle inventory lists dioxins (from waste 

incineration) and water pollutants (e.g. as leachate from landfill, and from paper 

recycling), the paucity of unit cost estimates for environmental damages means that 

it has not been possible to estimate the economic costs of these pollutants. 

Furthermore, even if  a full LCA was carried out, it would still not include non-flux 

impacts such as disamenity effects. The valuation o f these latter effects would have 

required the use of one of number of monetary evaluation techniques, such as 

contingent valuation, stated preferences or hedonic pricing. The necessary scale of 

such an exercise places it, unfortunately, outside the scope of the present study. 

However, section 6.5 in Chapter 6  provides a survey o f a number o f U .S. studies 

o f disamenity effects, mainly from landfills, but including one relating to an 

incinerator.

4.2 SCOPING OF THE LCA

Since one of the purposes of the study is to assess the ‘waste hierarchy’, the specific 

subjects of analysis are, to a certain extent, defined by that hierarchy. These include 

the following waste management options, ranked as follows:

1 . source reduction (most desirable);

2 . reuse;

3. materials recycling (materials reprocessing and composting);

4. energy recovery (incineration with power, heat or combined heat and

power recovery);

5. landfill (least desirable).

It was considered outside the scope of the present thesis to consider waste reduction 

at source, reflecting the complexity of estimating the private costs of that operation. 

However, the results do allow certain conclusions to be drawn about the possible 

benefits of such a policy. Reuse has also been omitted from the study due to the
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difficulty in obtaining adequate data .̂ This leaves the three latter waste management 

systems to be analysed.

The starting point of the analysis is, then, the assumption that any waste reduction 

and/or reuse has been undertaken (or not as the case might be), and that each of the 

12 EU countries are left with a given quantity of MSW that needs to be managed. 

Thus, each country can choose to recycle, compost, incinerate or landfill their 

waste, or they can choose some combination o f these treatment methods. In reality, 

the latter option is the most likely, reflecting the fact that the exclusive utilisation 

of any one method, with the possible exception of landfilling, is not a viable option^. 

Table 4.1 lists the configuration of waste treatment methods currently employed by 

the 12 EU Member States.

The boundaries of the analysis have been defined, at one end, as the collection of 

MSW from households and other generators of such waste, and at the other end, the 

final point is the disposal of MSW. This implies that the environmental impacts 

associated with the production and consumption of those products ending up in the 

waste stream, are not included within the system boundaries. This is a reflection of 

the fact that the associated environmental impacts from these stages are likely to 

remain unchanged, regardless of the waste disposal policy adopted'*. Thus, they can 

be regarded as constant and omitted in this study. An exception is the case of 

recycling, where both the impacts associated the production and the recycling 

process are included in the analysis in order to establish any avoided impacts from 

production as a result of recycling. Thus, the environmental impacts that are 

included, are those incurred during the collection, separation, processing and

See Chapter 6 for a fuller discussion of source reduction and reuse.

Whereas all waste can be landfilled, not all waste can be recycled, composted or incinerated. 
Thus where any of these treatment methods are employed, there will be a residue needing 
disposal.

This assumes that waste management policies which change the reliance on different types of 
MSW management does not also change people’s consumption patterns to any significant extent 
with respect to choice of materials, hulk buying, reusable vs. disposable packaging etc., as this 
might change the overall environmental impacts of production.
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disposal o f waste, and in the case of recycling, the difference between the 

environmental impacts from production and from recycling. The temporal 

boundaries reflect current practice and are not considered further. The functional 

unit chosen is 1 tonne of MSW, which means that all environmental impacts are 

measured in, say, kg per tonne o f MSW. Table 4.2 lists the components of the 

system boundaries assumed in this study.

Table 4.1 Present MSW Management Configuration

Recycling Composting Incineration 

Per cent o f MSW

Landfill

Belgium 7 2 52 39

Denmark 2 2 1 59 18

France 5 6 44 45

Germany 2 2 1 0 25 43

Greece 6 0 0 94

Ireland 1 0 0 99

Italy 4 0 6 90

Luxembourg 28 1 47 24

Netherlands 17 14 28 41

Portugal 1 1 0 0 89

Spain 1 1 0 5 84

United Kingdom 5 0 1 0 85

Source: Coopers & Lybrand et a /., (1996).
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Table 4.2 Boundary Definitions for the Life Cycle Inventory of MSW  
Treatment

Treatment
option

System boundary (net environmental costs) Units

Landfill Kerbside collection to landfill +  landfill 
process - displaced pollution

Various to add to the 
functional units of 1 
tonne of MSW

Incineration Kerbside collection to incinerator +  
incineration process +  residues to landfill - 
displaced pollution

As above

Recycling Kerbside collection to recycling point (or 
bringing by individual households) +  recycling 
process +  residues to landfill - avoided virgin 
material production

As above

Composting Kerbside collection to the compost site (or 
bringing by individual households to civic 
amenity sites +  transport from CA sites to 
compost site) + composting process

As above

Inputs

Energy Starting from the extraction of fuel resources 
for transport fuels and for electricity

GJ thermal energy 
per tonne of MSW

Outputs

Displaced
energy

Energy leaving the incinerator or landfill kWh per tonne of 
MSW

Recovered
materials

Material collection bank and exit of material 
recovery facility

Tonne of material 
per tonne of MSW

Displaced
materials

Total impact of virgin material being replaced 
by reprocessed material (from raw material 
extraction to produced material)

kg of pollutant per 
tonne of avoided 
virgin material

Compost Exit of biological treatment plant Tonnes of compost 
per tonne of MSW

Air
emissions

Exhausts from transport vehicles, incinerator 
and recycling plant stacks, landfill lining/cap 
and energy generation

kg of pollutant per 
tonne of MSW

Source: Coopers & Lybrand et al. (1996)

It is important to note that whereas the energy consumption associated with the 

transport of waste, and the environmental impact of extracting that energy, have
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been included within the boundaries of the analysis, the broader environmental 

impacts o f transport, with the exception of air pollution and road accidents, have not 

been included. Hence, the environmental impacts of the production and disposal of 

vehicles and tyres, or the environmental impact of road construction, are not 

included.

Table 4.3 Estimated MSW Composition

(Per cent o f total by type of material/component)
Organ. Paper/

board
Glass Metals Plast. Text. Other Year o f  

Data

Belgium 43.2 27.5 9.3 3.6 6.8 9.6 1993

Denmark 37 30 6 3 7 18 1993

France 21 27 7 4 11 2 28 1992

Germany 31.6 24.0 8.0 5.6 8.8 22.0 1992

Greece 49.0 20.0 4.5 4.0 9.0 13.5 1990

Ireland 41.6 15.3 6.3 3.6 11.5 7.8 13.9 1993

Italy 31.5 27.0 8.0 3.5 7.5 3.5 19.0 1991

Lux. 40.2 15.4 4.4 2.8 8.0 2.6 24.8 1990

NL 38.8 25.3 7.9 5.2 8.0 14.8 1993

Portugal 38.5 20.4 3.5 2.4 9.1 4.7 21.4 1990

Spain 44.1 21.2 6.9 4.1 10.6 4.8 8.3 1992

UK 20 33 9 8 6 4 20 1991

Sources:
Belgium: OVAM, Institut Wallon des Déchets
Denmark: Danish Environmental Protection Agency
Germany: Innovation Beratungs Institut (together with the federal governments)
France: MODECOM (ADEME)
Greece: Ministry o f Environment
Ireland: Department o f the Environment
Italy: Minstero delFAmbiente
Luxembourg: Administration de l ’Environnement, Division des Déchets
Netherlands: National Waste Planning Institute
Portugal: OECD
UK: Warren Spring Laboratory

Compiled by Coopers & Lybrand et al. (1996)
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The environmental impacts o f the four waste treatment methods, considered here, 

will depend, not only on the treatment options utilised, but also on the composition 

of the waste being treated, a point covered in some detail in Chapter 1. Briefly, if  

waste with a high organic content is being landfilled, higher emissions o f methane 

and carbon dioxide would be expected than for waste which is mainly inert. Table 

4.3 lists the estimated composition of the MSW in the 12 EU countries.

4.3 LIFE CYCLE INVENTORY: ASSUMPTIONS AND DATA 

SOURCES
The model used in this study for modelling the emission of pollutants has been 

adapted by Powell & Craighill (1995) from White et al. (1995). Due to the 

complexity of the present study, a number o f adjustments to the White model were 

required. The following sections briefly list the assumptions made for each waste 

management option in the LCI. Unless otherwise indicated, the data source is White 

et al. (1995) with or without adjustments.

4.3.1 Waste Inputs

White et al. (1995) assume that, on average, each household consists of 2.5 persons 

and the waste generation per person per year is 348 kg, giving an aggregate total of  

870 kg of MSW generated per household per year .̂ This figure has been employed 

for all EU Member States. Table 4.3 illustrates the differing composition of the 

MSW stream in each country. In the case of metals and plastics for which no 

detailed national breakdown was available, it has been assumed that a split between 

ferrous and non-ferrous metals of 78 per cent and 22 per cent respectively, and o f  

47 per cent and 53 per cent for plastic film and rigid plastic, applies to all countries.

Of course, one may question the appropriateness of applying this assumption across the Union. 
However, this assumption is only relevant to the question of how many refuse bags or bins are 
used per tonne of waste, where the number of people per household determines the degree to 
which these are filled. As Tables 4.8 - 4.19 will show, the contribution of *bag/bin* to the total 
external costs is relatively insignificant for all waste management methods. A change of the 
number of people in a household, and thereby a change in the degree to which refuse bags or 
bins are filled, is therefore likely to have only very minor effect on the total external cost 
estimates.
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4.3.2 Collection of Household Waste

In the case of bring systems for recycling, which is the assumed base case for 

recycling, consumers are assumed to drive to recycling banks. Their cars are 

assumed to be 90 per cent petrol, and 10 per cent diesel, reflecting the UK split of 

petrol/diesel^ (Banfi et a l ,  1994). Based on UK surveys, the average car journey 

trip is assumed to be 1.8 km, corresponding to a load factor o f 1 tonne per 102.48 

km (Craighill & Powell, forthcoming). Due to the paucity o f data for the whole 

of the European Union, it had to be assumed that this distance and load factor 

applies to all Member States. Of course, in practice the recycling infrastructure may 

vary widely within individual countries and certainly between the 12 European 

Union Member States included in the present analysis. It has been attempted to take 

account of at least some of these differences by including different recycling 

scenarios (see section 4.3.3). However, given the scale of the study it was only 

possible to include ‘stereotypical’ examples of different types of recycling schemes.

The average fuel consumption per tonne of waste collection and transport to bulking 

depot, or materials recovery facility (MRF), is assumed to be 10 litres (Atkinson & 

New, 1993). Transport distances from collection banks and sorting facilities to 

reprocessing plant were modelled for each Member State (see Coopers & Lybrand 

et al., 1996).

Garden and bulky waste is assumed to be collected at central sites; local landfills if  

available, otherwise civic amenity sites. The average number of special trips made 

to civic amenity sites with garden waste is assumed to be 3.4 per household per 

year. The average car journey is assumed to be 2.56 km each way (MEL, 1989 and 

Craighill & Powell, forthcoming).

This is probably an underestimation of the reliance on diesel cars in an European fleet. In fact 
an updated version of Banfi et al (1994), which was not available when the life cycle inventory 
underlying the present analysis was performed, estimates that 80 per cent of UK cars are petrol 
cars, whilst 20 per cent are estimated to run on diesel. The highest reliance on diesel is in Italy, 
where 30 per cent of the fleet are diesel cars. However, increasing the proportion of diesel cars 
from 10 per cent to 30 per cent would only decrease the benefit estimate for recycling in Italy 
from 136.2 ECU/tonne to 135.1 ECU/tonne; hardly a significant difference.
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4.3.3 Recycling

The quantities of MSW collected for materials reprocessing is determined by the 

waste composition, the average recycling rate and the participation rate. For 

kerbside collection, sensitivity analyses reveal that the contribution of different 

containers to the overall environmental impacts is insignificant, thus it can be 

assumed that standard polypropylene wheelie bins and blue boxes are used 

throughout the EU. The total weight of a standard bin is 15 kg, whilst a standard 

blue box weighs 1.6 kg. The average lifespan of a wheelie bin is assumed to be ten 

years and that of a blue box, 7.5 years. Based on UK surveys (Craighill and 

Powell, forthcoming), bins containing bio-waste are assumed to be washed out six 

times a year, while bins containing dry waste are assumed not to be washed at all.

The technology employed in materials recovery facilities (MRFs) is assumed to be 

of a similar standard across the European Union, and the electric energy used per 

tonne of waste input is around 19 kWh, while diesel input is around 1 litre per tonne 

of waste input (Atkinson & New, 1993). Some o f the recovered materials will be 

lost during sorting due to contaminants and sorting inefficiency. The proportion lost 

is assumed to be five per cent if the waste is collected in blue boxes, and ten per 

cent if  collected in wheelie bins, separate material banks or bags. These residues 

are assumed to be landfilled, either at a local landfill up to 1 0  km away, or at a 

more distant landfill up to 60 km away. These distances are assumed, and 

appropriate sensitivity analyses are carried out.

The net emissions from recycling consist of those emissions resulting from 

reprocessing, less the saved emissions resulting from the corresponding reduction 

in production of any given virgin material. This is predicated on reprocessed 

material being a suitable replacement for virgin material. In the case of reprocessed 

glass, ferrous metals or aluminium, the quality o f the reprocessed material is 

virtually identical to that o f the virgin material, thus, the above assumption appears 

robust. However, the reprocessing of material results in certain efficiency losses, 

that are additional to any that might arise during the sorting stage. There is a 3 per 

cent contamination level for reprocessed glass, an 8 . 2  per cent process loss for
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ferrous metals and a 5 per cent process loss for aluminium. Habersatter (1991) 

estimates that in the case o f paper, the process loss is 18 per cent, whilst it is 5 per 

cent for LDPE and 15 per cent for HDPE. It is assumed that recycled LDPE is 

used to replace plastic bags made from virgin LDPE. However, bags made from 

reprocessed LDPE need to be thicker and thus, result in higher wastage rates. 

Therefore, the energy savings data in White et al., (1995) have been adjusted 

downwards by 3.1 GJ/tonne, and emissions have been adjusted upwards by 10 per 

cent. It is assumed that electricity used in both the virgin and recycled paper 

processing is generated by fossil fuels.

Most collection amounts and distance data are from Milton Keynes and South 

Norfolk studies (Craighill & Powell, forthcoming). Other data and assumptions are 

from IGD & ERRA (1992), while most of the data for avoided emissions from 

virgin material processing are from Habersatter (1991).

4.3.4 Composting

It is assumed that organics are separated from the average waste at the source of 

generation. 50 per cent of this can be composted to produce compost, all o f which 

is marketable^. The residue (the remaining 50 per cent of organics) is again 

assumed to be transported either to a local landfill 1 0  km away, or to a more distant 

landfill 60 km away.

4.3.5 Incineration with Energy Recovery

The calorific value of an average tonne of MSW varies from one country to another. 

The incineration process is assumed to be standard across the European Union. 

Energy recovery efficiencies are assumed to be 20 per cent for electricity, 70 per 

cent for district heating and 75 per cent for combined heat and power plants. 

Unfortunately, the modelling undertaken only includes emissions from incineration 

with electricity generation, although some Member States make widespread use of

Ideally, the saved emissions from whatever this compost displaces should be deducted from the 
emissions from the composting process to give net emissions. However, in many cases the 
resulting compost is not of a very high standard and does often not displace another product, 
such as e.g. fertilizer or peat, but is simply used as a general soil conditioner.
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combined heat and power plants, integrated into district heating systems. It is 

estimated that ferrous metals can be recovered from incinerator ash with an 

efficiency of 90 per cent. The remaining residues are assumed to be transported to 

a distant landfill 60 km away, reflecting the predominant practice of siting landfills 

away from urban areas.

4.3 .6  Landfilling

While the incineration scenarios analysed are assumed to include electricity 

generation, three distinct options are considered for landfill. In the basic landfill 

scenario, where it is assumed that the landfill is situated 60 km from its catchment 

area, it is assumed that no landfill gas is recovered. A variation o f that is the 

scenario, where the gas is collected and flared, but no energy is recovered. The 

third scenario involves energy generation from landfill gas. The amount of methane 

gas produced from the decomposition of waste will vary from one country to another 

depending on the composition of waste. It is assumed that energy recovery 

efficiency from landfills depends on the type o f recovery. Thus, the assumed figures 

are 30 per cent for electricity, 70 per cent for district heating and 75 per cent for 

combined heat and power. Again, however, only the emissions from power 

recovery have been modelled. Landfill gas collection efficiency, for the option 

where the gas is collected and flared without energy recovery is 40 per cent.

4 .3 .7  Displaced Energy

The calculation of the saved environmental impacts from energy displaced, by 

energy recovered from landfill or incineration, requires two further assumptions: 

In one set of scenarios, it is assumed that the displaced energy originates from a 

marginal power plant, i.e. the least efficient plant at the bottom of the national grid. 

Across the European Union, this is assumed to be an old coal fired power station 

with minimum environmental controls (Eyre, 1991). In an alternative set o f 

scenarios, a European average is derived from the European average fuel mix (White 

et aL, 1995).
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The base scenario modelled for each of the 12 EU Member States assumes the 

present MSW management configuration as listed in Table 4.1. In the case of 

landfill, it is assumed that no gas is recovered, for incineration, that electricity is 

recovered, and for recycling that all the recovered materials are brought to collection 

banks by the householders. It is also assumed that householders bring all the 

organic waste for composting to civic amenity sites. In addition, there are three 

variations of the landfill scenario where the other three treatment options are held 

constant. The first examines the change in emissions when landfill gas is recovered 

but flared. The second covers electricity recovery from landfill gas, and the third 

assumes no gas recovery. In all cases it is assumed that the landfill is situated 60 

km away from its catchment area, reflecting the predominant practice o f siting 

landfills away from urban areas. This means that the waste is collected from the 

catchment area and brought to a transfer station, where it is reloaded and compacted 

before being transported to the landfill. The last landfill row in Table 4.5 examines 

the significance of the distance from the catchment area to the landfill, by assuming 

a local landfill situated 1 0  km from the catchment area, thus avoiding the longer 

transport distance and the use o f a transfer station. No gas is assumed to be 

recovered in this case.

In addition to these scenarios, two further scenarios have been analysed for each of 

the 12 EU Member States*. In these, the focus is on recycling and composting. 

Where the first four scenarios assumed that householders would bring recyclable and 

organic materials to collection points, these scenarios introduce kerbside collection 

of these materials. Thus, in one scenario it is assumed that the recyclables are co

collected with mixed waste (i.e. waste for incineration and/or landfill) in a blue box 

system, while 50 per cent of the organic material is also co-collected at the kerbside 

and the remainder is brought to civic amenity sites as before. While the emissions 

from landfill and incineration remain the same as before, co-collection with 

recyclable and organic material has the effect of reducing the distance the mixed 

refuse is transported per tonne. In the sixth scenario, separate collection and a

Exceptions are Greece, Ireland, Italy and Portugal for which only the 'blue box* scenario has 
been analysed, because no split bin systems are currently employed in these countries.
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wheelie bin system for recyclables is assumed, while again, 50 per cent of organic 

material is assumed to be co-collected with recyclables (but not with mixed refuse) 

and the remainder is brought to civic amenity sites.

In addition to the environmental costs, another type of external cost is also 

estimated. These are road accidents costs associated with the transport o f waste. 

These estimates are based on the distances travelled per tonne o f waste, the accident 

rates per kilometre travelled listed in Table 3.4 in Chapter 3 and an economic value 

for the two types o f accidents; those resulting in fatalities and those resulting in 

serious injury. These values are listed for each country below in Table 4.4. The 

value for mortality is the same value of a statistical life, adjusted with purchasing 

power parity rates and an income elasticity o f 0.3, that was used for valuing health 

effects in Chapter 3. The value for serious injury is based on the figure the British 

Department of Transport (UK DoT, 1994a) uses in its cost-benefit analyses of road

Table 4.4 Economic Values for Road Traffic Accidents

Mortality Serious Iiyury

ECU per casualty

Belgium 2,643,535 111,184

Denmark 2,640,534 111,057

France 2,617,262 110,079

Germany 2,524,544 106,179

Greece 2,092,037 87,988

Ireland 2,361,336 99,315

Italy 2,568,145 108,013

Luxembourg 2,649,512 111,435

Netherlands 2,545,472 107,059

Portugal 2,203,866 92,692

Spain 2,362,635 99,369

United Kingdom 2,541,099 106,875

Source: ETSU & 1ER (1994), UK DoT (1994a) and own calculations.
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projects. Here it has been adjusted with the purchasing power parity rate and an

income elasticity of 0.3.

Table 4.5 and Figure 4 .1 allow the following ranking of MSW management methods 

to be made, reflecting their net external costs:

1 . recycling

2 . incineration (if energy recovered displaces old coal)

3. landfîll

4. incineration (if energy recovered displaces average European

electricity)

5. composting

In comparison with the ranking prescribed by the ‘waste hierarchy’, a few

differences are apparent. Composting, which would be encompassed under the

recycling category, fares worst when environmental costs are taken into the 

consideration. It is also interesting to note that landfilling o f MSW appears to be 

less environmentally damaging than incineration, if  the electricity generated from 

incineration displaces the average European source o f electricity. Incineration is 

superior to landfill, only when the energy recovered displaces power generated from 

a ‘dirty’ producer, such as an old coal-fired power station. In line with the ‘waste 

hierarchy’, ignoring source reduction and reuse, recycling comes out not only as the 

least costly of the methods under analysis, but with significant environmental 

benefits attached. However, it must be stressed that this ranking is based on the 

present MSW management configuration as given in Table 4.1. Thus, while 

recycling generally appears to generate significant external net benefits, it should be 

kept in mind that those estimates apply only to the actual recycling taking place at 

present, and that the recycling that does take place is typically the easiest and most 

worthwhile. If efforts are made to increase recycling beyond the current level, it 

should be expected that although there may economies of scale with respect to 

collection, it might be more difficult to recover increasing quantities of recyclable 

materials from the waste stream. Also, it may be necessary to shift the attention to
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Table 4.5 Net External Costs Associated with Present MSW Management Practices in the EU (Income elasticity = 0.3)
Belgium Denmark France Germany Greece Ireland Italy Luxembourg Netherlands Portugal Spain UK

ECU/tonne MSW
Present - mixed refuse collectionf bring system for recyclable and organic materials
Landfill - no gas recovery 8 6 15 6 20 9 6 6 4 20 16 4
Landfill - gas flared 7 5 15 5 19 8 5 6 4 19 16 4
Landfill - energy gen. (displacing old coal) 6 4 14 5 19 7 5 5 3 18 15 3
Landfill - energy gen. (displacing av. EU elec.) 7 5 15 5 19 8 5 6 3 19 15 4
Landfill - no transfer 6 5 13 4 18 8 5 5 3 17 14 3
Incineration - elec. gen . (displacing old coal) -20 •18 -20 -25 - - -14 -12 -23 - -13 -18
Incineration - elec. gen. (displacing av. EU elec.) 17 12 23 16 - - 12 19 12 - 22 11
Recycling -245 -157 -282 -190 -44 -204 -136 -193 -189 -17 -111 -170
Composting 47 22 25 22 - - - 27 16 127 49 -
Present - co-collectlon o f mixed refuse and recyclable & organic materials (blue box)
Landfill 6 4 12 4 17 8 5 4 3 16 13 3
Incineration - elec. gen. (displacing old coal) -27 -18 -21 -26 - - -15 -11 -25 - -11 -18
Incineration • elec. gen . (displacing av . EU  elec.) 11 12 2 2 16 - - 12 20 11 - 26 11
Recycling -263 -161 -278 -195 -89 -149 -147 -201 -193 -79 -108 -176
Composting 7 13 19 12 - - - 16 3 127 13 -
Present - separate collection o f mixed refuse and recyclable & organic materials (wheelie bins)
Landfill 6 5 13 5 n.m. n.m. n.m. 5 3 n.m. 14 3
Incineration - elec. gen . (displacing old coal) -27 •18 -20 -25 n.m. n.m. n.m. -11 -25 n.m. -14 -18
Incineration - elec. gen . (displacing av . EU elec.) 11 12 23 16 n.m. n.m. n.m. 21 12 n.m. 2 2 11
Recycling -230 -145 -153 -181 n.m. n.m. n.m. -184 -183 XX* XU* -41 -170
Composting 42 17 79 15 XI* in* n.m. n.m. 20 6 n.m* 100 -

Notes: n.m. this option has not been modelled for this country 
this option is not presently employed in this country
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Portugal

UK

il

□  Landfill

■  Incineration (displacing old coal)
■  Incineration (displacing av. EU elec.)
■  Recycling
■  Composting

Figure 4.1 External Costs Associated with Present MSW Management in the EU



materials that are not currently being recycled, typically because they are not currently 

considered worthwhile recycling. Thus, one would expect that the marginal external 

benefits of recycling would be declining as higher levels of recycling is attempted.

4.3.8 Future Scenarios

Coopers & Lybrand et al. (1996) forecast possible future developments in waste 

generation rates, composition, waste management configuration and waste management 

costs. Three types of future scenarios are envisaged; the first assumes that waste 

generation rates and developments in waste management costs will follow the general 

economic trend, but otherwise not change beyond policy measures already embarked 

upon, the ‘business-as-usual’ or do-nothing scenario. In the second ‘green’ category, 

it is assumed that consumers become more ‘environmentally aware’ and act accordingly, 

leading to increases in recycling, composting and, in some cases, incineration, while the 

reliance on landfill is assumed to decline. In the third ‘technological’ scenario, it is 

assumed that in addition to ‘green’ consumer behaviour, technological improvements 

will bring efficiency improvements to materials reprocessing and incineration. In this 

study, only the latter ‘technological’ scenario has been modelled, not because it is 

believed to represent the most likely future development in waste management practices, 

but because it is believed that this would offer the greatest contrast to the modelled 

current scenarios. Moreover, neither the financial nor the external cost estimates reflect 

any practical difficulties there might be in achieving for instance higher recycling rates. 

The success in achieving higher recycling rates will thus depend, amongst other things, 

on the commitment of individuals to partake in recycling schemes, the composition of 

the waste stream and the level of contamination of the recyclable materials; factors 

which have not been taken account of in the cost estimates. Two sets of ‘technological’ 

scenarios have been modelled for four countries, namely Denmark, France, Spain and 

the United Kingdom. Table 4.6 lists the split between each of the four waste 

management options in the future ‘technological’ scenario.
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Table 4.6 Projected MSW Management Configuration in Future 

‘Technological’ Scenario

Recycling Composting Incineration Landfill

Per cent o f MSW

Denmark 45 15 25 15

France 2 0 1 0 55 15

Spain 15 15 15 55

United Kingdom 25 5 1 0 60

Source: Coopers & Lybrand et al. (1996)

The first set of scenarios assumes co-collection of recyclable and organic material 

in a blue box system with mixed refuse (50 per cent of organic material is assumed 

to be collected at the kerbside, while the remainder is brought to CA sites by the 

householders). The second scenario assumes that recyclable and organic materials 

are collected at the kerbside, but separately from mixed refuse.

Table 4.7 and Figure 4.2 present the environmental costs of MSW management for 

the future ‘technological* scenario, which assumes ‘green* consumer behaviour and 

improvements in technology, for four selected countries.

From these, roughly the same ranking appears to be holding for future 

environmental costs. Recycling, again, appears to be the best option associated with 

significant environmental benefits, although these are somewhat smaller than under 

the present MSW management’. Incineration, with electricity generation displacing 

old coal fired power stations, appears to be the second best option, also with 

environmental benefits attached. Landfill is again ranked third. For incineration

The assumption for the ‘technological* future scenario is that more recycling will take place than 
at present. As the recycling rate goes up the purity of the material and thus the quality of the 
recovered material diminishes, leading to less savings per unit secondary material. This eOect, 
however, is not reflected to any significant degree in the life cycle inventory performed for the 
present analysis.
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with electricity generation displacing average European electricity, and composting, 

the case is less clear cut than under the present scenario. Thus, for the United 

Kingdom the external costs of these two options are virtually the same, while for 

Denmark the incineration option carries higher external costs than the compost 

option. In the case of Spain, the reverse is true. In the case o f France, composting 

is less costly than incineration when co-collection takes place; but the reverse is true 

when recyclable and organic materials are collected separately. The differences in 

these estimated future external net costs are driven in part by the different MSW 

management configuration assumed (see Table 4.6) and in part by the differences in 

the unit damage cost estimates for pollutants emitted in these four countries (see 

Table 3.2 in Chapter 3).

Table 4 .7 External Costs Associated with Future (‘Technological Scenario’) 
MSW Management Practices in the EU 
(Income elasticity =  0.3)

Denmark France Spain UK

ECU/tonne MSW
Future - co-collection o f mixed refuse and recyclable & organic materials (blue box)

Landfill 4 11 12 3

Incineration - elec. geo. (dupfauHng oW coal) -6 -27 -23 -14

Incineration - elec. gen. («U^bcmg av. EU elec.) 14 2 1 13 11

Recycling -144 -192 -138 -127

Composting 9 16 30 11

Future - separate collection o f mixed refuse and recyclable & organic materials (wheelie bins,

Landfill 6 15 16 3

Incineration - elec. gen. («Ufplacmg old coal) -4 -24 - 2 0 -13

Incineration - eke. g«n. (displacing av. EU elec.) 16 24 16 12

Recycling -134 -156 -1 0 1 -123

Composting 10 30 47 13
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The environmental costs of MSW management have been calculated for the different 

stages in the process. Hence the costs resulting from transport pollution, energy 

use, operation of the waste facility and the production of the waste containers have 

been calculated separately, as have benefits o f any displaced pollution resulting from 

displacement of energy generated from alternative sources. In addition to these 

environmental externalities, the costs of transport related accidents have also been 

calculated, using the distances travelled per tonne of MSW, the accidents risks from 

Table 3.4 in Chapter 3 and the economic values for traffic accidents in Table 4.4. 

Tables 4.8-4.19 list these detailed calculations for each of the 12 EU Member States. 

The net external cost estimates for recycling are negative for all countries included 

in the analysis, indicating net external benefits o f recycling. Not only does there 

appear to be net benefit associated with recycling, but these are also of a very 

significant size for most o f the 12 countries. By checking the different cost/benefit 

elements making up the net estimates, it becomes clear from Tables 4.8 - 4.19, that 

the driving force behind these very considerable net benefits o f recycling are listed 

as operation costs, and perhaps a note of explanation is warranted in this context. 

In the operation costs are included the avoided external costs from virgin production 

of the recycled product. So this element is a measure for the external costs of the 

recycling process minus any avoided external costs of virgin production o f the 

product in question^®. But it is clearly the avoided environmental costs of producing 

with virgin inputs that drive these large external benefits. In addition to the large 

recycling benefits, two things in particular stand out from these tables, both related 

to the costs of transport related accidents. Firstly, it appears that transport related 

accidents make up an overwhelming majority o f the total external costs estimated for 

certain countries, e.g. Portugal, Greece and Spain, whilst contributing with a much 

smaller proportion for other countries as e.g. Denmark. The reason for this lies in 

the risk o f accidents per vehicle-kilometre. For Portugal, for example, this is much 

greater than it is in Denmark (see Chapter 3, Table 3.4). Thus, for heavy goods 

vehicles (HGVs), the fatality risk in Portugal is about six times higher than in

Unfortunately, the life cycle inventory reported the net savings in emissions resulting from 
recycling, i.e. it did not provide separate figures for emissions from the recycling process and 
those saved by not having to produce the products in question from virgin inputs.
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Denmark, while the risk o f serious injury is over sixty times higher in Portugal than 

in Denmark. In the case of recycling and composting, which rely on householders 

using their own cars to bring the materials to collection points, the difference 

between fatality risks in Portugal and Denmark is 2:1, while for serious injury it is 

75:1. The other notable point is that transport related accident costs are particularly 

large for composting. This reflects the assumption (based on empirical evidence 

from the United Kingdom) that the average load when householders bring organic 

waste (i.e. garden waste) to civic amenity sites is quite light, resulting in high 

distances per tonne thus collected. Table 4.20 shows transport related accident 

costs* relative share of the total estimated external costs of MSW management".

"  However, note that it is accident costs relative to total external costs only - any external benefits 
(or negative external costs) have not been included. Thus for recycling, for instance. Table 4.20 
provides accidents’ share out of transport pollution costs +  costs associated with bins/bags +  
accidents, but does not include the saved ’operation costs’.
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Table 4.8 External Costs of Present MSW Management in Belgium

Landfill 
no gas itc .

Landfill 
gas flared

Landfill 
elec. gen. 

displ. old coal

Landfill 
dec. gen. 

displ. av. EU 
dec.

Landfill 
no transfer

Incineration
d i ^ .  old coal

Incineration 
displ. av. EU 

dec.
Recycl.

bring

Recycl. 
blue box 
co-cdl.

Recycl. 
split bin 

sep. coll.
Comp.

bring
Comp, 

kerb co-coll.

Comp, 
kerb sep. 

coU.

ECU/tonne MSW

Transp. Poll. 0.8 0.8 0.8 0.8 0.5 0.4 0.4 10.5 1.7 4.2 11.6 0.5 5.8

Energy 1.1 1.1 1.1 1.1 0.0 8.0 8.0 3.4 3.3 3.1

Operation 1.8 1.1 1.1 1.1 1.8 15.1 15.1 -274.5 -271.6 -267.4 0.0 0.0 0.0

Displ. Poll. 0.0 0.0 -0.9 -0.3 0.0 -47.6 -10.3 0.0 0.0 0.0

Bags/bins 0.4 0.4 0.4 0.4 0.4 0.4 0.4 0.4 3.9 0.7 0.4 0.4 0.7

Sub total 4.2 3.4 2.5 3.2 2.8 -23.7 13.6 -263.6 -266.1 -262.6 15.4 4.2 9.5

Accidents 4.0 4.0 4.0 4.0 3.1 3.3 3.3 18.4 3.6 32.9 31.4 2.9 32.2

Total 8 .1 7.4 6.5 7.1 6.0 -20.4 16.9 -245.2 -262.5 -229.7 46.8 7.1 41.8

Table 4.9 External Costs of Present MSW Management in Denmark

Landfill
no gas rec.

Landfill 
gas flared

Landfill 
dec. gen. 

displ. old cod

Landfill 
dec. gen. 

displ. av. EU 
dec.

Landfill 
no transfer

Incineration 
displ. old cod

Incineration 
displ. av. EU 

dec.
Recycl.

bring

Recycl. 
bhie box 
co-coll.

Recycl. 
split bin 
Sep. coll.

Comp.
bring

Comp.
50/50

bring/kerb
co-coll.

Comp. 
50/50 

bring/kerb 
Sep. coll.

ECU/tonne MSW

Transp. Poll. 1 .2 1 .2 1 .2 1 .2 1 .0 0 .8 0 .8 7.1 3.8 5.9 10.1 5.6 6.4

Energy 0.9 0.9 0.9 0.9 0 .0 6 .0 6 .0 - - - 2 .6 2 .6 2.4

Operation 1 .8 1.1 1.1 1.1 1 .8 12.3 12.3 -170.3 -167.9 -157.3 0 .0 0 .0 0

Displ. Poll. 0 .0 0 .0 -0.9 -0.3 0 .0 -38.5 -8.7 - - -

Bags/bins 0.4 0.4 0.4 0.4 0.4 0.4 0.4 0.4 1.4 0 .6 0.4 0.4 0.5

Sub total 4.2 3.5 2.7 3.3 3.2 -19.0 1 0 .8 -162.8 -162.7 -150.8 13.0 8.5 10.5

Accidents 1.5 1.5 1.5 1.5 1.5 1.5 1.5 5.7 1.5 5.3 8 .8 5.0 6.9

Total 5.8 5.1 4 2 4.8 4.6 -17.6 12.3 -157.2 -161.2 -145.5 2 1 .6 13.4 17J



Table 4.10 External Costs of Present MSW Management in France

Landfill 
no gas rec.

Landfill 
gas flared

Landfill 
elec. gen. 

displ. old coal

Landfill 
elec. gen. 

displ. av. EU 
elec.

Landfill 
no transfer

Incineration
displ. old coal

Incineration 
d i^ l. av. EU 

elec.
Recycl.

bring

Recycl. 
blue box 
co-coll.

Recycl. 
split bin 

sq>. coll.
Comp.

bring

Comp.
50/50

bring/kerb
co-coll.

Comp. 
50/50 

bring/kerb 
Sep. coll.

ECU/tonne MSW

Transp. Poll. 1.4 1.4 1.4 1.4 1.2 1.0 1.0 7.6 7.4 14.1 7.4 4.0 12.0

Energy 1.1 1.1 1.1 1.1 0.0 7.7 7.7 3.3 3.1 3.1

Operation 1.4 0.8 0.8 0.8 1.4 15.7 15.7 -303.4 -300.5 -282.4 0.0 0.0 0.0

Displ. Poll. 0.0 0.0 -0.7 -0.2 0.0 -55.3 -12.0 0.0 0.0 0.0

Bags/bins 0.4 0.4 0.4 0.4 0.4 0.4 0.4 4.4 4.7 0.6 0.4 0.4 0.1

Sub total 4.3 3.7 3.1 3.5 2.9 -30.6 12.7 -291.4 -288.4 -267.7 11.1 7.5 15.3

Accidents 11.2 11.2 11.2 11.2 10.3 10.4 10.4 8.9 10.0 114.7 13.8 11.6 63.9

Total 15.5 14.9 14.3 14.7 13.2 -20.3 23.1 -282.5 -278.4 -153.0 24.9 19.1 79.2

Table 4.11 External Costs of Present MSW Management in Germany

Landfill 
no gas rec.

Landfill 
gas flared

Landfill 
eke. gen. 

displ. old coal

Landfill 
elec. gen. 

displ. av. EU 
elec.

Landfill 
no transfer

Incineration
displ. old coal

Incineration 
displ. av. EU 

elec.
Recycl.

bring

Recycl. 
blue box 
co-coll.

Recycl. 
split bin 

sq>. coll.
Comp.

bring

Comp.
50/50

bring/kerb
co-coll.

Comp. 
50/50 

bring/kerb 
sep. coll.

ECU/tonne MSW

Transp. Poll. 0.9 0.9 0.9 0.9 0.7 0.5 0.5 6.1 3.3 4.1 5.5 1.6 2.5

Energy 1.1 1.1 1.1 1.1 0.0 8.4 8.4 3.4 3.3 4.0

Operation 1.4 0.9 0.9 0.9 1.4 16.6 16.6 -205.2 -201.9 -190.4 0.0 0.0 0.0

Displ. Poll. 0.0 0.0 -0.7 -0.2 0.0 -52.6 -26.7 0.0 0.0 0.0

Bags/bins 0.4 0.4 0.4 0.4 0.4 0.4 0.4 0.4 1.4 0.7 0.4 0.4 0.5

Sub total 3.8 3.3 2.6 3.1 2.5 -26.7 14.6 -198.7 -197.2 -185.6 9.3 5.2 7.0

Accidents 2.1 2.1 2.1 2.1 1.8 1.8 1.8 8.7 1.9 5.1 12.4 6.9 8.5

Total 5.9 5 J 4.6 5.1 4 J -24.85 16.4 -190.0 -195J •180.5 21.7 12.1 15.5
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Table 4.12 Elxternal Costs of Present MSW Management in Greece

Landfill Landfill Landfill Landfill Landfill Recycl.
Recycl. 
blue twx

o o { u  lec. g u  fUitd dec. gen. displ. old coal elec. goi. displ. av. EU dec. no transfer bring co-coll.

ECU/tonne MSW

Transp, Poll. 1.1 1.1 1.1 1.1 1.1 3.7 1.6

Energy 0.6 0.6 0.6 0.6 0.0

Operation 1.8 1.0 1.0 1.0 1.8 -107.2 -105.7

Displ. Poll. 0.0 0.0 -0.8 -0.2 0.0

Bags/bins 0.3 0.3 0.3 0.3 0.3 0.3 0.7

Sub total 3.7 3.0 2.2 2.8 3.1 -103.2 -103.4

Accidents 16.4 16.4 16.4 16.4 14.7 59.6 14.2

Total 20.1 19.4 18.5 19.1 17.7 -43.7 -89.2

Table 4.13 ELxtemal Costs of Present MSW Management in Ireland

Landfill Landfill Landfill Landfill Landfill Recycl.
Recycl. 
blue box

no tu rcc. gas flared dec. gen. displ. old cod dec. gen. displ. av. EU elec. no transfer bring co-coll.

ECU/tonne MSW

Transp. Poll. 2.1 2.1 2.1 2.1 1.9 7.2 2.5

Energy 0.6 0.6 0.6 0.6 0.0

Operation 1.8 1.1 1.1 1.1 1.8 -216.3 -158.1

Displ. Poll. 0.0 0.0 -0.9 -0.3 0.0

Bags/bins 0.2 0.2 0.2 0.2 0.2 0.2 2.8

Sub total 4.7 4.0 3.1 3.7 3.9 -208.9 -152.6

Accidents 4.1 4.1 4.1 4.1 3.9 4.7 3.8

Total 8.8 8.1 7.2 7.8 7.7 -204.2 -148.9
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VO



Table 4.14 External Costs of Present MSW Management in Italy

Landfill
no gas ICC.

Landfill 
gas flared

Landfill 
dec. gen. displ. old 

coal

Landfill 
elec. gen. displ. av. 

EU dec.
Landfill
no transfer

Incineration 
displ. old coal

Incineration 
displ. av. EU elec.

Recycl.
bring

Recycl. 
blue box 
co-coll.

ECU/tonne MSW

Transp. Poll. 0.7 0.7 0.7 0.7 0.5 0.4 0.4 5.8 2.2

Energy 0.3 0.3 0.3 0.3 0.0 5.5 5.5

Operation 1.7 1.0 1.0 1.0 1.7 11.2 11.2 -155.1 -153.0

Displ. Poll. 0.0 0.0 •0.8 -0.3 0.0 -34.0 -7.8

Bags/bins 0.3 0.3 0.3 0.3 0.3 0.3 0.3 0.3 1.0

Sub total 3.0 2.3 1.5 2.1 2.5 -16.7 9.6 -149.1 -149.8

Accidents 3.2 3.2 3.2 3.2 2.3 2.3 2.3 12.8 2.5

Total 6 .2 5.5 4.7 5.2 4.8 -14.4 11.9 -136.2 -147.3

VOo Table 4.15 External Costs of Present MSW Management in Luxembourg

Landfill
no gas ICC.

Landfill 
gas flared

Landfill 
dec. gen. 

displ. old coal

Landfill 
dec. gen. 

displ. av. EU 
elec.

Landfill 
no transfer

Incineration 
displ. old coal

Incineration 
displ. av. EU 

elec.
Recycl.

bring

Recycl. 
blue box 
co-coll.

Recycl. 
split bin 

sep. coll.
Comp.

bring

Comp.
50/50

bring/keib
co-coll.

Comp.
50/50 

bring/kerb 
Sep. coll.

ECU/tonne MSW .
Transp. Poll. 1.2 1.2 1.2 1.2 1.0 0.8 0.8 7.6 2.8 4.2 10.3 4.8 6.1
Energy 1.2 1.2 1.2 1.2 0.0 8.9 8.9 3.8 3.9 4.2
Operation 1.1 0.7 0.7 0.7 1.1 15.6 15.6 -209.43 -206.7 -194.4 0.0 0.0 0.0
Displ. Poll. 0.0 0.0 -0.6 -0.2 0.0 -39.7 -8.5 0.0 0.0 0.0
Bags/bins 0.3 0.3 0.3 0.3 0.3 0.3 0.3 0.3 1.0 0.6 0.3 0.3 0.4
Sub total 3.9 3.4 2.9 3.3 2.4 -14.1 17.1 -201.5 -202.8 -189.7 14.4 9.0 10.8
Accidents 2.4 2.4 2.4 2.4 2.3 2.2 2.2 8.9 2.0 6.0 12.2 6.9 8.9
Total 6.5 5.8 5.3 5.7 4.8 -12.0 193 -192.6 -200.8 -183.6 26.6 15.9 19.7



Table 4.16 External Costs of Present MSW Management in the Netherlands

Landfill
n o g u  ICC.

Landfill 
gas flared

Landfill 
elec. gen. 

displ. old coal

LandüU 
elec. gen. 

displ. av. EU 
elec.

Landfill 
no transfer

Incineration 
diq»l. old coal

Incineration 
displ. av. EU 

elec.
Recycl.

bring

Recycl. 
blue box 
co-coU.

Recycl. 
split bin 

sep. coll.
Comp.

bring
Comp, 

kerb ctxoll.

Comp.
kerb sep. 

coll.

ECU/tonne MSW

Transp. Poll. 0.7 0.7 0.7 0.7 0.5 0.3 0.3 4.4 0.9 1.2 4.2 0.3 1.1

Energy 1.0 1.0 1.0 1.0 0.0 6.8 6.8 2.9 2.5 3.8

Operation 1.6 1.0 1.0 1.0 1.6 13.7 13.7 -198.9 -195.8 -185.5 0.0 0.0 0.0

Displ. Poll. 0.0 0.0 -0.8 -0.2 0.0 -45.0 -9.9 0.0 0.0 0.0

Bags/bins 0.3 0.3 0.3 0,3 0.3 0.3 0.3 0.3 1.5 0.6 0.3 0.3 0.6

Sub total 3.6 3.0 2.1 2.7 2.4 -23.9 11.2 -194.1 -193.4 -183.8 7.5 3.1 5.4

Accidents 0.6 0.6 0.6 0.6 0.5 0.5 0.5 5.1 0.4 1.2 8.6 0.3 1.0

Total 4.2 3.6 2.7 3.3 2.9 -23.4 11.7 -189.0 -192.9 -182.6 16.1 3.4 6.4
VO

Table 4.17 Elxtemal Costs of Present MSW Management in Portugal

Landfill 
no elec. gen.

Landfill 
gas flared

Landfill 
elec. gen. displ. old 

coal

Landfill 
elec. gen. displ. av. 

EU elec.
Landfill 
no transfer

Recycling
bring

Recycling 
blue box co-coll.

Composting
bring

ECU/tonne MSW

Transport Pollution 1.4 1.4 1.4 1.4 1.1 4.6 4.6 4.1

Energy 0.9 0.9 0.9 0.9 0.0 2.7

Operation 1.7 1.0 1.0 1.0 1.7 -86.0 -100.4 0.0

Displaced Pollution 0.0 0.0 -0.8 -0.2 0.0 0.0

Bags/bins 0.3 0.3 0.3 0.3 0.3 3.0 3.2 0.3

Sub total 4.2 3.6 2.8 3.3 3.1 -78.3 -92.7 7.2

Accidents 15.7 15.7 15.7 15.7 13.5 61.7 13.5 120.1

Total 19.9 19.2 18.4 19.0 16.6 -16.7 -79.2 127J



Table 4.18 External Costs of Present MSW Management in Spain

Landfill 
no gas rec.

Landfill 
gas flared

Landfill 
dec. gen. 

displ. old cod

Landfill 
elec. gen. 

displ. av. EU 
elec.

Landfill 
no transfer

Incineration 
displ. old cod

Incineration 
displ. av. EU 

elec.
Recycl.

bring

Recycl. 
blue box 
co-coll.

Recycl. 
split bm 
sep. coll.

Comp.
bring

Comp.
50/50

bring/kerb
co-coll.

Comp. 
50/50 

bring/keib 
Sep. coll.

ECU/tonne MSW

Transp. Poll. 1.6 1,6 1.6 1.6 1.4 1.4 1.4 4.7 1.8 2.7 3 .6 1.2 10.7

Energy 0.9 0.9 0.9 0.9 0.0 6 .6 6 .6 2 .6 2.4 2.4

Operation 1.8 1.1 1.1 1.1 1.8 13.4 13.4 -138.0 -136.0 -130.9 0.0 0.0 0.0

Displ. Poll. 0.0 0.0 -0.9 -0.3 0.0 -45.6 -10 .12 0.0 0.0 0.0

Bags/bins 0.3 0.3 0.3 0.3 0.3 0.3 0.3 0.3 16.4 0.5 0.3 0.3 0.5

Sub total 4.6 3.9 3.0 3.6 3.5 -24.0 11.5 -133.0 -177.9 -127.8 6.5 3.8 13.5

Accidents 11.8 11.8 11.8 11.8 10.7 10.7 10.7 21.7 9.6 86.4 42.1 9.5 86.3

Total 16.4 15.7 14.8 15.5 14.2 -13.3 2 2 .2 -111.3 -108.3 -41.4 48.6 13.3 99.8

Table 4.19 External Costs of Present MSW Management in the United Kingdom

Landfill 
no gas rcc.

Landfill 
gas flared

Landfill 
dec. gen. displ. 

old cod

Landfill 
dec. gen. displ. av. 

EU elec.
Landfill 
no transfer

Incineration 
displ. old cod

Incineration 
displ. av. EU dec.

Recycl.
bring

Recycl. 
blue box 
co-coll.

Recycl. 
split bin 
Sep. coll.

ECU/tonne MSW

Transp. Poll. 0.6 0.6 0.6 0.6 0.5 0.4 0.4 4.7 1.2 4.7

Energy 0.8 0.8 0.8 0.8 0.0 5.9 5.9

Operation 1.5 0.9 0.9 0.9 1.5 12.3 12.3 -179.0 -178.7 -179.0

Displ. Poll. 0.0 0.0 -0.7 -0.2 0.0 -38.0 -8.6

Bags/bins 0.3 0.3 0.3 0.3 0.3 0.3 0.3 0.3 0.9 0.3

Sub total 3.3 2.7 1.9 2.5 2.3 -19.0 10.4 -174.0 -176.5 -174.0

Accidents 1.1 1.1 1.1 1.1 0.6 0.8 0.8 4.2 0.8 4.3

Total 4.4 3.8 3.0 3.5 2.9 -18.3 11.2 -169.7 -175.7 -169.7



Table 4.20 Accident Costs’ Relative Share of Total Elxternal Costs Associated with Present MSW Management in the EU
Belgium Denmark France Germany Greece Ireland Italy Luxembourg Netherlands Portugal Spain UK

Per cent of Total External Costs
Present - mixed refuse collection, bring system for recyclable and organic materials
Landfill • no gas recoveiy 54 31 78 42 83 56 48 48 16 81 75 21
Landfill - gas flared 61 37 81 48 86 55 56 51 31 85 79 32
Landfill - energy gen. 61 37 81 48 86 55 56 51 31 85 79 32
Landfill - distant (incl. transfer) 49 26 72 35 82 47 51 37 14 79 72 25
Incineration 12 7 30 7 12 8 2 33 4
Recycling 63 43 43 57 94 39 68 53 52 89 81 46
Composting 67 40 56 57 46 53 94 87
Present - co-collection of mixed refuse and recyclable & organic materials (blue box)
Landfill 51 28 77 35 82 49 47 41 12 81 74 25
Incineration 14 6 28 5 11 6 2 26 4
Recycling 39 22 45 29 86 42 43 35 15 63 35 28
Composting 41 37 61 57 43 9 95 71
Present - separate collection of mixed refuse and recyclable & organic materials (wheelie bins)
Landfill 51 29 76 38 44 14 74 27
Incineration 15 7 29 6 8 2 33 4
Recycling 87 45 89 52 56 40 97 46
Composting 77 40 81 55 45 16 86
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4.3.9 Sensitivity Analyses

In addition to the scenarios described above, a number of sensitivity analyses are 

carried out for the United Kingdom. The significance of transport in the total 

external costs of MSW treatment is tested by varying the distance travelled. A 

number of different distances for kerbside collection and bring systems are tested, 

together with the effect of kerbside collection on the external costs o f other disposal 

method through the change in the MSW composition. In the previously described 

scenarios, the external costs o f recycling is given for a mix o f recylables. In the 

sensitivity analyses, the external benefits of six different recyclable materials are 

calculated. Table 4.21 and Figure 4.3 show the estimated external benefits 

associated with the recycling of these six materials. Note, however, that these 

estimates are calculated in separate scenarios where it is assumed that all o f the 

United Kingdom’s present five per cent recycling is achieved by recycling just one 

material. Thus, the estimate for ferrous metal is based on the assumption that the 

United Kingdom’s five per cent recycling is achieved solely through the recycling 

of ferrous metal. The exceptions are aluminium and plastic film, for the simple 

reason that these materials constitute less than five per cent of the waste stream. In 

the case of aluminium, it is instead assumed that two per cent o f the waste stream 

is recycled and that all of that is aluminium, and in the case of plastic film it is 

assumed that the recycling rate for the whole of the waste stream is four per cent, 

and that all o f that is from plastic film recycling. This means that, at least for some 

materials, it is assumed that 1 0 0  per cent o f what is present in the waste stream is 

recycled. Thus, no account is taken of the difficulties in actually achieving this 

recovery rate. In practice, however, it is not realistic to expect 100 per cent 

recycling of any material, simply because of the involvement it requires of 

individuals to achieve 1 0 0  per cent recovery from the waste stream.
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Table 4.21 External Benefits Associated with Recycling in the UK (Income 
elasticity =  0.3)

ECU/tonne of recyclable material

Ferrous metal 313

Non-ferrous metal 979

Glass 207

Paper 73

Plastic film -18

Rigid plastic 51

Table 4.21 and Figure 4.3 illustrate that there are substantial external benefits 

associated both with the recycling of non-ferrous metals (mainly aluminium) and 

with the recycling of ferrous metal and glass. However, the benefits resulting from 

the latter are only in the range of 20-30 per cent of the former. There are also some 

environmental benefits for paper, textile and rigid plastic recycling, while the 

recycling of plastic film results in environmental costs. However, the uncertainties 

involved in estimating the environmental costs and benefits o f recycling these latter 

materials, weakens the case for encouraging recycling of these materials.

4.4 SUMMARY OF CHAPTER 4

This chapter has estimated the externalities of MSW management for the European 

Union (excluding the three most recent members, Sweden, Finland and Austria). 

This involved a number of discrete steps; first, the utilisation o f a life cycle 

inventory (LCI), after detailing the relevant assumptions, to itemise all the emissions 

of pollutants that are associated with MSW management. Second, the valuation of 

those emissions using the damage estimates that were developed in Chapter 3. A 

number of different scenarios were considered in the valuation, together with 

differing assumptions about collection distance and methods. The results from this

195



'OG\

ECU/tonne 

1000

900

800  -

700 

600

500  -

400  -

300  -

Ferrous
metal

100 -

Aluminium

Glass

Paper & 
board Plastic

film

Rigid
ilastic

Figure 4.3 External Benefits Associated with the Recycling of Selected Materials in the UK



exercise allowed the following ranking, based on their external costs, o f the four 

MSW management methods:

1) recycling

2 ) incineration (where the displaced pollution is assumed to be generated

at old coal fired power stations)

3) landfill

4) incineration (where the displaced pollution is assumed to be generated 

using an average European fuel mix)

5) composting

A breakdown of the respective external cost calculations were provided for all 12 

EU Member States, and any anomalies noted and explained. The significance of the 

external benefits for recycling, required a more detailed consideration of the external 

costs/benefits of recycling selected materials. The estimation of the external costs 

of MSW management in the 12 EU Member States in this Chapter, is now followed 

by the estimation of the private, or financial, costs o f MSW management in the next 

chapter.
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5. Financial Costs of Municipal Solid Waste Disposal

5.1 FINANCIAL COST CATEGORIES AND ELEMENTS

Chapter 4 reported the results of an analysis of environmental costs associated with 

municipal solid waste (MSW) management in the European Union. This chapter 

reports the estimates of the private, or financial, costs of MSW management in the 

12 Member States, adjusted for subsidies and taxes. The earlier chapter was 

primarily concerned with the four MSW management systems that had been analysed 

for the European Union; landfill, incineration, materials recycling and composting. 

These options will, not surprisingly, remain the focus of this chapter. Additional 

scenarios will be assessed for each of these four operations, by changing the 

assumptions about whether transfer takes place and by varying collection distances 

for the waste being treated.

5.1.1 MSW Categories

Table 5.1 lists the possible MSW treatments, which fall in six categories: collection, 

transfer, recycling, composting, incineration and landfill.

Table 5.1 MSW Treatments Analysed
Treatment
Number

Category Treatment Method

1 Collection mixed refuse rural

2 Collection mixed refuse urban

3 Collection source separated recyclables bring rural high density (i.e. paper 
and glass)

4 Collection source separated recyclables bring rural low density (i.e. metal 
cans and plastics)

5 Collection source separated recyclables bring urban high density

6 Collection source separated recyclables bring urban low density

7 Collection source separated recyclables kerbside urban high density

8 Collection source separated recyclables kerbside urban low density

9 Collection commingled recyclables kerbside rural green bin

10 Collection commingled recyclables kerbside urban green bin

11 Collection commingled recyclables kerbside blue box
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Treatment
Number

Category Treatment Method

12 Transfer

13 Recycling processing manual

14 Recycling processing automatic

15 Recycling reprocessing paper and board

16 Recycling reprocessing glass

17 Recycling reprocessing metals steel

18 Recycling reprocessing metals aluminium

19 Recycling reprocessing plastics mech. single polymer

20 Recycling reprocessing plastics mechanical mixed plastics

21 Recycling reprocessing plastics feedstock recycling

22 Recycling reprocessing composites

23 Composting reprocessing organics

24 Incineration no energy recovery

25 Incineration heat recovery

26 Incineration power recovery

27 Incineration heat and power recovery

28 Landfill no energy recovery urban

29 Landfill no energy recovery rural

30 Landfill energy recovery urban

31 Landfill energy recovery rural

Source: Coopers & Lybrand et al. (1996)

5.1.2 Financial Cost Elements in MSW Treatment

A ubiquitous problem encountered, when looking at solid waste issues, is the paucity 

of data. In Chapter 1 this was found to be the case for data on waste arisings; it 

holds equally true for data on costs of MSW management. There appear to be a 

number of reasons for this: In many of the European Union Member States, MSW 

management is undertaken by municipalities, which often have no obligation to 

gather reliable, or even detailed, cost data. In cases where the waste treatment 

plants and facilities are privately owned, the proprietors are often, understandably, 

reluctant to release commercially sensitive information about their cost structures. 

Generally, even when they are available, the data relate to the prices charged for a
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service, which do not always reflect the underlying costs. Finally, even where good 

overall cost data are available, the level of detail is inconsistent with the seven cost 

elements used in this study. Table 5.2 illustrates the financial cost elements relevant 

to each of the six MSW treatment categories identified in Table 5.1.

Table 5.2 Financial Cost Elements in MSW Treatment

Cost element

Treatment Category

Collect. Transfer Recycl. Compost. Incin. Landnil

Land ✓ ✓ ✓ ✓

Site development ✓ ✓ ✓ ✓

Plant and machinery ✓ ✓ ✓ ✓ ✓ ✓

Labour ✓ ✓ ✓ ✓ ✓ ✓

Other operating costs ✓ ✓ ✓ ✓ ✓ ✓

Post closure ✓ ✓

Income from sale of 
recovered materials 
and energy

✓ ✓ ✓ ✓

Source: Coopers & Lybrand et al. (1996)

5.1.3 Adjustment of Financial Costs

Thus, for each treatment method, it has been necessary to identify reliable detailed 

cost data that might be regarded as typical of a particular treatment method. In 

some instances, these data might have originated from just one country. These data 

are then used, through a process of interpolation, to estimate the likely costs in other 

countries. These estimates are calculated by adjusting with known differences in 

relative factor prices* between the base country, for which detailed cost data are 

available, and the countries for which costs need to be estimated (see Coopers & 

Lybrand et a l ,  1996).

Factor prices for land, labour, civil engineering, electricity, diesel and income from sale of 
electricity.
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However, the collected data on financial costs may not fully reflect all the (non- 

environmental) economic costs and benefits of different treatment methods. 

Economic costs and benefits should reflect the opportunity costs of resources being 

consumed in their best alternative use. This implies that income from certain 

subsidies, and the payment of certain taxes should be removed from revenues and 

costs. Additionally, the prices used to value costs and benefits should reflect long 

term marginal costs. In this study, it is assumed that the resources used for waste 

disposal have no alternative use, thus, no adjustment has been carried out for general 

or indirect taxes, including income or employment taxes, VAT or excise duty. In 

addition, no adjustment has been made for taxes or subsidies that attempt to 

internalise external costs or benefits. For example, market prices for land may be 

distorted by planning restrictions, but these are taken to reflect the external benefits 

associated with restrictions on land use. However, an adjustment has been made for 

taxes specific to waste disposal.

For each treatment option, data from one or more countries have been used as a 

basis for estimating the costs in other Member States, with appropriate adjustments 

made for difference in incomes, land prices, energy prices and civil engineering 

costs. These indices allow for most differences in tax regimes between Member 

States. One exception was in respect of employment taxes, where the study has 

chosen to assume that there are only minimal differences between average earnings 

and average employment cost indices across the HU, making an adjustment 

unnecessary. Thus, for the purpose of the analysis, it was assumed that, in general, 

the prices of labour, materials (including fuel) and energy are determined in 

unrestricted, competitive markets and reflect true resource costs. In the case of 

capital costs, account has been taken of whether the financial data incorporated 

depreciation, financing costs and profit margins. Thus, the cost estimates in the 

analysis are based on discounted cash flows.
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5.2 FINANCIAL COST ESTIMATES OF PRESENT MSW 

TREATMENT IN EU MEMBER STATES

Table 5.3 summarises the results of the cost-benefit analysis of private costs of 

MSW management in the European Union which was undertaken for the European 

Commission (Coopers & Lybrand et al. y 1996)^.

5.2.1 Estimating the Financial Costs of Present MSW Treatment Practices in 

EU Member States

The unit cost estimates of Table 5.3 can then be combined to match the scenarios 

analysed in Chapter 4, in respect of the external costs of MSW management. Table

4.5 set out the scenarios that are relevant for analysis. The formulae for the 

matching financial costs are set out below, where the numbers in square brackets 

indicate which costs elements from Table 5.3 should be used for composing the total 

financial costs for the scenario in question.

Present - mixed refuse collection, bring system fo r  recyclable and organic materials 

Landfill - distant (incl. transfer) [2] +  [12] +  [29]

Landfill - distant, gas flared [2 ] +  [1 2 ] +  [29] (no separate financial data exist for gas 

collection)

Landfill - energy gen. [2 ] +  [1 2 ] +  [31] (no distinction is made in financial terms 

between displacing electricity generated by the least efficient or the 

‘average* European power plant)

Landfill - local, no gas recovery [2] +  [28]

Note that these figures do not differ from those reported in Coopers & Lybrand et al. (1996). 
Indeed, the only difference in the figures reported in the present chapter compared to those 
reported in Coopers & Lybrand et al. (1996), is the way the cost estimates for the individual cost 
categories have been combined to match the scenarios set out in Chapter 4. Thus, for details 
of the assumptions about discount rates, growth rates, wage inflation, rate of technological 
change, etc, see Coopers & Lybrand et a/, ,(1996), Appendix E.
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Table 5.3 Total Present Net Unit Financial Costs of each MSW Treatment Method by Member State (ECU/tonne, 1993 prices)

Treatment method

Country

B DK D F GR IRL I L NL P S UK

1 Collection of mixed refuse - rural 87 107 98 78 55 82 72 91 86 53 73 79

2 Collection of mixed refuse - urban 58 74 61 52 42 54 49 58 56 40 34 42

3 Collection of source separated recyclables - bring rural (high 
density) 56 64 60 53 41 56 51 56 55 43 50 53

4 Collection of source separated recyclables - bring rural (low 
density) 194 226 208 182 144 194 178 194 192 149 174 184

5 Collection of source separated recyclables - bring urban (high 
density) 37 66 72 35 28 37 34 37 25 29 33 35

6 Collection of source separated recyclables - bring urban (low 
density) 95 108 101 89 70 94 87 95 94 73 85 90

7 Collection of source separated recyclables - kerbside urban 
(high density) 74 103 96 81 65 84 77 91 88 63 78 82

8 Collection of source separated recyclables - kerbside urban 
(low density) 284 656 613 517 415 535 491 581 559 402 497 523

9 Collection of commingled recyclables - kerbside rural (green 
bin) 75 95 86 68 44 69 60 79 74 41 61 67

10 Collection of commingled recyclables - kerbside urban (green 
bin) 50 93 57 44 29 46 40 53 50 28 41 45

11 Collection of commingled recyclables - blue box 198 252 228 175 118 184 160 211 198 110 163 143

12 Transfer 27 35 31 23 15 25 21 29 27 14 22 24

13 Processing - manual 48 51 54 42 40 45 46 50 48 39 45 48

14 Processing - semi-automatic 124 134 143 109 100 115 116 129 92 96 115 121

15 Reprocessing - paper and board -25 -40 -80 -115 -68 -15 -15 -25 -40 -45 -45 -25

to
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Table 5.3 Total Present Net Unît Financial Costs of each MSW Treatment Method by Member State (ECU/tonne, 1993 prices) 
(cont’d)

Treatment method

Country

B DK D F GR IRL I L NL P S UK

16 Reprocessing - glass -12 -16 -12 -12 -23 -30 -30 -12 -28 -45 -45 -30

17 Reprocessing - ferrous metal -39 -39 -39 -39 -39 -39 -39 -39 -39 -39 -39 -39

18 Reprocessing - aluminium -687 -687 -687 -687 -687 -687 -687 -687 -687 -687 -687 -687

19 Reprocessing - plastics (mechanical single polymer) -195 -187 -145 -276 265 -235 -68 -159 -192 -267 -247 -173

20 Reprocessing - plastic (mechanical mixed plastics) -97 -94 -73 -138 -133 -117 -104 -79 -96 -133 -123 -87

21 Reprocessing - plastics feedstock recycling 186 201 232 128 211 155 169 210 184 116 149 192

22 Reprocessing - composites no data available

23 Reprocessing - organics 31 35 63 24 54 27 30 36 35 25 35 12

24 Incineration without energy recovery 50 98 103 87 46 48 48 104 130 46 46 51

25 Incineration with heat recovery 47 88 93 79 33 39 30 95 127 30 35 43

26 Incineration with power recovery 49 86 97 81 46 47 33 97 120 46 46 43

27 Incineration with heat and power recovery 44 77 86 72 31 36 18 88 116 28 33 34

28 Landfill without energy recovery (urban) 22 48 51 21 20 34 25 53 36 21 25 26

29 Landfill without energy recovery (rural) 17 28 29 15 15 23 18 37 21 15 14 19

30 Landfill with energy recovery (urban) 22 47 51 20 20 34 24 52 36 20 24 25

31 Landfill with energy recovery (rural) 17 27 28 14 14 22 16 36 21 15 16 18

to
2

Source: Coopers & Lybrand et al. (1996)



Incineration - eiec. gen. [2 ] 4* [2 6 ]  +  0 .3  ’ [2 9 ]  (as (br electricity recovered from 

landfill gas, no distinction is made in financial terms between 

displacing electricity generated by the least efficient or the average 

European power plant. The 0.3 multiplied by landfill costs represent 

the residue that remains after incineration which requires landfilling.)

Recycling - bring (u +  v) X [5] +  (w +  X +  y) X [6] +  u • [15] 4- 

v[16] 4- w • [17] 4- X  • [18] 4- y • [19] 4- 0.05 • [29]

(where u is the fraction of recyclables made up by paper & board, 

V is glass, w is ferrous metals, x is aluminium and y is plastics. The 

0.05 which is multiplied by landfill costs [29] at the end of the 

expression, represents the residue that remains after recycling, e.g. 

because of contamination, which requires landfilling.)

Composting - bring [6 ]  4- [2 3 ]

5.2.2 Co-collection versus Separate Collection

Present - co-collection o f  mixed refuse and recyclable & organic materials (blue 

box)

Landfill - local, no gas recov. [2 ]  4- [2 8 ]  (this does not take account o f savings which may

be made due to co-collection)

Incineration - eiec. gen. [2] 4- [26] 4- 0.3 * [29] (this does not take account of 

savings which may be made due to co-collection. No distinction is 

made in financial terms between displacing electricity generated by 

the least efficient or the ‘average’ European power plant. The 0.3 

multiplied by landfill costs represent the residue that remains after 

incineration which requires landfilling.)

Recycling [10] 4- [13] 4- u • [15] 4- V  • [16] 4- w • [17] 4- x •

[18] 4- y • [19] 4- 0.05 • [29]

(this does not take account of any savings realised due to co

collection. The 0.05 which is multiplied by landfill costs [29] at the

end of the expression, represents the residue that remains after 

recycling, e.g. because of contamination, which requires landfilling.)
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Composting - 50% bring/so % kerb

0 .5  • [2 ]  +  0 .5  • [6 ] +  [2 3 ]

(no account is taken o f any potential savings due to co-collection o f  

the organics collected from the kerbside)

(for Belgium, the Netherlands and Spain all the organic material for composting is 

collected at the kerbside, thus:

[2 ]  +  [2 3 ]  (no account is taken o f any potential savings due 

to co-collection)

while in the case of Portugal, all the organic material for composting is brought to 

civic amenity sites, hence:

[6 ]  +  [2 3 ])

Unfortunately, the available financial cost data do not clearly distinguish between 

separate collection, and the co-collection of recyclables and organics with mixed 

refuse. However, as illustrated by Table 4.4 in Chapter 4, co-collection with mixed 

refuse can reduce the external costs of recycling, and particularly composting, 

significantly in comparison with separate kerbside collection. The explanation is 

that separate collection has to cover the same distances as co-collection, but for 

much smaller quantities, than when co-collection takes place. This means that the 

distance travelled, per tonne of recyclable and compostable waste collected, is much 

greater, than when these fractions are collected together with mixed refuse. If the 

majority of the financial costs of collection were directly attributable to distances 

travelled, as opposed to capital costs, then it would be reasonable to assume that 

similar savings in financial costs, as for external costs, could be achieved by 

collecting recyclable and compostable waste together with mixed refuse. However, 

as these data are not available, in this example, the financial cost data for separate 

and joint kerbside collection are the same for landfill, incineration and composting. 

The one exception is recycling, where it is assumed that the collection cost for blue
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boxes [ 1 1 ] are representative of separate kerbside collection^, while the collection 

costs for commingled recyclables collected at the kerbside in green bins [ 1 0 ] is 

assumed to be representative of the costs of co-collection'*.

Present - separate collection o f  mixed refuse and recyclable & organic materials 

(wheelie bins)

Landfill - local, no gas recov. [2] 4- [28]

Incineration - eiec. gen. [2] +  [26] +  0.3 • [29]

(no distinction is made in financial terms between displacing 

electricity generated by the least efficient or the average European 

power plant. The 0.3 multiplied by landfill costs represent the 

residue that remains after incineration which requires landfilling.)

Recycling [11] +  [13] +  u • [15] 4- v • [16] 4- w • [17] 4- x •

[18] 4- y • [19] 4- 0.05 • [29]

(The 0.05 which is multiplied by landfill costs [29] at the end of the 

expression, represents the residue that remains after recycling, e.g. 

because of contamination, which requires landfilling.) 

Composting - 50% bring/50% kerb

0.5 • [2] 4- 0.5 • [6 ] 4- [23]

The composition of a tonne of MSW recovered for recycling is shown in Table 5.4. 

These proportions can be utilised in the above formulae, together with the unit 

financial costs, to give the total financial costs for each of the present scenarios. 

The results are presented in Table 5.5.

This category was in the discussion of the environmental costs in Chapter 4 represented by 
wheelie bins.

This category was in Chapter 4 represented by the blue box.

207



Table 5.4 Present Composition of MSW recovered for Recycling
Belgium Denmark Germany France Greece Ireland Italy Luxembourg Netherlands Portugal Spain UK

u Paper & board 45 65 56 40

Per cent o f total waste recycled 

79 88 42 59 61 90 73 46

V glass 36 22 31 21 16 13 47 16 22 10 18 37

w ferrous metals 16 10 5 32 0 0 2 8 12 0 9 16

X aluminium 0 4 5 7 5 0 0 3 4 0 0 0

y plastics 3 0 3 0 0 0 9 15 0 0 0 0
ëoo

Source: Powell & Craighill (1995)



Table 5.5 Financial Costs of Present MSW Management in the European Union (1993 prices)
Belgium Denm ark France Germany Greece Ireland Italy Luxembourg Netherlands Portugal Spain UK

ECU /tonne MSW

Present - mixed refuse collection, bring system for recyclable and organic materials
Landfill - no energy recovery 102 137 90 121 72 102 88 124 104 69 70 85

Landfill - gas recovered and flared 102 137 90 121 72 102 88 124 104 69 70 85
Landfill - energy gen. 102 137 90 121 72 102 88 124 104 69 70 85
Landfill • distant Oncl. transfer) 80 122 73 112 62 88 74 111 92 61 59 68

Incineration - eiec. gen. 112 168 138 167 - - 87 166 182 - 84 91
Recycling 22 15 -53 -12 -60 21 14 -9 -29 -15 -6 13
Composting 126 143 113 164 - - - 131 129 98 120 -

Present - co-collection o f mixed refuse and recyclable & organic materials (blue box)
Landfill - no energy recovery 80 122 73 112 62 88 74 111 92 61 59 68
Incineration - eiec. gen. 112 168 138 167 - - 87 166 182 - 84 91
Recycling 72 87 -23 23 -21 75 59 43 33 23 42 62

Composting 89 109 76 124 - - - 94 91 65 69 -
Present - separate collection o f mixed refuse and recyclabie & organic materials (wheelie bins)
Landfill - no energy recovery 80 122 73 112 n.m. n.m. n.m. 111 92 n.m. 59 68

Incineration - eiec. gen. 112 168 138 167 n.m. n.m. n.m. 166 182 n.m. 84 91
Recycling 220 246 108 194 n.m. n.m. n.m. 201 181 n.m. 164 160
Composting 89 109 76 124 n.m. n.m. n.m. 94 91 n.m. 69 -

K)
S

Notes: n.m. this option has not been modelled for this country
this option is not presently employed by this country

Source: Coopers & Lybrand et al. (1996) and own calculations.



5.3 RANKING OF PRESENT MSW TREATMENT METHODS 

ACCORDING TO FINANCIAL COSTS

5.3.1 Ranking of Present MSW Treatment Practices According to Financial 

Costs

Bring Systems

Table 5.5 lists the estimated financial costs o f MSW management in the European 

Union. Two very different pictures emerge: In the first case, when recycling and 

composting are collected in a bring system, recycling comes out as the cheapest of 

the four MSW management methods across all twelve Member States. The second 

cheapest option, again across all the countries, is landfill. However, the relative 

positions of incineration and composting differ across the European Union. In seven 

of the Member States, composting appears to be the most costly option, with 

incineration as the second most costly option, whilst this ranking is reversed in the 

remaining five Member States.

Based on this ranking of recycling as the cheapest option, which in some countries 

even appear to generate a profit, one might ask why recycling efforts ^ e  not 

increased across the European Union, as this would appear to save MSW 

management costs. However, it should be recalled that these financial costs 

estimates are average cost estimates based on the current levels o f recycling. Thus, 

they are not very good expressions for what the marginal costs o f recycling might 

be if  recycling was increased significantly, and efforts were made to recycle 

materials that do not lend themselves easily to recycling (see for instance the costs 

of plastics feedstock recycling in Table 5.3). In addition, and this is a criticism that 

applies to the projected future costs, where higher recycling levels are assumed, 

even the cost estimates for collection do no pick up the difficulty with achieving 

higher recovery rates. Thus, on paper it might look as good business to recycle 100 

per cent o f the aluminium present in the waste stream, but in practice a recovery 

rate of 1 0 0  per cent would prove very difficult to achieve because it places very high 

demands on individual’s diligence in separating their waste. In this context, it
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should also be recalled that these low recycling costs are based on people bringing 

their recyclable materials to collection points. While the participation rate can be 

increased by increasing the density of collection points, there will always be people 

who are not willing to make that effort. Higher participation rates may be achieved 

by introducing kerbside collection of recyclables, but, as discussed below, recycling 

costs increase when kerbside collection of recyclable materials is introduced.

One may also ask why incineration and composting is not ranked the same across 

the European Union. The reason for this lies not in e.g. different standards for 

incineration; it is assumed that incinerators in all Member States will comply with 

the standards set in the EU Directive on incineration. Instead the explanation is 

found in, that the differences in factor prices affect the costs of the different types 

of collection, and the costs of composting and incineration, differently in different 

countries (see Table 5.3).

Co-collection at Kerbside

This outcome is maintained when recyclables, and half of the organic waste for 

composting, are collected at the kerbside with the mixed refuse. Indeed, recycling 

maintains its position as the least cost option, although with less of an advantage 

over the second best option, landfill, than before. In most Member States, 

composting now appears to be less costly than incineration, which is now generally 

the highest cost option.

Separate Kerbside Collection

However, when recyclable and compostable waste is collected at the kerbside, but 

separately from mixed refuse, the picture changes markedly. Recycling becomes the 

highest cost option in most countries, followed by incineration and composting in 

most o f the European Union, whilst landfill becomes the lowest cost option in all 

Member States.
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5.4 FINANCIAL COST ESTIMATES OF FUTURE MSW 

TREATMENT IN EU MEMBER STATES

To match the ‘future’ scenarios modelled for external costs in Chapter 4, future 

financial costs of MSW are also projected. As in Chapter 4, only the future 

‘technological’ scenario is considered, and only four countries are included. A 

comparison of Tables 4.1 and 4.6 will reveal the changes in the reliance on different 

MSW management methods from the present to the future scenarios, e.g. an increase 

in recycling in all four countries, implying higher participation rates. Table 5.6 lists 

the projected net unit financial costs of each MSW treatment method.

5.4.1 Estimating the Financial Costs of Future MSW Treatment Scenarios in 

Four EU Member States 

The formulae for calculating the total financial costs of future ‘technological’ 

scenarios are presented below. Essentially, they are the same as for the present blue 

box and wheelie bin scenarios, the only difference being that the numbers in square 

brackets now refer to the unit financial costs from Table 5.6 and the relative 

recycling rates, u, v, w, x and y are found in Tables 5.7 and 5.8 respectively.

Future - co-collection o f  mixed refuse and recyclable & organic materials (blue 

box)

Landfill - local, no gas recov. [2] +  [30] (this does not take account of savings which may

be made due to co-collection)

Incineration - eiec. gen. [2] +  [26] 4- 0.3 - [29]

(this does not take account of savings which may be made due to co

collection. No distinction is made in financial terms between 

displacing electricity generated by the least efficient or the ‘average’ 

European power plant. The 0.3 multiplied by landfill costs represent 

the residue that remains after incineration which requires landfilling.)
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Table 5.6 Future (‘Technological Scenario’) Net Unit Financial Costs of each 
MSW Treatment Method (ECU/tonne, 1993 prices)
Treatment Method Denmark France Spain UK

1 Collection of mixed refuse • rural 78 57 53 58

2 Collection of mixed refuse • urban 55 38 25 31

3 Collection of source separated recyclables - 
bring rural (high density) 56 46 44 46

4 Collection of source separated recyclables • 
bring rural (low density) 199 160 153 162

5 Collection of source separated recyclables - 
bring uiban (high density) 57 30 29 30

6 Collection of source separated recyclables -
bring urban (low density) 95 78 75 79

7 Collection of source separated recyclables - 
kefbside uiban (high density) 76 60 58 61

8 Collection of source separated recyclables - 
kerbside urban (low density) 485 383 368 387

9 Collection of commingled recyclables 
- kerbside rural (green bin) 65 46 41 46

10 Collection of commingled recyclables 
- kerbside urban (green bin) 63 30 28 31

11 Collection of commingled recyclables 
- blue box 181 126 117 103

12 Transfer 41 27 26 28

13 Processing - manual 39 32 35 37

14 Processing - semi-automatic 96 78 83 87

15 Reprocessing - paper and board -110 -316 -124 -69

16 Reprocessing - glass -44 -33 -124 -83

17 Reprocessing - ferrous metal -107 -107 -107 -107

18 Reprocessing - aluminium -1889 -1889 -1889 -1889

19 Reprocessing - plastics (mech. single polymer) -1251 -1846 -1652 -1157

20 Reprocessing - plastic (mech. mixed plastics) -564 -828 -738 -522

21 Reprocessing - plastics feedstock recycling -101 -64 -75 -96

22 Reprocessing - composites no data available

23 Reprocessing - organics 26 18 26 9

24 Incineration without energy recovery 101 90 47 53

25 Incineration with heat recovery 75 67 30 37

26 Incineration with power recovery 77 72 41 38

27 Incineration with heat and power recovery 57 53 24 25

28 Landfill without energy recovery (urban) 64 28 33 35

29 Landfill without energy recovery (rural) 36 19 18 25

30 Landfill with energy recovery (urban) 60 26 31 32

31 Landfill with energy recovery (rural) 33 17 19 22

Source: Coopers & Lybrand et al. (1996)
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Recycling [10] +  [13] +  u • [15] +  v[16] +  w • [17] +  X • 

[18] +  y • [19] +  0.05 • [29]

(this does not take account of any savings realised due to co

collection. The 0.05 which is multiplied by landfill costs [29] at the 

end of the expression, represents the residue that remains after 

recycling, e.g. because of contamination, which requires landfilling.)

Composting - 50% bring/50% kerb

0.5 • [2] +  0.5 • [6 ] +  [23]

(no account is taken of any potential savings due to co-collection of 

the organics collected from the kerbside)

Future - separate collection o f  mixed refuse and recyclable & organic materials 

(wheelie bins)

Landfill - local, no gas recov. [2] +  [28]

Incineration - eiec. gen. [2] +  [26] +  0.3 • [29]

(no distinction is made in financial terms between displacing 

electricity generated by the least efficient or the average European 

power plant. The 0.3 multiplied by landfill costs represent the 

residue that remains after incineration which requires landfilling.)

Recycling [II] +  [13] +  u • [15] +  V • [16] +  w  [17] +  X • 

[18] +  y • [19] +  0.05 • [29]

(The 0.05 which is multiplied by landfill costs [29] at the end of the 

expression, represents the residue that remains after recycling, e.g. 

because of contamination, which requires landfilling.)

Composting - 50% bring/50% kerb

0.5 • [2] +  0.5 • [6 ] +  [23]
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Table 5.7 Composition of MSW recovered for Recycling (Future 
‘TechnologicaF Blue Box Scenario

Denmark France Spain UK

Per cent of total recycled materials by weight

u Paper & board 6 6 53 6 8 63

V glass 14 25 18 13

w ferrous metals 5 15 9 11

X aluminium 2 5 4 2

y plastics 14 3 1 1 0

Source: Powell & Craighill (1995)

Table 5.8 Composition of MSW recovered for Recycling (Future 
‘Technological’ Split Bin Scenario

Denmark France Spain UK

Per cent of total recycled materials by weight

u Paper & board 62 50 64 63

V glass 13 24 17 13

w ferrous metals 5 14 9 11

X aluminium 2 5 4 2

y plastics 13 3 1 1 0

Source: Powell & Craighill (1995)

Plugging the values from Tables 5.6-5 . 8  into the formulae for the future scenarios 

the total financial costs as tabulated in Table 5.9 are estimated.
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Table 5.9 Financial Costs of Future (‘Technological’) MSW Management in
the European Union (1993 prices)

Denmark France Spain 

ECU/tonne of MSW

UK

Future - co-collection of mixed refuse and recyclable & organic materials (blue box)

Landfill 115 64 56 63

Incineration - with eiec. gen. 142 116 72 77

Recycling -187 -269 -149 -157

Composting 1 0 1 76 76 64

Future - separate collection o f mixed refuse and recyclable & organic materials
(wheelie bins)

Landfill 115 64 56 63

Incineration - with eiec. gen. 142 116 72 77

Recycling -51 -155 -54 -85

Composting 1 0 1 76 76 64

Source: Coopers & Lybrand et al. (1996) and own calculations.

5.4.2 Comparison of Present and Future Financial Costs 

Comparing the projected financial costs of these future scenarios with the estimated 

present financial costs reveals a general trend of decreasing costs per tonne MSW 

for all treatment methods, given the changes in the relative amounts of waste being 

treated by each method. The largest decreases are for recycling where, typically, 

costs are projected to be turned into profits when larger quantities of waste is being 

recycled than is presently the case. The one exception from this general trend is the 

unit cost of composting, which only in the case of Denmark is projected to decrease. 

For France it is projected to remain constant and for Spain, the projected future 

costs are slightly higher than the present. In the case of the United Kingdom, no 

comparison can be made with the present scenarios as composting does not take 

place at present.
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5.5 FINANCIAL COSTS OF RECYCLING SELECTED 

MATERIALS

Chapter 4 considered the recycling of different materials separately, in order to gain 

an indication of whether some materials are more suitable, on environmental 

grounds, for recycling than others. Table 5.10 lists the estimated financial costs of 

recycling these materials separately in the UK.

Table 5.10 Financial Costs of Recycling in the United Kingdom

(1993 prices)

ECU/tonne

Ferrous metal 146

Aluminium -502

Glass 24

Paper & board 29

Plastic film 1 2

Rigid plastic 1 2

Source: Coopers & Lybrand et al. (1996)

From Table 5.10 it appears that there are very considerable private profits to be 

made from recycling of aluminium, due to the high market price commanded by 

secondary aluminium, which is an excellent substitute for virgin aluminium. 

However, for other materials, such as ferrous metal, the recycling is associated with 

considerable private costs. Likewise, the recycling of glass, paper & board and 

plastics also carry net private costs, although not of the same scale as ferrous metal. 

The profitability of recycling some materials is very volatile. Thus, just after the 

German packaging ordinance was implemented in the beginning of the 1990s, there 

was a glut of secondary fibre on the world market, and the price for recycled paper 

plummeted, rendering recycling unprofitable in most countries. However, increasing 

demand in the Asian markets raised prices again, making paper recycling profitable
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in 1994-95^. However, the last quarter o f 1995 saw prices for some types of 

secondary paper fall by up to 40 per cent again (DSD, 1996).

5.6 SUMMARY OF CHAPTER 5

This chapter has provided an estimate of the private, or financial, costs of waste 

management in the 12 EU Member States. The estimation is based both on 

information gathered in a number of countries, and an interpolative process to 

estimate the likely costs in other countries, making appropriate adjustments to reflect 

the known differences in factor prices between the countries. Thus, 31 cost 

estimates were determined for each of the 1 2  countries, where the 31 different 

estimates belonged to six different categories; collection costs, transfer costs, the 

costs o f different types of recycling, composting costs, the costs of different types 

of incineration and different forms of landfill. The use of these categories, together 

with the scenarios of Chapter 4, allowed the calculation of financial cost estimates 

for the different types o f MSW management. The aggregation of these figures, 

together with the external costs, is undertaken in the next chapter. At this stage, it 

was found that when recyclable and compostable materials were brought to central 

collection points by householders, recycling appeared to be the cheapest option 

across the EU. This was followed by landfill, while incineration and composting 

were found to be the most expensive options. When recyclable and compostable 

materials were co-collected with mixed refuse at the kerbside, recycling was still 

found to be the cheapest option, but its advantage over the second cheapest option, 

landfill, was found to have diminished. Incineration was identified as the most 

expensive option in most Member States. This was followed by composting. When 

recyclable and compostable material was collected separately from mixed refuse at 

the kerbside, recycling was found to be the most expensive option in financial terms.

 ̂ Note that the costs in Table 5.10 are 1993 figures, thus reflecting a period when paper recycling
was unprofitable.
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The lowest cost option was now landfilling, followed by composting and 

incineration.

219



6. The Net Social Costs of MSW Management: 

Results and Policy Implications

6.1 THE NET SOCIAL COSTS OF PRESENT MSW 

MANAGEMENT PRACTICES

The results o f Chapters 4 and 5 now allow an estimation of the net social costs of 

MSW management, in line with the social cost-benefit analysis developed in Chapter

3. This allows an assessment of the ‘waste hierarchy*. Although the social costs 

of source reduction and reuse have not been estimated, a discussion about what can 

be deduced about these will take place. The assessment of the ‘waste hierarchy* will 

be followed by a discussion of site disamenities, a type of external cost which is not 

included in the analysis. Table 6 .1 lists the social costs of MSW management in the 

European Union for the ‘present* scenarios, including bring systems, co-collection 

and separate collection for recyclables and compostables. The proportional level of 

landfilling, incineration, recycling and composting respectively is given in Table 4.1 

in Chapter 4 for each of the 12 EU Member States. The social cost estimates are 

average cost estimates for those levels of landfilling, incineration, recycling and 

composting. In other words, they are not representative of the marginal social costs 

if the configuration of the respective MSW management methods were changed 

significantly. Figures 6.1 and 6.2 provide graphical illustrations of the ‘bring* 

scenarios for all 12 EU Member States. Whilst Figure 6 .1 shows the total external 

and financial costs together, where the external costs include both environmental 

costs and accident costs. Figure 6.2 provides a break down of these costs. Thus, 

when Figure 6.2 shows, say, positive financial costs and negative external costs (i.e. 

benefits), these need to be netted out to give the total cost figure, as in Figure 6.1. 

From Figure 6.2 it appears that for landfill, incineration and composting, external 

costs are relatively small compared to financial costs, which constitute the majority 

of the total costs. For recycling, however, the external benefits are generally much 

greater than the financial benefits or costs. Exceptions are Greece and Portugal, 

where financial and external benefits of recycling are of a similar magnitude.
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Portugal also differs from the norm in the case of composting, for which external 

costs account for more than half of the total, i.e. considerably more than in the rest 

of the European Union.

6.1.1 Average Ranking of Present MSW Management Practices in the EU 

While it is somewhat difficult to get a clear idea of the relative ranking of the MSW 

management methods from Table 6.1, Table 6.2 provides an overview by listing the 

average EU costs or benefits for each waste treatment method, both for the ‘bring* 

system and for the two kerbside collection systems. Thus, although there is 

considerable variation between the countries, the general picture that emerges is that 

recycling is the most desirable option followed by landfill. In the pure ‘bring* 

scenario, composting is the least desirable option with incineration ranked between 

landfill and composting. It is quite interesting to reflect on the difference in the 

estimated social costs of recycling and composting, which are often considered as 

equal in terms of the ‘waste hierarchy*. However, recall that with respect to 

externalities, recycling appear to generate considerable external benefits due to the 

avoided environmental impact from production using virgin inputs. Composting on 

the other side is not credited with any avoided environmental impact^ Indeed, on 

the contrary, because it is assumed to be brought to civic amenity sites by 

householders, it is estimated that large accident costs are associated with this 

practice, as the distance travelled, relative to the weight of the compostable material, 

is quite high. On the private cost side, recycled materials are assumed to have a 

market, thus generating a revenue, whereas compost from municipal composting 

schemes is not assumed to have a market, thus not generating a revenue. The 

combination of these factors mean that while recycling appear to generate significant 

social benefits, composting on the other hand is estimated to incur significant social

If we could be sure that the compost would displace e.g. peat, then composting should be 
credited with displacing the environmental impact of peat harvesting. However, compost 
produced in municipal composting schemes is generally not of a very high quality, and appears 
to be mostly used as a soil conditioner, without actually displacing an alternative. A benefit that 
could perhaps arise from this use of the compost is less need for irrigation. However, this has 
not been quantified in the present analysis.
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Table 6.1 Total Elxternal and Financial Costs Associated with Present MSW Management Practices in the EU (Income elasticity = 0.3)
Belgium Denmark France Germany Greece Ireland Italy Luxembourg Netherlands Portugal Spain UK

ECU/toime o f  MSW

Present - mixed refuse collectioUf bring system for recyclable and organic materials
Landfill - no gas recovery 110 142 105 127 92 111 94 130 108 89 86 90
Landfill - gas flared 109 141 105 126 91 110 93 130 108 88 86 90
Landfill - eiec. gen . (displacing old coal) 108 141 104 126 91 109 93 129 107 87 85 89
Landfill - eiec. gen . (displacing av . EU  eiec.) 109 141 105 126 91 110 93 130 107 88 85 84
Landfill • no transfer 86 127 86 116 80 96 79 116 95 78 73 71
Incineration - eiec. gen . (displacing old coal) 92 151 117 142 - - 73 154 159 - 77 72
Incineration - eiec. gen. (displacing av . EU  eiec.) 129 181 161 183 - - 99 185 194 - 113 102
Recycling -224 -142 -335 -202 -104 -183 -123 -201 -218 -32 -117 -156
Composting 173 165 138 186 - - - 158 145 225 169 -
Present - co-collection o f mixed refuse with recyclable & organic materials (blue box)
Landfill 86 126 85 116 79 96 79 115 95 76 72 71
Incineration - eiec. gen. (displacing old coal) 85 150 116 141 - - 73 155 157 - 74 72
Incineration - eiec. gen. (displacing av . EU  eiec.) 123 180 160 182 - - 99 186 194 - 110 102
Recycling -191 -74 -301 -172 - I l l -74 -88 -158 -160 -58 -66 -113
Composting 96 122 95 136 - - - 110 94 84 82 -
Present - separate collection o f mixed refuse with recyclable & organic materials (wheelie bins)
Landfill 86 127 86 117 n.m. n.m. n.m. 116 95 n.m. 73 71
Incineration - eiec. gen . (displacing old coal) 86 151 117 141 n.m. n.m. n.m. 155 158 n.m. 70 72
Incineration - eiec. gen . (displacing av. EU eiec.) 123 181 161 183 n.m. n.m. n.m. 187 194 n.m. 107 102
Recycling -10 101 -45 14 n.m. n.m. n.m. 17 -2 n.m. 123 -9
Composting 131 126 155 139 n.m. n.m. n.m. 114 97 n.m. 169 -

K)

Notes: n.m. this option has not been modelled for this country 
this option is not presently employed in this country
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costs. When the recyclables, and half of the compostable waste, are collected at the 

kerbside, together with mixed refuse, composting appears to be the third choice 

followed by incineration. Finally, when recyclables and half the compostable waste 

are collected at the kerbside, but separately from mixed waste, composting slips 

down to fourth place after incineration where the recovered energy displaces 

electricity generated at an old coal fired power station. Incineration, with energy 

recovery displacing electricity generated with an average European fuel mix, remains 

the most costly option. From the average HU costs indicated, it also emerges that 

the benefits from recycling are considerably smaller when the waste is collected at 

the kerbside together with mixed refuse rather than brought to collection points by 

householders, and indeed when the recyclables are collected at the kerbside 

separately from mixed refuse, recycling no longer generates a benefit, but instead 

incurs a cost, albeit still smaller than the costs of any of the other treatment 

methods.

Table 6.2 Average Ranking of Presently Employed MSW Management 

Options

Present Base Case 

Scenarios 

(bring system)

Present Co-collection 

at kerbside

Present Separate col

lection at kerbside

A v. cost A v . cost A v . cost

E C U /t E C U /t E C U /t

1 Recycling -170 Recycling -131 Recycling 24

2 Landfill 92 Landfill 91 Landfill 96

3 Incineration 115 Composting 102 Incineration 119

ckc. geo. dupl. old coal ckc. gen. dkpl. old ooal

4 Incineration 150 Incineration 114 Composting 133

elec. p n . dupl. tv. EU elec. elec. ges. displ. old ooel

5 Composting 170 Incineration 148 Incineration 155

elec. gen. displ. tv. EU elec. elec. geo. displ. tv . EU elec.

The comparison of the three scenarios, allowed by Table 6.2, underlines that the 

significant differences between the three present scenarios are to be found in the
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social benefits/costs of recycling and composting. While the social benefits of 

recycling decreases with a shift from bring systems to kerbside collection, the social 

costs o f composting falls as a result of this change. In the case o f recycling, it is 

almost entirely the private costs that drives this change (compare Tables 4.5 and 

5.5). This is due to the collection costs being much lower for bring systems than 

for kerbside collection schemes (see Table 5.3), and especially so when kerbside 

collection of recyclables (and compostables) is undertaken separately from the 

collection of mixed refuse.

Because the distance people are assumed to drive, when taking compostable waste 

to civic amenity sites, is higher than the assumed distance to recycling points (see 

section 4.3), there is, in the case of composting, a financial saving associated with 

moving from a bring scheme to a kerbside collection scheme. This explains part of 

the reduction in the social cost estimates from a bring system to a kerbside collection 

system. In addition, the reduction, or elimination, of the distance travelled by 

private car, when moving from a bring system to a kerbside collection system, 

reduces the accident costs; at least in the case of kerbside co-collection of 

compostable waste. When compostable and recyclable waste is separately collected 

at the kerbside, this reduction in accident cost is generally lost, which is reflected 

in the increase in composting costs from the third to the fourth column in Table 6.2.

6.2 NET SOCIAL COSTS OF FUTURE MSW MANAGEMENT

Table 6.3 brings together the external and financial costs and benefits o f the future 

MSW management practices in the European Union.

6.2.1 Average Ranking of Future MSW Management Options in the EU

While recycling comes out as the best option for all four countries, both with co

collection or with separate collection of recyclables and compostables, the four 

remaining MSW treatment options do not achieve a similarly unambiguous ranking. 

This is encapsulated by the disparity in the ranking of composting. Thus, while
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composting is ranked as the option with second lowest costs in Denmark, it appears 

to be the highest cost option in Spain. This implies that, although it is possible to 

rank the MSW treatment methods according to their average EU costs, as in Table 

6.4 below, in reality such a ranking or ‘hierarchy’ is unlikely to apply across all 

countries. This reflects the distinct net social costs of MSW treatment that exist in 

each country.

Table 6.3 Total Environmental and Financial Costs Associated with Future 
(‘Technological Scenario’) MSW Management Practices in the EU 
(Income elasticity =  0.3)

Denmark France Spain UK
ECU/tonne MSW

Future - co-collection o f mixed refuse with recyclable & organic materials (blue box)
Landfill 119 75 68 66
Incineration • e lec . gen . (d isp lacing  old coal) 136 89 48 63
Incineration - e lec . gen . (d isp lacing  av . E U  elec .) 156 137 84 88
Recycling -331 -461 -287 -283
Composting 110 93 105 75
Future - separate collection o f mixed refuse with recyclable & organic materials (wheelie 
bin)
Landfill 121 79 71 66
Incineration - e lec . gen . (d isp lacing  o ld coal) 138 92 51 63
Incineration - e lec . gen . (d isp lac in g av . E U  elec .) 159 140 88 89
Recycling -185 -309 -154 -208
Composting 110 106 123 77

Tables 6.3 and 6.4 also confirm the intuitively appealing conclusion drawn from the 

net social costs o f present MSW management practices, that co-collection offers 

considerable savings as compared to separate kerbside collection, particularly for 

recycling, but also to some extent for composting.

It is interesting to note, that the average social benefits from recycling, in the future 

kerbside collection scenarios for Denmark, France, Spain and the United Kingdom, 

are significantly greater than the present EU averages in Table 6.2. This increase 

owes its explanation to the assumptions made about private costs in the future 

scenarios. Thus, while external benefits generally decrease somewhat, the private 

benefits increase significantly. Recall from section 4.3.8 that three future scenarios
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were modelled in the original study (Coopers & Lybrand et al., 1996): A business- 

as-usual scenario in which waste management costs follow the general economic 

trend; a ‘green’ scenario in which consumer behaviour changes in favour of more 

recycling and composting, and less landfilling. The third scenario, which is the only 

future scenario included in the present thesis, is the ‘technological’ scenario, which 

not only assumes a change in consumer behaviour similar to that in the ‘green* 

scenario, but also, rather optimistically, that technological progress will bring 

efficiency improvements to materials reprocessing. The reason for choosing to 

include this particular future scenario is, that it offers the greatest contrast to the 

modelled present scenarios. However, it should be kept in mind that this scenario 

is entirely fictive, which is reflected in the very optimistic assumptions about the 

developments in the costs of collection and reprocessing (see Table 5.6 and compare 

with Table 5.3 which shows present unit financial costs).

Table 6.4 Average Ranking of Future MSW Management Options

Future co-collection at kerbside Future separate collection at kerb
side

Av. costs 
ECU/tonne

Av. costs 
ECU/tonne

1 Recycling -341 Recycling -214

2 Landfill 82 Landfill 84

3 Incineration
elec. gen. displ. old coal

84 Incineration
elec. gen. displ. old coal

8 6

4 Composting 98 Composting 104

5 Incineration
elec. gen. displ. av. EU elec.

116 Incineration
elec. gen. displ. av. EU elec.

119

6.3 NET SOCIAL COSTS OF RECYCLING OF SELECTED 
MATERIALS IN THE UK

Table 6.5 brings together the external costs or benefits associated with the recycling 

of individual materials (Table 4.21) and the financial costs or benefits of recycling 

these same materials (Table 5.10).
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Table 6.5 Total External and Financial Benefits Associated with Recycling

in the UK (Income elasticity = 0.3)

ECU/tonne of recyclable material

Ferrous metal 167

Aluminium 1481

Glass 183

Paper & board 44

Plastic film -30

Rigid plastic 39

While Tables 6 .1-6.4 showed that recycling is generally the most socially desirable 

waste treatment option, Table 6.5 shows the benefits of recycling in some more 

detail, i.e. for different materials, and Figure 6.3 provides a graphical illustration. 

The conclusion that can be drawn from these is, that the recycling of aluminium is 

highly desirable, as very large social benefits can be realised. The recycling o f glass 

and ferrous metal also appear to be socially desirable, as significant benefits are 

attached. Given the volatile nature of the markets for secondary materials, and the 

uncertainties attached to the externalities of plastic recycling in particular, the 

conclusions are less certain for paper & board  ̂and plastics, although it appears that 

the recycling of plastic films should probably be avoided, as social costs would be 

incurred. Note also, that the estimates given in Table 6.5 are for recyclable 

materials brought to collection points by the householder and not for kerbside 

collection schemes. Thus, given the differences in the benefits o f recycling between 

bring systems and kerbside collection as they appeared in Tables 6 .1 and Table 6.2, 

it could reasonably be expected that the benefits estimated for the recycling o f paper 

& board and rigid plastic in Table 6.5, might turn into net social costs if  they were 

collected at the kerbside instead. Unfortunately, it was outside the scope of this 

paper to estimate the social costs - or benefits - associated with the incineration of 

selected materials. However, keeping in mind the discussion from Chapter 1, about 

the large quantities of paper present in the waste stream, it might be worthwhile

The uncertainty of the desirability of paper recycling, due to the volatility of the market price 
for secondary fibre, is supported by a case study by Hanley & Slark (1994).
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recovering the energy inherent in paper through incineration, particularly in the case 

of lower grade paper, if the markets for secondary paper cannot keep up with large 

quantities of recycled paper.

In order to make a judgement regarding the socially most desirable waste treatment 

method, the sensitivity analysis should be extended to cover all treatment methods. 

Hypothetically, we might have a situation where the recycling of a particular element 

of the waste stream incurs net social costs, but it is feasible that these could be 

smaller than the net social costs of all other treatment methods, in which case 

recycling would be the preferred option despite the costs incurred.

Note also, that the revenues implicit in the financial benefits are based on the 

revenues that accrue to current levels of recycling. If recycling was increased 

beyond these levels, the increased quantities of secondary materials entering the 

market might affect the prices in a negative direction, thus making recycling less 

attractive than this analysis suggests. Recall in the context of the hypothetical future 

scenarios, that revenues from secondary materials were assumed to increase 

significantly; this was due partly to technological progress making recycling feasible 

on a much larger scale, but relied also on an assumption about strengthened markets 

for secondary materials. Thus, if  account was to be taken of the impact on prices 

for secondary materials o f increased levels of recycling, one would need information 

about the price elasticities for secondary materials. Unfortunately, it was outside the 

scope of the present analysis to attempt to estimate these; this must remain a task for 

further research.

6.4 ASSESSMENT OF THE ‘WASTE HIERARCHY’
The estimates of the net social costs of MSW management, and the attempts at 

ranking the MSW management methods according to these, allow a discussion of the 

validity of the ‘waste hierarchy’. Recall that the ‘waste hierarchy’ ranks the waste 

management options in the following order:
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1 . source reduction (most desirable);

2 . reuse;

3. materials recycling (materials reprocessing and composting);

4. energy recovery (incineration with power, heat or combined heat and

power recovery);

5. landfill (least desirable).

Although this study has not attempted to determine the costs and benefits relating to 

the first two options, source reduction and reuse, for the reasons detailed in Chapter 

3, some useful insights into their merits can still be drawn. These will be discussed 

in the following sections.

6.4.1 Source Reduction

It might be appropriate to define what is actually meant by the term source 

reduction. It could be taken to imply altering consumer behaviour in a way such 

that people refrain from buying certain ‘wasteful’ products, in favour of less 

wasteful products. Taken to the extreme, it could imply placing a ban on the 

production of the more wasteful, and thus non-desirable, products. The reduction 

in waste that might be achieved through such a policy, would obviously be 

significant. However, this would involve actually altering the flow of benefits from 

the product itself, and as such could hardly be described as source reduction. A 

more appropriate description of this might be an extreme form of demand 

management. True source reduction would involve a reduction in weight or volume 

of a product, without altering the flow of benefits from the product itself. An 

example o f such a process is the downsizing of computer chips, which has resulted 

in the production of personal computers with as much power as the ‘super 

computers’ of the 1960s and 1970s. An alternative might be the ‘lightweighting’ of 

packaging, e.g. drinks cans and milk bottles^. True source reduction can be defined

The following examples provide an illustration of the significance of ‘lightweighting’. The 
weight or thickness ‘before’ and ‘now’ is given for six packaging types.

Plastic drinks bottle Glass milk bottle Metal drinks can
1983: 66 g 1939: 538 g 1960: 45 g

231



as the reduction of the ratio of waste to the value of the product, whilst maintaining 

the value of the product .̂

Defined in this way, the costs o f source reduction will reflect the research and 

development costs to further ‘downsizing’ and ‘lightweighting’, together with any 

costs associated with smaller or lighter products, less packaging etc. These 

associated costs could show up in the form of increased breakages, spillages, thefts 

and consumer inconvenience. Thus, source reduction costs may include producer 

expenditures, together with any loss of consumer well being. As technological 

development progresses and costs of materials increase, reductions in the ratio of 

materials and energy (and hence waste) to product value can be expected to occur 

‘naturally’̂ . If so, the costs of source reduction can be zero, or close to zero. 

Unfortunately, little seems to be known about the costs that do occur.

However, the benefits of source reduction can be identified, even measured. A 

product that is not produced, assuming no change in consumer utility, will save the 

life cycle costs associated with that product. The simplest case to imagine is when 

there is only one waste disposal option which has positive financial and environmen

tal costs. Then, the value of source reduction is the sum of those financial and 

environmental costs since they are avoided by source reduction. The avoided 

financial costs imply that the saved resources can be used for some other purpose, 

and the value of that other purpose is approximated by the size o f the financial costs. 

The avoided environmental costs accrue directly as a benefit, and would include the 

foregone costs of virgin material production etc.

1990: 42 g 1990: 245 g 1990: 17 g

Plastic yoghurt pot Metal food can Plastic carrier bag
1965: 12 g 1950: 90 g 1970: 47 mu
1990: 5 g 1990: 57 g 1990: 25 mu

Source: World Resources Foundation (1994)

Some sources also speak of reduced toxicity as a form of source reduction. However, to stay 
true to the chosen definition, one could instead call this ‘input quality change* rather than actual 
source reduction.

- Although the potential for lightweighting would appear to decrease asymptotically.
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Where there are a number of waste management options, which should be taken as 

the benchmark, i.e. what are the relevant costs that are saved? Several options 

might be considered:

i) If the existing policy on waste management is optimal in economic terms, 

then it will not matter which management option is chosen as the marginal 

social costs of each option will be equal (see Chapter 2). In practice 

however, management ‘mixes’ are unlikely to be optimal, except by accident.

ii) Marginal costs are difficult to observe, and hence average cost might be 

taken. If this is the case, it is extremely unlikely that they will be equal. A 

broad average of the differing costs might be taken, weighted by the amounts 

going to each management option.

iii) The most expensive option might be taken since it can be argued that, even 

if  a country has not optimised its waste management options, more of its 

waste should go to cheaper options, thus displacing the high cost options. 

In this sense, the true cost saved is the marginal cost o f the most expensive 

option.

In the absence of an optimised system, variant (iii) would be the correct approach. 

Indeed, it is essentially the same argument as that used to analyse the energy 

displacement effect of disposal options that have energy recovery. It is the 

‘marginal’ disposal option that matters.

If recycling yields large net benefits, then source reduction could be argued to have 

negative impacts, because it implies that it might have been better to produce the 

product and then recycle the waste in order to capture those benefits. This is, 

however, a fallacious argument, because source reduction avoids the following costs 

when compared to recycling:
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a) The production costs of the product;

b) The environmental costs from the production of the product,

including the environmental costs from materials extraction or timber 

harvesting;

c) the environmental and transport costs associated with recycling.

Thus, the benefits of source reduction are (a) -H (b) +  (c), less any costs of source 

reduction (d). Recycling on the other hand does not avoid (a). It avoids part o f (b) 

only, i.e. the environmental costs o f virgin materials production. It incurs its own 

environmental costs of transport and separation (c). Recycling avoids the costs of 

source reduction (d).

Overall, then, the conclusion that can be drawn, is that, source reduction secures the 

benefits of recycling and more. The overall net comparison depends on the 

significance o f source reduction costs. If these are not significant, then source 

reduction is clearly superior to recycling in the ‘waste hierarchy’.

6.4.2 Reuse

Reuse is defined as the recovery and reuse of a product for its original purpose, 

without any reprocessing, apart from cleaning. A typical example would be glass 

bottles, which are collected after use, cleaned and refilled. However, a bottle which 

breaks and is melted down and made into a new bottle is recycled, not reused. 

Relatively few products have the potential for organised, large scale reuse. Whereas 

individuals can engage in reuse, by simply employing the same plastic carrier bag 

for their shopping, or by washing out yoghurt pots, or by handing down clothes, 

etc., there are few products which lend themselves to reuse on a large scale. The 

exception is the example provided above, bottles, for which very high reuse rates 

can be achieved (Denmark boasts a reuse rate of 99.5 per cent for beer and soft 

drink bottles). In the case of most other products, reuse on a similar scale is not 

feasible, either because of contamination or because o f the obsoleteness o f the 

products. The latter is equally true for cars or computers, for which take back 

schemes exist in some countries. Although the products are taken apart, the
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components need reprocessing before they can be used in new products, because they 

are usually obsolete by the time they are recovered. Reuse is therefore unlikely to pay 

a significant rôle in waste management.

The costs of reuse include the financial and environmental costs of recovery and 

cleaning. The costs of recovery do not just include the costs of actually collecting the 

bottles, say, from a collection point, and transporting them to the bottling plant for 

cleaning, but also the costs of storing, handling and transporting the bottles to 

consumers and retailers (if the latter are involved in the return scheme). To ascertain 

the benefits of reuse, the approach again involves a comparison with recycling.

Thus, while recycling does not avoid the production costs of the product (PC), these are 
PCreduced to —  in the case of reuse, where n is the number of reuses achieved (or 

 ̂ n
if one takes account of the fact that the cost savings will not be realised

n
immediately, but is distributed over the time period, T, and should be adjusted with the

discount rate, r). Thus, the greater the number of times a product is reused, the closer

it resembles source reduction in terms of saving the production costs. Similarly, in the

case of the environmental costs (EC) of production of the product; where recycling only

avoids the environmental costs of virgin materials production, reuse reduces the

environmental costs to —  (or again, , if the time horizon for the reuses
n n

is taken into account). Finally, reuse avoids the environmental and transport costs 

associated with recycling, but on the other hand recycling avoids the recovery and 

cleaning costs associated with reuse.

However, note that the total stock of a product required depends on the frequency of 

reuse. Consider the case of refillable bottles, which in a number of countries are 

recovered by the bottlers by placing a deposit on the bottle, that the consumer will get 

refunded upon return of the empty bottle. Assume that the bottler fills 10,000 bottles 

a day. Using one-way bottles he would need 10,000 bottles a day, every working day 

of the year. Using refillable bottles, 10,000 bottles would obviously not be enough to 

cover his need, as the bottles are not shipped, sold, emptied and returned all in one day.
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The required stock of bottles would depend on the return frequency. Assume that the 

bottling plant is in operation 300 days a year. This would mean a requirement of 3 

million one-way bottles a year. Now assume that refillable bottles are returned on 

average four times a year. Then the required stock of bottles would be 750,000 

refillable bottles (disregarding breakages), while if the average return frequency was 1 0  

times a year, only 300,000 bottles would be needed.

Overall, whether reuse is preferable to recycling depends very much on the costs of 

recovering and cleaning the product for reuse, and on the number of reuses achieved. 

Thus, while two reuses may not be enough for reuse to be a better option than recycling, 

ten reuses might.

6.4.3 Recycling

If one overlooks source reduction and reuse. Table 6.1 showed that recycling is the least 

cost MSW management option in all EU Member States, and, indeed, appears to secure 

net benefits. The size of these benefits indicates the substantial scope for socially 

desirable increases in recycling in the European Union. Table 6.5 showed the net 

benefits of recycling for individual materials and suggests that recycling efforts should 

be targeted at specific materials, notably aluminium, ferrous metal and glass. Whether 

the recycling of paper should be actively encouraged beyond the levels already achieved 

is less certain, particularly in the light of the very volatile markets for secondary paper. 

Although the market price achieved in 1994-1995 made paper recycling profitable, even 

disregarding any environmental benefits, a year or two previously, prices were so low 

that paper recycling was unprofitable. When one considers, that the estimation of 

environmental externalities of paper recycling was based on an assumption that fossil 

fuel was used in the production of recycled paper, as well as virgin paper, the 

uncertainty over encouraging further recycling is reinforced. In many cases, the 

production of virgin paper, particularly that originating in Scandinavia, utilises bio-mass 

or hydro-power for generating the necessary electricity. This implies that the reduction 

in the environmental impact of energy use, through the introduction of recycling, would 

be much lower than where the electricity had been produced by burning fossil fuels.
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A similar argument is advanced for ‘sustainably’ managed forestry. It is suggested 

that the trees planted to replace those harvested for paper production, absorb more 

CO2 during their growth, than is released by the incineration of paper. Thus, 

according to this line of argument, incineration of paper is to be preferred to 

recycling of paper, because it reduces the amount of € 0 % in the atmosphere. 

However, there may be additional bio-diversity losses and disamenity effects. It is 

the scale of all the cumulative impacts, in comparison to the air pollution from the 

recycling of paper, that determine the social desirability o f paper recycling. 

However, given the large quantities of paper present in the waste stream (see 

Chapter 1), and the volatility of the market for secondary paper, incineration with 

recovery of the energy inherent in paper could be a desirable supplement to 

recycling in the management of paper waste; especially so for low grade paper, 

which is difficult to recycle.

The recycling of plastics does not appear to be socially desirable; the external effects 

are either negative, or if positive, as in the case of rigid plastic (e.g. PET bottles), 

relatively small. In addition, the net financial costs appear to outweigh any external 

benefits, at least in the case o f plastic films. This conclusion is especially interesting 

in the light of policies that have been implemented in some European Union Member 

States, and included in the Packaging and Packaging Waste Directive from the 

European Commission, which specifically set targets for recycling of plastic 

packaging.

It should also be remembered, that although some materials appear to generate 

significant social benefits when recycled, there may not be scope for increasing the 

recycling of these materials very much, because of difficulties with recovering them 

from the waste stream. Furthermore, some materials, for which recycling generates 

sizeable social benefits, such as e.g. aluminium, are only present in the waste stream 

in relatively small amounts. The whole ‘waste crisis’ cannot be solved by recycling 

these high benefit waste materials, if they only constitute a very small part of the 

total waste stream.
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6.4.4 Incineration

Whilst only incineration with electricity generation was analysed, two alternative 

assumptions were made about the electricity displaced: Firstly, it was assumed that 

the electricity generated displaced the marginal, or least efficient, source of energy 

in the national grid. In most EU Member states, the marginal source was assumed 

to be older coal-fired power stations. In this context, the air pollutants emitted from 

an old British coal fired power station were assumed to be representative o f all 

Member States. This assumption was felt to be a reasonable approximation, 

although the marginal power generating source in some Member States would be less 

polluting, and in others it was judged to be more polluting than the British. Under 

this scenario, incinerators were found to generate net environmental benefits. 

Secondly, an alternative scenario was utilised, where the displaced power was 

assumed to be generated from an average European mix, including natural gas and 

nuclear power as the marginal sources. The environmental benefits from displacing 

this power do not outweigh the environmental costs of incinerating waste, so the net 

environmental effect of waste incineration under that assumption is a cost. The 

inclusion of the financial or economic costs of incineration means that any resulting 

environmental benefits are more than outweighed. The conclusion is that overall 

incineration appears to generate higher net social costs than landfill, a direct 

contradiction of the ranking provided by the ‘waste hierarchy’; although in some 

countries incineration may be a better option than landfill; especially if  both heat and 

power is recovered.

6.4.5 Landfill

The environmental costs o f landfill comprise a relatively small fraction o f the total 

social costs o f the operation, which are dominated by the financial costs. However, 

again contrary to the view espoused by the ‘waste hierarchy’, landfill is not the least 

desirable waste management option from a purely environmental point o f view, or 

from a social point of view. Overall, incineration and composting appear to be less 

desirable options, although there are variations in individual countries.
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6.4.6 Composting

Although composting can be regarded as a form of recycling, it does not involve the 

benefits otherwise associated with the reprocessing of materials. On the contrary, 

it can cause considerable social costs to be incurred - at least when carried out on 

a municipal level. The majority of the environmental costs are associated with the 

transport o f the organic materials (see Tables 4.8-4.19), whilst the composting 

process itself, has relatively low environmental impacts. These results clearly 

indicate the undesirability of transporting the waste over long distances prior to 

composting it. Where such an outcome is necessary, it might be considered a better 

option to encourage householders, who have the opportunity, to undertake their own 

composting. They could be encouraged by the supply of free, or subsidised, 

compost bins. This would reduce the transport costs and would also save the costs 

associated with the disposal of that waste in an alternative way, e.g. by landfilling.

6.4.7 The ‘New Waste Hierarchy’

The results allow us to develop a ‘new waste hierarchy’ based on the ranking o f the 

average net social costs of the different MSW treatment methods'*:

Table 6 . 6  A ‘New Waste Hierarchy’ - Based on Ranking of Average Net 
Social Costs of MSW Treatment

External Costs Only External +  Financial Costs

1 Source reduction Source reduction

2 Recycling Recycling

3 Incineration dec. gen. displac. oM coal Landfill

4 Landfill Incineration dec. gen. dlsplac. oW coal

5 Incineration dec. gen. dlspI. av. e u  dec. Composting

6 Composting Incineration elec. gen. dlspl. av. e u  elec.

The ranking has been based on a simple average of all the estimated net social costs of each of 
the MSW treatment methods for all countries for all scenarios. The ‘new waste hierarchy’ does 
not, therefore, reflect that the ranking in any one country may differ from this ‘average’.
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While the ‘waste hierarchy’ purports to rank waste treatment methods according to 

their environmental merit, Table 6 . 6  rank them both according to external costs 

alone, and according to total external and financial costs. Recall, however, that the 

costs estimates this ranking is based on, applies only to the configuration o f MSW 

management methods currently employed, an issue we shall return to. The reason 

for including financial costs in the comparison of different waste treatment methods, 

is that society is not only concerned with minimising environmental damage, but, 

because of constraints on the resources available, must concern itself with optimising 

the use of these resources. Thus, in order to maximise the resources available for 

other purposes, society would, ideally, want to minimise its total external and 

financial costs, and not just the external (or environmental) costs of waste 

management. Table 6 . 6  shows that while the relative ranking of source reduction 

and recycling is not affected by whether the focus is on external costs alone or 

whether it is extended to cover total external and financial costs, the same is not the 

case for landfill, incineration and composting. Thus, while incineration with 

electricity generation, where the generated electricity displaces electricity generated 

by an old-style coal-fired power station, is ranked higher than landfill, when we only 

consider external costs, this relationship is reversed when financial costs are 

included. Similarly, the relative ranking of incineration with electricity generation, 

displacing electricity generated using an average European fuel mix, above 

composting is reversed when financial costs are also taken into account. Comparing 

with the prescriptions of the ‘waste hierarchy’, the ranking in Table 6 . 6  o f MSW 

treatment methods, according to total external and financial costs, confirms the 

desirability of source reduction and recycling, but there, however, the similarity 

ends. While the ‘waste hierarchy’ ranks composting on equal terms with recycling, 

the social cost-benefit analysis has shown composting to be ranked as less desirable 

than landfill and incineration^. In contrast to the ‘waste hierarchy’. Table 6 . 6  also 

ranks landfill as more desirable than incineration with energy recovery. An 

important caveat to the ‘new waste hierarchy’ as it appears in the last column in

Composting is ranked below incineration with electricity generation, where the electricity 
displaces electricity generated by old-style coal-fired power stations, but not where it displaces 
electricity generated using an average European fuel mix.
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Table 6 . 6  is that it is based on average EU net social costs of MSW treatment. This 

means that variations in the actual ranking applying in any one country are likely.

So, keeping in mind that this ranking is based on costs estimates for the current 

configuration of MSW management, what can this ‘new waste hierarchy* be used 

for? It appears to be suggesting that recycling efforts in particular can be increased, 

thus leading to social cost savings, whilst the level o f incineration and composting 

should be decreased, and that landfill should be preferred over incineration and 

composting, but not over recycling. However, it does not tell us how much to 

increase recycling, how much less waste should be incinerated or composted, or how 

much more or less waste should be landfilled. The conclusion of Chapter 2 was that 

the optimal configuration of MSW management methods is that, where the marginal 

social costs of each method are equal, whilst at the same time ensuring that all waste 

is managed at that marginal social cost. Even if  we assume that the social cost 

estimates in Table 6.1 are marginal social costs, they are still only points on the 

marginal social costs curves for each of the MSW management methods (see Figure

2.3 in Chapter 2). So while the ranking of Table 6 . 6  cannot tell us definitively, that 

one option will always be better than another, it does tell us something about which 

direction to move in, towards the optimal configuration of MSW management. 

However, once we have moved away (to any significant degree) from the current 

configuration of MSW management, we would need to reassess the marginal social 

costs. This in itself illustrates, that a ‘waste hierarchy* can never be absolute - it 

can only apply to a given configuration of MSW management methods and their 

associated marginal social costs. And, as we have seen in this chapter, and the two 

preceding it, and in Annex 1, the marginal costs of waste management are likely to 

vary from country to country, or from region to region. As Table A. 1.2, in Annex 

1, showed, the financial costs of landfilling, in the three East Coast states analysed 

by, Schall (1993), were much greater than the financial cost o f any other waste 

management method. So, unless this imbalance is outweighed by external 

costs/benefits, it would appear that landfilling would indeed be ranked bottom in a 

‘waste hierarchy* applying to those three states - given their present configuration 

of waste management methods.
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6.5 SITE DISAMENITY EFFECTS

One of the externalities associated with nearly all the principal waste management 

options, relates to the disamenity effects associated with the siting of incinerators, 

landfills and recycling centres. It was stated in an earlier chapter, that this study 

does not include site disamenity effects for waste treatment facilities, despite the 

perceived significance of these effects. This section attempts to provide an 

indication of the scale of these effects through a survey of a number of US studies, 

that have attempted to estimate disamenity effects from landfills, and in a single 

instance, from incinerators. The section also offers a provisional ‘meta-function’, 

which provides an indication of the relationship between disamenity and distance. 

This latter procedure is not intended to be a replacement for a full study of 

disamenity, which would require the utilisation of one of the more sophisticated 

monetary evaluation techniques, it is merely intended to be indicative of the general 

nature o f the relationship*.

6.5.1 Survey of Studies Estimating the Disamenity Effects from Waste 

Treatment Facilities 

The nature of disamenity effects, which can be described as ‘non-flux* externalities 

associated with waste treatment facilities, precludes measurement in the same way 

as the measurement of an airborne pollutant, e.g. SO2. It is not possible to estimate 

the economic value of disamenity through the utilisation of a dose-response function; 

one cannot measure the ‘dose’ of disamenities. This type of external effect is better 

estimated through the utilisation of one of the more sophisticated monetary 

evaluation techniques, employing revealed or expressed preferences such as:

a) a hedonic property price study;

b) a contingent valuation (CV) study;

c) a stated preference (SP) study.

See also Kunreuther et at. (1987) and O’Sullivan (1993) for discussions of how host communities 
to undesirable, in this case noxious waste, facilities can be compensated by other communities 
in the region receiving the benefits of the facility.
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or some combination of them, which has the added attraction o f one acting as a 

validity check on the other .̂

No stated preference studies have been identified which attempt to estimate 

disamenity effects from waste treatment facilities, but a series of contingent valuation 

and hedonic property price studies have been carried out in the USA. This section 

investigates their results, to see if they can be used to derive at least a preliminary 

estimate for the European Union. Several studies relating to landfill sites were 

found.

Table 6.7 shows the results of hedonic property price studies and Table 6.9 shows 

the results of contingent valuation studies.

6.5.2 A Survey of Hedonic Property Price Studies of Disamenity Effects from 

Waste Facilities

Table 6.7 clearly indicates that all the hedonic property price studies suggest that the 

close proximity of a landfill site, has a significant effect on house prices. Generally, 

a price effect can be detected in houses up to four miles away from a site, with little 

effect thereafter. As a rule-of-thumb, house prices increase by 5-7 per cent per mile 

distance from a landfill site up to this distance. However, studies focusing on 

shorter distances have found very large declines in the prices o f houses that are in 

close proximity to landfills (21-30 per cent within 14-Vi mile).

An alternative to these valuation techniques can be found in Wichelns et al. (1993). They use 
paired comparisons, a form of contingent choice method, to evaluate and rank a number of 
potential landfill sites according to public preferences without valuing the expected disamenity 
effects in monetary terms.
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Table 6.7 Summary of Hedonic Property Price Studies

STUDY METHOD VALUATION

Landfill in Ramsey. 
Minnesota. USA  
by Nelson et a /.. (1992)

Price survey o f 708 house 
sales between 1979-1989, 
within 2 miles proximity to 
landfill

6.2% increase in house 
price per mile from land
fill

5 Landfills in Fort Wayne. 
Indiana. USA  
by Havlicek et a l., (1971)

Price survey o f 182 house 
sales between 1962-70, within 
neighbourhood o f  landfill

$9800 increase in house 
price per mile from land
fill

5 Landfills near Fort Wayne. 
Indiana. USA by Havlicek 
(1985)

Price survey House price rose by 5 % 
per mile away from land
fill

Water contamination due to 
hazardous waste site in Pleas
ant Plains. New Jersey. USA  
by Adler et al. (1982)

Price survey o f houses sold 
both before and after 1974, 
(year when contamination be
came known)

10% fall in house prices 
for houses 1.5-2.25 miles 
from landfill

Boyertown landfill in Mont
gomery County Pennsylvania, 
USA by Gamble et al. (1982)

Price survey o f 137 house 
sales between 1977-79, within 
1 mile o f landfill

5-7 % reduction in house 
price per mile from land
fill

PCB hazardous waste pollu
tion in New Bedford Harbour, 
Mass, USA by Mendelsohn et 
al.(l992)

Price survey o f 1916 house 
sales within 2 miles o f harbour 
between 1969-1988. Compari
son o f prices before and after 
1982, (year when contamina
tion became known)

Affected properties lost 
7-8% or $7700 to 
$11,000 in price

10 hazardous waste sites in 
Harris County, Houston, USA 
by Kohlhase (1991)

Price survey o f house sales in 
three time periods (1976, 1980 
and 1985), each period with 
over 1000 house sales. In 1985 
EPA placed some toxic waste 
sites on national priority list.

In 1976 and 1980 near
ness to hazardous waste 
site lowered price by 
$906 and $1215 per mile. 
In 1985, after EPA pub
licity, house price fall 
doubled to $2435 per 
mile. But this price ef
fect varies non-linearly 
over distance.

11 hazardous waste sites in 
suburban Boston, USA by 
Michaels and Smith (1990)

Price survey o f 2182 house 
sales o f single family homes 
between 1977-1981

Absence o f nearest waste 
site would generate aver
age gains o f  $253 per 
house in 1977 dollars

Landfill near the town o f  
Dryden, New York, USA  
by Baker (1982)

Price survey 21% fall in property at 
0.25 miles to 0.55% at 2 
miles from landfill

Municipal Solid Waste landfill 
located in a hypothetical town 
by Hirshfeld et a l., (1992)

Survey o f eight professional 
real estate appraisers and 
agents, provided with a map o f  
a hypothetical town, containing 
a landfill

30% reduction in houses 
prices 0 .5  miles from 
site, 13% reduction in 
house prices 1.25 miles 
from site.
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STUDY METHOD VALUATION

Waste to energy waste inciner
ator, North Andover, 
Massachussetts by Kiel and 
McClain (1995)

Analysis of 2593 house sales 
from 1974 to 1992

Price reductions associ
ated with distance from 
site and according to time 
phase:
pre-rumour 1974-78 zero; 
rumour 1979-90 zero; 
Construction 1981-84 
$2283 per mile (house 
price $130,929; 1.7% per 
mile);
online 1985-88 $8100 per 
mile (house price 
$251,423; 3.2% per 
mile);
ongoing operation 1988- 
92  $6607 per mile (house 
price $242,242; 2 .7  % per 
mile)

Note: All values have been converted to 1992 prices using the US GNP deflator.

The most relevant study, relating to disamenities from landfills, is the study by 

Nelson et al. (1992) of the Anoka Regional Landfill in Ramsey, Minnesota. This 

site has been accepting solid waste since 1967. It was awarded a permit to run until 

the 1990s, after complying with substantial regulatory requirements to minimize 

adverse effects of the site on property values. The site receives a minimum of 500 

tons^° o f waste per day. It is located in the suburbs of Minneapolis-St. Paul, where 

the housing stock is relatively homogenous. Data for the effects on house prices was 

collected from local estate agents (realtors). The technique of ordinary least squares 

regression was applied to all 708 house sales observed from 1979 to 1989 within the 

two mile radius of the landfill. The coefficient relating house prices to the landfill 

site was found to be positive. For each mile away from the landfill, the house price 

was predicted to rise by an average of $4896 (or roughly $5000). On a relative 

basis, this is equal to on average a 6 . 2  per cent rise in house prices each mile away 

from the landfill (within the 2 mile radius). Thus, the maximum loss a house can 

suffer, when located on the landfill boundary, will be a 1 2  per cent reduction in 

price compared with a location outside the 2 mile radius. So a $1(X),000 house built

10 Equal to 508 metric tonnes.
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on the boundary of a proposed landfill would lose $ 1 2 , 0 0 0  in value after operations 

began at the site.

% reduction in 
house prices

35 -

3 0 -

. Hirshfeld
25  -

2 0 -

Baker Kiel & McClain (1)

Mendelsohn
Adler

1 0 -

Kiel & McClain (2)
 Nelsoi

Kohlhase
Miles from 
waste facility

Figure 6.4 Reduction in Property Prices as a Function of Distance 
from Waste Facilities

N ote Kiel & M cClain (1) and (2) refer to the study of an incinerator, where (1) refers to the price effect 
when the incinerator first came online, (2) refers to the price effect after the incinerator has been 
in operation for a num ber of years. All other studies relate to landfills. H irshfeld, B aker and 
Nelson relate to m unicipal waste landfills; the rem ainder consider hazardous w aste landfills.

Figure 6.4 shows the relative reduction in house prices as a function of distance to a 

waste facility.

The only paper included in Figure 6.4 that examines the disamenity effects of 

incinerators* ̂  is the one by Kiel and McClain (1995). It is also particularly

12

See also Zeiss (1991) who finds that hedonic property price m odels cannot predict the im pacts 
o f undesirable facilities, such as waste incinerators, on property values.

Waste M anagem ent & Research  (1988) reports on a presentation entitled ‘T he Im pact of W aste 
Facilities on Real Estate Values' given by J R. Price, Callaway & Price, Inc. at the 25th A nnual 
Symposium. This report claims that three types of waste facilities have been analysed for their 
im pact on property prices: thermal resource recovery plants, transfer stations and landfills. 
Under the category of thermal recovery plants, six sites in the U.S. were exam ined, and for all 
six it was concluded that they had not had any im pact on property values. H ow ever, it appears 
that this study only looks at the ‘raw' data, i.e. it does not take account o f e.g. inflation and 
econom ic growth.
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interesting in that it shows the effect of the incinerator on prices at various stages of the 

incinerators’ life cycle, with depreciation peaking in the early years of operation, but 

then falling back to a suggested equilibrium adjustment.

This approach is not, however, without its problems. Generally, they can be placed in 

two broad categories: Firstly, those problems related to identifying how much of a 

property price differential is due to a particular environmental difference. This category 

would include the statistical issues of multicollinearity and the choice of functional 

form, together with broader issues, such as the precise measurement of the dependent, 

and explanatory variables, the choice of the latter, or an appropriate proxy, and the 

assumption regarding the ambient level of pollution.

The second category is related to what is known as the inference step, and would include 

issues as diverse as the assumption of efficiency in the housing market, the issue of 

averting behaviour and the assumption that people can accurately perceive changes in 

environmental quality.

A Linear Regression o f the Hedonic Property Price Studies

A regression of the results from all of the above hedonic pricing studies indicates a 

linear WTP function of the form:

AHP = 12.76 - 3.79 "D 

where AHP is the percentage change in house price and D is distance in miles from the 

waste disposal facility. (The regression has a of 0.45, an adjusted of 0.43, a F- 

value of 21.7 and student’s t-values of -4.7 for distance and 7.7 for the constant.) This 

suggests a maximum decline in house prices of 1 2 .8  per cent occurring at the site of the 

waste disposal facility and that the effect on house prices will have fallen to zero at a 

distance of 3.4 miles from the facility.

W hen data show that house prices in the areas concerned have not declined in nom inal term s 
since the construction of the incinerators, it is concluded that the facilities have no negative 
effect on house prices.

In a study o f the public’s attitudes towards a m unicipal w aste incinerator in N orth C arolina, 
F uruseth  & O ’C allaghan (1991) found that although respondents were wary o f living near a 
w aste incinerator, they preferred that to living near a landfill.
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Figure 6.5 shows the estimated WTP function, and Table 6 . 8  illustrates the function 

in numerical form.

Table 6.8 House Price Reduction as a Function of Distance from Waste 
Facility

Distance from site 
miles

house price reduction 
per cent

0 1 2 . 8

1 9.0
2 5.2
3 1.4
3.4 0

% reduction in 
house prices

35 n

30-

25-

2 0 -

15-

1 0 -

Miles from 
waste facility

Figure 6.5 House Price Reduction Regressed on Distance from Waste Facility

6.5.3 A Survey of Contingent Valuation Studies of Disamenity Effects from  

Waste Facilities

Of the contingent valuation studies summarised in Table 6.9, the study by Smith & 

Desvouges (1986) looks at a hazardous waste landfill, while the study by Opaluch 

et al. (1993) does not actually provide monetary estimates of the disamenity effects.
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Thus in the context of MSW management in Europe, the most relevant is the study 

by Roberts et al. (1991). This estimates the external costs of municipal landfills by 

surveying a sample of 150 households. The questionnaire was designed so that 

respondents were well informed about the impacts of a landfill site. The respondents 

were asked to imagine a hypothetical situation where they could make annual 

payments in the form of taxes or higher collection fees. They were also told that 

the fees would go into a fund. The fund would enable the government to locate 

landfills away from residential areas or, alternatively, to use more environmentally 

benign methods such as recycling. Respondents were given a payment card in order 

to clarify this hypothetical situation. The card showed what the average household 

in the area pays in taxes or higher prices each year for other community services 

such as fire protection.

Table 6.9 Summary of Contingent Valuation Studies

STUDY METHOD VALUATION

Landfill in Knox County, 
Tennessee, USA by Roberts et 
al. (1991)

CV asking 150 respondents their 
WTP for landfill to be located else
where

$260 average WTP 
per household per 
year for up to 4 
miles from landfill

Siting a hazardous waste dis
posal site in Boston, USA by 
Smith et at. (1986)

CV survey asking 609 households 
to choose between two homes that 
have identical physical characteris
tics except for the distance to a 
landfill

S420-S630 average 
consumer surplus per 
year per mile from 
landfill

Landfill siting in Rhode Is
land, USA
by Opaluch et al. (1993)

CV based on the comparisons be
tween two possible sites in order to 
indicate the factors affecting public 
decision making

Ground and surface 
water quality are 
found to be the most 
important factors

Note: All values are in 1992 prices.

The Study findings showed that the average annual household willingness to pay 

(WTP) is $260 in 1992 dollars. The study then regressed WTP on the characteris

tics of respondents. The coefficients of the model represent the relationship between 

these characteristics and WTP. There was a positive relationship between household 

income and WTP, as expected, i.e. richer (poorer) respondents had higher (lower) 

WTP. Miles from the site had varying effects: people living less than one mile
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distant from the proposed landfill were willing to pay $230-340 more than those 

living between two and three miles away from it. This implies that WTP decreases 

as we move further away from the landfill site. The risk of leachate leaking into 

water supplies had a positive effect on WTP. In fact, households whose drinking 

water was at risk were willing to pay $161 more than those who depended on the 

piped city water. People who were generally concerned about the health risks from 

a landfill were willing to pay $381 more than those who were not concerned.

Taking a figure of $250 would give ECU 325 per household per year as a possible 

fixed disamenity cost. As an example, a site with 500 houses in a four mile radius 

would attract a site charge of ECU 162,500, and so on.

6.5.4 A Possible Benefits Transfer Function for Site Disamenities

The analysis suggests that a benefits (damage) transfer function for site disamenity

may take the form:

f 12.76 3.79
100I 100

D :

where is the price of house J in distance zone /, for houses j  =  1 , . . . ,  n and 

distance zones / =  1 ,...,4  miles. The adjusted valuation Â would be

( 12.76A  = A
I 100

3.79
100

D:

where y„ is the income level at the site to which valuation is being transferred, y„ 

is the income level at the original study site w, and e is the income elasticity o f 

demand.

Valuing the disamenity from waste landfill and incineration facilities has yet to be 

undertaken in the European Union. The appropriate procedures for carrying this out
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would be hedonic property pricing, contingent valuation and/or stated preferences^"*. 

In the absence of such studies, this section has investigated the available studies from 

the USA using the two former valuation techniques. The hedonic property price 

studies suggest a simplistic*^ ‘meta-function’ in which house price depreciation - a 

present value - of some 12.8 per cent is applicable at 1 ,2  and 3 miles from the site 

respectively. One cautionary note is that the ‘meta-function’ covers hazardous waste 

sites, one incinerator site and several municipal waste sites. There is no evidence 

to suggest that hazardous waste sites attract greater depreciation than conventional 

landfill sites, and the incinerator values are nested by those for landfill sites. CVM 

studies do suggest that health risks (groundwater contamination) attract a value 

premium. The hedonic studies appear consistent with the CVM studies. A value 

of $250 per year per mile WTP from CVM studies is consistent with a present value 

of some $2350 depreciation of an $80,000 house at a 10 per cent discount rate and 

a time horizon of 30 years. $2350 is 3 per cent depreciation, which compares with 

3.8 per cent from the simplistic ‘meta-function’ under hedonic property pricing 

approaches.

Thus, while the validity of a benefits transfer, of the American hedonic property 

price and contingent valuation studies reviewed above, may be questionable, the 

results o f these studies do highlight that disamenity effects from waste treatment 

facilities may be considerable** .̂ Taking this into account, together with the

14

15

16

The apparent confusion arising between the use of the terms contingent valuation and stated 
preferences can be explained by the fact that both involve the expressed preferences of 
respondents. However, an examination of theory illustrates the difference: The former attempts 
to ascertain directly the Hicksian compensating or equivalent surplus measures that reflect the 
benefit of moving from state A to state B, or alternatively from state B to state A. The latter, 
a generic term that encapsulates a family of techniques originating in marketing research, 
attempts to ascertain the indirect utility function for each respondent, and from that infer the 
benefit gain. The techniques involve asking respondents to distinguish between a series of 
scenarios, involving a number of attributes of varying values. The resulting trade-offs allow the 
opportunity not only to identify the value of moving from state A to state B, but, in addition, all 
points in between, thus potentially is a richer source of data (Humphreys, 1996).

Note a normal meta-function has more that one variable, but this simplistic function was included 
for indicative purposes.

See also Lober (1993) who argues that "...attitudes toward siting waste facilities reflect more 
than concern over property values and noise and even risk to health and the environment. 
Opposition can be affected by widely-share norms concerning need fo r the facility and the
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uncertainties attached to the estimations of the other social costs and benefits 

undertaken in these last three chapter, the results obtained in this study should be 

treated with some reservation - rather than definitive numbers they are indications 

of the magnitude of the net social costs associated with MSW treatment. Thus, the 

indications provided by the analysis is that a MSW management policy would 

probably achieve most in terms of improved efficiency by focusing on encouraging 

source reduction and recycling (of selected materials), whilst also stimulating the 

demand for secondary materials. In addition, the survey of the American studies of  

disamenities suggest that efforts should be made to reduce the disamenity effects o f  

waste treatment.

6.6 SUMMARY OF CHAPTER 6

This chapter draws together the external cost estimates o f MSW management in the 

EU, calculated in Chapter 4, together with the private cost estimates of Chapter 5. 

The resulting estimates of cost identified a preferred ranking of the MSW options. 

Thus recycled was ranked as the most preferred option followed by landfill, and 

incineration/composting as the least preferred options. Whilst the benefits associated 

with recycling fell when moving from a bring to a co-collection scheme, the reverse 

was true for composting. Separate collection generally made all the options more 

expensive; and, in the case of recycling, turned a significant benefit into a cost. 

Only composting had lower costs than in the bring scenario, however, the costs 

under separate collection were higher than under co-collection. In the future 

scenarios, the assumptions about higher recycling rates implied that even a separate 

collection scheme still rendered significant benefits. The overall ranking that applied 

to the present scenarios also applied to the future scenarios. A separate analysis of 

selected recycling materials showed large benefits from the recycling of aluminium, 

together with considerable benefits from ferrous metal and glass recycling. Paper 

& board and rigid plastic offered less benefits. One interesting aspect of this part 

of the analysis was that the social costs of plastic film seem to indicate that the

appropriate sphere o f government influence".
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vigorous promotion of the recycling of plastic currently seen in some countries is 

misplaced. The final part of the chapter provided an assessment of the implications 

of these results on the ranking in the ‘waste hierarchy’, prior to a consideration of  

the extent, and implications, of disamenity effects from landfills and incinerators. 

Chapter 7 discusses the potential role of economic instruments in waste management 

policy.
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7. The Role of Economic Instruments in Waste 

Management

The exposition of the underlying economic theory in Chapter 2 asserted that a 

combination of market and government failure has resulted in the unsatisfactory 

situation whereby the agents generating waste, and demanding waste services, are 

not paying the full cost of their actions. This results in two deleterious outcomes: 

Firstly, it results in the generation of an excessive amount o f waste requiring 

disposal and, secondly, it results in a non-optimal distribution o f that waste between 

the available treatment methods. In theory, if  waste management policies were 

implemented which internalised the externalities associated with waste treatment, this 

would lead society closer to an optimal pattern of MSW management. This chapter 

develops this issue through an examination o f the economic case, in both theoretical 

and total social cost terms, for a number of economic instruments or market based 

instruments. The analysis o f these instruments employs both the results obtained in 

this study and, where appropriate, experience gained from their usage.

The detailed analysis of externalities in Chapter 4 showed that the dominant elements 

of the externalities, were associated with transport and the use of energy. This 

suggests that a significant proportion of the externalities could be alleviated through 

the adoption of appropriate policies in the transport and energy sectors. The 

adoption of such policies would have the additional benefit o f reducing the 

externalities from the remainder of the respective sectors. The conclusions of 

Chapter 6  were that waste management policy should focus on encouraging source 

reduction and recycling, whilst also attempting to reduce the disamenity effects of 

waste treatment.

The encouragement o f source reduction and recycling can take three forms: Firstly, 

targets can be set for source reduction and recycling rates. However, in order to 

make an informed decision about the appropriate levels of any targets, more would
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need to be known about the cost functions for source reduction and recycling rates - 

the results o f Chapters 4-6 show only point estimates for these cost functions. 

Secondly, increasing the cost of the alternatives would raise the relative 

attractiveness o f source reduction and recycling. One way of achieving such an 

objective would be by internalising the external costs associated with landfill, 

incineration and composting as estimated in Chapter 4. Thirdly, source reduction 

and recycling could be encouraged by reducing the cost of these options relative to 

the others, for example, through the introduction of subsidies that reflect their 

external benefits.

7.1 ECONOMIC INSTRUMENTS
Market based instruments are those instruments that operate within an existing 

market, either through altering the prices of existing goods to reflect their 

environmental attributes, or through the establishment of a direct price for an 

environmental good, or service. The advantage o f these approaches, in contrast to 

more traditional approaches such as ‘command and control’ measures, are that they 

can generally achieve the desired level of environmental improvement at lower cost.

The following market based instruments will be analysed, reflecting on the results 

achieved in earlier chapters, together with any practical experience o f their use:

unit pricing for waste services 

disposal charges/landfill taxes 

recycling credits 

product charges 

deposit-refund systems 

tradeable recycling quotas.

7.1.1 Unit Pricing for Waste Services

Since the responsibility for the provision of waste services was adopted by local 

authorities, a tradition for not charging households directly for this service has 

developed. Thus, in the majority of cases, the collection and disposal o f MSW is
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financed out o f local tax revenues, with little indication of the unit cost being passed 

on to households. This tradition means that people are unaware either how their 

actions influence the waste costs, or, more generally, the costs o f waste management 

per se. One alternative has resulted in households being charged a flat fee for 

having their waste removed; a fee that is invariant with the actual amounts o f waste 

generated by the individual household, resulting in similar problems.

ECU

MG
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P

Quantity 
of wasteW*

Figure 7.1 Optimal Demand for Waste Services

Both methods of financing waste services imply, that in practice, the marginal cost 

of waste services faced by the household, is zero. Figure 7.1, illustrates how this 

leads to an excessive demand for waste services. One way of correcting for this 

government failure is by introducing unit pricing for waste services, thereby 

providing households with an economic incentive to curtail their demand for waste 

services. In order to achieve the optimal level o f  waste generated, such unit prices 

would have to be set at marginal costs, or P* in the context of Figure 7.1. Figure

2 . 1  showed us that a marginal cost - or unit price - of waste services to the 

households of zero leads to a demand for waste services o f W. However, the 

socially optimal level of waste generation/waste services supplied is where the
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marginal costs equal the marginal benefits - or where the supply curve intersects the 

demand curve. This would lead to the social optimum of W* being 

generated/demanded.

The excessive demand for waste services of W - W* leads to a welfare loss equal 

to the shaded area in Figure 7.1. One way of avoiding this welfare loss is to 

reduce the demand for waste services from W to W*, by charging a unit price of 

P*. However, as Miranda et al. (1994) indicated, where unit pricing is operated in 

practice, the local authority will not usually have sufficient information to be able 

to determine the marginal costs of collection and disposal and waste. The price 

charged will usually reflect expected average costs. If the predicted average costs 

are equal to the actual average costs or less, efficiency gained from the introduction 

of unit pricing will be less than if marginal costs are used as the basis for the unit 

price, and demand for waste services will still be excessive (see Figure 7.2 below).
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Figure 7.2 Marginal versus Average Costs of Waste Services

However, if the average costs are overestimated, i.e. lie above and to the left o f the 

true average costs, the demand for waste services will be closer to the optimum.
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although if greatly overestimated this may lead to less than optimal demand for 

waste services.

What might be the expected effects of introducing unit pricing for waste services? 

The affected households can react in a number of ways: If they perceive the price 

to be unfair or ‘too high’, they may engage in illegal disposal methods such as fly- 

tipping or backyard burning. This would decrease the amount of waste collected for 

disposal, but would cause problems associated with littering and increased air 

pollution from the burning of waste. Thus, this could potentially increase the total 

social costs of waste disposal^ An alternative might be to increase the level of 

recycling activities. Where unit pricing schemes have been introduced in practice, 

recycling schemes have often been introduced in tandem and aggressively promoted, 

leading to a sharp increase in recycling. Another alternative for consumers might 

be to change their consumption patterns. They could choose goods with less 

packaging, as packaging often is quite bulky and rarely is used after it has fulfilled 

its function of allowing the consumer to transport the purchased good from the point 

of sale to the point o f consumption. Alternatively, they could purchase longer life 

goods which are repairable, so that disposal is required less frequently^. If only a 

few unit pricing schemes are in operation, the pressure consumers can exert on 

producers for ‘low waste’ goods is limited; the more widespread unit pricing 

schemes are, the more likely is it that consumer demand will have an impact on the 

availability of ‘low waste’ goods.

1 This problem has been successfully addressed in municipalities which have experienced it upon 
introduction of unit pricing for waste services, by introducing bans on backyard burning and fly- 
tipping where those were not in place previously. By following these bans up with immediate 
and strict enforcement and the imposition of heavy fines, these 'anti-social* practices appear to 
have been stamped out relatively quickly (Skumatz, 1994).

Research has shown that the option of purchasing'low waste’ goods is often not available to low 
income households. They generally do not have the liquidity that allows them to afford to buy 
in bulk, which would save waste, nor can they afford to buy the more expensive but more 
durable 'long life’ products.
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Practical Experiences o f  Unit Pricing fo r  Waste Services 

In recent years a number of communities have introduced unit pricing for waste 

services, particularly in the United States, where the first schemes were introduced 

on the West Coast in the mid-eighties. These schemes are typically volume-based 

and can take a number of forms. One variation requires householders to pay a fee 

based on the size and number of rubbish bins they choose to subscribe to. However, 

this can be quite inflexible; if a household one week has more refuse than usual, this 

is not easily accommodated within this system. On the other hand, there is no 

incentive to generate less waste than can be contained in the can subscribed to, 

unless the refuse generated can be reduced enough to fit into the bin a size down. 

Because o f the administrative costs of changing from one size bin to another, a fee 

will often be charged whenever a household wants to change to a different sized bin; 

thus, there is a strong deterrent to change bin size on a frequent basis. This degree 

of inflexibility is probably an early characteristic and more flexibility is usually 

provided in the later schemes. For instance, a household can choose to skip a 

week’s collection, if  less refuse is generated. However, whether such an option is 

attractive in warmer climates is debatable. Another possibility is the combination 

of the bin subscription, with a sticker or bag system. The sticker system involves 

households purchasing stickers, which they then attach to the number of bags or bins 

required, whilst the latter requires households to purchase easily identifiable bags to 

use for refuse. If refuse is put out without the approved sticker, or not in the 

appropriate bag, it will not be collected. A problem with all these volume based 

system is what has been called the ‘Seattle Stomp’. This involves people compacting 

waste, so that it takes up less room, which allows them to pay a smaller fee, and 

some people have actually invested in ‘trash compactors’, to squash their refuse 

before they put it in the rubbish bin. As Blume (1991) points out, although 

‘stomping’ may save landfill space through more dense compaction than would 

otherwise occur, it is equally likely that this will not be the case, as garbage trucks 

already compact refuse to a great extent. Therefore, although households that 

compact their own refuse reduce their private costs, they do the system little benefit 

as there is no corresponding decrease in actual landfill disposal costs.
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The neglect of a number o f communities, introducing unit pricing of waste services, 

has prevented extensive evaluation of the effects of the implementation. This neglect 

is manifest in inadequate data collection before the scheme was introduced. 

However, where both before and after data exist, it appears that quite substantial 

reductions in the amounts of waste going to landfill have been achieved; especially 

where the introduction of unit pricing has been supplemented with an aggressive 

drive for recycling. Thus, Miranda et al. (1994) report the experiences of 21 

smaller cities in the U.S. that have introduced volume-based unit pricing for waste 

services. The authors find that, on average, the tonnage landfilled dropped by 40 

per cent as a result of the introduction, and that the tonnage recycled increased on 

average by 126 per cent, to make up 19 per cent of the total waste generated. In 

addition, total waste generated dropped by 30 per cent. Fullerton & Kinnaman

(1994) found a somewhat smaller effect for a sticker system, introduced in 

Charlottesville, Virginia. In this case, households were found to reduce the weight 

of their refuse by 12 per cent, while reducing the volume by 38 per cent (evidence 

of ‘stomping’ taking place). In addition, their recyclable material increased in 

weight by 14 per cent. Blume (1991) reports on the experiences o f 13 cities which 

introduced unit pricing^, and found reductions in waste disposed at landfills that 

ranged from 18 per cent to 65 percent, with an average o f 46 per cent. Blume 

asserts that this substantial reduction cannot be explained by increased recycling 

alone, and that a large reduction appears to be in garden waste which he presumes 

must be composted instead. It has also been suggested that while residential waste 

is substantially reduced, commercial waste generation rates increase somewhat. 

Some communities have reported increased problems with illicit dumping and home 

incineration, as individuals try to avoid the waste charges. However, where these 

problems have occurred, they appear to have tapered off after an initial period.

Improvements in technology in recent years have made it possible to base unit 

pricing for waste services on weight, rather than volume. Thus, refuse vehicles 

have been developed which can weigh refuse bins, as they are lifted up by a grab

Many of the schemes surveyed by Blume (1991) are the same as those reported in Miranda et 
al. (1994).

260



arm to be emptied. A computerised system reads an electronic tag on the refuse bin, 

which identifies the owning household and matches that with the weight measured, 

prior to issuing an appropriate bill. The advantage o f such a system is that offers 

greater flexibility than a volume-based system. People are charged according to how 

much waste they actually generate, not according to the size o f their refuse bin. 

Some weight-based systems are being introduced in the U .S ., and in Tinglev, a 

small municipality in Denmark, a scheme has been in place since the beginning of  

1992 (Miljostyrelsen, 1994). In this scheme it was found, that the refuse collected 

from households for disposal in 1992, had fallen to 45 per cent o f what the average 

had been for the previous three years. This was explained by an increase in 

recycling (excluding compost) of 15 per cent, and an increase in industrial waste for 

incineration of 21 per cent, indicating that the MSW previously collected had 

contained some industrial waste. The remaining 19 per cent is explained by 

composting, refuse left at picnic sites (2 per cent), and other .̂ This would suggest 

that household waste for disposal has been reduced by up to 32 per cent, through a 

combination of increased recycling, composting and, possibly, source reduction.

Thus, it appears that both volume-based and weight-based unit pricing for waste 

services can lead to both substantial reductions in the quantity o f waste to be 

disposed, and an increase in recycling rates. While weight-based schemes have the 

advantage of continuous pricing of each additional pound of waste and avoids the 

problem of ‘stomping’, as opposed to the volume-based schemes which prices in 

discrete steps and encourages ‘stomping’, it is clearly significantly more expensive 

than volume-based schemes. This is because a weight-based scheme requires the use 

of specially adapted refuse vehicles with grabs fitted that can weigh the waste as they 

lift the refuse containers up to empty them, whereas volume-based schemes rely on 

such low-technology solutions as easily identifiable stickers or bags. Thus, the 

increased administrative costs, together with the increased operating costs for those 

weight-based schemes requiring specialised equipment, in contrast to the traditional 

flat fee for waste services, lessens the relative attractiveness of unit pricing for local

Whether the category ‘other* thus represent genuine waste reduction is unclear.
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authorities. An exception seems to apply where disposal costs have risen 

significantly, or where local authorities are required to comply with specific targets 

for recycling and disposal.

The distributional impact of unit pricing appears to be a lowering of the relative 

burden for both low-income households and senior citizens. Blume (1991) reports 

a study from Lisle, Illinois which found that low-income households generate less 

refuse than the average. Under a flat fee these households would pay the same as 

everybody else, whereas under a variable rate system, assuming that their waste 

generation rates were lower than the average, they would benefit from a lower fee. 

Senior citizens and other small, or frugal, households would be expected to enjoy 

similar savings. However, conversely, those households that tend to generate more 

than the average, would suffer from the introduction of a unit pricing scheme^. 

They, however, at least have the option of acting to reduce their bill, through 

recycling or composting, something that brings the former groups little benefit under 

the flat fee system.

A fuller exposition of unit pricing for waste services can be found in the following: 

Morris & Holthausen (1994), Fullerton & Kinnaman (1994), Fullerton & Kinnaman

(1995), Browne (1993), Bender et al. (1994), Good (1989), Becker & Browning 

(1991), Stone & Harrison (1991), Harder & Knox (1992), Skumatz (1993), Miller 

(1993), Skumatz & Zach (1992), Skumatz & Zach (1993), Skumatz (1991a,b), 

Goldberg (1990), Andresen (1992), Hong et al. (1993) and Bailey (1993). See also 

Dinan (1993) for a discussion of a combined disposal tax and reuse subsidy as an 

alternative to unit pricing for waste services.

Thus, an introduction of unit pricing for waste services might be expected to lead 

to a decrease in the amount of waste being collected for disposal, reflecting an 

increase in recycling activities and because consumers purchase goods generating

 ̂ - although ‘economies of scale’ have been found for large families, who generate less waste per
person than smaller households.

262



less waste. Measures will be necessary, however, to enforce regulations regarding 

fly-tipping and home incineration.

7.1.2 Landfill Taxes

Whereas unit pricing is typically employed to make the users of waste services 

(households) pay the financial costs of disposal, landfill taxes are useful in 

internalising environmental costs. In the case of industrial and commercial waste, 

a fee, linked to the quantity of the waste, is normally charged for disposal. The 

rationale underlying a landfill tax is to increase the unit price paid for waste 

disposal, thus providing industry and commerce with an economic incentive to 

reduce the amount of waste they deliver to the landfill. This reduction is generally 

achieved through source reduction, recycling or illegal dumping. However, 

householders, unless subject to a unit pricing scheme, will not receive a direct 

incentive to curtail waste disposal. Therefore, if the aim is to provide households 

with such an incentive, it might be appropriate to link a landfill tax with a unit 

pricing scheme for household waste. However, as Box 7. A illustrates, a landfill tax 

can alter the configuration of waste disposal.

Examples o f  Landfill Levies in Practice

In recent years, a number of countries have introduced variation of landfill taxes or 

waste disposal charges; the French, the Danish and the British examples will be 

briefly considered here.

The application of landfill taxes is not restricted to just municipal solid waste, but 

includes all waste being landfilled. In the case of Denmark, one of the countries 

with the longest experience o f a waste disposal charge or tax, the tax is not only 

charged on all waste being landfilled, but also on all waste being incinerated®. A 

waste charge of DKK 40 (ECU 5.6) per tonne of waste was introduced in 1987 and 

was levied on all waste being landfilled and incinerated. The charge was raised to

There are a few fractions of the waste stream that are exempt from the charges. Most notable 
among those is chemical waste. The reason for exempting chemical waste is, that it is feared 
that a charge may lead to illegal, unsafe disposal of hazardous waste.
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DKK 130 (ECU 18.3) per tonne of waste in 1990. In 1992, it was raised again, 

although a differential charge was introduced, with a lower charge for waste being 

incinerated. The present charges are DKK 160 (ECU 22.5) per tonne for waste to 

be incinerated, and DKK 195 (ECU 27.4) per tonne for waste to be landfilled. 

These charges raised an annual revenue of circa DKK 570 million (ECU 80 million) 

in 1993. A further increase, reinforcing the differentiation, is due to come into 

force in 1997. The waste charge for incineration, with both power and heat 

recovery, will remain at DKK 160 per tonne. The waste charge for incineration 

without energy recovery, will be DKK 210 (ECU 29.5) per tonne, and the charge 

for landfill will go up to DKK 285 (ECU 40) per tonne o f waste.

The stated aims o f these waste charges are threefold; to reduce the reliance on 

landfill, to ensure that energy is recovered from incineration and to increase 

recycling. This latter objective was stated explicitly by the Danish Action Plan for 

Waste and Recycling 1993-97 (Miljoministeriet, 1992), which requires a specific 

target o f 50 per cent recycling to be achieved by the end of millennium. The plan 

also desires a reduction in the total quantity of waste and compliance with the ‘waste 

hierarchy*. Thus, the differentiation in incineration and landfill waste charges 

'reflects that incineration is preferred over landfill as a waste disposal option, and 

is higher in the waste management hierarchy* (Miljoministeriet, 1992), However, 

note that there is no explicit aim that the Danish incineration and landfill charges 

should internalise any external costs associated with these activities. Indeed, 

personal communications with civil servants from the Danish Protection Agency 

suggest, that the official Danish view is that, it is not possible to monetize the 

external costs o f landfilling and incineration, hence to talk about the waste charges 

as internalising these costs, would be a nonsense.

The Danish waste charge is levied on all waste entering landfills and incinerators, 

less any residual waste. This means, for instance, that ash or slag, leaving the 

incinerator to be landfilled, will be deducted from the amount of waste charged with 

the incineration waste charge. On the other hand, it will be charged the landfill
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waste charge at the landfill. If this residue is not landfilled, but is instead used e.g. 

in road construction, no waste charge will be imposed, as this process is considered 

to be recycling.

Although little research has been undertaken to determine the impact of the Danish 

waste charge act, it has been estimated that the proportion of waste being reused or 

recycled has increased from 35 per cent in 1985 to 50 per cent in 1993. In that same 

period, the recycling of demolition waste has increased from 12  per cent to 82 per

BOX 7.A A LANDFILL LEVY
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Figure 7.3.a Configuration without a landfill tax

A landfill levy is illustrated in 
Figure 7.3. The upper panel 
shows the configuration of waste 
management systems when only 
the marginal private costs of 
landfill disposal are taken into 
account (see also Figure 2.2). 
In the lower panel, the MPCl 
curve represents the marginal 
private, or financial, costs of 
landfill, which when including 
the environmental costs shifts 
the curve upwards to MNSCl. 
This affects the heavy broken 
line, which adds together the 
amount of waste that can be 
landfilled and incinerated at any 
given marginal social cost, by 
making it steeper. The vertical 
distance between the MNSCl 
and the MPCl curve, MECl, 
represents the marginal environ
mental costs. Ideally, a landfill 
tax should equal MECl. Figure
7.3 illustrates that the introduc
tion of a landfill tax would re

sult in a change in the waste management configuration; in this case a reduction 
in the fraction of the waste being landfill matched by an increase in the waste 
being incinerated.
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Figure 7.3.b Configuration with a Landfill Tax
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cent (Miljsstyrelsen, 1995). Despite the high level of the Danish waste charges, it 

is claimed that fly-tipping has not been a serious problem, possibly reflecting both 

the inherent ‘conservatism’ of Danish society and the comparatively small size of the 

country, which means any such activity would be easily detected.

In France, a landfill tax of FF 20 (ECU 3.2) per tonne of MSW^ waste was 

introduced in 1993. Originally, it was intended to cover all waste being landfilled, 

but after strong lobbying from industry, ‘special’ waste was exempted. The new tax 

is intended to serve a number of objectives, including an increase in material 

recycling and incineration with energy recovery, together with a decrease in the 

reliance on landfill. Thus, like in the Danish case, there is no aim of explicit aim 

of internalising external costs; it is more a case following the prescriptions suggested 

by the ‘waste hierarchy’, that landfill should be avoided where possible, and should 

only be used as a last resort. The stated aim of the French landfill tax is that by the 

year 2002 only ‘final waste’ will be landfilled*, and that the reduced reliance on 

landfill should help to ensure the closure o f the approximately 6000 illegal dump 

sites currently in operation’. The closure of these sites, together with a tightening 

of the standards for authorized landfills, are intended to secure the liability of the 

landfill operators. The funds raised by the landfill tax (FF 350-400 million (ECU 

55-63 million) per year) are hypothecated for research on new waste management 

technologies, financial aid to install waste treatment facilities making use of 

innovative technology, financial aid to those local authorities which have new waste 

treatment plants built on their territory, and to help clean up and restore land 

contaminated by old dumps. At the introduction of the tax only 35 per cent of the

The term municipal solid waste in this context covers household waste and ‘assimilated* waste, 
but not ‘special* waste. ‘Assimilated* waste is defined as waste generated by trade, commercial, 
craft and industrial activities which may go through the same disposal channels as household 
waste. ‘Special* waste is defined as waste that does not go through the same disposal channels 
as household and ‘assimilated* waste (Fernandez & Tuddenham, 1995).

‘Final waste* can be defined as the residues from other waste treatment methods such as material 
recycling and incineration. Thus the goal is that no waste should be landfilled as a first option; 
it should be treated in some other manner first, and only the residue from this treatment should 
be allowed in a landfill.

If this is achieved, then the landfill tax would have been instrumental in reducing external costs 
of landfilling.

266



population collected waste for recovery*®. To increase this coverage, it is forecast 

that 160 new treatment/recycling facilities must be built to cover all municipalities. 

A further inducement to self sufficiency in waste treatment facilities is that the 

landfill tax will be 50 per cent higher for waste originating outside the region where 

the landfill is situated.

It is too early to fully evaluate the effects of the French landfill tax. However, 

Fernandez & Tuddenham (1995) note some difficulties in the collection of the 

landfill tax. They also estimate that the revenues raised will be insufficient for the 

required level of investment to achieve the aim that ‘final waste’ is landfilled by the 

year 2002. They also raise the concern that unless sufficient funds are made 

available for research on alternative waste treatment technologies, the attempt to 

close unauthorized dump sites will fail.

In the United Kingdom, a landfill tax on controlled waste was first announced in the 

1994 Budget, followed by a period of consultation. The initial proposal was an ad 

valorem tax based on landfill prices. However, it provoked a strong response both 

from certain elements within the waste industry and other interested parties. The 

essence o f the argument was that an ad valorem tax would favour old, ‘dirty* 

landfills, due to their lower operating costs, over new, state-of-the-art landfills that 

complied with the latest standards. The latter, it was argued, would be penalized 

for compliance with the latest regulations. Thus, this proposal was abandoned.

It was replaced, in the 1995 Budget, by a two-tier tax, due to come into effect in the 

autumn of 1996 (UK Department of the Environment, 1995b). Like the Danish and 

the French landfill taxes, the new tax is proposed to be weight based. However, 

unlike the Danish and French proposals, this tax differentiates between inert and 

organic waste. In the case of the former, the tax has been set at £2 (ECU 2.4) per 

tonne, whilst for all other waste the tax has been set at £7 (ECU 8.4) per tonne. It 

is estimated that the revenues raised by the landfill tax will amount to £450 million

*® Material recycled, or energy recovered from incineration.
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(ECU 453 million) per year. However, partly in response to industry concern over 

the increased financial burden that any tax would impose, the Government has 

indicated that the overall impact of the tax should be neutral. Thus, an offsetting

0 . 2  percentage point reduction in the main rate of employers* national insurance 

contribution was announced in the 1995 Budget, to take effect from April 1997. In 

addition, it is proposed to set up a number o f environmental trusts, and where 

landfill operators make payments to these trusts, they will be able to claim a rebate 

of 90 per cent of their contribution, up to a maximum of 20 per cent of their landfill 

tax bill. The type of activities to be supported by the trusts is expected to be similar 

to those funded by the French landfill tax. Thus, research into increasing the 

sustainability of waste management practices, the financing o f pilot schemes, the 

collection and dissemination of data and information, the remediation and restoration 

of old landfill sties and the provision of environmental, amenity and recreational 

facilities in the vicinity of landfill sites, are all expected to be supported by the 

trusts.

In a manner similar to the Danish and the French landfill taxes, the British tax is 

being introduced, primarily, to reduce the reliance on landfill, in accordance with 

the ‘waste hierarchy*. In contrast to the Danish and French taxes, the British tax 

is supported by estimates of the externalities associated with landfill disposal 

(CSERGE et al., 1993)", by distinguishing between inert and active waste. The 

precise distinction reflects the fact that inert waste does not generate landfill gases. 

Thus, the external costs associated with landfilling this waste is lower than for active 

waste, which, when it degrades, emits CO2 and C H 4 . It remains to be seen how 

easy it will be to administer this two-tier tax (it will take effect as o f 1 October 

1996). However, there has already been a case o f a vested interest claiming 

exemption from the tax. Thus, harbour dredgings have been exempted, as the 

interested parties successfully pleaded that the landfill tax would make it uneconomic

11 The CSERGE et al. (1993) study on the externalities of landfill and incineration was on 
controlled waste, not on municipal solid waste alone. Comparison between that and the estimates 
in this thesis are furthermore hindered, because it used the economic damage estimates available 
at the time (Pearce et al., 1992); estimates which are not comparable with the economic damage 
estimates used in the present thesis (see Chapter 3 for further discussion of this issue).
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to dredge harbours, the likely outcome being the closure o f a number of British 

harbours.

In the initial stages of the process that led to the introduction of the landfill tax, four 

Government aims of a potential tax were identified (Turner & Brisson, 1995): 

Firstly, it should help divert waste from landfill through source reduction, more 

recycling and incineration. Secondly, it should internalise the external costs 

associated with landfill. Thirdly, the resulting revenues could possibly be used to 

finance environmental initiatives, such as recycling or the restoration of old landfill 

sites. And, finally, a landfill tax was seen as a way of bringing UK landfill costs 

into line with those in other EU Member States.

The first two objectives are tied together in that internalisation of the external costs 

of landfill, will inevitably divert some waste from landfill to other treatment options. 

However, it should be noted that if there were no external costs to internalise, the 

first objective of diverting waste from landfill would not be justifiable. The third 

objective of providing funds for environmental initiatives, is a controversial one in 

economic terms. The conventional economic viewpoint is that it is economically 

inefficient to hypothecate revenues for specific purposes. Revenues should flow into 

the general pool of funds where they can be used optimally, i.e. in the most 

economically efficient matter. This orthodox approach is supported by the British 

Treasury, which is against any form of hypothecation. However, one argument 

against adopting the orthodox approach, is that often public acceptance of a new tax 

might be facilitated, if  the revenues are employed to assist those affected by the 

charge (see e.g. Brown & Jackson, 1986). This conflict has been addressed by 

allowing landfill operators to claim a rebate on their landfill tax bills for payments 

made to environmental trusts.

The final objective of bringing UK landfill costs into line with the costs o f other EU 

Member States has no economic justification, and, perhaps as a consequence, was 

also omitted from the Chancellor of the Exchequer’s announcement o f the tax. The 

United Kingdom has a competitive advantage in respect of landfill costs, even when
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environmental costs are included, over many other EU Member States. This partly 

reflects the favourable geological conditions, which makes it easier and therefore 

cheaper to contain waste. The imposition of a landfill tax for the sole reason of 

raising the cost of landfill, to bring it into line with other countries, that enjoy less 

favourable geological conditions, would be wholly inefficient in economic terms.

A comparison of these three landfill taxes (or, in the case o f Denmark, waste 

charges) highlights a common motive for their introduction. All three countries are 

explicit about their aim to divert waste from landfill, to other waste management 

methods that enjoy a higher ranking in the ‘waste hierarchy’. However, Britain, 

possibly surprisingly, is the only country that appears to have actually based the tax 

on estimates o f the externalities arising as a result o f landfill. In the case of France, 

and Denmark in particular, a trial-and-error approach appears to have been adopted.

In France, the tax has been set at ECU 3.2 per tonne of MSW. If one compares this 

sum with the estimate, in chapter 4, o f the externalities associated with landfill o f 

ECU 13-15 per tonne o f MSW, it appears that the French have in fact set the level 

of their landfill tax too low to fully internalise the external costs. However, as 

Table 4.9 reveals, if  only the environmental externalities of landfill are considered, 

and the external costs of accidents are excluded, then the sum falls within the 

estimated range of ECU 3-4 per tonne of waste.

The British landfill tax of ECU 2.4 per tonne for inert waste and ECU 8.4 per tonne 

for active waste are also comparable to the values estimated for the externalities in 

Chapter 4*̂ . Thus, in terms of Table 4.18, the externalities associated with the 

landfilling o f inert waste could be estimated by subtracting the ‘operation’ costs, i.e. 

CO; and CH4 emissions, from the total, giving an estimate of ECU 2-3 per tonne. 

The tax for active waste is at ECU 8.4 somewhat higher than the estimates in Table 

4.18. However, the British landfill tax is based on estimates o f the externalities of 

both landfill and incineration (CSERGE et al., 1993). The external costs o f landfill

Note, however, that the landfill tax covers all controlled waste, whereas the analysis in Chapter 
4 focuses on MSW only.
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were found to be of the order ECU 1-5 per tonne and the external benefit, of 

incineration were estimated at ECU 2.5-5 per tonne. The external benefit; of 

incineration have been incorporated into the landfill tax, to alleviate any neel to 

introduce a subsidy. Thus, the landfill tax is roughly the difference b e t w e e n  the 

external costs of landfill and the external benefits of incineration.

The original Danish charge of ECU 5.6 per tonne for all waste being incineraed, 

or landfilled, falls within the range of ECU 4-6 per tonne, estimated as lanlfiU 

externalities (see Chapter 4, Table 4.8). However, this charge was soon raised, "irst 

to ECU 18 per tonne of waste and then to ECU 27 per tonne for waste landflled 

and ECU 23 per tonne for waste incinerated. In 1997, it is proposed to i n  erase 

it further to ECU 40 per tonne for landfilled and ECU 30 per tonne for waste bnng 

incinerated without energy recovery, while remaining at ECU 23 per tonne o f  vaste 

being incinerated with energy recovery. These taxes are considerably greater han 

the estimated externalities, admittedly for MSW as opposed to all waste.

One possible explanation of this discrepancy could be that they include an a l l o  winee 

for disamenity effects, which are not included in the externality estimates in this 

study, nor in the study of externalities from landfill and incineration of contrd led  

waste in the UK (CSERGE et al, 1993). These would have to amount to about ICO 

35 per tonne of waste landfilled, ECU 9 per tonne of waste incinerated witlout 

energy recovery and somewhere between ECU 11 and ECU 40 per tonne of vaste 

incinerated with energy r e c o v e r y A  further explanation might assert that tb ete^  

of the Danish authorities, to reduce the amount of waste being landfilled, has W to  

a potentially inefficient, in economic terms, increase in the cost of waste bîimg 

landfilled and, to a certain extent, incinerated.

If the energy recovered is assumed to displace energy generated with an average Europtcai fiiiel 
mix, the estimated externality is ECU 12 per tonne, implying a disamenity effect of ECU 1- 
tonne. If, on the other hand, the energy recovered is assumed to displace energy geneiratfd Ipy 
an old coal-fired power station, the estimated externality is a benefit of ECU 18 p ef t(nn*e, 
implying a disamenity effect of ECU 40 per tonne.
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7.1.3 Recycling Credits

MNSC, MNSC, MNSC,

• ^  MNSCr + MNSC, + MNSC,

Figure 7.4 A Recycling Credit

W

Figure 2.2 in Chapter 2, illustrated how, traditionally, only the private costs of 

landfill and incineration are considered in the decision about which waste 

management methods to employ. It thus showed, that recycling would only take 

place until the point where the private profit from recycling reaches zero. Figure

7.4 considers the possibility of including recycling in the menu of waste management 

methods available by making a transfer payment, or a recycling credit, Cr, to 

recyclers equal to the saved marginal net social waste management cost. This would 

increase recycling levels from W r to Wr, and thus at the same time reduce the levels 

of incineration and landfill correspondingly. Thus paying a recycling credit, Cr, to 

recyclers would reduce the total costs to society of recycling and disposal, and a 

welfare gain would be achieved. It is this welfare gain, or at least part of it, that 

the UK Government is attempting to achieve through the introduction of recycling 

credits.
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Recycling Credits in the United Kingdom

Recycling credits were introduced by the 1990 Environmental Protection Act (EPA), 

and entered into force in April 1992. Prior to this time, around half the waste 

authorities paid voluntary recycling credits, or recycling rebates as they were called 

then, to waste collection authorities. These credits were generally for the recovery 

of glass and paper. They did not necessarily reflect the actual saving in disposal 

costs, but were seen as a way of encouraging the recycling o f a few selected 

materials. Their level varied between £0.30 (ECU 0.36) and £8.50 (ECU 10.24) 

per tonne and were only paid to third parties in a few cases (Turner et at., 1995).

In the 1990 Environmental White Paper, the British Government acknowledged that 

while significant levels of industrial and commercial waste was being recycled, less 

than five per cent o f household waste was being recycled. In the same White Paper, 

the Government declared its intention to achieve a 25 per cent recycling of all 

household waste by the year 2000. It was against this background, that recycling 

credits were introduced in the 1990 EPA. The rationale for the recycling credits 

was given in a report by Touche Ross (1991):

The recycling credit is seen as a means of rewarding individual local authorities and 

third parties for their initiatives in recycling. The rationale of the credit is that if a 

local authority or third party has enabled a saving to be made in disposal or collection 

costs as a result of separation of waste for recycling, then it should be rewarded in 

direct proportion to that saving.

The term ‘recycling credits’ in fact covers two types o f credits: collection credits and 

disposal credits. The former are paid by local waste collection authorities (WCAs) 

to third parties who collect waste for recycling, thus saving the WCA the cost of 

collecting that waste. However, as a large proportion o f waste collection costs are 

fixed (80-92 per cent) in the short to medium term, a one per cent diversion of waste 

to recycling, say, and thus a one per cent reduction in the amount of waste needing 

collection, will not result in a one per cent decrease in collection costs. Thus, while 

total collection costs ranged from £23 (ECU 28) to £45 (ECU 54) in 1991 (Touche 

Ross, 1991), the Department of the Environment recommended a collection credit
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of only 70p (ECU 0.84) per tonne. In addition, the collection credits to third parties 

were voluntary. The rationale for this can be explained by the fact that where 

WCAs operated recycling collection schemes of their own, third party recycling 

collection acted as competition, thus undermining the chance of achieving necessary 

participation rates. Therefore, some WCAs, as for example Milton Keynes which 

has its own extensive recycling scheme, have chosen not to pay collection credits to 

third parties.

Disposal credits are paid by waste disposal authorities (WDAs), either to WCAs or 

to third parties, who divert waste from disposal to recycling schemes. While 

disposal credits to WCAs, who have set up recycling schemes within their 

boundaries, are mandatory, the payment to third parties is at the WDAs’ discretion. 

When first introduced, the basis for the disposal credit was half the long run 

marginal costs of the WDAs most expensive waste disposal method. The reason for 

using just half of the long marginal costs was that many costs are fixed, even in the 

medium term. The rationale behind using the most expensive disposal method as 

a basis, is that if waste disposal was avoided by recycling, the waste disposal method 

to be avoided first would be the most expensive. However, by April 1994 this basis 

for calculating the disposal credits was revised; now the full level of the long run 

marginal costs of the most expensive disposal in the WCA area is used a base. This 

has meant that whereas the disposal credit in April 1992 ranged from £4.50 (ECU 

5.4) per tonne in the cheapest rural areas to £16.50 (ECU 20) per tonne in the most 

expensive urban areas, these had by April 1994 increased to £9.42 (ECU 11.3) to 

£34.52 (ECU 41.6) per tonne.

Effects o f  the Recycling Credits

So, just how effective have the recycling credits been in securing higher levels of 

recycling? The latest figure for the recycling of household waste suggests that 

recycling only increased from just below five per cent in 1990 to an average of five 

per cent in 1993-1994 (ENDS, 1995b). However, there were considerable variations 

in the recycling rates achieved by individual municipalities. Thus, while fewer than 

one in ten councils had achieved a recycling rate of over ten per cent, almost 60 per
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cent reached a recycling rate of five per cent or less, and six councils appeared not 

to have recovered any waste for recycling at all. At the other end of the scale, four 

councils were achieving recycling rates of about 20 per cent (ENDS, 1995b). In 

1994, it was reported that only eight per cent of all credit payments since 1992 had 

been made directly to third parties, such as charities and other private agents, 

suggesting a very low uptake*"*. A number of reasons have been suggested to explain 

the lack of success of the recycling credits scheme (see Turner et al, 1995), 

including a lack of publicity and the limited financial impact o f the credits. A 

further explanation for the limited take up be third parties, might be the existence 

of a structural constraint, reflecting the fact that payments are only made above a 

certain tonnage. In addition, the third parties must be registered with the local 

authorities in order to prevent fraud. It has also been suggested that the success of 

the scheme could be improved by the inclusion of commercial waste from shops and 

public houses, that is currently excluded from the scheme. The attraction of this 

waste is, that it is typically characterised by its homogeneity, which allows greater 

ease of recycling.

7.1.4 Product Charges

Product charges can be defined as market based instruments imposed on products. 

Their purpose is usually to incorporate the financial costs of collection and disposal, 

and/or the environmental costs of disposal. They have been considered to be 

particularly suitable for packaging. However, the desire to fully reflect the costs has 

not been the only reason for a product charge, charges are occasionally introduced 

when a product is perceived as ‘bad’ - as will be evidenced in Chapter 8 , which 

illustrates a product charge in a packaging context.

In some cases, attempts have been made to encompass both ‘upstream’ and 

‘downstream’ environmental effects in a product charge. ‘Upstream* effects refer 

to those effects which occur prior to the point, in the life cycle of the product, where

However, it is possible that this figure underestimates the true uptake by third parties. In some 
case disposal credits can be made by WDAs to WCAs who then pass on the credit the third 
parties. However, this will be registered as payments to WCAs.
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the charge is imposed, typically those occurring in the production stage. Similarly, 

‘downstream’ effects refer to any environmental impact occurring after the point 

where the charge is imposed, typically those occurring in the collection and disposal 

stages. The implicit assumption is that the product charge is collected at the stage 

in the product cycle, where it changes hands from producer to consumer, i.e. at the 

retail level.

It is often asserted that upstream effects are best dealt with at the point of 

occurrence. An example might be the air pollution from energy use, which, in 

many countries, is strictly regulated through the imposition of a cost on production. 

If the pollution is controlled optimally in this way, the imposition of a product 

charge, which includes the environmental impacts o f energy use, would amount to 

double taxation. Equally, if a landfill tax, or unit price for waste services, is 

charged, reflecting the environmental impacts of collection and disposal, the 

inclusion of these effects in a product charge would again amount to double taxation 

and should also be avoided. A product charge is only suitable in those cases where 

the specific product causes significantly higher environmental damage when disposed 

of, than the rest of the waste stream, and where any landfill tax, or unit price for 

waste services, is based on environmental effects o f disposing o f ‘average’ waste. 

An alternative to a product charge, for those products that create above average 

pollution, would be a deposit-refund system.

7.1.5 Deposit-refund Systems*^

There are two motives for operating a deposit-refund system (DRS). One is alluded 

to in the above section. When the environmental consequences of disposing of a 

product together with other mixed waste are very significant, a deposit-refund 

system, offering a significant deposit, may be introduced. The rationale underlying 

the introduction would be to recover the majority of the product for separate 

treatment. An example of such a product might be car batteries.

See Brisson (1993).
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The following diagram, Figure 7.5, illustrates the marginal social cost o f disposal 

(when co-disposed) for such a product. The cost increases very steeply once 

disposal passes a relatively low level.

ECU

MSG

w

Figure 7.5 Hazardous Waste

DRSs may be market-generated systems 

or schemes imposed by law. This latter 

category o f government-initiated systems 

can operate with or without the 

government being financially involved,

i.e. owning the deposit. The government 

may also intervene in existing market

generated systems. DRSs that are 

generated by market forces (return offers 

made by firms) come into existence 

because the expected costs o f handling 

and reusing the returnable items are 

lower than the expected overall revenues 

to the producer. This is usually because 

the net reuse value o f the scrap item, V,

is positive, or because the refund, R, stimulates a significant increase in demand, 

sufficient to offset a negative value of V.

Government initiated DRSs should not be viewed as a simple extension of the 

systems that would be generated by the market process. Generally, the market 

generated systems will not operate efficiently if R is greater than V for a given 

product. The government has to intervene, and deposits related to the environmental 

damage caused by the disposal of the product, would have to be paid to the 

government. Refunds, equivalent to the damage costs plus the re-use value of the 

scrap product, would also be paid by the government to avoid having the system 

obstructed by the market. A number of the mandatory beverage container deposit 

schemes that have been introduced in the real world in the past have, however, been
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closer in design to the simple market systems than the theoretical government- 

initiated system examined in more detail in the following section.

A number of actual beverage container deposit schemes have had to operate, in the 

short run, with negative net reuse value (V) because o f initial handling, storage and 

retum/reuse/recycling system costs. Consumers have also had significant costs 

imposed on them in the form of lost consumer surplus as product prices have risen 

above the level of the deposit set. From the economic perspective, one important 

issue here is whether these price increases have been wholly or substantially due to 

real resource costs imposed on firms (and passed on to consumers), or whether they 

are more a reflection of pricing imperfections in the beverages market(s). It is also 

important to determine whether or not the resource costs imposed on firms are 

significant long-run cost penalties of the return system.

Calculation o f  Deposit-Refunds

For government initiated DRSs, deposits (D) must be related to the environmental 

damage caused by the disposal of the product (externality costs =  Ex)̂ .̂ Consumers 

who return the product in the prescribed manner get paid a refund (R), such that R 

=  D =  Ex- In addition to the refund they also get the net reuse value, V, upon 

return of the scrapped product.

Figure 7.6 illustrates the case of a DRS introduced by the government to reduce 

litter and disposal costs. The consumer is paid R +  V for a product return. The 

PR curve represents consumers’ propensity to return the scrapped product in 

question, i.e. it is the social marginal costs to consumers who return the used 

product. Thus the PR curve show the supply of scrap items returned in the order 

of an increasing supply price. Supply is assumed to increase with the refund, R,

16 Bohm (1981) distinguish between the external costs, E„ of dumping the scrap item and the 
disposal costs, C, of disposing of the scrap item with other waste. If the alternative to the scrap 
item being returned under the DRS is that is dumped (as litter) then the relevant cost would be 
E,. If the alternative to returning the scrap item under the DRS was that it would simply be 
disposed of in the normal waste stream the relevant saving would be C. In an efficient economy, 
the government would ensure that the least cost option was the alternative to the return of the 
scrap item. In the following, it is assumed that this is E,.
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reflecting that e.g. the marginal inconvenience costs increase as a greater proportion 

of the scrapped product is being returned. In Figure 7.6 it is assumed that 

consumers will only begin to return the scrap product when they get the net reuse 

value plus some positive refund. However, this is no necessary condition; it could 

well be envisaged that some people would be content without a refund, and that 

receiving some of the net reuse value would offset their inconvenience costs of 

returning the scrap product. In that case, some positive level of recycling would 

take place even without a DRS. It assumed that and V are constant in the 

relevant interval, or at least not increasing faster than PR with the level of returned 

products (Bohm, 1981).

In terms of Figure 7.6 the social marginal benefit is the disposal/litter costs savings 

(Ex) +  V (reuse value), and the optimal deposit rate is D =  Ex and the optimal 

return quantity is Xr. The amount of product waste Xq-Xr is the optimal quantity 

of waste still requiring disposal.

Figure 7.6 A Government run Deposit-Refund System

Costs/Price

PR
(propensity to return scrap product)

E + V

D =R =F

V (net reuse value)

V

X (quantity)

•) PR assumed to increase as R (R = D) increases

Source: Bohm (1981)
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In situations where the net reuse value of the scrap product is low or negative 

(usually because of high system set-up costs and storage and handling costs) there 

is a built-in, short run, incentive to firms to obstruct the system and make returning 

by consumers more inconvenient, while retaining the unredeemed deposit income. 

Such a situation would require more extensive government intervention in the 

operation of the scheme.

The greater the switch to refillable beverage containers, and the higher the trippage 

rate (re-use rate) such containers achieve, the greater will V be in the long run. An 

all-refillables system offers the best prospect for a positive V value which is also 

greater than R and therefore a smoothly running and efficient system. But the 

imposition of a DRS will only represent an increase in efficiency if  the handling, 

storage and transport costs necessitated by the scheme do not prove to be 

prohibitively high. Keeping costs down depends on transport distances, uniformity 

of the product which allows easy handling and light-weighting o f products both to 

keep transport and handling costs down^ .̂ The density of return points pull in 

opposite directions; on the one hand it increases the operating costs of a scheme, on 

the other hand a high density has been shown to be paramount in securing high 

return rates, and therewith the success of a DRS. In fact, evidence suggest that the 

density of return points is a more important factor than the size of the refund in 

securing high return rates (Porter, 1983b).

Overall, on the basis of the cost-benefit principle the net social benefits o f a DRS 

should be estimated by quantifying the following costs and benefits:

i) benefits from reduced waste collection and disposal induced by the operation 

of the DRS (+ )

ii) benefits from reduced litter caused by the DRS (+ )

iii) benefits from reduced inputs to container production (+ )

iv) costs due to increased storage and handling (-)

17 For glass bottles, for instance, light-weighting is only possible to a limited extent, as they will 
otherwise break too easily and thereby reduce the number of trips possible.
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v) costs to householders in terms of inconvenience (carrying retumables etc.) 

(-).

More formally, the net benefits (NB) of a DRS scheme are:

NB =  B^s "1" ^Ls "1" ®ps ■ Cr ■

where

Bws =  expected social gain (benefit) from a reduction in the amount of waste

requiring collection and disposal

Bls =  expected social gain (benefit) from a reduction in the amount of litter

where

Bls =  bpc +  bag:

and

bpc =  reduced costs of litter pick-up

bag =  amenity gain from reduced litter

Bps =  expected social gain (benefit) from a reduction in the quantity of

inputs required for beverage container production (i.e. reduced 

labour, materials and energy costs)

Cr =  expected social costs due to an increase in the quantity of inputs

required in storage, handling, filling and distribution of containers

Cc =  expected social costs due to an increase in the time spent by

households in returning empty refillable bottles, i.e. consumers* 

inconvenience costs.

More formally, the net benefits calculation should be:

(1 +  ry
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where

NPV =  net present value, and

r =  discount rate

Actual DRSs have generated both litter and disposal cost savings, although the exact 

magnitude of these social gains have varied from scheme to scheme and have proved 

difficult to value to everyone’s satisfaction. Handling, storage and transport costs 

also seem to have been significant.

Evidence from a number of DRSs has also indicated that return rates are not very 

sensitive to the size of the deposit. A much more important factor in this context 

has been the number, knowledge and convenience of container return points. In 

addition, inconvenience costs to consumers may well fall over time as individuals 

adjust to the returnable system. Government regulation/legislation could mandate 

the required number and type of returning points, which in turn would boost trippage 

(i.e. return) rates. The downside of this suggestion is that the greater the number 

of returning points, the higher the overall system costs will be for handling, storage 

and transport of returns.

DRSs in the USA

The application of this model to Michigan’s Mandatory deposit scheme for beer and 

soft drinks containers, as operated in the 1970s, led to (on the assumption of a 100 

per cent switch to refillable bottles) the following conclusions:

1) that solid waste cost savings and litter collection cost savings were relatively 

small;

2 ) that container production cost savings and filling and distribution cost 

increases were relatively large, but of the same order of magnitude; and
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further that input cost reductions were significantly dependent on the trippage 

rate actually achieved;

3) that the critical issue in deciding whether the DRS was economically efficient 

was whether the benefits to individuals in the form of less litter were worth 

the return inconvenience costs imposed on consumers.

It was noted that precise empirical data were lacking for both the value of the 

amenity gain due to reduced litter, and the inconvenience costs imposed on 

individuals returning containers (Porter, 1978; 1983a and 1983b). But Porter also 

showed that it was still possible to determine the critical locus o f values o f this gain 

and this loss, that made the DRS as socially efficient as the status quo. In the 

context of the Michigan scheme, those critical values were, inconvenience cost =

0.78 cents per returned container and amenity gain =  $27.12 per person per year. 

In other words, the DRS would be preferred if the cost =  0.78 cents per container, 

even if there was zero amenity gain; and the DRS would also be preferred if  the 

gain =  $27.12 per person no matter how high the inconvenience cost was. It was 

concluded that neither of these two values seemed to be very plausible and, thus, 

whether the Michigan DRS was socially efficient, or not, was debatable.

Over the time the Michigan scheme has operated, the switch to refillable bottles has 

actually fallen well short of 100 per cent. Aluminium cans have taken a significant 

(around 50 per cent) share of the beverage container market. These market 

conditions (50 per cent refillables and 50 per cent aluminium cans) result in a range 

of critical values for the amenity gain and inconvenience cost, that suggest that a 

completely refillable system would pass the social efficiency test, but a partial 

conversion to refillables system would fail the same test. This critical range of 

values was quite wide.

The presence of aluminium cans (in 50 per cent of the market) reduces the social 

benefits, due to the savings in beverage container production costs, while only 

producing a relatively small reduction in social costs, due to lower container
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distribution etc. costs and lower inconvenience costs for consumers. This is partly 

because empty cans must still be stockpiled, until an economic mass has been 

achieved for transportation to a recycling plant. Recycled cans will also yield an 

extra social benefit, which it will be assumed is measured by the secondary 

aluminium scrap value.

In other words, in the Michigan scheme case, the net recycling value of aluminium 

cans turned out to be less than the net reduction in social benefits. The prices of 

beverages in both cans and refillable bottles also rose by up to 50 per filling and 

overall consumption fell. The loss of consumer surplus due to the imposition of the 

DRS is illustrated in Figure 7.7, and amounts to areas (1) and (2).

Figure 7.7

Price of 
Beverages Consumer Surplus Losses

Pi

Po

Quantity Consumed

Source: Porter (1983b)

pQ and Qo represent the (real) price and quantity o f beverages consumed before the 

DRS. Qi is the quantity consumed after the introduction of the DRS. ? i is the 

higher money price charged for beverages (excluding redeemed deposits) and ? 2  is 

the marginal total price (i.e. money price +  ‘inconvenience’ price to consumers). 

Area (1) is the consumption loss Qo to Qi and area (2) is the loss caused by
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continued consumption but at the higher price P .̂ Total consumer surplus loss is (1) 

+  (2). The reason why area (2) only extends to ?i and not to Pg is that the marginal 

inconvenience cost has been estimated separately at 20 per returned bottle at a 95 

per cent return rate or 0.7C per filling (Porter, 1983b)

Whether these price rises represent a real loss o f economic welfare depends upon 

whether they were caused by net resource cost increases for the firms involved or 

were due to imperfect pricing practices. The failure of prices of beverages in 

refillable bottles to fall at the brewer/bottler level was very unexpected. There was 

evidence in Michigan that the beer and soft drinks industries, at the production level, 

were dominated by a few firms who may then have chosen not to pass on cost 

savings in the form of lower prices. On the other hand, the container-cost savings 

of a refillable systems may have been offset by unexpectedly large increases in the 

costs of sorting, washing and inspecting bottles on slower bottle-filling lines and 

handing, storage and transport costs.

If all of the price increase observed was due to real resource cost increases then the 

Michigan DRS would have failed the BCA test.

DRSs in Australia

In Australia, compulsory deposit legislation on beverage containers has been in 

operation in South Australia for some time. The prospect o f introducing a national 

system is under consideration, but one proposed system has been heavily criticised. 

One report suggested that its introduction would cost Australia over A$5(X) million 

annually (BRRU, 1989). The BRRU analysis is largely based on the benefit-cost 

model outlined earlier in this section. However, there are a number of important 

omissions. The social benefits. Bps (benefits of reduced container production) are 

not quantified in the BRRU report. Further, time is omitted completely. This is 

potentially important in at least two respects:
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1) consumer inconvenience costs, Ce, caused by the return activity will not

remain at their initial year level since consumers will adjust to returning

containers and to storing them at home;

2 ) the social benefit of reduced waste disposal costs, B^s, can be expected to

rise each year if  the costs of landfill rise.

The results o f the BRRU study are summarised broadly in Table 7.1. The BRRU 

analysis adapted the estimate for householder inconvenience caused by the DRS 

given in a study by the Industries Assistance Commission (lAC)**. The lAC study 

in turn had used the methodology developed by W .D. Scott Management 

Consultants^’, which involves estimating the area under a curve which plots deposit 

rates (in cents) against return rates (in percentages) up to the current return rate. 

The lAC study found inconvenience costs for soft drinks of slightly more than 3C 

per litre, but in the BRRU analysis this was adjusted downwards to 3C to account 

for the growing tendency of collection agents in South Australia to accept soft drink 

bottles at half the deposit rate. For beer bottles the lAC study reported 

inconvenience costs of around 2C per litre. However, to account for the fact that the 

container deposit legislation in South Australia had resulted in a change in 

consumption patterns for beer compared to the rest of Australia, which was taken 

to be a distortion away from the preferred mix of beer containers, this estimate was 

adjusted upwards in the BRRU analysis to 30 per litre.

Industries Assistance Commission (1987), ‘The Effects of Container Deposit Legislation on the 
Glass Container Industry*, Appendix M of Glass and Glassware Report No 404, AGPS, 
Canberra, 24 June.

W.D. Scott Management Consultants (1983), Study o f the Economic Impact o f  Beverage 
Container Deposit Legislation, a report prepared for companies in the beverage and container 
industries.
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Table 7.1 Results of the BRRU Study

Benefits of DRS 
million A$

Benefits of reduced container inputs - losses from extra storage -448

Householder inconvenience -51

Reduced waste collection/disposal 14

Reduced litter 0

Total -485

The zero estimate of benefits from reduced litter resulting from the DRS is also 

noteworthy. The BRRU report did look at available estimates for litter clean up 

costs and found that the total costs attributable to beverage containers for the whole 

of Australia amounts to no more than A$12-14 million per year. However, the 

BRRU report concedes, litter clean-up costs are only a poor approximation of the 

actual benefit associated with reduced litter. However, the report argues, 

comparison of litter data for South Australia, where the DRS is in place, with litter 

rates for the rest of Australia suggest that the DRS has not had the effect of reducing 

litter rates; thus no reduction in litter means a zero benefit estimate.

The following procedure offers a rough check on the estimates of the net resource 

costs (reduced inputs less storage etc.). Figure 7.8 shows actual data for Australia. 

The initial price of soft drinks is A$1.35 per litre and initial sales are 1100 million 

litres. The effects of a DRS on sales appear to be:

million litres 

Cans -228

Glass bottles 376

PET bottles -227

Total effect -79
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Overall, soft drinks sales decline by 79 million litres or 7.1 per cent o f initial sales. 

Taking 0.7 as the estimate of price elasticity of demand for soft drinks we can 

estimate the change in price (dP) after the introduction of a DRS from:

79

dP
135

i.e. dP = 13.9 cents

The loss in consumer surplus from this price rise is:

dP • Q' +  0.5 • dQ- dP 

or (13.9) • (1100 - 79) +  0.5 • (79) • (13.9)

=  14,731 m cents

=  A$147.3 million for soft drinks.

The BRRU report gives a figure of A$136 m as the consumer surplus loss in the soft 

drink sector. This is sufficiently close to the estimate above to think that the simple 

procedure outlined above gives a reasonable estimate of what the methodology would 

produce.

Using the same simple approach, the beer quantity changes due to a DRS appear to 

be -70m litres, a fall in sales of 6.1 per cent, a figure supported by the BRRU 

report. Taking the initial price as A$2.40 per litre and the elasticity as 0.7, the 

consumer surplus change can once again be calculated to A$233 million, which is 

very close to the BRRU estimate of A$213 million.

A price elasticity of demand of 0.5 had been estimated in the lAC report (1987), but the BRRU 
analysis adjusted this estimate to 0.7 to ‘take account of market developments*.
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Price
Demand for Soft Drinks

148.9

135

Quantity1021 1100

Figure 7.8

Similar checks can be made on the estimates of the costs to households since these 

are set at 3C per litre for both soft drinks and beer. If beer sales are 1080 million 

litres after the DRS, then inconvenience costs should be approximated by some A$32 

million for the case of beer. The BRRU report puts the estimate at A$26 million. 

The error here is greater than for the major surplus loss estimated above, but it is 

reasonably close. Overall, then, the estimates derived in the BRRU report appear 

to be consistent with the approximation methods adopted above.

There are two elements to the benefits of reduced litter benefits. The first is 

reduced pick-up costs and the second is reduced eyesore (disamenity) costs. The 

latter can only be evaluated by a willingness-to-pay (WTP) approach using for 

example contingent valuation. The BRRU report notes that a WTP estimate is 

needed but suggests that, from the experience of South Australia, litter rates do not 

fall because of DRS. This is not, however, the experience of DRSs elsewhere.
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The BRRU report notes that litter rates were falling in South Australia up to, and 

one year after, the DRS legislation. Since time series data beyond 1978 appear to 

be unavailable on a basis comparable to pre-1978, nothing can really be learned 

from the South Australia experience. The BRRU report also claims that experience 

in the rest of Australia shows litter rates in the rest of Australia without DRS are no 

worse than litter rates in South Australia. But such comparisons can be extended to 

other countries. In Maine, USA, DRSs have been associated with a 15 per cent 

reduction in litter (Schlobohm, 1983), in Oregon a 10.6 per cent reduction after one 

year (Applied Decision Systems, 1974) was observed, and in Michigan litter was 

significantly reduced. In New York no discernible change in littering occurred. 

Industry sources in the US, whilst vigorously opposing DRSs, tend to accept urban 

litter reduction estimates of 1 0  per cent and rural litter reductions o f 2 0  per cent. 

Taking 12 per cent as an average and applying it to the AS50-80 million total 

pick-up costs estimated for Australia would mean savings of A$6-10 million. The 

BRRU Report includes an estimate of A$12-14m for litter pick-up savings. US 

estimates suggest this is not an underestimate (Porter, 1978; 1983a and 1983b). 

‘Eyesore* costs must be added to this saving.

Taking the BRRU Report’s estimates of changes in surplus at face value, 

reintroducing the litter pick-up savings of A$12-14m, and including waste reduction 

savings o f $14m, the overall cost-benefit picture might appear as follows:

NSBdrs =  -A$448m surplus loss - A$51m inconvenience cost +

A$12-14m pick-up cost savings 4- A$15m waste disposal 

savings +  reduced eyesore costs 4- (reduced accident costs)

=  -A$471m 4- reduced eyesore costs 4- reduced accidents.

Effectively, if  Australia was willing to pay A$471 million to reduce accidents 

associated with beverage container litter and to reduce beverage container eyesore, 

then a DRS would be worthwhile. In per capita terms the question reduces to asking 

whether Australians are prepared to pay A$29.4 per capita p.a. for about a 10 per
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cent reduction in litter. Per household this figure would be perhaps A$60. This 

appears to be a large figure, and suggests that this specific DRS would probably not 

be worthwhile.

DRSs in the UK

The economic impact of the introduction of a DRS, initiated by beverage producers, 

and covering all container types (except cardboard cartons) has recently been 

simulated in a UK study (ERL, 1991). The deposit size was assumed to be 5p per 

container. The total cost of introducing the system was estimated to be 

approximately £260m, with quantifiable benefits of £34m, assuming the objective 

was to achieve a 6  per cent reduction in the household waste stream. The cost 

burden would fall disproportionately on consumers, through increased beverage 

prices and significant inconvenience costs.

This simulation analysis was, however, based on a number of questionable 

assumptions. The calibration of the size of the deposit was based on the supposed 

critical relationship between deposit size and the scrap and re-use value of the 

material comprising the container. In fact this analysis is incorrect and on efficiency 

grounds alone, the size of the deposit should be related to the avoided marginal 

damage costs (disposal plus litter costs), see E% in Figure 7.6. While the optimal 

(i.e. efficient) deposit was estimated to be 0 .2 p per container (excluding litter 

disamenity) a charge of 5p was used in the simulation analysis. But this analysis 

was driven by the prior assumption of a set recycling target. If a proper cost-benefit 

analysis approach had been adopted the recycling target rate itself should have been 

scrutinised. All that the simulation proves (if its internal assumptions are accepted) 

is that it is very costly to achieve the 90 per cent return rates necessary to meet the 

prior recycling target.

The relationship between return rates and deposit/refund size is itself a complex one. 

Empirical evidence is sparse and inconsistent. The location and type o f return points 

and individual perceptions about ‘environmentally sensitive’ behaviour are likely to 

be as important as or even more important than the size o f the deposit/refund.
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7.1,6 Tradeable Quotas

If a policy decision had been taken on a national level to restrict waste generation 

to a specified level (the Netherlands is an example of a country which has set targets 

for how much waste should be allowed to be landfilled), one way of achieving this 

could be to issue waste allowances equal to the target quantity. These could be 

distributed to existing waste disposers, manufacturing companies, businesses and 

local authorities, using the grandfathering principle, based on historical waste 

generation. If a firm, or local authority, found that it could reduce the amount of 

waste needing disposal below its allowance, either through source reduction or 

recycling, it would earn a waste credit. This credit could be sold to another agent 

whose requirements for waste disposal exceeded his allowance. Thus, a local 

authority or firm should reduce its waste generation to the point where the marginal 

cost of doing so equals the price it can obtain in the market for its redundant waste 

allowance. On the other hand, a firm or local authority increasing its waste 

generation, should only do so if the marginal benefits (e.g. from increased 

production output) are greater than the price payable for waste credits.

An alternative to the tradeable waste credit scheme could be a recycling obligation 

scheme (Gough, 1994). Many countries are experimenting with mandatory recycling 

targets, and in the UK a target o f 25 per cent of all household waste to be recycled 

by the year 2000 has been set. In the attempt to achieve this nationwide target, local 

authorities have been required to submit waste recycling plans, showing how they 

plan to achieve this target, indicating that each local authority will be expected to 

meet the target for their area. However, setting up recycling schemes can be quite 

costly, especially when high recycling rates are aimed for. Where materials 

recycling facilities (MRFs) have been built, it has been found that there are 

economies of scale. As it would be inefficient for every local authority to build 

their own MRF, trading in recycling obligations might be an option.

Let there be two local authorities, X and Y. Both X and Y are faced with the 

recycling obligation of 25 per cent, and we can reasonably assume for both o f them.
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that after some level of recycling less than 25 per cent has been achieved, the 

marginal cost of recycling exceeds the marginal cost of disposal, i.e.

^ ^ C r.X hdCp Y ^  ^^R.Y [7.1]

However, let us assume that X ’s marginal recycling costs are lower than Y’s:

^ C r.x ^  y [7.2]

X can then offer to recycle waste on behalf of Y, if  Y is willing to pay a price, P, 

where P >  MCr x- It will be in Y’s interest to let X carry out part o f its recycling 

if  P <  MCr Y. Thus, a trade in recycling obligations can take place if

MCr x <  P <  MCr Y [7.3]

The extra waste that X thus undertakes to recycle can either be from X ’s own 

jurisdiction, meaning that more than 25 per cent of the household waste generated 

in X will be recycled, or it can be a physical transfer of waste from Y to X.

Both versions of tradeable permits/obligations require high levels o f enforcement. 

If a firm generates more waste than its permits allow, it will be tempted to dump the 

excess illegally, if  it gets turned away at the landfill. In the case o f the tradeable 

recycling obligation, someone will have to make sure that X actually carries out the 

extra recycling it gets paid to do for Y. These high requirements to enforcement 

probably mean that we are unlikely to see real life examples of tradeable waste 

permits and tradeable recycling obligations in the near future^^

21 The introduction of marketable credits for recycling of newsprint was proposed in the US in the 
early 1990s as an alternative to recycled contents standards. See Dinan (1992) for a discussion 
of some of the expected difficulties associated with such a scheme and the conditions that need 
to met be met for it to be successful. See also Munro et al, (1995) for a more general discussion 
of the impediments to trade in markets for pollution permits. The effects of recycled contents 
standards for newsprint in the U.S. and if introduced in Canada are examined in LaPlante & 
Luckert (1994), who find that contrary to expectations and intentions such standards would 
increase the pressure on landfill capacity in Canada.
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7.2 SUMMARY OF CHAPTER 7 AND EVALUATION OF 

ECONOMIC INSTRUMENTS

The conclusions drawn from the cost benefit analysis of MSW management in 

Chapters 4-6 were that source reduction and recycling (at least of certain materials) 

engender certain social benefits, whilst, incineration, landfill and composting incur 

social costs. The policy implications are that one should aim to encourage source 

reduction and recycling, whilst discouraging incineration, landfill and composting. 

This could be achieved through a command-and-control approach that attempted to 

set targets for both source reduction and recycling, but, possibly, also for the 

amounts of waste being incinerated, landfilled and composted. An alternative might 

be to reduce the cost of source reduction and recycling, and/or correspondingly 

increase the cost of landfill, incineration and composting. A comprehensive 

evaluation of the economic instruments discussed above, would need to include an 

assessment of their ability to achieve these goals. However, the potential scale and 

significance of disamenity effects, though not included formally in this study, 

suggest that it might also be desirable to judge any prospective economic instrument, 

on its ability to reduce these impacts. Table 7.2 provides a schematic overview of 

the effects of the policy instruments. Whilst the cost-benefit analysis o f MSW 

management estimated significant social benefits associated with recycling, these 

estimates were for the current configuration of MSW management, and it is 

generally true, with some exceptions, that recycling levels are relatively low across 

the European Union. However, policies introduced with the aim of encouraging 

recycling efforts may founder, because the markets for secondary materials are not 

sufficiently developed. This has been the initial experience o f the German 

Packaging Ordinance and the Dual System, which had the effect of flooding markets 

with secondary materials, causing prices to plummet. In the case of plastics for 

example, mountains of recovered plastics were accumulating, as no use could be 

found for it. As recovery of the inherent energy through incineration was not 

permitted, this was turning into an embarrassment for the German model of 

recycling policies. Only a technicality, that allows plastics to be used in the
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Table 7.2 Effects of Economic Instruments

Instrument Achieves Source 
Reduction?

Achieves
Recycling?

Reduces Site 
Disamenity?

Unit pricing for 
waste services

P ossib ly , i f  consum ers 
p u t p ressu re  on 
p rod u cers  to  dow n-size 
etc.

Y es, especia lly  w hen  
ag gress ive  recycling  
schem es a re  run  
sim ultaneously

M ay increase  
d isam en ities a t recycling  
banks

Disposal
charges/landfill tax

F o r  industria l and 
business w aste  m ay 
en courage  less w astefu l 
u se  o f  resources; no  
e ffec t fo r  household 
w aste

E ncou rag es recycling  o f  
indu stria l and  
com m erc ia l w aste  to  
avo id  tax . N o  effec t fo r  
househo ld  w aste  un less 
tied  to g e th e r w ith  u n it 
p ric in g  fo r  w aste  
se rv ices

Y es, som e w aste  flow s 
w ill b e  deterred

Recycling credits N one Y es, d irec t effect Y es , sin ce  w aste  flow s 
to  land fills  and 
inc in era to rs  w ill be 
reduced

Product charges Y es, if  charge is 
p roportional to m aterial 
and energy  content

Y es, ch arg e  cou ld  be 
inversely  p ro p o rtio n a l to  
recycling

S om e e ffec t from  
increased  recycling  and 
so u rce  reduction

Input charges Y es, g ives incentive to  
reduce  ratio  o f  m aterial 
and energy  to ou tput

Ind irec t e ffec t: i f  
en e rg y , sa y , becom es 
m o re  expen siv e , 
recycling  sav ing  energy  
inpu ts w ill b ecom e m ore  
a ttrac tiv e

S om e lim ited  e ffec t i f  
so u rce  reduction  and 
recy c lin g  occurs

Emission taxes U nlikely  to  have an  
e ffec t as no t im posed a t 
po in t o f  w aste  
genera tion

U nlikely  to  h av e  an  
e ffe c t as no t im posed  on  
ag en ts w ho  can  e ffec t 
recycling

N eg lig ib le  effec t un less 
rev en u es used  to  reduce  
s ite  d isam en ity

Deposit-refund
systems

N o Y es , bu t on ly  fo r  th e  
sm all frac tio n  o f  th e  
w aste  stream  (typ ically  
bev erag e  con ta iners) 
w h ich  a re  p a r t o f  th e  
D R S

M ay  in crease  
d isam en ities as 
consu m ers w ould  have 
to  s to re  e .g . bo ttles un til 
rec la im in g  th e  deposit

Tradeable waste 
allowances

P ossib ly , i f  level o f  
a llow ances set to 
g radually  reduce 
am ounts o f  w aste 
generated /allow ed  fo r  
final d isposal

Y es , i f  level o f  
a llow ances se t to  reduce  
am oun ts o f  w aste  
allow ed  fo r  final 
d isposal

Y es , v ia  increased  
so u rce  reduction  and 
recy c lin g

Tradeable recycling 
quotas

L ittle  effect Y es , d irec t e ffec t Y es , v ia  increased  
recy c lin g
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oxidation process in pig iron production, without being classified as energy 

recovery, solved this problem (see 8.1.3). However, it serves to illustrate that 

recycling efforts must be supplemented with efforts to build markets and stimulate 

demand for secondary materials.

Table 7.2 illustrates that few of the instruments perform well against all o f the three 

criteria. Some perform well against two, or less, but few offer an all embracing 

approach. Deposit refund systems appear to be the least favoured instruments, 

whilst emission charges and the unit pricing o f waste services”  also appear to be of 

limited effectiveness. The instruments that appear to be most favoured by the 

chosen criteria, are recycling credits, tradeable waste allowances, recycling quotas, 

materials and energy charges and product charges. Chapter 8  examines this latter 

category in more detail. However, the table implies that if  the three criteria are all 

valued equally, then the optimal approach might be some composite o f instruments. 

This chapter has briefly discussed six economic instrument that are applicable to 

MSW management: Unit pricing of waste services; disposal charges/landfill taxes; 

recycling credits; product charges; deposit-refund systems and tradeable recycling 

quotas. The chapter reveals that few of the instruments perform well against all o f 

the three criteria identified in Chapter 6 . Deposit refund systems appear to be one 

of the least favoured instruments, whilst emission charges and the unit pricing of 

waste services”  also appear to be of limited effectiveness. The instruments that 

appear to be most favoured by the chosen criteria, are recycling credits, tradeable 

waste allowances, recycling quotas, materials and energy charges and product 

charges. Chapter 8  offers an examination of this latter category.

”  Unless supplemented by comprehensive recycling schemes.
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8. Packaging Waste

This chapter examines the specific issue of packaging waste. This focus on 

packaging waste should be viewed in the context of the general waste crisis, that 

faces many countries (see Chapter 1 for a full exposition). The visibility of 

packaging waste, both in the household dustbin and as litter in the street, has 

contributed greatly to its popularity as a policy target. However, the inherent fallacy 

of such an approach was noted earlier. While packaging waste constitutes a 

significant part of household waste, it is less significant as a proportion o f total 

waste requiring management. Generally, it constitutes in the order of 1 4 of  

household waste in many OECD countries and about 12-14 per cent o f total 

municipal and industrial solid waste (Brisson (1993), US EPA (1990) and Klepper 

& Michaelis (1991)). However, when other types of waste such as e.g. mining, 

building and energy production waste is taken into account, packaging*s share falls 

to 1-2 per cent of the total (Brisson, 1993). Despite this, the symbolism of 

discarded packaging waste vis-à-vis the consumer society has made it a favoured 

target for policy makers.

Thus, in recent years, a number of countries have introduced legislative, or 

voluntary, measures aimed at reducing the presence o f packaging waste in the waste 

stream. These include Austria, Belgium, Canada, Denmark, France, Germany, Italy 

and the Netherlands. This chapter examines three initiatives aimed at encouraging 

the reuse and recycling of packaging. These initiatives include the German 

Packaging Ordinance and the Dual System, the European Commission’s Directive 

on Packaging and Packaging Waste, and the British ‘producer responsibility’ 

approach, under which the Government has challenged the packaging industry to 

achieve certain recycling levels for packaging waste. The chapter goes on to 

identify a packaging charge, or tax, that would fully reflect the environmental 

impacts of disposal and recycling.
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8.1 THE GERMAN PACKAGING ORDINANCE AND THE 

DUAL SYSTEM

8.1.1 The Packaging Ordinance

In June 1991, the German Parliament passed the Verpackungsverordnungy a far 

reaching packaging ordinance. The importance of this piece of legislation have not 

been restricted to Germany; its implications have also extended to many other 

countries, as it has served as inspiration for countries contemplating the introduction 

of, or tightening of, their own packaging legislation.

The Ordinance put forward three guidelines for the use of packaging. It stated that 

packaging should:

1 . in terms of volume and weight, be reduced to a degree necessary for 

the product;

2 . be refillable as far as is technically and economically feasible; and

3. be reprocessed, if refilling is impossible.

The first part of the Ordinance came into effect in December 1991, and made it 

compulsory for manufacturers, distributors or retailers to take back all transport 

packaging. This packaging is defined by the Ordinance, as packaging which is 

exclusively used for protecting the product on its way from the producer to the sales 

outlet.

In April 1992, the Ordinance was extended to include secondary packaging. This 

was defined as packaging which is used to protect a product against theft, or to 

apply additional advertising and which can be removed by the consumer at the shop, 

without reducing the protection of the product during transport to its final destination 

and ultimate consumption. The implications of the Ordinance are that consumers 

can remove secondary packaging and leave it at the shop, where the wholesalers are
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required to supply containers for its collection. The packaging must then be 

returned for reuse or material recycling.

From the first of January 1993, primary packaging was also included. This is 

defined as packaging which the consumer needs to transport and protect the product. 

This implies that the packaging must be returned to the point of purchase, from 

where it would be returned, either to the product manufacturer, or the packaging 

manufacturer, both of whom would then be required to reuse or recycle. The 

retailers would not be required to accept return packaging material from products 

that they did not themselves supply.

According to the Ordinance, there is no legal obligation on the consumer to return 

empty packaging, but in order to provide some incentive, deposits of between DM 

0.50 and DM 2.00 were introduced on all beverage, detergent and paint containers.

The majority, almost 78 per cent, of German packaging consumption is primary 

packaging, with transport packaging accounting for around 2 2  per cent, whilst 

secondary packaging accounts for less than 0.5 per cent (Klepper & Michaelis,

1995). Common to all three types of packaging is the requirement that they must 

be reused, or reprocessed, outside the public waste disposal system. An exemption 

was allowed in the case of primary packaging: Under certain conditions, the

deposit-refund system and the return system could be replaced by an alternative, a 

dual system. This system was also required to operate outside the municipal waste 

system, and was to administered by the industries involved in the production or use 

of packaging material.

8.1.2 Evaluation of the German Packaging Ordinance 

The introduction of the Ordinance, which was the first of a number of ordinances 

covering disposal of different waste types\ can be interpreted as a reaction to a 

shortage of landfill space. One of the main reasons why Germany is experiencing

Other covering cars, batteries, newspapers and magazines are under consideration (Smith, 1995)
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such a shortage is the apparent public unwillingness to accept the siting of new 

landfills in their neighbourhood - the NIMBY^ or LULU^ syndrome. The pricing 

of landfill disposal currently reflects capital costs and operating costs and, under 

current legislation, it is illegal to include such costs as scarcity rent and environmen

tal costs. However, if  correct pricing was allowed to take place, two things would 

happen: Firstly, people living in the vicinity of a landfill could be compensated for 

the amenity loss. And secondly, there would be a corresponding dramatic increase 

in the cost of landfill disposal. This would be expected to lead to a behavioural 

change, with respect to waste disposal, with much greater emphasis being placed on 

both source reduction and recycling activities. These measures were felt to be 

extremely severe and were not supported by economic analysis of the costs and 

benefits of the proposals.

The crux of the problem with the Packaging Ordinance is that it assumes that all 

recycling is beneficial. The only allowance for economic considerations is made in 

the guidelines, where it is demanded that packaging must be refillable as far as is 

technically and economically feasible. The Ordinance does not, however, define the 

exact meaning of economic feasibility, nor does it extend the requirement of 

economic feasibility to the collection and materials reprocessing of packaging.

Thus, it appears that little consideration has been given to what might be the optimal 

level of reprocessing. The Ordinance reflect the assumption that reprocessing is 

beneficial irrespective of costs - a fallacy that has, unfortunately, been replicated 

elsewhere, as discussed earlier.

A further disconcerting aspect to the Ordinance is that although the guidelines 

demand that packaging, in terms of weight, be reduced to a degree necessary for the 

product, there is no measure to promote source reduction. The Ordinance seems 

totally focused on recycling as the solution to the landfill crisis, despite the optimism

 ̂ NIMBY is the acronym for ‘not in my back yard’.

 ̂ LULU is the acronym for ‘locally unacceptable land uses’.
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within the packaging industry, regarding the prospects of developing lighter and 

stronger materials, which would allow waste prevention.

A further problem is the way the Ordinance deals with the Polluter Pays Principle, 

It demands all packaging to be taken back and reused or reprocessed, but it does not 

allow this to happen within the existing municipal waste system. Instead, each 

packaging manufacturer would be obliged to take back her own packaging from the 

retailers. This put an excessive obligation on the retailer to collect and separate 

discarded packaging, not only according to material, but also according to origin. 

A more efficient answer might be to develop the existing infrastructure (municipal 

waste systems) and provide it with the capacity to manage the extra packaging waste 

that arises as a result of the new measures. The extra costs could be charged to the 

packaging industry.

The German Packaging Ordinance may also have created an implicit barrier to trade. 

Let us consider the issue of transport packaging. Normally, when products are 

shipped, or transported by lorry from place of production to wholesaler/retailer, the 

ship or lorry is unlikely to return empty. A secondary backload is often carried on 

the return. The introduction of Ordinance requires that used transport, and 

secondary, packaging be transported back to its place of origin. This would require 

the ship or lorry, which delivered the packaged products, to return with the empty 

packaging. Alternatively, a separate fleet would need to be assigned to return empty 

packaging. In either case, the result would be an increase in the demand for 

transport. This may not be a major obstacle for those suppliers who transport their 

product over a short distance (e.g. within Germany), but could constitute a 

significant increase in costs for suppliers who transport their products over long 

distances. The implicit tariff acts as an impediment to the German market for, 

predominantly, foreign suppliers. In addition, the increases in transport would add 

to congestion, engender increases in local environmental effects and increase the 

number of road accidents.
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It appears that the Packaging Ordinance’s adoption of the Polluter Pays Principle is 

rather heavy-handed and inflexible, with resulting economic inefficiencies and 

impediments to trade.

8.1.3 Duales System Deutschland

A number of concerned parties, that included corporations from the retail industry, 

the packaging and filling industry, manufacturers of packaging material, and raw 

material suppliers for the packaging industry, chose to use the clause in the 

Packaging Ordinance which allowed them to set up an alternative system to deal 

with the collection and reprocessing of primary packaging waste. As a result Duales 

System Deutschland (DSD) was formed in September 1990.

Table 8.1. German Collection and Reprocessing Targets

Primary packaging 
to be collected by

1.1.93 1.7.95

Percentage of which 
must be sorted and 

reprocessed by

1.1.93 1.7.95

Percentage of total 
primary packaging 
waste to be repro

cessed by

1.1.93 1.7.95

Per cent

Glass 60 80 70 90 42 72

Tin-plate 40 80 65 90 26 72

Aluminium 30 80 60 90 18 72

Card board 30 80 60 80 18 64

Paper 30 80 60 80 18 64

Plastic 30 80 30 80 9 64

Packaging
composite

2 0 80 30 80 6 64

In order to displace the deposit-refund system and the return system as prescribed 

in the Packaging Ordinance, certain targets with respect to collection, sorting and 

reprocessing must be reached. These targets are shown in Table 8.1. It should be 

noted that these targets apply to total primary packaging waste, not just the share 

covered by DSD. If a material does not fulfil its target, it will become subject to
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a mandatory deposit. The basic idea of the Dual System was to establish a system 

which directs discarded primary packaging from the consumer into a reprocessing 

process.

The attraction of the DSD for the packaging and retail industries, was that they 

perceived that the alternative was the enormous costs that were sure to follow the 

introduction of the mandatory deposit-refund systems and returns systems, required 

by the Packaging Ordinance. The DSD has organised the collection o f primary 

packaging waste, through a combination of bring systems and kerbside collection 

schemes. In many communities, there were already well established bring systems 

for glass and paper/cardboard. The plan is to improve these systems to achieve a 

density of one container per 500 inhabitants. For the remaining materials, kerbside 

schemes have been implemented. Along with the bin for normal mixed household 

waste, a ‘value bin’ (‘Wert-Tonne’) has been provided for packaging waste. This 

is collected at the kerbside and taken for sorting, either by the local waste collector, 

or by the Interseroh.

The Interseroh AG  is a company founded by the DSD, responsible for the collection, 

sorting, and, in some cases, recycling of primary packaging waste, in cooperation 

with the existing local recovery systems. This has shifted the burden o f collection, 

sorting and reprocessing away from the individual retailer, packer and packaging 

manufacturer. Packaging materials belonging to the DSD are identified by a green 

dot. This green dot is issued (against a licence fee per packaging unit based on the 

size o f the packaging"*) by the DSD, to the users of packaging materials, dependent

Volume of the packaging Fee per unit
(litres) (DM)

up to 0.05 0.00
over 0.05 up to 0.20 0.01
over 0.20 up to 3.00 0.02
over 3.00 up to 30.0 0.05
over 30.0 0.20
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on their obtaining a guarantee from a recycling firm to take back and reprocess all 

their packaging materials.

In respect of reprocessing, global reprocessing guarantees have been given, e.g. for 

glass, steel, aluminium, plastic, paper & board and composite packaging material, 

by reprocessing companies set up by the respective industries. Thus, the DSD has 

accepted global reprocessing guarantees for all primary packaging materials.

As previously mentioned, the clause in the Packaging Ordinance, which allows the 

deposit-refund system and the returns system to be displaced by the Dual System, 

will be revoked if  the targets for collection, sorting and reprocessing are not 

reached. This makes it essential that the entire packaging industry and retail sector 

participate in the Dual System. The retail sector in general has an interest in 

ensuring that the Dual System achieves these objectives, as the alternative would be 

a substantial increase in administrative and economic costs following the imposition 

of deposit-refund systems on a range of products and the need to collect and separate 

primary packaging waste according to material and manufacturer. This motivation 

ensured the announcement that Retail Industry Association would, after a transitional 

period, only accept for sale those products labelled with the green dot of the DSD. 

Not surprisingly, most of the products now bear the ‘green dot’ (Klepper & 

Michaelis, 1995). However, a retailer, who disregarded the pledge of the retailers’ 

association, could achieve a competitive advantage. The licence fees, due to the 

DSD, add to the cost of products. Therefore, a retailer, disregarding the pledge to 

only sell products labelled with the green dot, would be able to sell the products at 

lower prices, or could maintain prices and increase profit margins.

The incentive for both packaging manufacturers, packers and fillers to participate in 

the DSD, is then dependent on whether retailers show cooperation, or whether 

individual retailers choose to free-ride. If some retailers were tempted by the option 

of accepting for sale products not labelled with the green dot, then one could easily 

envisage the scenario of some packers/fillers and packaging manufacturers, 

complying with the demand and supplying products not covered by the DSD.
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However, the concentration of the retail industry in Germany has meant that the 

larger players have a considerable degree of leverage in negotiating with the 

packaging industry, and have been able to make packers and fillers accept the ‘green 

dot’.

8.1.4 Evaluation of the DSD

The Dual System, in its initial form, involved a number of misconceptions and 

problems. These were partly a reflection of the design of the system itself, but the 

majority were created by the restriction of the Packaging Ordinance. Some o f these 

have since been rectified.

The licence fees, charged for the green dot, to finance the collection and sorting of 

packaging, were one such problem. The participating firms had agreed that the 

activities of the DSD must not create a competitive advantage for any specific 

materials. As a result, the licence fees were based on the contents volume of the 

packaging unit, irrespective of the material in question. It soon became obvious, 

however, that the costs of collection and sorting were not dependent on the 

packaging volume before use, so much as after use. The other significant aspect 

was the material used for packaging itself. Some types of packaging are crushed and 

deflated after use and are thus cheaper to transport. Whereas steel cans are 

relatively easy to separate (can be done by magnetic separation), plastic is often 

much more difficult and hence costly to sort, reflecting the many different kinds of 

plastic which are not readily distinguishable. Thus, since October 1994, the ‘green 

dot’ licence fees have been differentiated for different materials:

Glass 0.15 DM/kg

Paper & board 0.40 DM/kg

Tin-plate 0.56 DM/kg

Aluminium 1.50 DM/kg

Plastic 2.95 DM/kg

Composites 1.69-2.10 DM/kg.
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Prior to this differentiation, the green dot fees did not reflect reprocessing costs. 

Instead, these were covered by the respective industries. For some materials, the 

reprocessed material was sold profitably, so no extra costs were imposed on the 

industry. However, for others, the costs of reprocessing greatly outweighed the 

revenues from sales. One such material is plastic and the original organisation, set 

up to guarantee the recycling of plastics, VGK introduced reprocessing fees for 

plastic, which were about 25 times higher than the ‘green dot’ fees (Klepper & 

Michaelis, 1995). However, the VGK collapsed in the summer o f 1993, to be 

replaced by the DKR, which introduced subsidies for the reprocessing of plastics 

through the high ‘green dot’ fees payable for plastic packaging.

A consequence of organising global reprocessing guarantees has been to remove the 

incentive of the individual company to develop packaging which is easier, hence 

cheaper, to reprocess. At the formation of the DSD, packaging manufacturers were 

still broadly in line with the Polluter Pays Principle and responsible for the 

reprocessing of their own packaging. Reprocessing costs would add to the overall 

cost o f the packaging, a cost that depending on price elasticity would be passed on, 

in the first instance to packers and fillers, then to retailers who would finally pass 

on at least some of the increased cost to the consumer. Packers and fillers would 

choose the cheapest packaging available, that fulfilled their demands for product 

safety, protection, hygiene, etc. Therefore, the individual packaging manufacturer 

would have an incentive to develop packaging which is cheaper to reprocess, in 

order to try and gain a competitive edge.

However, after the founding of the DSD, global reprocessing guarantees have been 

given. As a result, the individual packaging manufacturer has now only a marginal 

influence on the cost of reprocessing. Thus, the incentive to develop packaging with 

lower reprocessing costs, in order to gain competitive advantage over other 

packaging producers, has disappeared, at least within the same industry. Only 

across industries (e.g. glass versus aluminium) does the incentive remain, but in a 

much reduced form.
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The acceptance of the requirements of the Packaging Ordinance that certain targets, 

with respect to collection, sorting and reprocessing, must be attained, raises another 

problem, that of ensuring adequate participation by consumers. Their commitment 

is essential for the system, for if they do not bring their sorted glass and paper to 

the collection points, or if they do not separate their remaining packaging waste from 

mixed household waste, the system will collapse. However, the Packaging 

Ordinance provides no legal mechanism to enforce the consumers* compli

ance/participation. It can only rely on moral suasion and try to raise the environ

mental awareness of the public. Thus, attaining the objective of 80 per cent 

collection by 1995 might prove problematic. The most recent figures for 1994, 

shown in Table 8.2, clearly illustrate that there is still some way to go for certain 

materials. The table shows the recycling target that was in effect in 1994, together 

with the reprocessing rates achieved in 1993 and 1994. It also shows the recycling 

target to be achieved by the 1st of July 1995. The overall recycling rate has 

increased from 57 per cent in 1993 to almost 6 6  per cent in 1994 (DSD, 1995)

Table 8.2 Prescribed and Achieved Reprocessing Rate for 1994
Prescribed re Achieved Achieved Prescribed re
processing rate 
for 1993-1995

reprocessing 
in 1993

reprocessing 
in 1994

processing rate 
from July 1995

Per cent by weight

Glass 42 62 71 72

Paper & board 18 55 71 64

Plastics 9 29 52 64

Tin-plate 26 35 57 72

Cartons 6 26 39 64

Aluminium 18 7 32 72

Thus, whilst all the 1994 targets were attained, in some cases by a considerable 

margin, it appears as if  there might be considerable obstacles to achieving the 1995 

recycling rates. Whilst, the recycling targets for paper & board and glass were 

either attained, or close to being attained, in 1994, the targets for aluminium.
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composite packaging materials, and tin-plate were considerably above the rates 

actually achieved.

However, even if the prescribed recycling rates are achieved, a number o f problems 

could ensue: Take the case of paper; the impact of this system has been a saturated 

market for recycled pulp and paper for the rest o f Europe, until demand for recycled 

paper suddenly increased dramatically in 1994-1995^. In the case o f secondary 

plastic, doubts have already been expressed in Germany as to the possibility of 

finding a market for all of the recycled product. It has been asserted by many that 

the most sensible approach would involve using the product as fuel in waste-to- 

energy incineration plants, provided that proper emission safeguards could be 

guaranteed. However, the Packaging Ordinance precludes this option, despite 

ongoing attempts to get the Ordinance amended. The most likely outcome, 

according to some commentators, will be mountains of reprocessed plastics that have 

no identified use. However, it appears an end use has been identified for that 

fraction of the plastic waste causing the greatest headaches, namely food contami

nated films and containers, such as food wrap and yoghurt pots. This plastic can be 

used, without any significant plant conversions required, as a reducing agent in the 

production of pig iron, where it replaces oil (DSD, 1996).

The potential collapse of the market for some other secondary materials, would lead 

to large quantities o f the reprocessed materials, which consumers have painstakingly 

separated from their waste, being landfilled. Such an outcome would be likely to 

have a very demoralising effect on consumers, with a corresponding fall in the 

participation rate. It should be noted at this point, that it is not the DSD that is 

culpable in the issue o f the level of recycling rates, as they are set by the Packaging 

Ordinance. If problems arise, in respect of the over-saturation of the markets with 

secondary materials, then the targets of the Packaging Ordinance need to be 

supplemented by measures to develop the market for reprocessed materials. 

Depending on who one asks, one gets different answers about how the markets are

However, in the last quarter of 1995 secondary paper prices plummeted again, for some 
categories with up to 40 per cent (DSD, 1996).
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coping with the additional supply of secondary materials. The Interseroh AG  (1996) 

claims that demand is keeping up with supply for all secondary materials, including 

plastics and paper. However, paper recyclers recognise that the reason why the 

demand for secondary paper is keeping up with supply, or even outstripping it, is 

closely linked to the business cycle; the demand for virgin paper is up across the 

world, thus the demand for recycled paper follows. However, a downward world 

economic trend would also mean, that the demand for secondary paper would fall 

(GesPaRec mbH, 1996). In the case of plastics, the demand for products made from 

recycled plastics materials alone is faltering, presumably because of poor quality. 

However, plastic granules are greatly in demand by plastic manufacturers, who can 

use up to 15 per cent of reclaimed plastic granules in the production of new plastic 

(DKR mbH, 1996), and current capacity to reprocess plastics is apparently 

exceeding the supply (Interseroh AG, 1996); presumably as a consequence of the 

DM 7 billion, which has been invested in the DSD.

A further key issue is the effect on trade, particularly the charge that the DSD is an 

impediment to foreign trade. The DSD claims that the system provides no 

impediment to foreign trade, since foreign companies are welcome to join the DSD 

and are thus relieved of the duty to collect, sort and reprocess their materials 

themselves. However, a remaining problem relates to that provision in the 

Packaging Ordinance, which sets specific targets for beverage containers. This 

provision requires that the market share for returnable beverage containers must not 

fall below 72 per cent, although an exception is made in the case of milk, for which 

the minimum share which must be returnable is 17 per cent. In fact, ongoing 

attempts to get the Packaging Ordinance amended, to allow energy recovery to be 

included as a recovery option and to lower the level of recycling rates which must 

apply after July 1995, have been blocked by factions of the Bundesrat which want 

the market share for refillable containers to be increased to 85 per cent (DSD,

1996).

Foreign suppliers of beverages to the German market claim that the system imposes 

a barrier to entry. Because of distance, a major factor in their overall costs is

309



transport costs. In order to minimise these, foreign suppliers will typically choose 

one-way packaging, which is lighter and therefore cheaper to transport than 

returnable containers. By restricting the market share of one-way beverage 

containers to 28 per cent, a severe limitation is put on the marketing of imported 

beverages, especially if domestic producers are acting strategically and aiming for 

the one-way container market share. The target is for all beverage containers as a 

whole which alleviates the problem somewhat. If the target applied to different 

types of containers separately, it would almost certainly constitute a barrier to trade 

for foreign wine producers, as about 50 per cent of all wine is currently supplied in 

one-way bottles, and 1 0 0  per cent of foreign wine is supplied in one-way bottles.

A problem that plagued the DSD in the initial years of existence, has been the 

continuous threat of bankruptcy caused by failing revenues. In May 1993, a deficit 

of DM500 million was announced for the remainder of the year (Fishbein, 1994). 

This precarious situation was resolved by the requirement that the retail industry, 

and the waste management and utilities industry, should pay extra contributions, 

together with an agreement that users of the ‘green dot’ should pay their fees two 

months in advance. In addition, the DSD announced severe cuts in payments and 

began a process of renegotiating all contracts with waste management firms and local 

authorities. Part of the problem was that people were placing not only recyclable 

packaging, but other recyclable items in their ‘value bins’, thus placing the 

additional burden of collecting and sorting these items on the DSD, rather than the 

local authorities. A further problem related to the fact that while the uptake of the 

‘green dot’ had been almost universal, users had either been very tardy in paying the 

licence fees, or had elected not to pay them at all. Thus, in August 1993, the DSD  

claimed that whilst 90 per cent of the packages on the market bore the ‘green dot’, 

it was receiving fees for only 50 per cent of the primary packaging. At this time, 

once again, the DSD was facing insolvency. The financial picture was bleak, with 

the combination of a deficit of DM700 million and debts to waste management firms 

and local authorities of more than DM800 million, who were threatening to 

discontinue collections (Fishbein, 1994). The environment minister announced that 

the mandatory deposits and obligations on retailers, to take back packaging
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prescribed in the Packaging Ordinance, would come into effect from the beginning 

of September, unless the problems were resolved. He also threatened to introduce 

packaging taxes. The solution to the crisis involved a combination of approaches; 

the conversion of DSD debts to interest bearing loans, a restructuring of the DSD 

and the capping of DSD payments for waste management to a maximum of DM40 

per person per year through 1994, assuring payment of ‘green dot’ fees through 

auditing, fines, and a review of the Packaging Ordinance. The hoped for 

amendments to the Packaging Ordinance, the inclusion of energy recovery as one 

of the recovery methods and a lowering of the recycling targets in addition to an 

extension of the deadlines for compliance, have not materialised because o f political 

opposition in the Bundesrat. However, the restructuring of the DSD, together with 

the tightening of the arrangements regarding the payment of fees, appears to have 

helped the DSD recover from its financial difficulties (DSD, 1996).

8.2 THE EU DIRECTIVE ON PACKAGING AND PACKAGING 

WASTE
In December 1994, the European Commission adopted a Directive on packaging and 

packaging waste (the Directive hereafter) which must be implemented into the 

national legislation of all the Member States by June 1996. This Directive® replaces 

an earlier directive covering containers for liquid foods for human consumption. 

The Council Directive 85/339/EEC of 27 June 1985 provided for a series of 

measures relating to the production, marketing, use, recycling and refilling of 

containers for liquid foods for human consumption, and to the disposal of used 

containers, in order to reduce any impact on the environment and to encourage a 

reduction in the consumption of energy and raw materials. However, from the 

Commission’s point of view, the overall implementation of the 1985 Directive was 

disappointing. Indeed, paragraph 1.5 of the Explanatory Memorandum of the third 

draft of the present Directive said:

European Parliament and Council Directive 94/62/EC of 20 December 1994 on packaging and 
packaging waste.
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The implementation of this Directive has been disappointing and Member States have 

adopted a variety of different approaches. The differences between the measures taken 

by Member States did not permit to develop a satisfactory situation with regard to the 

protection of the environment and have been, and may continue to be, at the root of 

obstacles to the free movement of goods within the Community.

(European Commission, 1992)

The present directive applies instead to all packaging and packaging waste. The aim 

of the 1994 Packaging Directive, like the directive it replaced, is to harmonize 

existing policies and provide a framework for the establishment of a packaging and 

packaging waste management programme at Community level, in order to reduce the 

impact of the latter on the environment and to encourage lower consumption of raw 

materials and energy. However, the present Directive encompasses all packaging 

and packaging waste in the Community, whether primary, secondary or tertiary, and 

irrespective o f materials used, or whether it is released at industrial, commercial, 

office, shop, service or household level. The purpose of the Directive is to 

approximate national policies on the subject.

The Directive follows the tenets of the ‘waste hierarchy’, in stating that the first 

priority should be to prevent the production of packaging waste. This should be 

followed by attempts to encourage reuse, recycling and the development o f other 

forms of recovering packaging waste^, the objective being a reduction in the final 

disposal of such waste (Art. 1.2, European Commission, 1994)

‘Recycling’ means the reprocessing in a production process of the waste materials for the original 
purpose or for other purposes including organic recycling but excluding energy recovery. 
‘Energy recovery* means the use of combustible packaging waste as a means to generate energy 
through direct incineration with or without other waste but with recovery of the heat. ‘Organic 
recycling* means the aerobic (composting) or anaerobic (bio-methanization) treatment, under 
controlled conditions and using micro-organisms, of the biodegradable parts of packaging waste, 
which produces stabilized organic residues or methane. Landfill is not considered a form of 
organic recycling. European Commission (1994)
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8.2.1 Prevention

While the Directive set targets for qualitative prevention*, it does not attempt to 

quantify the prevention of production of packaging waste. Thus, a provision that 

was included in the second draft of the Directive has been abandoned. This required 

that packaging waste per capita must not exceed 150 kg per year, no later than ten 

years after the Directive entering into force (European Commission, 1991). The 

reason for omitting this target is recognition of the general linkage between 

packaging consumption, wealth and standard of living (see Brisson, 1993). The less 

affluent Member States can thus expect a large increase in the demand for 

packaging, as their economies grow. Similarly, the more affluent Member states can 

expect slower growth, but their demand for packaging is probably not yet saturated.

8.2.2 Recovery and Recycling Targets

The Directive prescribes that between 50 per cent as a minimum, and 65 per cent 

as a maximum, by weight of the packaging waste must be recovered in each 

Member State by June 2001. Within this general target for recovery, between 25 

per cent as a minimum and 45 per cent as a maximum by weight, of the total of 

packaging materials contained in packaging waste must be recycled, with a minimum 

of 15 per cent by weight of individual packaging materials. Thus, as the term 

‘recycling* includes materials reprocessing and organic recycling, but excludes 

energy recovery, this implies that o f the required 50 to 65 per cent recovery, 5 to 

40 percentage points may be achieved through energy recovery. Note also, that 

energy recovery must not only include power recovery, it must include heat 

recovery. This is probably a reflection of the greater efficiency of heat recovery 

compared to power recovery’.

The target ranges for both recovery and recycling are intended to allow for the 

differences in individual Member States’ policies on packaging waste. As section

Maximum concentration levels for heavy metals present in packaging aimed at limiting the 
environmental impact from its treatment and disposal

The efficiency rate for recovery of power only is 20%, compared with 70% for heat recovery 
and 75 % for combined heat and power recovery.
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8.1 showed, Germany already has targets of 60 to 70 percent recycling. Similarly, 

other countries like Denmark and the Netherlands have set their own national 

targets. The political negotiations over the Directive, raised the real danger that 

those countries might reject the Directive, as it required them to lower their own 

existing high targets. Thus, the targets in the Directive were set as a minimum, 

allowing the possibility that individual Member States could set higher targets, if 

they so desired. The setting of higher targets was subject to two conditions: Firstly, 

there must be sufficient capacity to deal with the extra recycling and recovery. And 

secondly, the measures must not distort the internal market and hinder other states* 

compliance with the Directive. The latter condition was included in light o f the 

experiences with the DSD and the Packaging Ordinance.

At the other end of the spectrum, there are some Member States who will have 

difficulties attaining the recovery and recycling rates prescribed be the Directive. 

Thus, exemptions have been made for Greece, Ireland and Portugal on the basis of 

their specific situations, i.e. the large number of small islands, the presence of rural 

and mountain areas and the current low level o f packaging consumption. This gives 

these three Member States until the end of 2005, before they must attain the 

prescribed recovery and recycling targets described above. However, they are 

required to meet an intermediate target of at least 25 per cent recovery by the end 

of 2 0 0 1 .

Earlier drafts of the Directive specified both medium term targets, i.e. for five 

years, and more ambitious long term targets. Thus, the 1992 draft set a medium 

term target of 60 per cent recovery and 40 per cent recycling by weight o f each 

material, and a long term target of 90 per cent recovery and 60 per cent recycling 

of each material (European Commission, 1992). However, the final version o f the 

Directive has dropped the long term targets, although it states, that no later than ten 

years after the Directive is implemented in national law, substantially increased 

levels of recovery and recycling must be achieved. These long term targets will be 

based on the practical experience gained in the Member States, together with the 

findings of scientific research and evaluation techniques, such as eco-balances. The
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admission of a need for longer term policy to be guided by research, is implicit 

recognition that the current ‘blind’ pursuit of high recycling targets may not be 

entirely justified. Thus, the preamble to the Directive also states that life-cycle 

assessments should be completed as soon as possible to justify a clear hierarchy 

between reusable, recyclable and recoverable packaging.

8.2.3 Economic Instruments

The Directive requires that Member States take the necessary measures to ensure 

that systems are set up for the return and collection, and for the reuse or recovery, 

of packaging waste. Both the preamble and the Directive retain the option to 

introduce economic instruments to help achieve the prescribed targets. It does not 

deny individual Member States the option of introducing their own economic 

instruments, if  none are introduced by the European Council, as long as these 

comply with the polluter pays principle. In addition, they must not constitute 

barriers to trade, or otherwise contravene the Treaty o f Rome.

8.2.4 Evaluation of the Packaging and Packaging Waste Directive

The Directive has come a long way since its first draft and a number o f the flaws 

have been removed in the process. Although it still bases its prescriptions on the 

‘waste hierarchy’, it allows future amendment, if  sufficient evidence is discovered 

by research. It has also introduced a degree of flexibility in the setting of a range 

of recovery and recycling targets, that cater for the differences in the infra-structure 

in the individual Member States. One positive step is the acceptance of the right to 

employ economic instruments to achieve the targets.

8.3 PRODUCER RESPONSIBILITY FOR PACKAGING IN THE 

UNITED KINGDOM

In 1990, the British Government announced as an objective that 25 per cent of 

household waste was to be recycled by the year 2000. It was envisaged that the 

majority would be packaging. Since that time, the European Directive on Packaging
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and Packaging Waste has been passed, requiring Member States to implement its 

recovery and recycling targetŝ ® in national law by June 1996. Thus, in anticipation 

of the Packaging Directive, the UK Minister of the Environment announced, in the 

summer of 1993, that producers of packaging should be made responsible both for 

their products and also for the associated environmental impacts. This was to 

include, not only those environmental impacts resulting from the production stage, 

but those appertaining from a ‘cradle-to-grave’ analysis. The Minister went on to 

challenge the relevant industries to devise a voluntary scheme which would achieve 

between 50 and 75 per cent recovery by the year 2000. In response, 28 key 

companies in the packaging chain, ranging from producers of packaging materials 

to retailers, set up the ‘Producer Responsibility Group’ (the PRO hereafter). The 

following year, this group published their plan. Real Value from Packaging. This 

plan set a recovery target of 58 per cent by weight of all packaging waste", to be 

achieved by the year 2 0 0 0 , through a combination of reuse, materials reprocessing 

and energy recovery. In addition, it aimed to reduce landfilled packaging waste 

from 4.9 to 3.5 million tonnes by the year 2000, despite a predicted 10 per cent 

increase in packaging consumption (Rose, 1995). It remains to be seen whether 

there will be enough incinerator capacity to recover the energy from eight per cent 

of the packaging waste; at least initially. New, tighter emissions standards for 

incinerators are coming into force at the end of 1996. While some of the newer, 

larger incinerators are built to comply with the new standards, or are in the process 

of being upgraded, the older, smaller incinerators are scheduled to be closed down. 

Only six or seven incinerators are expected to be able to comply with the new 

standards, representing a capacity of 1.25 million tonnes, or four per cent o f MSW. 

Thus, whilst new, large incinerators are under construction and are expected to come 

on line soon, there is expected to be a temporary decline in incinerator capacity with 

the closure of the old small facilities. However, by the year 2000, it is expected 

that capacity will have increased to 5.5 million tonnes, or 15 percent, of MSW (UK

10 See footnote 7 in section 8.2 for definitions of recovery and recycling, and section 8.2.2 for 
recovery and recycling targets.

"  As opposed to packaging waste present in household waste, which was the waste stream targeted 
by 25 per cent recycling rate target announced in 1990 by the British Government.
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DoE & Welsh Office, 1995). Probably the most noticeable effect o f the closure o f 

the small incinerators, will be the wide disparity in incinerator capacity between 

different regions, thus making energy recovery from packaging an option is some 

regions, but not in others (UK HMIP, 1996).

The plan. Real Value from Packaging, recommended that an industry-wide 

organisation, VALPAK, should collect and distribute the funds required to stimulate 

recovery and recycling. VALPAK should, according to the plan, work with 

materials organisations covering all the primary packaging materials to insure value 

recovery of each material. However, there was no clear commitment on how to 

raise the required funds. In earlier stages o f the PRG’s work, it had been impossible 

to reach agreement on the appropriate point in the packaging chain at which to 

impose a levy. In the plan, an opinion by Sir Sydney Lipworth QC, proposing a 

levy on packaging manufacturers, with a VAT-like system for passing the costs on 

down to the retailer, had been accepted, with a view to the long term, when large 

sums would be required. In the short term, however, there was no agreement on 

the appropriate way to raise the necessary intermediate funds. A suggestion by Sir 

Sydney to raise the funds from large companies was rejected.

8.3.1 Proposed Options for Sharing the Responsibility for Packaging Recovery 

By the spring o f 1995, the V-WRAG*^ had agreed, in principle, that everyone in the 

packaging chain should share the responsibility of recovering packaging waste. 

Thus, they opposed the Government’s preference for imposing responsibility on a 

single point in the chain (ENDS, 1995a). A number of different options were 

proposed by different members o f the packaging chain. At the end of May 1995, 

the Department o f the Environment issued a consultation document that took these 

proposals into account (UK Department o f the Environment (1995c), ENDS 

(1995a,c)). These were briefly:

The Working Representative Advisory Group set up by VALPAK, the PRG’s successor.
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•  Single-point (proposed by some retailers):

This proposal was based on the principle that one point in the 

packaging chain (converters, packers/fillers or wholesalers/retailers) 

would have a legal duty to recover or recycle target levels of 

packaging waste. It was envisaged that market forces would allow 

the passing on of parts of the costs to the rest of the packaging chain. 

The advantage of this proposal was its simplicity and anticipated low 

implementation costs. However V-WRAG was concerned that it 

might not be possible to pass on the costs to the rest o f the packaging 

chain in practice.

•  Multi-point (favoured by packers/fillers and retailers):

According to this proposal, the burden of collecting money should fall 

across all four tiers of the packaging chain^ .̂ However, this proposal 

was generally dismissed as being too complicated.

•  Omni-point (favoured by raw material suppliers and converters):

The proposal would require all companies to take responsibility for 

their own transit packaging waste, and for retailers to take the 

responsibility for domestic packaging waste. This proposal was 

dismissed because it was judged to place an unfair burden on 

retailers.

•  Equi-point:

This proposal also distinguished between commercial and industrial 

packaging waste on the one side and domestic packaging waste on the 

other. All firms would have responsibility for recovering a high

proportion - suggested to be about 90 per cent - of the transit 

packaging for their goods. For domestic packaging it was proposed 

that the packers/fillers and retailers should be responsible for ensuring

13 Raw material suppliers, converters (i.e. packaging manufacturers), packers/fillers and retailers.
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that materials was collected and available for ‘valorisation’, while raw 

material suppliers and converters should ensure that it was ‘valo

rised’.

•  Combined industry scheme:

This proposal was a further development of the omni-point proposal, 

but placed the responsibility for packaging waste on ‘first purchasers 

of packaging for use’. This would mainly be packers/fillers.

8.3.2 Shared Producer Responsibility

Shortly after the Government’s consultation document was issued, V-WRAG’s 50 

members reached a consensus on a new approach, that was entitled shared producer 

responsibility. This was, in some respects, similar to the equi-point scheme in that 

it proposed that packaging waste, arising on own premises, must be ‘valorised’ to 

agreed levels. For packaging passing through a company, a duty of care should 

apply and ensure that the company take all reasonable measures to ‘valorise’ used 

packaging waste. The components of the duty of care should be set out in a code 

of practice. Companies opting out of collective schemes run by VALPAK would 

be under legal obligation to submit an audited annual report on its recovery 

activities, to the Environment Agency. The proposal envisaged raising the required 

funds, to operate the collective recovery scheme under VALPAK, from subscriptions 

based on turnover. Due to disappointing recycling levels achieved in 1994 there 

were signs that the previously set 50 per cent recycling target and 8  per cent energy 

recovery targets would be revised. The European Packaging and Packaging Waste 

Directive prescribes a recovery rate of 50 to 65 per cent to reached by 2001 and a 

recycling rate of 25 to 45 percent. This would allow the packaging chain to only 

recycle 25 per cent as opposed to the previous target of 50 per cent. However, 

because of the limited incinerator capacity, especially with the tightening of 

emissions standards for incinerators coming into force in 1996, it is not expected 

that energy can be recovered from any more than eight per cent o f all packaging 

waste.
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However, after some negotiation, the Department of the Environment turned down 

the concept of ‘duty of care’ in the shared producer responsibility proposal (UK 

Department of the Environment (1995d), ENDS (1995e,f)). Instead, the Department 

insisted on legally enforceable targets and a ‘sharing’ of responsibilities for domestic 

packaging waste. The V-WRAG had been trying to ensure that recovery targets 

would be negotiable with the Environment Agency. Thus, in response, the V- 

WRAG proposed a joint and several approach that included a tradeable licence 

scheme for companies opting out of the collective recovery scheme. However, such 

an option was precluded by the Environment Act 1995. In later developments, the 

Department o f the Environment has been pushing for equal responsibility for 

achieving recovery targets for domestic packaging waste for all companies that opt 

out of the collective schemes. In addition, they have been supporting a 50 per cent 

recovery rate to apply to all commercial and industrial packaging waste. The V- 

WRAG reluctantly accepted disaggregated targets, but opposed the concept o f an 

equal split. The packers/fillers in the V-WRAG were generally in favour, but the 

converters opposed, as they believed that such a measure would penalise them. The 

Department, concerned with achieving the recovery targets set out in the Packaging 

Directive, suggested interim targets for recovery of 36 per cent to be attained by 

July 1997, or 40 per cent to be attained by July 1998. These requirements were 

accompanied by an additional requirement of 8  per cent recycling for each material 

(UK Department of the Environment, 1995e). This was opposed by a united V- 

WRAG which argued that if interim targets were set too low, they might discourage 

companies from joining the collective scheme. Similarly, if  the targets were set too 

high, they would impose punitive costs on the industry.

8.3.3 Key for Sharing Responsibility

The latest developments were announced in December 1995, when the Department 

of the Environment provided details of the membership fee and the legal obligations 

for each sector. In respect of the former, the proposal is that those companies that 

wished to join a collective scheme, would be required to commit themselves for a 

two year period (or a longer period if agreed). The necessary funds are to be raised
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through a turnover-related membership fee, subject to a maximum of £50,000 for 

the largest UK company, with proportionally smaller fees for smaller companies.

For the two year period, those companies that joined the scheme would face the 

legal obligation to share the total recycling requirement according to the following 

distribution key:

Raw materials producers 4- imports 5.5%

Converters +  imports 14.5%

Packer/fillers +  imports 35%

Retailer +  importers 4- distributors 45%

In the consultation paper sent out by the Department o f the Environment in July 

1996, this distribution key is maintained. However, the consultation paper does not 

specify by which means the affected companies should achieve these targets. 

Presumably, though, unless it is particularly easy for a company to recycle the 

required quantity o f packaging waste on its own, most companies will join the 

collective recycling schemes to be run by VALPAK.

8.4 A PACKAGING TAX

The previous sections have discussed a number o f the command-and-control 

measures that individual countries are developing to control packaging waste. The 

attempts taken towards regulating packaging waste, should be viewed against the 

backdrop of a ‘perceived’ crisis in the management and disposal o f waste. 

However, this thesis has, on a number of occasions, noted the dangers o f a 

‘kneejerk’ response to policy making, that pays little heed to underlying economic 

theory.

An alternative approach might be to consider the current conditions for packaging 

waste as a failure of the free market. Viewed in this light, the objective becomes
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one of ascertaining the reasons for market failure and proposing appropriate policies 

to alleviate them. Hence, in the context of packaging waste, market failure occurs 

because the price o f packaged products does not cover the assimilative services of 

the environment or, more generally, the true cost of disposing o f packaging waste, 

either in landfills or through incineration. The result o f this underpricing is twofold; 

the production of ‘excessive* amounts of packaging, together with the utilisation of 

a non-optimal mix of different packaging materials. The environmental impact of 

different types of packaging, will reflect the differing material used in their 

respective production. Therefore, the ‘environmental price* for individual packaging 

materials, should vary according to those impacts. This section shows how these 

externalities can be included in the price of packaged products by introducing a 

product tax on packaging.

8.4.1 Costs Associated with Packaging

The Polluter Pays Principle requires that the size of any tax be directly linked to the 

extent of damage to the environment, or the restoration cost, that results from the 

production and consumption of the product̂ "*. The costs associated with the 

production, consumption and disposal of packaging may be classified ‘from cradle 

to grave* as follows:

a.i) energy and materials costs

a.ii) externalities associated with energy and materials use

b) resource scarcity

c.i) waste collection costs

c.ii) externalities associated with waste collection

d.i) waste disposal costs

d.ii) externalities associated with disposal

14 Note that the producer pays principle is normally related to control costs rather than damage 
costs, i.e. the polluters must pay for installing pollution control equipment etc.
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8.4.2 Using Life Cycle Assessment in Determining a Packaging Tax

Since these costs arise at different points, an appropriate way of ensuring a 

comprehensive account, is to employ a ‘life cycle assessment’ (LCA). The basic 

idea of the LCA is that all environmental impacts arising from the production, 

consumption and disposal of a product should be recorded and reflected in its 

price^ .̂ This is fully concordant with the preliminary discussions about market 

failures associated with packaging. However, one question relates to the feasibility 

of summarising these externalities and addressing them with one all-encompassing 

tax, or whether it might be more appropriate to address them as they occur. The 

latter option appears to be the more attractive for a number of reasons: One, rather 

prosaic, reason is that it would be easier to convince policy-makers to introduce a 

product tax that is simple, transparent and easy to calibrate than a complex, opaque, 

tax that required extensive calculations. A second reason relates to the attempts that 

are being made to internalise, at least some of, the externalities elsewhere. Thus, 

including them in a packaging tax would imply double counting.

An example relating to the externalities resulting from energy use might illustrate 

the argument. An alternative to attempting to estimate how much of the externality 

occurring as a result of energy use, to attribute to the manufacturing of packaging, 

would be to internalise the external costs o f energy use into the price o f energy. In 

this way, the externality o f energy use would be included in the production cost of 

packaging, and would thus also be included in the price of packaging. This would 

ultimately lead to the polluter paying for the environmental damage caused by 

energy use. Most industrialised countries have policies aimed at the environmental 

damage caused by energy use. They generally take the form of emission standards 

that limit the amount of pollutants, such as SO2 , N0%, etc., which can legally be 

emitted. A requirement to conform to such standards obviously increases the 

production cost of energy, and will be, at least partly, passed on to energy users.

See Chapter 3 for further discussion of LCA.
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An alternative approach is for some form of tax on emissions, e.g. in the form of 

carbon taxes. If such measures are already in place, the inclusion of externalities 

from energy use in a packaging tax, would lead to double taxation. Of course, it 

could be argued that these policies are not internalising all externalities associated 

with energy use. But rather than attempting to correct this via a packaging tax, it 

would be more efficient to perfect the policies aimed directly at energy production 

and use.

An additional benefit of internalising the externality from energy use at this point 

rather than in, say, a packaging tax, is that the externalities resulting from energy 

used in the production of other products than packaging, are captured at the same 

time. Thus, the lesson from the energy example is, that it is simpler to address 

externalities at the point of occurrence, than to calculate the total amount o f 

externalities incurred in the life cycle of a product. This would suggest focusing on 

processes rather than products. In the following example of a packaging tax, both 

approaches are developed.

8.4,3 External Costs to be Included in the Packaging Tax 

Section 8.3.1 listed the types of external costs associated with the production and 

disposal of packaging. Let us consider these in more detail: With respect to energy 

and materials costs, it is obvious that these costs are already included in the price 

of packaging, and thus of little concern to the design of a packaging tax. Section 

8.4.2 argued that the externalities that result from energy and materials use, are 

more efficiently dealt with at an earlier stage, in which case they would already be 

included in the price of the packaged product. However, if  they have not been 

addressed at the point of occurrence, one might choose to include them in a 

packaging tax. Resource scarcity could not be considered to be an issue in the case 

of packaging as the raw materials used in the production of packaging, mainly iron, 

bauxite, oil, sand and wood, could hardly be considered to be scarce. Wood is the 

only contentious input, and then only in the case of tropical wood. Most wood from 

Northern Europe is purportedly produced in sustainable forestry. However, in the 

former case, a large proportion of tropical wood is logged in rainforests which are
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not allowed to grow back. In those cases, a scarcity rent should be included in the 

price of the packaged product, although, in line with the discussion of life cycle 

assessment above, should be reflected in the price of paper pulp, rather than in a 

packaging tax.

Another potential scarcity is that associated with the disposal of packaging waste. 

As discussed extensively earlier, a number o f countries are experiencing landfill 

crises, whether due to the NIMBY syndrome or because of a real physical shortage 

of suitable land. This is an externality that would need to be incorporated in a 

packaging tax.

In the case of the financial costs of collecting and disposing of packaging waste, it 

is typically society that bears the cost, rather than individual producers or 

consumers. The earlier discussion, in Chapter 7, highlighted that most countries 

finance MSW management by charging their citizens a flat rate, often as part of 

property taxes or local taxes. This method o f financing waste disposal does not 

provide any linkage between the amount of waste generated and the environmental 

damage resulting from it. Since there is no economic ‘penalty’ for generating more 

waste, there is no incentive to reduce waste. Therefore, it can be argued that the 

financial costs o f waste management are external, and that one needs to consider the 

costs of collection and disposal of packaging waste in the any packaging tax.

8.4.4 The Basic Model for calculating a Packaging Tax

Summing up, we arrive at a price function for packaging which should be:

Pj = (1 -  rj) • (MPCp^ . + MECp^ . + MFCC + MECC

+ MFDC + MEDC + MLUC) [8.1]

+  r j  • ( M P C ^  ; +  M E C r  j +  M F C C r  j +  M E C C ^  j )

where r̂  is the recycling rate for packaging i;

MPCprod,i is the marginal private cost of producing packaging i;

MECprod.i is the marginal external cost o f producing packaging z;
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MFCC is marginal financial collection costs;

MECC is marginal external collection costs;

MFDC represents the marginal financial costs of disposal;

MEDC is the marginal external costs of disposal;

MLUC represents the marginal disposal facility user cost, the size of

which depends on the physical and social scarcity of land

fill/incinerator space;

MPCr,; is the marginal private costs o f recycling packaging z;

MECr i is the marginal external costs of recycling packaging z;

M FC C r j is marginal financial costs of collection packaging z for

recycling^^; and

MECCr î is marginal external costs of collection packaging P  for 

recycling.

In equation [8.1] a distinction is made between, on the one hand, costs relating to 

the production of packaging from virgin materials and the collection and disposal of 

the discarded packaging, and, on the other hand, costs relating to the recycling of 

packaging materials. However, for simplicity, no distinction is made between the 

collection and disposal costs for landfill and incineration respectively. This 

distinction could be introduced quite easily, by multiplying the fraction of the 

packaging being treated by any one method, with the costs associated with that 

treatment method and aggregating them. However, such a method would only make 

the equation more complex. For simplicity, only the external costs associated with 

landfill have been utilised in the calculated examples of packaging taxes for the 

United Kingdom. Thus, the implicit assumption is made that the only alternative to 

recycling is landfill. It may be argued that recycling would replace the marginal, 

i.e. the most expensive disposal, option, which, as Chapter 5 showed, is incinera

tion. However, incineration is not an option that is available to all waste disposal 

authorities; only where an incinerator exists and the waste disposal authority has 

contracted to use it, would recycling divert waste from incineration. In the majority

Will depend on the density of the packaging material.
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of cases, any packaging recycled in the United Kingdom, will be diverted from 

landfill.

MLUC will be related to MFDC as follows:

MLUC = [8.2]
(1 * d Ÿ

where T is time T, the point at which some replacement disposal route has to be 

found to replace exhausted landfill sites* ,̂ and d  is the social discount rate. Equation 

[8 . 1] thus become generalised as:

P[ = (1 -  r.) • [MPCpj ĵ j y + MECp^ j j  + MFCCj + MECCj

+ M F D C t + MEDCtJ [8.3]
< ( 1  + d Ÿ  j

+ rj • (MPC^,, + MECr ĵ 4- MFCCr ĵ + MECC^,.)

If MECprod, M FCC, M ECC, M FDC, M EDC, M LUC, M E C r, M F C C r and M E C C r 

are not already incorporated into the price of packaging through regulation, the tax, 

t, that is needed is:

tj = (1 - Tj) • (MECp,^_; + MFCC + MECC 

+ MFDC + MEDC + MLUC) [8.4a]

+ rj • (MECr i + MFCCr i + MECCr j)

Alternatively, if  the externalities associated with the production and recycling 

processes, such e.g. those resulting from energy use, are already internalised 

through regulation or emission taxes, the tax, t, should be:

so M F D C - r  is the marginal cost of the replacement waste treatment technology existing at time 
T, e.g. incineration, hydrolysis or pyrolysis.
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tj = (1 - Fi) • (MFCC + MECC + MFDC + MEDC + MLUC)
[8.4b]

+ T. • (M FC Cr i + M ECCr j)

The tax given in equation [8.4] can, in principle, be applied to any product, 

provided that the necessary data are made available. In the following, it is 

illustrated how this tax can be estimated in practice by applying it to beverage 

containers. The reason for choosing this example is that packaging, as noted earlier, 

has been the focus of much recent policy making, and more specifically that data 

relating to beverage containers is relatively easy to obtain.

Given equations [8.4a] and [8.4b], a formula for a packaging tax measured in ECU 

per 1 0 0  litres of beverage is

ti = (1 - n )  - (MECp^.i + MFCC 4- MECC

+ MFDC + MEDC + MLUC) [8.5a]

ŵ
 • r. • (M E C r, + M F C C r, + M E C C r,)

100

or

W;
t: =  L _  . ( 1  -  r )  • (MFCC + MECC

100 'L; '

+ MFDC + MEDC + MLUC) [8.5b]

W:
• r. • (M FCC r,  + M ECCr, )

100 • L:

where the previous notation applies, and

ti is now the tax on the container of type i measured in ECU per 100 

litres;
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W; is the weight of container of type and 

is litres p 

beverage.

WLj is litres per container of type z, so that —  is weight per litre of

8.5 AN EXAMPLE OF PACKAGING TAXES IN THE UNITED 

KINGDOM
A packaging tax can now be calibrated for the United Kingdom. Prior to 

progressing to these, let us briefly consider data availability and restrictions. The 

average external cost of producing virgin material z was integrated into the 

estimation of the external costs of recycling in Chapter 4; it is here assumed that the 

average external costs of producing virgin material and of recycling are equal to the 

long run marginal costs. The financial costs of collection and disposal of mixed 

refuse were given in Chapter 5. Again, the issue of whether average costs can be 

used as an approximation for marginal costs arises. As the section on recycling 

credits in Chapter 7 mentioned, 80-90 per cent of collection costs are fixed, at least 

in the short term. Similarly, in the case of disposal, some proportion of the costs 

will be fixed in the short term, although probably not as high a proportion as for 

collection. However, a long term view is adopted here, and it is assumed that the 

average costs approximate long run marginal costs of collection and disposal. The 

external costs of collection and disposal were estimated in Chapter 4 and are adapted 

for use here, although it should be noted that disamenity costs were omitted from 

the estimates, as were the costs associated with leachate from landfill. No attempt 

is made to estimate the marginal disposal facility user cost^ .̂ One study estimating 

the landfill user cost for Baden-Württemberg in Germany (Faber et al., 1988) found 

scarcity rents for landfill space ranging from DM 250 to DM 600 per tonne of 

waste. However, the study is specific to that particular region of Germany; a 

benefits transfer of the estimate to the United Kingdom can hardly be justified, given 

the differences in the availability of landfill space in the two countries. Like the

It is assum ed that costs are  related to the w eight o f  the con ta iner as opposed to its volum e. See 
B risson (1993) for exam ples o f  a packaging tax using packaging volum e.

See Ready &  Ready (1995) for a  theoretical approach to determ in ing  optim al landfilling fees.
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financial costs of collecting mixed refuse, the financial costs of collecting materials 

for recycling were also given in Chapter 5 and are adapted for use here, while the 

external costs of collecting packaging for recycling were estimated in Chapter 4. 

The sensitivity analyses for different materials being recycled included only one 

collection method, namely bring systems, where householders bring recyclable 

materials to recycling banks. This implies that the examples provided here, will also 

be restricted to consideration of a bring system and do not take account of kerbside 

collection schemes.

8.5.1 The Beverage Containers Selected for Illustrating the Packaging Tax 

Tables 8 .3-8 . 6  provide estimates of the packaging tax for four types of packaging: 

Aluminium cans, steel cans, glass bottles and PET bottles. The functional unit 

chosen here is 1 0 0  litres, i.e. the external costs and the packaging taxes are 

measured in ECU per 100 litres of beverage contained. The weight of the 

containers is obtained from Brisson (1993). For each container type, three or four 

examples of a packaging tax are provided: The first would apply if the recycling 

rate was zero, in which case all the costs associated with disposal would be incurred, 

but none of the costs associated with recycling. A second is that appertaining if the 

recycling rate was 1, i.e. all the packaging was recycled. In this case, all the costs 

associated with disposal would be avoided, but all the costs associated with recycling 

would be incurred. The third example for aluminium cans is the national average 

recycling rate achieved in 1994, whilst the fourth is the maximum recycling rate 

achieved in 1994 (in Swansea), according to the British Aluminium Federation 

(1996). For steel cans, the national average recycling rate for all steel cans^° for 

1994, has been used as an approximation of the current recycling rate for tin-plate 

beverage cans (INCPEN, 1996). In the case of glass bottles, two types of bottles 

are included in the example. One is a one-way pint bottle, and the other is a 

refillable milk pint bottle (data taken from Brisson, 1993). The greater demands for 

durability placed on the refillable bottle, require them to be thicker and, thus heavier 

than the one-way bottle.

Includes food and pet food cans as well as beverage cans.
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8.5.2 Excluding or Including ‘Up-Stream’ Externalities?

In respect of the external costs generated by our scenario, the fraction of the 

packaging waste not diverted to recycling would incur the external costs associated 

with disposal, while the fraction being recycled would incur the external costs 

associated with that process. In Tables 8.3 and 8.4 it is assumed that the external 

costs associated with the production and recycling processes are internalised at the 

point of occurrence and therefore should not be included in a packaging tax. Table 

8.5 and 8 . 6  assume the reverse; that the externalities of the production and recycling 

processes have not been internalised at the point of occurrence or elsewhere, thus, 

should be internalised in a packaging tax. In Tables 8.3 and 8.5, it is assumed that 

both collection and disposal costs are weight related. In Tables 8.4 and 8 . 6  this 

assumption has been revised.

Waste collectors in Denmark and Switzerland (see Brisson, 1993) note that the 

restricting factor for waste collection is not volume, but weight, i.e. the refuse 

vehicle reaches its maximum weight limit while there is still room left for more 

refuse. However, in the case of landfilling waste, the restricting factor is not 

weight, but volume. Here the difficulty reflects the fact that, whereas it is relatively 

straightforward to measure the weight of a given quantity of packaging waste, 

measuring its volume is considerably more complex. Consider the case of a PET 

bottle and a glass bottle, containing, say 1.5 litres. When the containers are in use 

there can be no doubt that their volume is 1.5 litres. However, once these 

containers have completed their useful lives and have entered the landfill, they will 

change shape. The volume of crushed glass, in relation to its weight, is quite low, 

compared to that of squashed PET bottles. The garbage project at the University of 

Arizona, mentioned in Chapter 1, carried out extensive excavation of American 

landfills, and have measured the volume of different materials in landfill conditions 

(Franklin Associates, Ltd., 1990). The resulting weight-to-volume conversion rates 

have been used in Tables 8.4 and 8 . 6  to estimate the disposal costs based on volume.
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Table 8.3 A Weight related Packaging Tax for UK Beverage Containers

Excluding Up-Stream Externalities

Aluminium Cans (44 cl) Steel Cans (44 cl) Glass Bottles (pint) PET Bottles
Recycling rate 0 . 0 0 1 .0 0 0 . 0 0 1 .0 0 0 . 0 0 1 .0 0 0 . 0 0 1 .0 0

Weight (kg/100 litres) 4.32 4.32 4.32 7.50 7.50 7.50 36.00 45.00 45.00 3.00 3.00 3.00
ECU/KX) litres

MFCC 0.18 0.18 0.18 0.32 0.32 0.32 1.51 1.89 1.89 0.13 0.13 0.13
MECC 0 .0 1 0 .0 1 0 .0 1 0 . 0 2 0 . 0 2 0 .0 2 0 . 1 0 0.13 0.13 0 .0 1 0 .0 1 0 .0 1

MFDC 0.08 0.08 0.08 0.14 0.14 0.14 0 .6 8 0 . 8 6 0 . 8 6 0.06 0.06 0.06
MEDC 0 .0 1 0 .0 1 0 .0 1 0 .0 1 0 .0 1 0 .0 1 0.05 0.07 0.07 0 . 0 0 0 . 0 0 0 . 0 0

M FCC r, 0.39 0.39 0.39 0 . 6 8 0 . 6 8 0 . 6 8 1.26 1.58 1.58 0.27 0.27 0.27
M ECCr, 0.05 0.05 0.05 0.07 0.07 0.07 0.32 0.40 0.40 0.03 0.03 0.03
Product tax 0.28 0.44 0.28 0.49 0.75 0.49 2.35 1.98 2.94 0 . 2 0 0.30 0 . 2 0

U)



Table 8.4 A Weight-Volume related Packaging Tax for UK Beverage Containers

Excluding Up-Stream Externalities

Aluminium Cans (44 cl) Steel Cans (44 cl) Glass Bottles (pint) PET Bottles

Recycling rate 0 .0 0 1 .0 0 0 .0 0 1 .0 0 0 .0 0 1 .0 0 0 .0 0 1 .0 0

Weight (kg/100 litres) 4.32 4.32 4.32 7.50 7.50 7.50 36.00 45.00 45.00 3.00 3.00 3.00
Weight-to-volume con

version rate (kg/m )̂
148.00 148.00 148.00 330.00 330.00 330.00 1661.00 1661.00 1661.00 2 1 1 .0 0 2 1 1 .0 0  2 1 1 .0 0

Volume (mVlOO litres) 0.03 0.03 0.03 0 .0 2 0 .0 2 0 .0 2 0 .0 2 0.03 0.03 0 .0 1 0 .0 1 0 .0 1

ECU/100 litres
MFCC 0.18 0.18 0.18 0.32 0.32 0.32 1.51 1.89 1.89 0.13 0.13 0.13
MECC 0 .0 1 0 .0 1 0 .0 1 0 .0 2 0 .0 2 0 .0 2 0 .1 0 0.13 0.13 0 .0 1 0 .0 1 0 .0 1

MFDC 0.42 0.42 0.42 0.33 0.33 0.33 0.31 0.39 0.39 0 .2 0 0 .2 0 0 .2 0

MEDC 0.03 0.03 0.03 0.03 0.03 0.03 0 .0 2 0.03 0.03 0 .0 2 0 .0 2 0 .0 2

MFCCR,i 0.39 0.39 0.39 0 .6 8 0 .6 8 0 .6 8 1.26 1.58 1.58 0.27 0.27 0.27
MECCR,i 0.05 0.05 0.05 0.07 0.07 0.07 0.32 0.40 0.40 0.03 0.03 0.03
Product tax 0.65 0.44 0.65 0.69 0.75 0.69 1.95 1.98 2.44 0.36 0.30 0.36

U)Uiw

It is assumed that collection costs are dependent on the weight of the waste, but that disposal costs are depending on the volume of the packaging waste once 

landfilled. 1 m̂  of landfilled waste is assumed to weigh 0.578 tonnes.



Figure 8.1 Weight-related Packaging Tax for UK Beverage Containers
Excluding Externalities o f  the Production and Recycling Processes
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Figure 8.2 Weight-volume related Packaging Tax for UK Beverage Containers
Excluding Externalities o f  the Production and Recycling Processes
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8.5.3 Conclusions about Packaging Taxes

Tables 8.3 and 8.4 and Figures 8 .1 and 8.3, illustrate the rather confused appearance 

of the resulting packaging tax, when the external costs of the production and 

recycling processes are not included in the taxes. The level of the packaging taxes 

are quite smalF\ particularly in the case of aluminium cans, steel cans and PET 

bottles. When disposal costs are assumed to be dependent on the weight of the 

waste rather than its volume, aluminium cans, steel cans and PET bottles would all 

face a tax that increases slightly, as the amount of recycling increases. Such a 

scenario is illustrated in Figure 8.1. Thus, in those cases a packaging tax would 

have a quite contrary effect. The explanation for this, perhaps unexpected, result 

is that the externalities associated with recycling outweigh those saved by avoiding 

disposal. As we will see in Figures 8.3 and 8.4, this is no longer the case when 

‘up-stream’ externalities are included in the packaging tax. In Figure 8.1 an 

increase in recycling, following a decrease in the tax, would only follow in the case 

of glass bottles. When disposal costs are assumed to be related to the volume of 

waste, the steel can is the only container that still displays an increase in the 

packaging tax, as recycling increases. In the case of aluminium and PET bottles, 

the tax now decreases slightly, as recycling increases.

A rather different picture emerges if it is assumed that the externalities, associated 

with the production and recycling processes, have not been internalised at the point 

of occurrence and should, therefore, be included in a packaging tax. As Tables 8.5 

and 8 . 6  and Figures 8.3. and 8.4 show, the packaging taxes are now considerably 

higher prior to recycling taking place and decline dramatically as recycling 

increases. The one exception is PET bottles, for which only a slight decrease is 

associated with an increase in recycling. The diagrams, which at first sight look 

virtually identical - they are not - also illustrate that an assumption about whether

21 The packaging tax per container thus works out at:

Aluminium cans: ECU 0.001-0.003 per 44cl can 
Steel cans: ECU 0.002-0.003 per 44 cl can
PET Bottles: ECU 0.003-0.005 per 1.5 litre bottle

The tax for glass bottles is somewhat higher at ECU 0.011-0.019 per pint bottle.
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the disposal costs are related to weight, or volume, does not have significant impact 

on the size, or shape, of the taxes. When no recycling takes place, the following 

ranking of the packaging materials results; glass faces by far the largest tax (ECU 

0.06-0.08 per pint bottle), followed by steel cans (ECU 0.014-0.015 per can) and 

aluminium (ECUO.019-0.021 per can). Again, PET bottles face the lowest tax 

(ECU 0.006-0.009 per 1.5 litre bottle). Glass becomes competitive with non

recycled aluminium cans, in respect of the size of the tax, when 85-90 per cent 

recycling occurs. It becomes competitive with non-recycled steel cans at an 

approximate level of 97-98 per cent recycling, but it is unable to compete with PET 

bottles at any level of recycling. The ranking of steel, facing a lower tax than 

aluminium, is reversed when both reach recycling levels of around 70-75 per cent.

These calculations of packaging taxes for British beverage containers, allow the 

conclusion that if the externalities of production and recycling processes are already 

internalised elsewhere, the introduction of a packaging tax will do little to encourage 

recycling, and may, in some cases, discourage it. However, if the externalities, of 

production and recycling processes, have not been internalised elsewhere, their 

inclusion in a packaging tax might provide a significant incentive to increase 

recycling efforts if it is imposed on producers/fillers. However, if it were possible 

to pass it on to the consumer^  ̂ it would be unlikely to have any effect at all on 

consumer behaviour, reflecting the insignificance of the externalities at individual 

container level. A problem, of course, is that although a packaging tax might have 

a theoretical appeal, in practice it would prove very difficult to calculate the correct 

tax, as this would be in a state of flux as the proportions of the packaging being 

recycled, landfilled and incinerated would vary continuously, thus requiring 

continuous assessment of which externalities to include in the tax.

This would be difficult simply because we do not bave monetary units in circulation that are 
small enough.
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Table 8.5 A Weight-related Packaging Tax for Beverage Containers in the UK

Including Externalities from Production and Recycling Processes

Aluminium Cans (44 ci) Steel Cans (44 cl) Glass Bottles (pint) PET Bottles

Recycling rate 0.00 1.00 0.30 0.60 0.00 1.00 0.16 0.00 1.00 0.90 0.97 0.00 1.00 0.60

Weight (kg/100 litres) 4.32 4.32 4.32 4.32 7.50 7.50 7.50 36.00 45.00 45.00 45.00 3.00 3.00 3.00

ECU/100 litres

M E C ^ , 4.02 4.02 4.02 4.02 2.72 2.72 2.72 8.56 10.69 10.69 10.69 0.22 0.22 0.22

MFCC 0.18 0.18 0.18 0.18 0.32 0.32 0.32 1.51 1.89 1.89 1.89 0.13 0.13 0.13

MECC 0.01 0.01 0.01 0.01 0.02 0.02 0.02 0.10 0.13 0.13 0.13 0.01 0.01 0.01

MFDC 0.08 0.08 0.08 0.08 0.14 0.14 0.14 0.68 0.86 0.86 0.86 0.06 0.06 0.06

MEDC 0.01 0.01 0.01 0.01 0.01 0.01 0.01 0.05 0.07 0.07 0.07 0.00 0.00 0.00

MEC^'( 0.26 0.26 0.26 0.26 0.37 0.37 0.37 0.89 1.11 1.11 1.11 0.04 0.04 0.04

M F C C r ,5 0.39 0.39 0.39 0.39 0.68 0.68 0.68 1.26 1.58 1.58 1.58 0.27 0.27 0.27

M E C C r ,! 0.05 0.05 0.05 0.05 0.07 0.07 0.07 0.32 0.40 0.40 0.40 0.03 0.03 0.03

Product tax 4.31 0.70 3.22 2.14 3.21 1.11 2.87 10.91 3.09 4.14 3.40 0.42 0.34 0.37

ww

Both collection and disposal costs are assumed to be weight-related.



Table 8.6 A Weight-Volume related Packaging Tax for Beverage Containers in the UK
Including Externalities from Production and Recycling Processes

Aluminium Cans (44 cl) Steel Cans (44 cl) Glass Bottles (pint) PET Bottles

Recycling rate 0.00 1.00 0.30 0.60 0.00 1.00 0.16 0.00 1.00 0.90 0.97 0.00 1.00 0.60

Weight (kg/100 litres) 4.32 4.32 4.32 4.32 7.50 7.50 7.50 36.00 45.00 45.00 45.00 3.00 3.00 3.00

Weight-to-volume 
conversion rate (kg/m’) 148.00 148.00 148.00 148.00 330.00 330.00 330.00 1661.00 1661.00 1661.00 1661.00 211.00 211.00 211.00

Volume (mVlOO litres) 0.03 0.03 0.03 0.03 0.02 0.02 0.02 0.02 0.03 0.03 0.03 0.01 0.01 0.01

ECU/100 litres

M E C ^ , 4.02 4.02 4.02 4.02 2.72 2.72 2.72 8.56 10.69 10.69 10.69 0.22 0.22 0.22

MFCC 0.18 0,18 0.18 0.18 0.32 0.32 0.32 1.51 1.89 1.89 1.89 0.13 0.13 0.13

MECC 0.01 0.01 0.01 0.01 0.02 0.02 0.02 0.10 0.13 0.13 0.13 0.01 0.01 0.01

MFDC 0.42 0.42 0.42 0.42 0.33 0.33 0.33 0.31 0.39 0.39 0.39 0.20 0.20 0.20

MEDC 0.03 0.03 0.03 0.03 0.03 0.03 0.03 0.02 0.03 0.03 0.03 0.02 0.02 0.02

0.26 0.26 0.26 0.26 0.37 0.37 0.37 0.89 1.11 1.11 1.11 0.04 0.04 0.04

MFCCr,, 0.39 0.39 0.39 0.39 0.68 0.68 0.68 1.26 1.58 1.58 1.58 0.27 0.27 0.27

MECCr,, 0.05 0.05 0.05 0.05 0.07 0.07 0.07 0.32 0.40 0.40 0.40 0.03 0.03 0.03

Product tax 4.67 0.70 3.22 2.14 3.41 1.11 2.87 10.51 3.09 4.14 3.40 0.58 0.34 0.37

woo

It is assumed that collection costs are dependent on the weight of the waste, but that disposal costs are depending on the volume of the 

packaging waste once landfilled. 1 m̂  of landfilled waste is assumed to weigh 0.578 tonnes.



Figure 8.3 W eight-related Packaging Tax for UK Beverage Containers
Including Externalities o f  the Production and Recycling Processes
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Figure 8.4 Weight-volume related Packaging Tax for UK Beverage Containers
Including Externalities o f  the Production and Recycling Processes
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This chapter reviewed three initiatives aimed at encouraging the reuse and recycling 

of packaging waste; the German Packaging Ordinance together with the Dual 

System, the European Commission’s Directive on Packaging and Packaging Waste 

and the British Producer Responsibility approach. This was followed by a 

suggestion as to what a likely packaging tax might look like, if it was based on the 

external and private costs of managing the packaging waste, after any recycling. An 

example was provided by examining used beverage containers in the United 

Kingdom. It was asserted that, ideally, any externalities associated with the 

production of the containers should be addressed at the point of occurrence and, 

hence should not be included in a packaging tax. The conclusion was that the 

packaging tax per container was likely to be very low, engendering little behavioural 

response in consumers. Indeed, any likely behavioural change was likely to 

confined to the producers/fillers of beverages.
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9. Conclusions

9.1 INTRODUCTION

The perception of an impending ‘waste crisis’ in the OECD countries, has led the 

respective policy makers of those states to both propose, and introduce, policies with 

little apparent regard for possible economic consequences. One reason for this 

‘blinkered’ approach, must rest on the misperception of the ‘waste hierarchy’ as 

some form of panacea. This structure offers policy-makers a relatively ‘easy option’, 

in the sense that adopting its rigid ranking of the discrete waste management 

methods has been asserted to be the ‘best’ way to manage waste and reduce resource 

consumption. However, the hierarchy is, at best, based on partial information, and 

too little analysis has been undertaken either assessing its central tenets, or prior to 

the introduction of the resulting policy initiatives.

This thesis has attempted to make a modest contribution to addressing the paucity 

of research surrounding this contentious area. It has provided an exposition of some 

of the key issues that are central to the perception of a waste crisis, and detailed the 

policy options that are available. It has approached the problem from the, 

unashamedly, narrow approach of economics and has defined, both the optimal 

amount of waste arisings for society, and the optimal configuration of waste 

management services in theoretical terms. However, the core of the thesis has been 

an attempt to investigate the sensibility of the central tenets o f the ‘waste hierarchy’, 

through the use of a cost-benefit analysis to try to estimate the social cost of 

municipal solid waste management systems in the European Union.

9.2 COST-BENEFIT ANALYSIS - METHODOLOGY

Chapter 3, and its annex, provided the detailed information of how the actual net 

social costs of each waste management method were to be defined and obtained. A
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partial economic life cycle analysis was utilised to ascertain the relevant 

environmental impacts to be included in the analysis. This allowed the estimation 

of air pollution emissions data, necessary for the economic valuation. A simple 

benefits transfer model was then utilised to transpose the resulting damage estimates 

to the other European countries. Economic estimates of transport related accidents 

were also deduced in this section. The inherent restrictions, and limiting 

assumptions, necessary to the employment o f these methods, were detailed in their 

respective sections and suggestions for improving the particular models employed 

here, will be offered in section 9.5. The damage estimates, along with estimates of 

both the environmental costs and the private costs of waste management, were then 

utilised in the cost-benefit analysis of the waste systems. Appropriate sensitivity 

analyses were also carried out.

9.3 COST-BENEFIT ANALYSIS - RESULTS

Table 9.1 reproduces the results of the cost-benefit analysis for MSW management 

practices, presently employed in the European Union, originally displayed as Table

6.1. Table 9.2 repeats Table 6.3 listing the results o f the cost-benefit analysis for 

projected future MSW management practices.

These overall results were employed to assess the central tenets of the ‘waste 

hierarchy’. The cost benefit analysis covered four waste management options: 

Landfill, incineration, recycling and composting. The results o f the analysis of 

recycling found, perhaps surprisingly, considerable social benefits in the order of 32- 

335 ECU/tonne for presently employed bring systems and 58-301 ECU/tonne for 

kerbside co-collection schemes. In the case of currently operating separate kerbside 

collection schemes, the results ranged from a benefit o f 45 ECU/tonne to costs of 

123 ECU/tonne. The analysis of a projected future scenario, where recycling rates 

were assumed to increase significantly, showed very considerable social benefits 

from recycling. These benefits were in the order of 283-461 ECU/tonne for
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Table 9.1 Total EIxternal and Financial Costs Associated with Present MSW Management Practices in the EU (Income elasticity = 0.3)
Belgium Denmark France Germany Greece Ireland Italy Luxembourg Netherlands Portugal Spain UK

ECU/toime o f MSW
Present - mixed refuse collection, bring system fo r recyclable and organic materials
Landfill - no gas recovery 110 142 105 127 92 111 94 130 108 89 86 90
Landfill - gas flared 109 141 105 126 91 110 93 130 108 88 86 90
Landfill - elec. gen. (displacing old coal) 108 141 104 126 91 109 93 129 107 87 85 89
Landfill - elec. gen. (displacing av. EU  elec.) 109 141 105 126 91 110 93 130 107 88 85 84
Landfill - no transfer 86 127 86 116 80 96 79 116 95 78 73 71
Incineration - elec. gen. (displacing old coal) 92 151 117 142 - - 73 154 159 - 77 72
Incineration - elec. gen. (displacing av. EU elec.) 129 181 161 183 - - 99 185 194 - 113 102
Recycling -224 -142 -335 -202 -104 -183 -123 -201 -218 -32 -117 -156
Composting 173 165 138 186 - - - 158 145 225 169 -
Present - co-collection o f mixed refuse with recyclable & organic materials (blue box)
Landfill 86 126 85 116 79 96 79 115 95 76 72 71
Incineration • elec. gen. (displacing old coal) 85 150 116 141 - - 73 155 157 - 74 72
Incineration - elec. gen. (displacing av. EU elec.) 123 180 160 182 - - 99 186 194 - 110 102
Recycling -191 -74 -301 -172 - I l l -74 -88 -158 -160 -58 -66 -113
Composting 96 122 95 136 - - - 110 94 84 82 -
Present • separate collection o f mixed refuse with recyclable & organic materials (wheelle bins)
Landfill 86 127 86 117 n.m. n.m. n.m. 116 95 n.m. 73 71
Incineration - elec. gen . (displacing old coal) 86 151 117 141 n.m. n.m. n.m. 155 158 n.m. 70 72
Incineration - elec. gen . (displacing av. EU elec.) 123 181 161 183 n.m. n.m. n.m. 187 194 n.m. 107 102
Recycling -10 101 -45 14 n.m. n.m. n.m. 17 -2 n.m. 123 -9
Composting 131 126 155 139 n.m. n.m. n.m. 114 97 n.m. 169 -

w
W

Notes: n.m. this option bas not been modelled for this country 
this option is not presently employed in this country



Table 9.2 Total External and Financial Costs Associated with Future
(‘Technological Scenario’) MSW Management Practices in the EU
(Income elasticity = 0.3)

Denmark France Spain UK
ECU/tonne MSW

Future - co-collection o f mixed refuse with recyclable & organic materials (blue box)
Landfill 119 75 68 66
Incineration • dec . gen. (displacing old coal) 136 89 48 63
Incineration - dec. gen. (displacingav. EU elec.) 156 137 84 88
Recycling -331 -461 -287 -283
Composting 110 93 105 75
Future - separate collection o f mixed refuse with recyclable & organic materials 
bin)

(wheelie

Landfill 121 79 71 66
Incineration - dec . gen. (displacing old coal) 138 92 51 63
Incineration - dec. gen. (displacingav. EU elec.) 159 140 88 89
Recycling -185 -309 -154 -208
Composting 110 106 123 77

kerbside co-collection schemes and 154-208 ECU/tonne for separate kerbside 

collection.

Whilst the analysis did not include source reduction, and little information is 

available about the costs of this option, the results for recycling allow some 

conclusions to be drawn about the benefits of recycling. If the recycled product can 

be utilised in a productive process, that would have otherwise consumed virgin 

materials, then recycling avoids the environmental costs of producing those 

materials. However, source reduction avoids both the financial production costs, 

and the environmental costs, associated with the production process and raw 

materials extraction. In addition, it also avoids the environmental and transport 

costs that might be associated with recycling. Unless the cost of source reduction 

outweighs the advantage of source reduction over recycling, source reduction should 

always be the first choice. This statement is partly qualified by the knowledge that 

not all products are suitable for source reduction and, indeed, some are particularly 

suitable for recycling. Table 9.3 illustrates that the recycling o f aluminium, ferrous 

metals and glass will realise social benefits in the order of around 1,500 ECU/tonne, 

170 ECU/tonne and 180 ECU/tonne respectively, for the United Kingdom. In
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addition, some benefits cari be obtained from the recycling of paper, in the order of 

44 ECU/tonne. This latter figure may be an overestimate, though, as market prices 

for recycled paper have fallen by up to 40 per cent over the last quarter of 1995 

(DSD, 1996). In contrast, the feedstock recycling of plastic films appears to impose 

costs on society and, therefore, the sustainability o f such policies must be 

questioned, although the recycling of rigid plastic does appear to produce social 

benefits of almost 40 ECU/tonne.

Table 9.3 Total External and Financial Benefits Associated with Recycling

in the UK (Income elasticity =  0.3)

ECU/tonne of recyclable material

Ferrous metal 167

Aluminium 1481

Glass 183

Paper & board 44

Plastic film -30

Rigid plastic 39

Incineration, with heat and/or power recovery, is ranked above landfill in the ‘waste 

hierarchy*. This analysis only included incineration, with power recovery. The 

latter process is a less efficient process than heat recovery, or combined heat and 

power recovery. However, the analysis found that incineration in this form (i.e. 

with power recovery), with a few exceptions, incurs greater social costs than 

landfill. This is a direct reversal of the original rankings in the ‘waste hierarchy*. 

However, whether this would also be true in the case o f incineration with combined 

heat and power recovery is not known.

Municipal composting, which is viewed as organic recycling and thus ranked above 

incineration and landfill in the ‘waste hierarchy*, was found to incur some of the 

highest social costs o f all the options analysed. However, these findings do not 

threaten the arrangements of the domestic gardener, as the actual composting process
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Table 9.4 Average Ranking of MSW Management Options

Present Base Case 
Scenarios 

(bring system)

Present Co-collection 
at kerbside

Present Separate 
collection at kerbside

Future co-collection at 
kerbside

Future separate collection 
at kerbside

Av. cost 
ECU/t

Av. cost 
ECU/t

Av. cost 
ECU/t

Av. cost 
ECU/t

Av. cost 
ECU/t

1 R ecycling -170 R ecycling -131 Recycling 24 R ecycling -341 Recycling -214

2 L andfill 92 L andfill 91 Landfill 96 Landfill 82 Landfill 84

3 Incineration
cicc. gen. dUpl. old co»l

115 C om posting 102 Incineration
elec. gen. ditpl. old cotl

119 Incineration
elec. gen. ditpl. old cotl

84 Incineration
elec. gen. ditpl. old cotl

86

4 Incineration
elec. gen. dUpl. tv. EU elec.

150 Incineration
elec. gen. ditpl. old cotl

114 C om posting 133 C om posting 98 C om posting 104

5 C om posting 170 Incineration
elec. gen. ditpl. tv. EU elec.

148 Incineration 155
elec. gen. ditpl. tv. EU elec.

Incineration
elec. gen. ditpl. tv. EU elec.

116 Incineration
elec. gen. ditpl. tv. EU elec.

119

Lk)
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engenders few significant costs. It is the significance of the transport costs of large 

scale municipal composting schemes that makes this option such an unattractive one.

Thus, the ‘new waste hierarchy’ from Chapter 6 basing its rankings on average EU 

social costs is reproduced in Table 9.4. Table 9.4 clearly illustrates the fallacy of 

trying to rank the available waste management methods in a definitive ‘waste 

hierarchy’, which can then be ‘blindly’ applied to produce MSW management at 

lowest possible social costs. Whilst recycling consistently emerges as the most 

desirable option, followed by landfill, in each of the five scenarios analysed, a 

similarly strict ranking is not possible for composting and incineration. It should 

also be noted that the ranking for each of the five scenarios in Table 9.4 are based 

on average EU social costs, i.e. for each scenario the ranking may vary between 

countries. However, despite these caveats. Table 9.4 allows an assessment of the 

validity of the ‘waste hierarchy’, based on the current configuration of MSW 

methods. Thus, while the table confirms the ranking o f recycling above incineration 

and landfill, composting, ranked equal to recycling in the ‘waste hierarchy’, appears 

to be less desirable than landfill. Indeed, in some scenarios, it becomes the least 

desirable of all the options, at least when carried out on municipal level. Table 9.4  

also contradicts the ‘waste hierarchy’ in the relative ranking of landfill and 

incineration. According to the ‘waste hierarchy’, incineration with energy recovery 

is ranked above landfilling, which is judged to be the least desirable option. 

However, the results of this analyses suggest that it is landfill that involves the lower 

social costs. Chapter 6 also noted that the estimates of social costs of MSW 

management are based on the current configuration o f MSW management methods, 

and therefore only apply as long as the current levels of landfilling, incineration, 

recycling and composting take place. This is illustrated by the review of a paper by 

Schall (1993) in Annex 1, which suggests that landfill, in contrast to what was found 

for the European Union, may be the dearer option for the three East Coast States he 

analysed. Changing the configuration of the MSW management methods employed 

is also likely to change the marginal social costs of employing those methods. A 

‘waste hierarchy’ can therefore not be ‘absolute’; it only applies to the configuration 

of MSW methods it assessed. However, it can provide an indication of which
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direction to move in, in order to move closer to the optimal situation, where the 

marginal social costs of all MSW management methods employed are equal, whilst 

managing all waste at that marginal social cost.

While the cost-benefit analyses of MSW management in Chapters 4-6 did not include 

a monetary valuation of disamenity effects from waste treatment facilities, a survey 

of North American studies of these effects suggested that they may be significant.

9.4 A PREFERRED ECONOMIC INSTRUMENT?

The above results suggest that any attempt to identify the preferred economic 

instrument, would focus on the ability of the instrument to help achieve source 

reduction, increase recycling and reduce disamenity effects. The ‘strongest’ 

contenders to fulfil these criteria were found to be recycling credits, tradable waste 

allowances, recycling quotas, materials and energy taxes and product taxes. In 

addition, although not an economic instrument, practical experience has buttressed 

the case for the unit pricing of waste services, together with the aggressive 

promotion of recycling schemes. A combination of these two policies has achieved 

high recycling rates and a reduction in waste generation rates. However, it was also 

stressed that supplementing any policy measures to encourage recycling should be 

measures to stimulate the demand for secondary materials.

Chapter 8, which provided an example of a product tax for beverage containers in 

the United Kingdom, also served to illuminate the usefulness of life cycle 

inventories. Whilst some would argue that a product tax should internalise all the 

externalities caused by the production, consumption and disposal o f the product in 

question. Chapter 8 asserted that external effects are best dealt with at the point of 

occurrence. This would imply that the external effects of energy use would be 

addressed through a carbon tax and taxes on sulphur emissions etc. ; policies which 

are already in place in some countries. Therefore, the inclusion of these effects in 

a product tax would amount to double counting. Interestingly, the use o f a life cycle
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inventory, which allowed us to assign externalities to the point of occurrence, 

showed that when such ‘up-stream’ effects were excluded from a packaging tax, the 

tax should increase in line with higher recycling rates, for all o f the packaging 

materials considered, save glass. The reason appears to be that the external costs 

of the actual recycling process are greater than the external costs o f disposing of the 

packaging waste. Only if the saved external costs from the production o f virgin 

packaging, which would be realised without the help of a packaging tax if  those 

externalities were addressed at the point of occurrence, were included in the 

packaging tax, would the tax decrease as recycling increased.

9.5 CAVEATS AND AREAS FOR FURTHER RESEARCH

The results of this study are dependent to a great extent upon the many, and varied, 

assumptions that have been necessary. In an ideal world, the requisite information 

would always be available and the need for enlightened assumption would be 

negated. However, if the requisite information was always available, the stimuli, 

indeed the intrinsic rationale, for much fundamental research would be removed. 

Thus, the vast majority of original research requires the use of assumptions, the 

scale of which can vary from defining the ‘playing field’, to identifying the players 

and even, on some occasions, to specifying the rules. The rationale for any 

assumption can, inevitably, be questioned by a critic. However, its use is generally 

a reflection o f the available information, together with the best judgement o f the 

analyst.

This study is little different, requiring the employment o f a number of assumptions, 

to allow the final results to be obtained. Generally, the thinking, or source, that 

underpins each assumption has been provided in the relevant sections of the thesis. 

The purpose of this section is indicate those assumptions that might be regarded as 

contentious and explain the reasoning behind the adopted approach. In addition, the 

section will attempt to indicate those elements, whose inclusion, or improvement, 

would substantially strengthen the study.
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The relevant assumptions can be divided into two categories: those relating to the 

estimations and calibrations, and those relating to omissions. There are a number 

of points in the first category: Firstly, the calculation of environmental damage 

estimates for SO2 and N0% were based on a study of the social cost of fuel cycles, 

which provided a joint estimate for acidic aerosols. The separate valuation of the 

two air pollutants required an assumption that the proportion of the joint estimate for 

each was a reflection of the acidity of each. Whilst this assumption may be 

reasonable for damage to buildings, it is less clear that it is appropriate for health- 

related damages.

However, following discussions with one of the authors o f the original report 

(Watkiss, 1995), who acknowledged that no consensus in respect of the relationship 

between acidic aerosols and health effects has yet been established in the scientific 

community, it was decided to use acidity as the basis for attributing relative damage. 

Thus, short of assigning equal responsibility or deciding on some other arbitrary 

distribution, this seemed the only acceptable approach.

A second point relates to the estimation of transport-related accidents. In this case, 

the relevant information in respect of the relationship between accidents, caused by 

heavy goods vehicles and passenger cars, and distance travelled by each mode, was 

not available for each of the EU Member States. However, data for the United 

Kingdom were available, and hence an appropriate extrapolation was undertaken.

A third point relates to the assumption made about the relationship between TSP and 

PMio. A number of studies in the United States have identified a relationship that 

suggests that 1 unit of TSP would cause the same amount of health damage as 0.55 

units o f PMio. However, the fuel cycle study, whose estimates were used to 

estimate pollution damage costs, claims that 1 unit o f TSP, released from power 

stations causes the same amount of damage as 0.9 units of PM^g. The reason for 

this disparity is presumably, that the filters on power station stacks are so efficient 

that only very small particles escape. This thesis has therefore assumed that all TSP 

emissions, relating to energy production have a 0.9 relationship with PMio, whilst 

other TSP emissions, e.g. from transport related sources use the 0.55 relationship.
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A number of omissions have been made in the analysis: Firstly, a life cycle 

inventory of pollutants was employed to provide the basis o f the cost-benefit analysis 

of the environmental impacts of MSW management. This inventory included, in 

addition to the air pollutants valued in the analysis, a number of other pollutants, 

including volatile organic compounds, dioxins and water pollutants. However, the 

limited availability of suitable environmental cost estimates has prevented the 

valuation of these latter pollutants. This omissions applied to all types o f waste 

management option, included in the study. However, the impact, in terms of the 

effect on rankings, is likely to be greater for some than for others.

A second omission related to the use of transfer matrices to estimate the dispersion 

of SO2 and N0%. It would have been appropriate to undertake a similar exercise for 

particulates. Such an option was precluded as no transfer matrix was available for 

particulates. However, recent research has suggested that particulates may indeed 

travel very long distances.

A further issue, in respect of the dispersion of pollutants, was the lack of 

consideration afforded to the vulnerability o f the receiving regions. Chapter 3 

provided a detailed exposition of this issue, and noted that the relevant information, 

in the form of a series of critical load maps, does exist. However, the exercise 

required to incorporate this information was, unfortunately, outside the scope of this 

study. However, the inclusion of this information would have considerably 

enhanced the rigour of the damage estimates.

The final omission, and possibly the most significant, was the disamenity effects of 

landfills and incinerators. The strength of public opposition to the siting of new 

landfills and incinerators, suggests that they would be a major element in any cost- 

benefit analysis. This is supported by the American research that was summarised 

in Section 6.3. Unfortunately, no European studies of this kind could be identified, 

and the scale of any independent study prohibited their inclusion in this study.
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