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Abstract

Given the failure of the world’s governments to improve the status of biodiversity by 2020, a
new strategic plan for 2030 is being developed. In order to be successful a step-change is
needed to not just simply halt biodiversity loss, but to bend the curve of biodiversity loss to
stable or increasing species’ populations. Here, we propose a framework that quantifies
species’ responses across gradients of threat intensity to implement more efficient and better
targeted conservation actions. Our framework acknowledges the variation in threat intensities
as well as the differences among species in their capacity to respond, and is implemented at a

relevant scale for national and international policy-making.

Bending the curve of biodiversity loss

Wildlife and wild places face a variety of environmental and human-induced challenges that
threaten species survival [1]. Species’ extinction rates now vastly exceed background rates,
with earth’s biodiversity perhaps entering a ‘sixth mass extinction’ event [2—4]. Vertebrate
populations, where measured, declined by ~60% between 1970 and 2014 [5], with at least 338
terrestrial vertebrate species having become extinct since 1500 [2]. The world’s governments
have committed to reducing biodiversity loss by 2020. The 196 countries that are Parties of the
Convention on Biological Diversity (CBD) agreed to ambitious Aichi Biodiversity Targets but
despite increased efforts, the Aichi targets are unlikely to be achieved [6,7]. In the wake of
these failings, Parties to the CBD are developing a post-2020 strategic plan for the actions

required to improve the state of biodiversity by 2030.

If the post-2020 strategic plan is to be successful, actions to ‘bend the curve’ of biodiversity
loss are needed in addition to robust indicators to track the status of biodiversity [5]. Recently,

Mace et al. (2018) suggested three metrics that could be used to track progress, consistent with
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existing commitments from the world’s governments [8]. Specifically, (1) Species’ threat
status (estimated from the Red List Index); (2) Trends in wildlife abundance (e.g. using the
Living Planet Index, LPI) and; (3) Changes in local biotic integrity. The LPI, an aggregated
index of population-level abundance time-series, has shown a persistent decline since 1970 [5],
and global models of local biotic integrity show that across most of the terrestrial land area,
both richness and abundance are greatly reduced [9] and are often below the level proposed as
a planetary boundary [10]. All current trends are, at best, slow declines, yet achieving global
targets requires that the trajectory is reversed, to show a recovery in population abundance
across species and sites. This radical change in biodiversity outcomes cannot be achieved with
only marginal improvements in species’ trends; it will need a step-change from past practices
that mostly aim to simply limit further decline. Instead, conservation actions that stimulate

higher population growth rates and species’ recovery are urgently needed.

There is ample evidence that conservation works when the right policies are in place, and there
is generally adequate knowledge about species’ ecology and the factors driving declines (e.g.
[11]). Detailed, species specific analyses are undoubtedly necessary to plan for recovery for
the most critically endangered species (e.g. vaquita Phocoena sinus, [12]) and population
viability analysis can be used to highlight critical threats and threat intensities for groups of
related species [13]. However, such approaches are not feasible across the >30,000 threatened
species [14] now requiring conservation intervention. Even when threats are largely place-
based and conservation is best addressed at landscape scales, a species-by-species approach is
not practical. On the other hand, large-scale efforts at mapping threats and vulnerable species
(e.g. [15,16]), whilst useful for prioritising conservation interventions to particular sites and
taxa, lack the precision and specificity of actions needed to direct conservation in the most

effective way [17]. The challenge is therefore to identify a strategy that will allow threat-
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response relationships to be characterised across taxa sharing threats and vulnerabilities, and

at spatial scales that are relevant for conservation planning and intervention.

Here, we propose a framework that focusses on targeted conservation solutions that quantify
taxon responses to threats (e.g., exploitation, land-use change, pollution) of different intensities
in defined ecological units (see Text Box 1 for the threat classification scheme and definitions
of terms used throughout). We suggest that such a framework will provide a level of resolution
that can substantially improve the effectiveness of conservation interventions, and make

bending the biodiversity curve achievable.

Gradients of threat intensity and population responses

Conservation efforts could be more efficient if directed at relevant threats and threat intensities
affecting population abundance of focal species. Ninety-five percent of the Earth’s land surface
is now modified to some degree by humans [18], which is likely to increase given the projected
growth in human populations [19] and increasing accessibility to the remaining wilderness
areas [20,21]. The spatial distribution and intensity of threats is not uniform or static, and some
land uses and human activities are more detrimental to species than others. Substantial efforts
have gone into identifying and mapping the distribution or magnitude of threats globally and
the interaction of threats with species [17,22], as well as in ranking threats in terms of their
overall importance across species [7]. Different taxa are exposed to different threats in the same
location, and population-level responses and thresholds to the same threat intensity vary
between species for biological reasons. Hence, once threat-response relationships have been
elucidated, they could be used efficiently to track threat intensities, and to design conservation
interventions to reduce the intensity of the threat mechanism below a critical level, and always

below the level causing a population decline.
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Evidence for differences in species’ responses attributable to the intensity of threat mechanism
is growing. Many studies have compared abundances in control-versus-impact scenarios, €.g.
hunted-unhunted or converted-intact habitats [23,24], showing that the direction and magnitude
of changes in abundance differ by taxa. For some threat mechanisms and intensities, these
differences have been characterised across gradients using meta-analytical frameworks. For
example, evidence suggests that species’ abundance and diversity measures are lower in the
highest intensities within different agricultural and urban land-use categories and intensities
[9,25]. In the hunting literature, much of the work on sustainable harvesting quotas is already
based on harvest intensity and population size relationships, and often distance to village is
used as a proxy measure for hunting pressure across a gradient. By collating and analysing
studies across the tropics, the responses and thresholds of species to hunting intensity were
shown to vary by body mass and feeding guild [26]. These meta-analyses use space-for-time
substitution whereby comparable differences across otherwise similar sites are assumed to
represent a change from one state to the other over time. However, their application and
interpretation have been criticised for not adequately acknowledging that ecological processes
occur over time and that ecological response times can lag behind the changing intensity of
threat [27]. Furthermore, binary or ordinal categorisations of threats are also problematic as the
intensity of the threat is not adequately accounted for, and thus species’ responses to different
threat intensities remain poorly estimated. Given these challenges and clear evidence of varied
species’ responses, a new framework for efficiently targeting conservation interventions is

needed.
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The taxa-biome-threat (TBT) framework, and what to measure

To aid large-scale policy decisions and conservation management, any framework to capture
biodiversity responses across intensity gradients needs to 1) work at a scale that is relevant for
policy and practical for research, 2) accurately reflect the most important local threats at that
scale, and 3) allow for robust study designs that are sensitive to the habitat specificity of
different taxa. Here, we outline a framework to quantify species’ response thresholds across
gradients of threat intensity based on a classification of threat by regionally-separated biomes
by major taxa (Taxa-Biome-Threat, TBT framework) that differentiates the importance of
threats for particular species, and hence helps direct conservation actions effectively (Figure
1). In the following paragraphs, we outline each aspect of the framework, and provide evidence

of the validity of their inclusion.

Distribution of threats and the spatial unit of the framework

There are consistent relationships between species’ declines, threat mechanisms, and closely
related taxa or those sharing similar biological traits. While the drivers and sources of threats
tend to be spatially clustered following patterns of human population, development, and
movement [28-31], the responses of individual species to particular threat mechanisms are
often a function of their biological traits (e.g. hunting [32]). Related species, often with similar
life-history traits, can also be spatially clustered by region and habitat type [33-35]. The
contribution of threatening mechanism and traits to changes in extinction risk show consistent
patterns at least in the mammals where they have been most systematically studied [36]. Threat
mechanisms interact with pressures and species’ biology, so species’ traits may be good
predictors of species’ declines [31,37-39]. While species’ traits may only change very slowly
over time (if at all), threats and their intensities do change, and it is becoming increasingly

feasible to spatially and temporally track some threats using cartographic, remote sensing, and
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terrestrial sensing technologies [40]. Existing approaches to quantify habitat or species’
responses to threatening processes exist in isolation or are at scales that are not always practical
for policy— either too broad to show relevant trends or too localised to show general trends or
to get global coverage in a reasonable amount of time. The challenge is therefore to identify a
scale at which to divide the world into meaningful units that will capture both threats and

habitats that are relevant to species at a scale that might be possible to inform management.

Threat mechanisms and intensities are not uniformly distributed across the world, varying by
realm and by geographic region [18,41], and threats can operate at different scales [42], thus
the predominant threats that species experience vary, even within the same habitat type. The
ecological communities in a given area also vary across space, and are driven by biogeography
and evolutionary history [43]. Ecoregions have been shown to be meaningful delineators of
biodiversity patterns [44], but at the global level they are often too small and too numerous for
analysis or useful policy advice (n =867 terrestrial, 232 marine and 426 freshwater ecoregions).
Biomes on the other hand, regions of the world defined by their climate, fauna and flora (n =
14, [45]), could be a more relevant unit, because they tend to provide a broad grouping of major
vegetation types, as well as major phylogenetic groups of species that are found there. Biomes
therefore reflect both large scale threats (e.g. deforestation in forests or overfishing in the
oceans) and broadly represent key species’ traits. Newbold and colleagues recently showed
that biodiversity responses to climate and land-use change differ among biomes, highlighting
that a regionalised approach is likely to improve the way we understand and mitigate the effects
of anthropogenic pressure [46]. However, the presence of threats, and the direction and
magnitude of biodiversity change differs according to both biome and region [41,47]. Existing
literature on taxonomic, vegetation, and habitat classification suggests that a combination of

broad-scale habitat classification combined with a classification of biogeographic realms is a
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plausible framework for conservation priority-setting and planning [48—51]. Moreover, the way
that biomes are impacted by threats and the way in which the species within biomes respond
to threats are likely to be different (e.g. [52]); for example, a recent study showed that species
respond to increasing climatic extremes in a biome-specific manner [53]. Therefore, we
propose the use of regional biomes defined by biogeographic realms (Figure 1, panel 1; Figure
2 for regional split of terrestrial [n = 66], freshwater [51], and marine coastal biomes [24]) as
the largest spatial unit within which threat-response relationships can be usefully characterised.
These regional biomes will also be more relevant to regional policy and management, e.g. the
Central African Forests Commission (COMIFAC) for Afrotropical moist broadleaf forests.
The TBT framework could potentially be applied at the ecoregions level, if useful for national
level reporting required by the CBD but this will require significantly more effort given the

number of ecoregions identified.

Monitoring taxa response thresholds

Within each regional biome, primary threats and biome-specific threat-sensitive species
should be identified, and monitored across the relevant threat intensity gradient using
methods appropriate to the taxa of interest (Figure 1, panels 2-5). Given that funding for
conservation is limited, the selection of target taxa may need to take into account cost-
effectiveness of implementing the framework and prioritise species groups that are more
likely to be high-performance indicators of the threat investigated ([54]). Additionally, recent
developments in remote sensing and artificial intelligence (e.g. [55-57]) have the potential to
allow a substantial increase in the scale of biodiversity monitoring initiatives without a
similar increase in costs. Monitoring could be targeted to certain groups of threat-sensitive
surrogate or umbrella species that represent the integrity of the biome, and the diverse needs

of keystone, threatened, and/or conservation priority species. Systematic trait-based species
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selection methods have been shown to be promising to select such surrogate species, and in
identifying the number needed per habitat type [58], but must first be validated appropriately

[59].

Given that species’ population abundance responses across threat-intensity gradients are likely
to be dynamic and non-linear, monitoring wildlife across gradients would allow conservation
actions to be targeted at threat intensities where species should respond to action and lead to
recovery. Importantly, the TBT framework could also be used to monitor the effectiveness of
conservation interventions (e.g. [60,61]). However, this requires knowledge of the ‘thresholds’
that pertain in each case. Identifying species’ thresholds to threat intensity could then inform
management decisions (Figure 1, panels 6-7); for example, retaining a certain proportion of
forest cover to maintain species abundance and diversity [62,63]. We propose that species’
population abundance, or proxies of abundance (such as relative abundance, occupancy), are
practical and relevant metrics for tracking species’ responses, which can be used as an indicator
of conservation success with stable or increasing populations as the conservation target [5,8].
We recognise the limitations of using abundance proxies (e.g. [64]), however they are reliable
when derived from well-designed surveys and appropriate statistical methods, and for some
taxonomic groups and field settings will be the only metrics feasible to obtain [65]. Criteria
such as 1) more than one metric should be tested to assess sensitivity across a threat intensity
gradient, and 2) that management priority be given to taxa with the threshold at the lowest
intensity could be followed [66]. However, it is possible that there will be a range of responses
to the threat gradient, which can lead to multiple thresholds being identified. In these cases,
statistical methods could be used to group species’ responses into homogenous classes,
allowing the identification of a small number of thresholds relevant to the studied system (e.g.

[67]). Alternatively, thresholds could be estimated by aggregating data across species based on
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a priori expectations about their response to threat, potentially informed by natural history
traits (e.g. [68]). Although these approaches would not provide a single threshold value for the
ecosystem, they would inform which groups of species are more likely to be lost as threat

intensity increases and this information could be included in the decision-making process.

Evidence from field studies of species’ abundance thresholds along threat intensity gradients,
or intensities after which responses in abundance are most acute, are available for only a few
species, threats, and biomes (examples in Table 1); more research is therefore needed to
quantify species’ responses. To expand on these studies, and be able to target conservation
actions for the major threats to wildlife in each biome, further evidence is required for each
combination of major threat and regional biome, and where possible taking into account
cumulative or synergistic effects of other major threats (see Outstanding Questions). Although
in many areas there is a dominant threat type (e.g. [69]), the framework could account for other
threats through either: 1) directly accounting for cumulative threat gradients by evaluating
additive and interactive relationships among threats [70], 2) a grid design of two threat
gradients (e.g. hunting x deforestation), 3) selection of a site where the intensity of one threat
type is static (e,g, [71]), or 4) if climate change is also a significant threat, then environmental
dependencies can be accounted for in the analysis. Such studies should also be conducted over
multiple years to account for lag effects, and to go beyond space-for-time substitution analyses.
To apply this framework at the policy level, the results from these studies could be aggregated

to identify the most appropriate management options to reduce threats to pre-threshold limits.

Concluding remarks

Our proposed TBT framework provides an efficient basis to plan and implement conservation

actions. A systematic effort to synthesise available empirical evidence of species’ response
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thresholds to threat intensity is likely to reveal useful generalisations to move ahead. A number
of challenges to this approach remain, for example some taxa may not exhibit an obvious
threshold across a gradient of threat intensity (e.g. [53,72]), and responses may be confounded
by cascading effects caused by changes in abundance of other species. Species’ responses could
also exhibit a ‘lag time’ depending on the life history traits and resilience of the species, and
threat mechanism [73,74]. Understanding lag times is important to manage threats or target
conservation actions e.g. recovery programmes, and can be studied best by monitoring species’
populations over time. Designing and conducting studies to estimate thresholds has been
argued to be too challenging for practical application due to the level of resources needed,
complexities of nonlinear dynamics, and difficulties in controlling for multiple factors over
space and time [75—77]. Identifying and monitoring a selection of threat-sensitive indicator
species to represent each regional biome could be one practical approach. We believe these
challenges can be overcome, and as with most experimental designs, potential confounding
variables should be measured and taken into account using appropriate modelling methods and
study designs which should ideally include suitable controls, thus providing substantially more

accurate estimates of biodiversity responses [78].

Quantifying taxa-biome-threat responses could be used to design more cost effective and
predictive interventions. While many conservation interventions and global initiatives are
focused around the fate of individual species or specific taxa, there is a growing trend to start
measuring and monitoring the health of larger-scale areas such as biomes. We interpret biome
health as being the viability of a suite of species that are characteristic of that biome, hence our
framework could lead to well-founded methods for assessing conservation success at the
regional biome scale. This framework also could be used to provide evidence for requirements

to achieve national and international biodiversity targets, as well as assessment and
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prioritisation of conservation efforts. Whilst the funding needed might be substantial,
elucidating the levels of threat intensity that species can withstand will enable cost-effective
conservation across the many thousands of species requiring intervention, and hence improve

the prospects of bending the curve of biodiversity loss.

Acknowledgements

This article is written in memory of Dr. Ben Collen. We are grateful to WWF-UK (Biome
Health Research Project), who provided financial support. Professor Dame Georgina Mace

passed on 19 September 2020, after submission of this paper.

References

1 Maxwell, S.L. et al. (2016) The ravages of guns, nets and bulldozers. Nature 536,
143-145

2 Johnson, C.N. et al. (2017) Biodiversity losses and conservation responses in the
Anthropocene. Science 356, 270-275

3 Ceballos, G. ef al. (2015) Accelerated modern human-induced species losses: Entering
the sixth mass extinction. Sci. Adv. 1, €1400253

4 Ceballos, G. et al. (2017) Biological annihilation via the ongoing sixth mass extinction
signaled by vertebrate population losses and declines. Proc. Natl. Acad. Sci. 114,
E6089-E6096

5 WWF (2018) Living Planet Report — 2018: Aiming Higher (Grooten, M. and Almond,
R. E. A. eds)., WWF, Gland, Switzerland.

6 Tittensor, D.P. ef al. (2014) A mid-term analysis of progress toward international
biodiversity targets. Science 346, 241-244

7 IPBES (2019) Summary for policymakers of the global assessment report on

12



301

302

303

304

305

306

307

308

309

310

311

312

313

314

315

316

317

318

319

320

321

322

323

324

325

10

11

12

13

14

15

16

17

18

19

biodiversity and ecosystem services of the Intergovernmental Science-Policy Platform
on Biodiversity and Ecosystem Services (Diaz, S. et al,. eds)., IPBES secretariat, Bonn,
Germany.

Mace, G.M. et al. (2018) Aiming higher to bend the curve of biodiversity loss. Nat.
Sustain. 1, 448-451

Newbold, T. et al. (2015) Global effects of land use on local terrestrial biodiversity.
Nature 520, 45-50

Newbold, T. ef al. (2016) Has land use pushed terrestrial biodiversity beyond the
planetary boundary? A global assessment. Science 353, 288-291

Chapron, G. et al. (2014) Recovery of large carnivores in Europe’s modern human-
dominated landscapes. Science 346, 1517-1519

Rojas-Bracho, L. et al. (2006) Conservation of the vaquita Phocoena sinus. Mamm.
Rev. 36, 179-216

Akcakaya, H.R. et al. (2004) Species Conservation and Management., Oxford
University Press, Oxford, UK.

IUCN (2020) The IUCN Red List of Threatened Species., http://www.iucnredlist.org/.
Moran, D. and Kanemoto, K. (2017) Identifying species threat hotspots from global
supply chains. Nat. Ecol. Evol. 1, 0023

Kroodsma, D.A. et al. (2018) Tracking the global footprint of fisheries. Science 359,
904-908

Tulloch, V.J.D. et al. (2015) Why do we map threats? Linking threat mapping with
actions to make better conservation decisions. Front. Ecol. Environ. 13, 91-99
Kennedy, C.M. ef al. (2019) Managing the middle: A shift in conservation priorities
based on the global human modification gradient. Glob. Chang. Biol. 25, 811-826

UNPD (2019) World Population Prospects 2019: Highlights. (ST/ESA/SER.A/423).

13



326

327

328

329

330

331

332

333

334

335

336

337

338

339

340

341

342

343

344

345

346

347

348

349

350

20

21

22

23

24

25

26

27

28

29

30

United Nations, Department of Economic and Social Affairs, Population Division
(UNPD). Accessed 12 November 2019.,

Watson, J.LE.M. et al. (2016) Catastrophic declines in wilderness areas undermine
global environment targets. Curr. Biol. 26, 2929-2934

Weiss, D.J. et al. (2018) A global map of travel time to cities to assess inequalities in
accessibility in 2015. Nature 553, 333-336

Allan, J.R. et al. (2019) Hotspots of human impact on threatened terrestrial vertebrates.
PLoS Biol. 17, 3000158

Bricenio-Méndez, M. et al. (2016) Responses of two sympatric species of peccaries
(Tayassu pecari and pecari tajacu) to hunting in Calakmul, Mexico. Trop. Conserv.
Sci. 9, 1-11

Loosen, A.E. et al. (2019) Land tenure shapes black bear density and abundance on a
multi-use landscape. Ecol. Evol. 9, 73—89

De Palma, A. et al. (2017) Dimensions of biodiversity loss: spatial mismatch in land-
use impacts on species, functional and phylogenetic diversity of European bees.
Divers. Distrib. 23, 1435-1446

Benitez-Lopez, A. et al. (2017) The impact of hunting on tropical mammal and bird
populations. Science 356, 180—183

Damgaard, C. (2019) A Critique of the space-for-time substitution practice in
community ecology. Trends Ecol. Evol. 34, 416421

Linard, C. et al. (2012) Population distribution, settlement patterns and accessibility
across Africa in 2010. PLoS One 7, €31743

Seebens, H. et al. (2016) Predicting the spread of marine species introduced by global
shipping. Proc. Natl. Acad. Sci. U. S. A. 113, 5646-5651

Tabak, M.A. et al. (2017) Anthropogenic factors predict movement of an invasive

14



351

352

353

354

355

356

357

358

359

360

361

362

363

364

365

366

367

368

369

370

371

372

373

374

375

31

32

33

34

35

36

37

38

39

40

41

species. Ecosphere 8, 01844

Benitez-Lopez, A. et al. (2019) Intact but empty forests? Patterns of hunting induced
mammal defaunation in the tropics. PLoS Biol. 17, 1-18

Isaac, N.J.B. and Cowlishaw, G. (2004) How species respond to multiple extinction
threats. Proc. R. Soc. B Biol. Sci. 271, 1135-1141

Barnagaud, J.Y. et al. (2014) Ecological traits influence the phylogenetic structure of
bird species co-occurrences worldwide. Ecol. Lett. 17, 811-820

Yan, C. et al. (2016) Species co-occurrence and phylogenetic structure of terrestrial
vertebrates at regional scales. Glob. Ecol. Biogeogr. 25, 455-463

Villalobos, F. et al. (2017) Global patterns of mammalian co-occurrence: phylogenetic
and body size structure within species ranges. J. Biogeogr. 44, 136146

Di Marco, M. et al. (2015) Historical drivers of extinction risk: using past evidence to
direct future monitoring. Proc. R. Soc. B Biol. Sci. 282,20150928

Murray, K.A. et al. (2011) Integrating species traits with extrinsic threats: Closing the
gap between predicting and preventing species declines. Proc. R. Soc. B Biol. Sci. 278,
1515-1523

Di Marco, M. et al. (2014) Drivers of extinction risk in african mammals: the interplay
of distribution state, human pressure, conservation response and species biology.
Philos. Trans. R. Soc. B Biol. Sci. 369, 20130198

Keinath, D.A. et al. (2017) A global analysis of traits predicting species sensitivity to
habitat fragmentation. Glob. Ecol. Biogeogr. 26, 115-127

Theobald, D. ef al. (2020) Earth transformed: detailed mapping of global human
modification from 1990 to 2017. Earth Syst. Sci. Data Discuss. 12, 1953—-1972
Bowler, D. et al. (2018) The geography of the Anthropocene differs between the land

and the sea. bioRxiv DOI: 10.1101/432880

15



376

377

378

379

380

381

382

383

384

385

386

387

388

389

390

391

392

393

394

395

396

397

398

399

400

42

43

44

45

46

47

48

49

50

51

52

53

Bonebrake, T.C. ef al. (2019) Integrating proximal and horizon threats to biodiversity
for conservation. Trends Ecol. Evol. 34, 781-788

Ficetola, G.F. et al. (2017) Global determinants of zoogeographical boundaries. Nat.
Ecol. Evol. 1, 0089

Smith, J.R. et al. (2018) A global test of ecoregions. Nat. Ecol. Evol. 2, 1889—1896
Dinerstein, E. et al. (2017) An Ecoregion-Based Approach to Protecting Half the
Terrestrial Realm. Bioscience 67, 534-545. Data URL: https://ecoregions2017.appspot.
Newbold, T. et al. (2020) Tropical and Mediterranean biodiversity is
disproportionately sensitive to land-use and climate change. Nat. Ecol. DOI:
10.1038/s41559-020-01303-0

Blowes, S.A. et al. (2019) The geography of biodiversity change in marine and
terrestrial assemblages. Science 366, 339-345

Spalding, M.D. et al. (2007) Marine Ecoregions of the World: A Bioregionalization of
Coastal and Shelf Areas. Bioscience 57, 573-583. Data URL: http://data.unep-
wceme.org/datas

Spalding, M.D. et al. (2012) Pelagic provinces of the world: A biogeographic
classification of the world’s surface pelagic waters. Ocean Coast. Manag. 60, 19-30.
Data URL: http://data.unep-wcmc.org/dataset

Moncrieff, G.R. ef al. (2016) Revising the biome concept for understanding and
predicting global change impacts. J. Biogeogr. 43, 863—873

Mucina, L. (2019) Biome: evolution of a crucial ecological and biogeographical
concept. New Phytol. 222, 97114

Almeida-Rocha, J.M. d. et al. (2017) Primate responses to anthropogenic habitat
disturbance: A pantropical meta-analysis. Biol. Conserv. 215, 30-38

Greenville, A.C. et al. (2018) Biodiversity responds to increasing climatic extremes in

16



401

402

403

404

405

406

407

408

409

410

411

412

413

414

415

416

417

418

419

420

421

422

423

424

425

54

55

56

57

58

59

60

61

62

63

64

65

a biome-specific manner. Sci. Total Environ. 634, 382-393

Gardner, T.A. et al. (2008) The cost-effectiveness of biodiversity surveys in tropical
forests. Ecol. Lett. 11, 139—-150

Mac Aodha, O. et al. (2018) Bat detective—Deep learning tools for bat acoustic signal
detection. PLoS Comput. Biol. 14, 1-19

Norouzzadeh, M.S. ef al. (2018) Automatically identifying, counting, and describing
wild animals in camera-trap images with deep learning. Proc. Natl. Acad. Sci. U. S. A.
115, ES716-E5725

Sethi, S.S. et al. (2020) Characterizing soundscapes across diverse ecosystems using a
universal acoustic feature set. Proc. Natl. Acad. Sci. 117, 17049 LP — 17055

Meurant, M. ef al. (2018) Selecting surrogate species for connectivity conservation.
Biol. Conserv. 227, 326-334

Henry, E. ef al. (2019) Do substitute species help or hinder endangered species
management? Biol. Conserv. 232, 127-130

Rosenblatt, E. et al. (2019) Do protection gradients explain patterns in herbivore
densities? An example with ungulates in Zambia’s luangwa valley. PLoS One 14, 1-21
Bejarano, S. et al. (2019) Herbivorous fish rise as a destructive fishing practice falls in
an Indonesian marine national park. Ecol. Appl. 29,

Pinto Leite, C.M. et al. (2018) Biodiversity thresholds in invertebrate communities: the
responses of dung beetle subgroups to forest loss. PLoS One 13, 0201368

Santos, P.M. et al. (2019) Living on the edge: Forest cover threshold effect on
endangered maned sloth occurrence in Atlantic Forest. Biol. Conserv. 240, 108264
Sollmann, R. ef al. (2013) Risky business or simple solution - Relative abundance
indices from camera-trapping. Biol. Conserv. 159, 405412

Oliveira, H.V.F. ef al. (2017) Are we selecting appropriate metrics to assess human

17



426

427

428

429

430

431

432

433

434

435

436

437

438

439

440

441

442

443

444

445

446

447

448

449

450

66

67

68

69

70

71

72

73

74

75

76

impacts on biodiversity? Basic Appl. Ecol. 21, 85-93

Roque, F.D.O. et al. (2018) Warning signals of biodiversity collapse across gradients
of tropical forest loss. Sci. Rep. 8, 1-7

Barlow, J. et al. (2016) Anthropogenic disturbance in tropical forests can double
biodiversity loss from deforestation. Nature 535, 144—147

Wearn, O.R. ef al. (2017) Mammalian species abundance across a gradient of tropical
land-use intensity: A hierarchical multi-species modelling approach. Biol. Conserv.
212,162-171

Gallego-Zamorano, J. et al. (2020) Combined effects of land use and hunting on
distributions of tropical mammals. Conserv. Biol. DOI: 10.1111/cobi.13459

Crain, C.M. et al. (2008) Interactive and cumulative effects of multiple human
stressors in marine systems. Ecol. Lett. 11, 13041315

Cullen Jr, L. ef al. (2000) Effects of hunting in habitat fragments of the Atlantic
forests, Brazil. Biol. Conserv. 95, 49-56

Hillebrand, H. ef al. (2020) Thresholds for ecological responses to global change do
not emerge from empirical data. Nat. Ecol. Evol. DOI: 10.1038/s41559-020-1256-9
Hylander, K. and Ehrlén, J. (2013) The mechanisms causing extinction debts. Trends
Ecol. Evol. 28, 341-346

Essl, F. et al. (2015) Delayed biodiversity change: no time to waste. Trends Ecol. Evol.
30,375-378

Groffman, P.M. et al. (2006) Ecological thresholds: The key to successful
environmental management or an important concept with no practical application?
Ecosystems 9, 1-13

Qian, S.S. and Cuffney, T.F. (2012) To threshold or not to threshold? That’s the

question. Ecol. Indic. 15, 1-9

18



451

452

453

454

455

456

457

458

459

460

461

462

463

464

465

466

467

468

469

470

471

472

473

474

475

77

78

79

80

81

82

83

84

85

86

87

88

Johnson, C.J. (2013) Identifying ecological thresholds for regulating human activity:
effective conservation or wishful thinking? Biol. Conserv. 168, 57-65

Christie, A.P. et al. (2019) Simple study designs in ecology produce inaccurate
estimates of biodiversity responses. J. Appl. Ecol. 00, 1-13

Balmford, A. et al. (2009) Capturing the many dimensions of threat: Comment on
Salafsky et al. Conserv. Biol. 23, 482487

Tranquilli, S. et al. (2014) Protected areas in tropical Africa: assessing threats and
conservation activities. PLoS One 9, e114154

Abernethy, K. et al. (2016) Environmental issues in Central Africa. Annu. Rev.
Environ. Resour. 41, 1-33

Coad, L. et al. (2013) Social and ecological change over a decade in a village hunting
system, central Gabon. Conserv. Biol. 27, 270-80

Ochoa-Quintero, J.M. et al. (2015) Thresholds of species loss in Amazonian
deforestation frontier landscapes. Conserv. Biol. 29, 440-451

Pardo, L.E. et al. (2018) Identifying critical limits in oil palm cover for the
conservation of terrestrial mammals in Colombia. Biol. Conserv. 227, 65-73

Jones, J.E. ef al. (2011) Estimating thresholds in occupancy when species detection is
imperfect. Ecology 92, 2299-2309

Abell, R. et al. (2008) Freshwater Ecoregions of the World : A New Map of Biogeo-
graphic Units for Freshwater Biodiversity Conservation. Bioscience 58, 403—414
TNC and WWF (2008) Freshwater Major Habitat Types. Unpublished digital media
modified from: Abell et al. 2008. Freshwater Ecoregions of the World: A New Map of
Biogeographic Units for Freshwater Biodiversity Conservation. BioScience. Vol. 58
No. 5: 403-414. Available at: ht.

TNC (2019) Geospatial Conservation Atlas., https://geospatial.tnc.org/.

19



476

477

478

479

480

481

482

483

484

485

486

487

&9

90

91

Olson, D.M. et al. (2001) Terrestrial Ecoregions of the World: a new map of life on
Earth. Bioscience 51, 933-938

Dulvy, N.K. ef al. (2004) Coral reef cascades and the indirect effects of predator
removal by exploitation. Ecol. Lett. 7, 410-416

Hawkins, J.P. et al. (2007) Effects of trap fishing on reef fish communities. Aquat.

Conserv. Mar. Freshw. Ecosyst. 17, 111-132

20



Text Box 1. Threat classification scheme

To provide clarity of meaning for specific terms used throughout, we follow Balmford et
al.’s (2009) threat classification scheme [79], adapting it to include the intensity of the
mechanism. The scheme starts with the underlying drivers that cause the threat, through to
the unfavourable state of the target for conservation — the species population. Examples of
threats include habitat destruction as a result of land-use change or pollution, and direct
reduction of survival as a result of exploitation. Here, we use an example of wildlife hunting

to describe the threat classification scheme.

Threat classification scheme (Balmford

et al. 2009)

Example threat classification for

hunting

Underlying drivers of a given threat.

Poverty, rapid human population growth,

poor governance.

1% component of threat: the source of the

threatening mechanism.

The need for food, presence of market for

wildlife products.

27 component of threat: threatening

mechanism causing unfavourable state.

Hunting leading to overexploitation of the

hunted population.

Unfavourable state of conservation target.

Negative population growth of a hunted

population.

In addition, we refer to the intensity of the threat mechanism across a gradient from minimal
to high intensity, over which species’ responses may differ. In our hunting example, there
is an intensity that is sustainable, however above a certain hunting intensity, hunting becomes
unsustainable and leads to population decline. The intensity of the mechanism can be
moderated by changes in drivers e.g. human population density, the source, or by changes

in the mechanisms (more or less hunting).
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Figure legends

Figure 1. Operationalising the Taxa-Biome-Threat framework, using Tropical and Subtropical
Moist Broadleaf Forests in the Afrotropics as an example. 1. Identify the regional biome of
interest. 2. identify the main threats to the regional biome e.g. by literature review, global threat
maps based on cartographic or remotely sensing data, or local knowledge. In this example,
overexploitation and deforestation were identified as the primary threats (e.g. [80,81]). 3.
Identify the taxa relevant for the regional biome and sensitive to the threats being assessed e.g.
based on conservation status, importance to biome (keystone), or role as surrogate species. 4.
Measure threat intensity gradients directly e.g. for measuring exploitation, hunter offtakes can
be monitored (e.g. [82]), or a proxy such as distance to village could be used [26]. 5. Conduct
field survey along threat gradient using taxa appropriate methods over space, and ideally over
time. E.g. for mammals >1kg, camera trapping is appropriate. Modelling could then directly
account for cumulative threat gradients by evaluating additive and interactive relationships
among them [70]. 6. Identify threshold levels at which to target conservation interventions.
Letters (A, B, C) represent differential responses of species’ abundances across a threat
intensity gradient. We highlight the threshold response of species A (red dashed line), and the
potential intensity at which a conservation intervention could be targeted to halt or reverse
decline of species A (grey box). While recovery of species A would require reducing threat
intensity to the threshold response, this would be inadequate for species B, and unnecessary for
species C. Several methods to identify thresholds are available e.g. piece-wise regression (e.g.
[83,84]), threshold occupancy models [85]. 7. If needed, further analyses could be conducted
to estimate thresholds for groups of species (e.g. body size, trophic guild), or by response type

[67].
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Figure 2. Proposed regional biomes. Panel A: terrestrial biomes (n=14, from [45]). Panel B:
freshwater biomes equivalent (Major Habitat Type, n = 12, from [86,87]. Panel C: marine
biomes equivalents for coastal and shelf areas (Realms, n=12, from [48]). All panels are split
by biogeographic realm (n = 8, black lines, [88,89]) to create 66 terrestrial, 51 freshwater, and
24 marine coastal regional biomes, excluding rock and ice. Colours differentiate biomes on

each panel.
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Tables

Table 1. Response profile across gradients of threat intensity varies by taxa and biome.

Example studies show threshold responses of measured population abundance metrics.

relationship changed
with land cover type.

Threat | Biome Taxon Response Response / Threshold | Reference
Metric Metric
Fishing | Coral 111 species of Density Grouped decline [90]
reef predatory fish, (population / | above ~5 people km™!
and starfish. reef length) | reef for predatory fish.
Starfish increased
linearly.
Fishing | Coral Tetradontiformes, | Mean Decline in [91]
reef Angelfish, number per | Tetradontiformes
Butterflyfish, reef census | above ~1 fisher/km
Soldierfish reef, and after 2
fishers/km reef for
Angelfish and
Butterflyfish
Habitat | Tropical | 15 species of Composition | Decline above 45- [84]
loss by | Moist mammal (aggregate 75% of oil palm cover
oil palm | Broadleaf of depending on species.
Forest occurrence | Thresholds for 12/15
and relative | species. Threshold
abundance) | responses to increase
oil palm cover were
both negative (9
species) and positive
(1). Five species
showed no threshold
in response, but 2 had
a negative
relationship.
Habitat | Tropical | I species of Occupancy | Decline below 35% [63]
loss Moist mammal probability | forest cover.
Broadleaf
Forest
Habitat | Tropical | 57 species of Relative Decline most acute [68]
loss Moist mammal, abundance between 100-50%
Broadleaf | responses forest cover for most
Forest grouped by traits. species, but the
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